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Disturbance has long been recognized as a potent force shaping ecological 

communities. However, predicting the effects of disturbance requires anticipating how 

it directly and indirectly affects organisms by causing mortality and modifying 

resource availability. This body of work addresses how disturbance events and 

disturbance regimes shape stream communities through both of these mechanisms.  

I first examine how an extreme flood event altered resource availability and 

subsequently consumer resource use in montane Colorado streams.  I found that flood 

intensity correlated with higher availability of low-quality detrital resources and that 

consumers relied more heavily on these highly available resources, regardless of 

resource quality or their feeding guild. I then propose and test a conceptual framework 

for predicting functional and taxonomic diversity responses to disturbance events 

along disturbance intensity gradients. Using a three-year dataset of community 

composition from prior to and following an extreme flood event in Colorado, I found 

that stream insect communities that experienced higher intensity flooding experienced 

higher functional turnover, with a muted taxonomic response. Next, I experimentally 

tested whether colonization and dispersal strategies of macroinvertebrate communities 

varied with habitat stability in montane streams in Ecuador. I found that at less stable 

streams, functional and taxonomic richness of colonizing taxa and background benthic 

communities was similar, while colonization composition was species-poor compared 



 

 iv 

to the available species pool at more stable sites. However, by the end of the 

colonization experiment, composition still did not closely resemble background 

benthic or drift composition, regardless of local habitat stability. Finally, I assess how 

landscape scale disturbance regimes influence local habitat stability and community 

stability. By modeling landslide susceptibility in the Quijos River drainage in Ecuador 

and correlating physical habitat variables with community composition across ten 

streams and five years of sampling, I find that local habitat stability best predicts 

interannual changes in multivariate community composition. I also find that while 

functional community composition remained constant across years, communities 

became taxonomically and phylogenetically dissimilar over time, regardless of local 

habitat stability.  

I conclude that using multiple measures of biodiversity can distinguish the 

mechanisms driving community responses to specific disturbance events and 

disturbance regimes. 
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PREFACE 
 

Understanding how disturbance shapes biodiversity is one of the fundamental 

questions in community ecology (Southwood 1977, Connell 1978). Freshwater, 

terrestrial, marine, and microbial communities all respond strongly to disturbance (Tilman et 

al. 2006, O’Gorman and Emmerson 2009, Carpenter et al. 2011, Lozupone et al. 2012). 

Ecologically, disturbances exclude organisms with certain traits from local communities, 

while evolutionarily, disturbances act as a selective force on those organismal traits (Pickett 

and White 1984, Mittelbach and Schemske 2015). The ecological effects of disturbance 

include direct organism mortality, long-lasting alteration of food resources, and changes in the 

availability of space (Pickett and White 1984). The evolutionary effects of disturbance include 

life history adaptation to disturbance regimes (Lytle 2001) and changes to the selective and 

neutral processes acting on genetic diversity (Banks et al. 2013). To understand how the 

ecological and evolutionary effects of disturbance structure communities, we must disentangle 

the mechanisms underlying organismal responses to disturbance from community 

compositional changes caused by disturbance. 

Disentangling mechanisms is challenging, but functional approaches, especially when 

combined with phylogenetic and taxonomic approaches, may reveal the processes underlying 

the response of a community to disturbance (Webb et al. 2002). A particularly useful 

functional approach is trait-based analysis, which may reflect local adaptation to particular 

environmental characteristics or ecological responses to environmental variables (Mouillot et 

al. 2013). Disturbance regimes, defined by the frequency, intensity and extent of disturbance 

events in a given system, act as a “filter” on traits in a given local community (Keddy 1992, 

Poff 1997, Lavorel and Garnier 2002). The suites of traits from the local community that pass 

through this filter provide insight into how disturbance shapes these communities. Because 



 

 2 

disturbance regimes affect many environmental variables, they act as a multivariate filter with 

complex effects on communities.  

For example, infrequent fires in forests select for plant species with higher moisture 

requirements, while frequent fires select for ruderal plant species with higher light 

requirements (Moretti and Legg 2009). Because fires influence light and moisture availability, 

characteristics of fire disturbance regimes affect multiple traits in these local communities. 

Ultimately, disturbance regimes alter the availability of resources in time and space, which is 

an intricate selective force on organismal persistence and resilience. Studying traits that cut 

across trophic levels and taxonomic divides will afford maximal clarity in understanding the 

complex effects of disturbance regimes and specific disturbance events. 

Diversity-disturbance relationships initially focused on taxonomic responses, 

specifically richness, which show inconsistent patterns (Mackey and Currie 2000, 2001). 

Considering diversity as a multivariate response across spatial and temporal scales will likely 

yield a more complete understanding of diversity-disturbance relationships (Chase et al. 

2018). Functional diversity in particular, may show a stronger relationship with disturbance, 

given that it is more mechanistically linked to environmental variation (McGill et al. 2006). 

The number of trait-based studies has increased substantially over the last two decades, with a 

particular taxonomic focus on plants and a geographical focus in Europe and North America 

(Hevia et al. 2017). Given that much of the functional trait theory originated in plant ecology 

(Weiher et al. 1999, Dı ́az and Cabido 2001), it is perhaps unsurprising that plants are 

overrepresented in functional diversity studies. However, for functional frameworks to be 

broadly applicable, we must test them in a wide breadth of ecological systems.  

Many disturbance studies have focused on stream systems and their insect communities 

due to their dynamic nature (Resh et al. 1988, Death 2010, Stanley et al. 2010). However, 

theoretical frameworks outpace empirical tests of disturbance effects on stream insect traits 

(Poff 1997, Lytle and Poff 2004), so our mechanistic understanding of how disturbance shapes 
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stream insect communities remains limited. Many studies have explored the role of 

environmental harshness in shaping stream communities (Stanley et al. 2010, McMullen and 

Lytle 2012). However, the role of particularly extreme events, such as extreme floods and 

geomorphic change, such as that caused by landslides, in community assembly is limited and 

opportunistic at best (Death et al. 2015, Woodward et al. 2016). 

Combining sampling along environmental gradients and measuring at multiple time 

points are crucial both for enhancing statistical power and for ensuring that results are 

reproducible and broadly applicable. Gradient designs facilitate the detection of nonlinear 

ecological responses, compared with studies that take place at only a few locations 

(Cottingham et al. 2005, Schweiger et al. 2016, Kreyling et al. 2018). Elevation gradients in 

particular encompass multiple potential drivers of community assembly, including oxygen, 

ultraviolet radiation, and temperature (Caldwell et al. 1980, Jacobsen et al. 1997, Jacobsen 

2008). However, fewer studies have considered the shifting role of disturbance intensity and 

disturbance regimes along elevation gradients (Hotaling et al. 2017). 

This dissertation conceptually and empirically explores how communities respond to 

disturbance events and different disturbance regimes along elevation gradients in tropical and 

temperate streams. It approaches this question by (1) quantifying shifts in consumer resource 

use along a disturbance intensity gradient following an extreme event, (2) developing and 

testing a conceptual framework for taxonomic and functional diversity responses along 

disturbance gradients following disturbance events, (3) experimentally quantifying the role of 

dispersal ability in shaping biodiversity along a habitat stability gradient, and (4) using multi-

year observations of community structure to characterize community stability along a habitat 

stability gradient. Overall, this work combines bulk stable isotopes, colonization experiments, 

hydrological and geomorphological measurements, and functional and taxonomic diversity 

analysis to understand how community trait composition changes following extreme 

disturbance events, how those changes in trait composition translate to functional processes, 
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such as consumer resource use, and how those responses to disturbance events are mediated 

by landscape history and present-day physical habitat. The overarching goal of this research is 

to understand the mechanisms driving diversity in disturbance-prone environments. While the 

stream ecosystems studied here are a prime system for studying these processes, this work 

aims to provide general insights into how disturbance events and disturbance regimes shape 

community structure and function. 

Chapters 1 and 2 describe changes in community structure and function along a 

disturbance intensity gradient caused by an extreme flooding event in Colorado’s Front Range 

in the United States. Chapters 3 and 4 describe dispersal traits and community stability along a 

habitat stability gradient in the Quijos River drainage of the Ecuadorian Amazon.  

Chapter 1 describes an observational study leveraging a disturbance intensity gradient 

following an extreme event to assess how consumer resource use changed following an 

extreme flood event in Colorado’s Front Range. Using bulk stable isotopes and Bayesian 

mixing models, we found that stream insects relied on the most abundant and lowest quality 

detrital resources, which were found in highest abundance at streams that had experienced the 

highest levels of shear stress during the floods. Surprisingly, the availability of resources and 

disturbance intensity were better predictors of consumer resource use than consumer 

membership in a particular feeding guild. These findings suggest that flexibility in resource 

use may be important for determining species’ persistence following intense disturbance 

events. 

Chapter 2 outlines and tests a conceptual framework for predicting community 

functional and taxonomic responses along disturbance intensity gradients. We use community 

composition data at 14 streams from prior to, one year after, and two years after extreme 

flooding in Colorado’s Front Range to test how taxonomic and functional diversity actually 

responded to disturbance intensity. We found evidence of functional turnover for all 

combinations of traits and taxonomic convergence, as well as functional convergence in life 
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history traits and all traits combined. Changes in taxonomic richness and evenness correlated 

with changes in functional richness and dispersion. These results suggest that both traits and 

taxa in this system were strongly filtered by this extreme disturbance event. Our findings also 

supported our predictive framework, as we had anticipated that we would find turnover and 

convergence responses given the severity of the flood event and the range of sensitivities to 

disturbance that is present in stream insect communities. 

Chapter 3 describes a combined experimental and observational approach for 

understanding patch-scale community dynamics along a habitat stability gradient. We conduct 

a colonization experiment across two years in streams with different habitat stability, along 

with drift surveys and observational community sampling. We find that taxonomic and 

functional diversity did not show strong or consistent trends over colonization time. One 

exception is that taxonomic distinctness quickly reached background levels in the colonization 

experiment, suggesting an early role of limiting similarity. In both years of the experiment, 

colonization composition became more taxonomically, functionally, and phylogenetically 

similar to background benthic and drift composition over colonization time, but there was no 

strong effect of habitat stability. Differences in composition were largely driven by richness 

differences, rather than replacement. Our findings suggest that using complementary measures 

of biodiversity can help tease apart mechanisms of community assembly at the patch scale in 

neotropical streams. 

Chapter 4 describes a local and landscape-scale habitat stability gradient along the 

eastern flank of the Ecuadorian Andes and how community taxonomic, functional, and 

phylogenetic structure varies spatially and temporally. Specifically, we calculate landslide 

susceptibility across the Quijos River drainage using a bivariate statistical method, and 

correlate summary statistics of landslide susceptibility at each of our study watersheds with 

local measures of habitat stability. We find that local measures of habitat stability best predict 

changes in community composition at our ten study streams over five years. We also find that 
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while functional community composition remains constant across time, communities became 

taxonomically and phylogenetically dissimilar over time, regardless of local habitat stability. 

Streams that were further apart in elevation also had less similar communities taxonomically, 

functionally, and phylogenetically. These dissimilarities were largely driven by turnover, 

rather than richness differences. These findings suggest that while taxonomic and 

phylogenetic composition may vary, functional filtering processes may remain more constant 

in space and time.  

Considering these results combined, I present evidence that functional trait approaches 

and using multiple measures of biodiversity along environmental gradients can provide a more 

mechanistic understanding of how particular disturbance events and overall disturbance 

regimes shape diversity in dynamic systems.  
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1.1 Summary 

1. Extreme disturbances, those high magnitude events that are statistically rare in 

in a particular system, may affect consumer resource use through multiple 

mechanisms, such as differential consumer mortality and modified resource 

availability and quality. Documenting the ecological importance of these 

rare events is difficult, but essential as the frequency of extreme events is 

predicted to increase under many climate change scenarios.  

2. We quantified changes in stream insect resource use following intense, non-

seasonal flooding in the Rocky Mountains of northern Colorado during 

September 2013. We hypothesized that taxonomic identity, functional 

feeding group membership and disturbance-caused alterations in resource 

quantity and quality (C:N ratios) would determine consumer reliance on 

autochthonous and allochthonous resources and community structure 

following the disturbance.  

3. In summer 2014, we collected basal resources and stream insects for carbon, 

nitrogen, and deuterium bulk stable isotope analysis, and community 

composition.  Basal resource quantity and quality (C:N ratios) were 

collected at 7 headwater streams along a 2013 flood intensity gradient. 

4. Using stable isotope mixing models, we analyzed consumer autochthony. We 

also used baseline community composition data from 2011 to compare 

functional feeding group abundance prior to and following the flood 

events. 
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5. We found that consumer resource use was primarily associated with detrital 

resource quantity, which was positively correlated with disturbance 

intensity and elevation. Functional feeding group membership did not 

predict resource use. However, consumers in functional feeding groups did 

experience differential mortality following flooding. Herbivore relative 

abundance significantly declined along the disturbance gradient, and 

predator relative abundance generally declined across all streams from 

2011 to 2014. 

6. Our results suggest that changes in resource quantity from extreme 

disturbances can be associated with shifts in consumer resource use. 

Following this flood event, detritus standing stocks increased, resulting in a 

concomitant increase in consumer reliance on allochthonous sources.  

1.2 Introduction 

Extreme disturbance events, defined as those values that fall at the tails of a 

statistical distribution of a weather or climate variable at a particular site (IPCC 2012), 

may result in correspondingly large biotic responses. However, due to their rare 

nature, extreme events are difficult to observe and characterize in ecological systems, 

except for sites that are intensively and continuously monitored over long time periods 

(Fisher et al. 1982, Woodward et al. 2015). With projected changes in hydrological 

regimes due to climate change and water demands (Adam et al. 2009, Vörösmarty et 

al. 2010), we need empirical studies examining how stream communities respond to 

extreme events (Tonkin et al. 2017). In particular, the frequency of extreme flooding 

events is already increasing (Milly et al. 2002). We realize that ecological impacts of 
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extreme events are context-dependent (George et al. 2015) and complex, necessitating 

further mechanistic research (Ledger and Milner 2015).  

Extreme flooding causes extensive stream insect mortality and alters stream 

geomorphology (Death et al. 2015, Robertson et al. 2015, Woodward et al. 2015). Yet, 

we do not fully understand how extreme events influence resource availability and 

food web dynamics. Disturbance can alter subsidy relationships, both directly by 

decreasing or strengthening flows of energy between ecosystems, and indirectly by 

influencing the functional community composition of recipient ecosystems (Pickett 

and White 1984). Floods and droughts shorten food chains in aquatic systems 

(McHugh et al. 2010, 2015, Sabo et al. 2010), but we know less about how these 

disturbances shift stream insect reliance on autochthonous compared to allochthonous 

resources. Because floods restructure benthic habitat, resetting the geomorphic 

template, they might have strong bottom-up effects on stream food webs by making 

food resources less patchy while simultaneously decreasing resource quantities (Death 

et al. 2015). Due to our knowledge gaps around the effects of such extreme events on 

stream food webs (Woodward et al. 2016), we expect complex effects of flood 

disturbance on consumer resource use. 

Flooding may either increase or decrease the quantity and quality of detrital 

inputs and thus consumer resource use, depending on the timing and severity of high 

flows. Less severe flooding that solely scours the stream channel and not the 

surrounding riparian zone may flush out conditioned, high-quality detritus already in 

the stream, but not introduce fresh, low-quality detritus (Jones and Smock 1991, 

Wallace et al. 1995), causing an overall decrease in detrital availability. In contrast, 
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extreme flood events can increase lateral linkages, with material moving from the 

catchment into the channel (Lake et al. 2006). In some cases, extreme precipitation 

and flood events result in a net increase of allochthonous organic carbon (leaf litter, 

soil carbon, and woody debris) in stream channels (Rathburn et al. 2017). However, in 

New Zealand streams, levels of particulate organic matter were not associated with 

substrate disturbance (Death and Zimmermann 2005), demonstrating that flood effects 

on detrital resources can be context-dependent. Flood timing is also important as 

seasonal timing can affect resource fluxes (Abelho 2001). Floods occurring shortly 

after leaf-fall in temperate regions may decrease detrital stocks, while flooding 

occurring during other seasons may introduce and amplify detrital inputs (Wallace et 

al. 1995, Acuña et al. 2004). Therefore, we expect flood effects on detrital resource 

quantity and quality and consumer resource use to be contingent on timing and 

severity of flooding.  

Flooding also controls the availability of high-quality autochthonous resources. 

Consumers rely more on in-stream primary production following major flooding that 

impacts the riparian zone, especially if insolation increases (Mihuc and Minshall 2005, 

Julian et al. 2011). Even small changes in canopy cover along a stream reach can 

decrease allochthonous resource availability and cause concomitant consumer shifts 

towards more autochthonous resource use (England and Rosemond 2004). However, 

in disturbance-prone systems, scouring and sloughing of algae can more strongly 

control autochthonous resource availability than light (Uehlinger et al. 1996). In 

addition, if extreme flows introduce large amounts of detritus into a stream reach, that 

detritus can also shade and suppress algal growth (Melody and Richardson 2004), 
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resulting in a reduction in algal standing stocks. Thus flooding effects on algal 

production depend on riparian zone impacts, stream bed stability, and the quantity of 

detrital inputs. 

Flooding effects on resource quantity and quality can drive consumer-resource 

interactions. However, consumer identity (Mihuc and Minshall 2005) and 

vulnerability to disturbance (Lepori and Malmqvist 2007) also determine consumer-

resource dynamics. Although stream insects are often classified in specific functional 

feeding groups, these taxa exhibit greater plasticity in their diet than feeding group 

classification implies (Mihuc 1997, Collins et al. 2016). We hypothesize that the 

flexible nature of stream insect feeding habits may cause food webs to shift in 

response to extremely high flows, even if taxa are not lost from the community.  

We studied small streams in the Rocky Mountains of northern Colorado 

following a rare extreme flooding event to test the following predictions:  

1) Major flooding and concomitant shear stress acting on the streambed are 

associated with a decrease in epilithon quantity at streams that experienced 

higher disturbance intensity. 

2) Detrital resources increased in quantity, possibly due to overbank flows 

recruiting floodplain debris. The higher quantity of detrital resources is 

associated in higher consumer reliance on allochthonous resources at more 

highly disturbed streams.  

3) In addition to resource availability (i.e. quantity), quality (as measured by 

C:N ratios) is associated with resource use, with consumers relying more on 

higher quality resources. Detritus quality is negatively related to shear stress, 
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as the leaf litter at lower disturbance streams spent more time being 

conditioned by fungi and microbes and was not newly introduced to the stream 

by the floods. Epilithon quality is positively related to shear stress as diatoms 

and other early succession algal taxa have lower C:N ratios.   

4) Because functional feeding groups are only weakly correlated with other 

traits (e.g. mobility) that confer resilience to disturbance (Poff et al. 2006), 

members of different functional feeding groups experienced similar mortality 

following the flood event. However, functional feeding groups predict 

consumer resource use, with shredders heavily relying on allochthonous 

resources, herbivores heavily relying on autochthonous resources, and 

collectors and filterers relying on a balance of autochthonous and 

allochthonous resources.  

5) Taxonomic identity is not strongly associated with consumer resource use 

because large flood events filter out specialist feeders (Mihuc 1997), leaving 

more generalists, with higher feeding plasticity. 

To summarize, we expected to see greater autochthony among consumers at 

streams that experienced lower hydraulic forces during the 2013 flood event due to 

larger standing stocks of higher-quality algal resources. We also expected functional 

feeding group membership but not taxonomic identity to constrain consumer 

autochthony. 

1.3 Methods 

1.3.1 Study System  
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In September 2013, an extreme precipitation event caused extensive flooding 

along Colorado’s Front Range. Over a period of 8 days, some areas received over 45 

cm of rain (Gochis et al. 2014), resulting in severe flooding in the St. Vrain, Big 

Thompson and Cache La Poudre rivers and their tributaries (Figure 1.1). Where 

precipitation was greatest, the exceedance probability of the flooding associated with 

the 2013 rainfall was estimated to range from 1 in 50 to 1 in 500 years along a 

gradient of rainfall intensity (Gochis et al. 2014). The timing of this flooding was also 

unusual; ordinarily, predictably-timed snowmelt runoff in late spring and early 

summer is the highest flow event of the year (Poff and Ward 1989). Due to the historic 

magnitude and timing of the 2013 northern Colorado floods, they are classified as 

extreme disturbance events, both in magnitude and timing.  
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Figure 1.1. Annual hydrographs showing daily means from the period of record (1988-
2017) of United States Geological Survey gages at each of our three drainages (Big 
Thompson, St. Vrain and Cache la Poudre), with the 2013 hydrograph highlighted in 
black. Boulder Creek, a major tributary of the St. Vrain, is substituted for the St. Vrain 
gage, which was damaged and discontinued during the 2013 floods, and therefore did 
not capture the flood peak. Data were accessed and cleaned using the ‘waterData’ 
package (Vecchia 2017) in R for the dates from 1 January 1988 to 31 December 2017. 
USGS gages used in analysis are numbers 06752260 (Cache la Poudre River), 
06741510 (Big Thompson River), and 06730500 (Boulder Creek). 
 

1.3.2 Study Design  

Seven small, wadeable tributaries of the Cache la Poudre, Big Thompson and 

St. Vrain Rivers were sampled in June-July 2014 for physical characteristics, stream 

insect communities, quantitative basal resources, and stream insect and basal resource 

bulk stable isotopes (Figure 1.2). Stream insect communities at these streams were 

sampled previously in June-August 2011 (Harrington et al. 2016), and resampling of 

stream insect communities in 2014 occurred within two weeks of the original 

sampling date to control for naturally occurring seasonal shifts  in stream insect 

community composition because of strong seasonality in Colorado mountain streams. 

Because many of the insects in these areas are uni-, bi- or multivoltine (Poff et al. 

2006) and tissue turnover rates of isotopes are slow such that isotope values reflect 

past diets (McCutchan et al. 2003, Ponsard et al. 2004), sampling within 9 months of 

the flood event still captures flood effects. Our study streams were selected to 

constitute a gradient of disturbance along latitude and elevation (see Table 1.1 for 

stream descriptions and Figure 1.2 for a map of sampling sites). 

At each stream, a 125 m reach was delineated with sampling replicated every 

25 meters within the sample reach to capture heterogeneity in resource abundance, 

stream insect community composition and isotope signatures. Transects were sampled 
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by moving from downstream to upstream to avoid disturbing the reach during 

sampling. In each 125-meter stream reach, quantitative coarse particulate organic 

matter (CPOM) and epilithon samples, and canopy cover densiometer readings were 

taken every 25 meters, for a total of five replicates per stream for quantitative and 

stable isotope analysis. Four replicate deuterium samples for stable isotope 

environmental water corrections were collected from the thalweg at the top of the 

sample reach.  

 

Figure 1.2. Map of study streams. Drainages are outlined by dashed lines, and streams 
are denoted by stars with white circles, with the size of the point corresponding to the 
shear stress value at that stream.  
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1.3.3 Physical Habitat Data Collection 

After basal resources and stream insects were collected along the sample reach 

during 2014 sampling, substrate, channel cross-sections, discharge, reach slope, and 

canopy cover were measured. Wetted, bankfull and putative flooded channel profiles 

were measured five times along the sample reach. Bed slope of the sample reach was 

also measured along multiple points using a laser rangefinder and a leveling rod. 

Substrate was measured using the random-walk method (Leopold 1970), and the three 

axes of 100 particles were measured within the sample reach.  

We estimated relative disturbance intensity during the September 2013 flood 

event at each stream using an indirect method, because no stream flow gauging data 

were available for our streams, which are smaller ungaged tributaries of the larger 

rivers shown in Figure 1.1. While there are many ways to estimate in-stream 

disturbance, we selected shear stress, or hydraulic stress, as the most appropriate 

estimate of disturbance for this study. Shear stress measures the horizontal forces on 

the streambed that can dislodge or erode material off the bed surface during high 

flows, even if the coarse bed sediment does not move. Horizontal forces are important 

when considering longitudinal transport of in-stream detritus and scouring of algae. 

Using a laser range finder, we reconstructed the flood depth and water surface slope at 

the stream during the peak flood in September 2013 by measuring the height of the 

visible flood debris line above the bed at different points along the longitudinal profile 

of the channel. Dimensionless shear stress (tau*), hereafter referred to as shear stress, 

was calculated for each stream (Equation 1.1) as the ratio of erosive forces (hydraulic 

depth times the water surface slope of the sample reach) and the resistance forces (size 
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of the coarse substrate fraction, measured as 84th percentile grain size in the pre-flood 

bed sediment, times the specific gravity of particles in water) (Bagnold 1980).  

Equation 1.1: tau*=(Depth * Bed Slope)/(1.65*D84)   

The greater the value of this metric, the more horizontal force was applied on 

the bed and the more likely bed particles were to move during the peak flow event. 

Shear stress is thus a relative indicator of bed instability that can be compared across 

streams.  

1.3.4 Stable Isotope Sample Collection and Analysis 

We quantitatively sampled basal resources and stream insects for stable isotope 

analysis during June-July of 2014.  Five coarse particulate organic matter (CPOM) 

samples were collected at the five transect points within the sample reach 

quantitatively across the full width of the stream, using a 0.25 x 1 m quadrat and a 

kicknet placed downstream. CPOM was dried in a drying oven at 60° C and then 

sorted into woody and nonwoody components and weighed to calculate CPOM 

quantity (g m-2) prior to homogenization for stable isotope analysis. Epilithon samples 

were collected from three rocks per replicate transect, scrubbing the rocks with a soft-

bristled brush. A small subsample from the resulting algal slurry was filtered for 

chlorophyll a analysis via acidification fluorometry on a TD-700 fluorometer (Turner 

Designs, Sunnyvale, California). All chlorophyll a filters were frozen at -20 ° C prior 

to analysis. The remainder of the slurry was decanted and dried at in a drying oven at 

60° C prior to homogenization for stable isotope analysis. Epilithon quantity was 

measured in g m-2. Rocks were photographed with an object of known size and the 

area of each rock was then measured in ImageJ (Schneider et al. 2012).  
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Stream insects were collected for stable isotopes throughout the sample reach 

using kicknet sampling (500 micrometer mesh) after basal resource collection was 

complete. All common taxa were collected live in the field and stored in water for 24 

hours to complete gut evacuation. We then identified stream insects to lowest practical 

taxonomic level under a dissecting microscope and dried them for stable isotope 

analysis at 50° C. Samples were frozen prior to drying in a -20 ° C freezer.  

For community sampling, we performed a five-minute kick sample (500 

micrometer mesh) in representative habitat in the sample reach (Harrington et al. 

2016). Time spent kicking in each habitat type was proportional to the abundance of 

that habitat in the study reach. Kick samples were stored in 100% ethanol prior to and 

after being cleaned and identified to the lowest practical taxonomic resolution. 

Samples were collected once at each stream during the 2014 sampling. We did not 

have pre- and post-flood community samples at West Fork Sheep Creek, but had 

sampled a nearby creek, located 2 km away within the same small watershed and at 

the same elevation (East Fork Sheep Creek) in 2011, so we included data from East 

Fork Sheep Creek in the community analysis, in place of West Fork Sheep Creek. 

All basal resource and stream insect stable isotope samples were analyzed for 

carbon, nitrogen and deuterium stable isotope concentration at the Cornell University 

Stable Isotope Laboratory. The carbon and deuterium signatures of consumers yield 

information about resource origin, because terrestrial and aquatic resources differ in 

their signatures. Nitrogen stable isotope signatures are used to calculate trophic level, 

which is also important for understanding and accounting for potential enrichment in 

deuterium and carbon signatures with increasing trophic level (Post 2002). C and N 
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samples were analyzed on a Thermo Delta V isotope ratio mass spectrometer 

(Thermofisher Scientific, Waltham, Massachusetts) plumbed to a Carlo Erba NC2500 

elemental analyzer (Thermofisher Scientific, Waltham, Massachusetts) via a Conflo II 

open split interface (Thermofisher Scientific, Waltham, Massachusetts), with standard 

deviations of 0.13‰ N and 0.06‰ C. H samples were analyzed on a Thermo 

Delta V isotope ratio mass spectrometer interfaced to a Gas Bench II (Thermofisher 

Scientific, Waltham, Massachusetts), with a standard deviation of 2.53‰ H. Prior 

to packing and weighing, all samples were homogenized either using a coffee grinder, 

mortar and pestle, or a Wiley mill (Thomas Scientific, New Jersey, USA), depending 

on the size and toughness of the sample. While our sampling technique for epilithon 

does not separate out autochthonous and allochthonous components of the epilithon 

(Collins et al. 2016), we hereafter refer to dietary reliance on epilithon as consumer 

autochthony, which is customary throughout the aquatic stable isotope literature 

(Jonsson and Stenroth 2016). 

1.3.5 Stable Isotope Data Analysis 

Following methods detailed in Collins et al. (2016) and Solomon et al. (2009), we 

corrected consumer deuterium values for dietary water, using Equation 1.2 and 

published values for  from Solomon et al. (2009). 

Equation 1.2: δ 2 H corrected=
δ 2 H corrected−ωδ

2 Hwater

1−ω
 

To account for predator consumption of dietary water via consumers, we applied 

Equation 1.3 to calculate ω for each taxon. 

Equation 1.3:ωcompounded =1− (1−ω)
τ   
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We calculated trophic position using the equation from Post et al. 2002 (Equation 1.4), 

using the mean δ15N of grazing or collector mayflies or blackflies as a primary 

consumer. We then applied the per-trophic-level stable isotope fractionation of 3.4‰ 

± 1.0‰ (Post 2002).  

Equation 1.4: τ =
δ15NSample −δ

15NGrazer

ΔN +1
  

We used trophic enrichment factors from Post et al. 2002 for carbon (0.4‰ ± 

1.3‰) and nitrogen (3.4‰ ± 1.0‰). Because previous studies have not found 

fractionation of deuterium across trophic levels (Solomon et al. 2009), we did not 

include deuterium fractionation in our model. 

We used a 3-source mixing model in the ‘SIAR’ package (Parnell and Jackson 

2013) in R v. 3.3.1 (R Core Team 2016) to determine the proportion of the diet 

originating from epilithon compared to coarse particulate matter for each taxon at each 

stream, using the ‘siarmcmcdirichletv4’ function. This modeling method uses Markov 

chain Monte Carlo simulations to determine the dietary proportion originating from 

each source. We set the MCMC to 500,000 iterations and a 50,000 burn-in to allow 

the model to reach equilibrium. 

1.3.6 Data Analysis 

 All data analyses were done in R v. 3.3.1 (R Core Team 2016). Mean 

proportions of the epilithon in the diet for each taxon at each stream from the mixing 

model simulated output were used as response variables. Only taxa that were found at 

three or more streams were used for among-stream comparisons. Because many 

variables can potentially influence consumer allochthony and autochthony, we 
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assessed the relative influence of food quality (C:N ratios) and quantity, taxonomic 

identity, and disturbance intensity on consumer autochthony. Average stream-level 

information, including percent canopy cover, C:N content and quantities of epilithon 

and non-woody coarse particulate organic matter, elevation, and dimensionless shear 

stress, as well as taxonomic information, including functional feeding group and 

taxonomic identity, were all used as predictor variables.  

We used partial least squares (PLS) regression using the pls package (Mevik 

and Liland 2016) in R to determine which variables best predicted the mean dietary 

proportion originating from epilithon. In PLS regression, the predictors and response 

variables are stored as separate matrices and then projected into a new 

multidimensional space. The PLS model then finds the latent variables (PLS 

components) in the predictor space that best explain the variance in the response 

space. PLS regression is robust to both a large number of predictor variables relative 

to sample size and to collinearity in predictor variables (Carrascal et al. 2009) and has 

been used in similar studies looking at the influence of numerous predictors on 

consumer autocthony (Stenroth et al. 2015, Jonsson et al. 2018). Prior to carrying out 

PLS, the data were normalized using Z-scores. A conservative and standard threshold 

of 1 was set for the variable importance in the projection significance cutoff (Chong 

and Jun 2005, Farrés et al. 2015).  

Linear regression of the change in proportional abundance of functional 

feeding groups was performed to look at compositional responses of functional 

feeding groups to the flood disturbance. Finally, we performed PLS regression of 

epilithon C:N content and quanity, and CPOM C:N content and quantity against shear 
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stress, canopy cover, chlorophyll a and elevation to determine the relative influences 

of different environmental variables in driving basal resource quantity and quality. 

Because elevation may be an important driver of basal resource quantity and quality, 

PLS regression allowed us to distinguish between disturbance and elevation effects. 

PLS regression has been recently adopted by ecologists from the field of chemistry, 

where it is used to analyze chemical spectra (Carrascal et al. 2009, Stenroth et al. 

2015). In studies such as this one, with many correlated predictors and small sample 

sizes, PLS is a robust method for disentangling the effects of multiple associations 

with a selected response variable.  

1.4 Results 

1.4.1 Disturbance Gradient 

Disturbance intensity was not correlated with elevation (rτ=-0.238, p=0.562). We 

observed debris wrack lines above the bankfull channel at all seven streams when 

sampling, indicating overbank flow had occurred at all of our study streams (Table 

1.1).  The height of the wrack lines above the bankfull channel varied dramatically 

among streams and was reflected in the range of dimensionless shear stress values 

(Table 1.1, min=0.065, max=1.809).  

1.4.2 Epilithon Quantity and C:N Content 

Epilithon quantity (dry mass, measured in g m-2), was negatively associated with shear 

stress (Figures 1.3 and 1.4) and positively associated with elevation and chlorophyll a 

(Figure 3). Surprisingly, canopy cover, which ranged from a mean of 12-63%, was not 

significantly associated with epilithon quantity (Fig. 1.3). Epilithon C:N was 

positively associated with elevation and chlorophyll a (Fig. 1.3). Shear stress and 
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canopy cover were not significantly associated with epilithon C:N content (Figures 1.3 

and 1.4).  
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Table 1.1. Stream basal resource characteristics for the seven streams sampled in this 
study, ordered by increasing shear stress values. Total precipitation, runoff, and 
dimensionless shear stress are values from the 2013 flood event. The pre-post change 
in D50 is the difference in the median substrate size between before (2011) and after 
the flood event (2014). Values for basal resources represent means ± 1 standard error. 
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1.4.3 CPOM Quantity and C:N Content 

Non-woody coarse particulate organic matter quantity, measured as dry mass, was 

positively associated with shear stress (Figures 1.3 and 1.4). CPOM C:N was also 

positively associated with shear stress and negatively associated with elevation 

(Figures 1.3 and 1.4). Canopy cover was not significantly associated with either 

CPOM quantity nor C:N content (Figure 1.3). We show only the results from the first 

component because the identity of important variables in the projection did not change 

from the first to second component, and in all four partial least squares regressions, the 

first component explained a large percentage of the variation: 74.8% for epilithon 

C:N, 97.9% for CPOM C:N, 46.4% for epilithon quantity, and 77.9% for CPOM 

quantity. 
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Figure 1.3. Partial-least squares regression results for (3a.) epilithon and (3b.) CPOM 
quantity, C:N content of (3c.) epilithon and (3d.) CPOM. Variables considered 
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significant in the model are denoted by having a variable importance in the projection 
(VIP) score of >1 (gray bars). Loading weights for the first component are given by 
the black bars.  
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Figure 1.4. Replicate measures of quantity and C:N content of CPOM (B, D) and 
epilithon (A, C) across streams plotted against shear stress.  
 

1.4.4 Functional Feeding Group Community Composition 

Two study streams lost a functional feeding group following the 2013 flooding. No 

shredders were found at Black Canyon in 2014, the stream with the highest shear 

stress value. Shredders had comprised 6% of the stream insect community there by 
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numbers of individuals in the 2011 sampling, consisting of the nemourid stonefly 

Zapada sp. and the lepidostomatid caddisfly Lepidostoma sp., which were not found at 

the stream during 2014 sampling. At Coal Creek, a low-elevation stream in the St. 

Vrain drainage, herbivores, which comprised 11% of the pre-flood community, were 

absent in our 2014 sampling. The ephemerellid mayfly Drunella grandis, the 

heptageniid mayfly Ecdyonurus criddlei, and the glossosomatid caddisfly Agapetus 

sp., all members of the herbivore functional feeding group, were found at the stream in 

2011 sampling, but not 2014. Herbivores significantly declined compared to pre-flood 

abundances both in terms of raw and proportional abundance across the disturbance 

gradient (raw: b=-641.22, t(6)=-5.183, pt=0.004, F(1,5)=26.87, pF=0.004, R2=0.843; 

proportional: b=-0.114, t(6)=-2.400, pt=0.062, F(1,5)=5.758, pF=0.062 , R2=0.535; 

Figure 1.5).  
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Figure 1.5. Changes in raw and proportional abundance from 2011 to 2014 among 
functional feeding groups. The dashed line represents the no change line. Only 
significant regressions are shown by solid lines. 
 

Predators also showed a significant decline in both raw and proportional 

abundance across all streams following the flooding compared to 2011 sampling, but 

this decline was not significantly related with shear stress (raw: t(6)=-2.3847, pt=0.054; 

proportional: t(6)=-5.9589, pt=0.001; Figure 1.5). No other functional feeding groups 

showed a significant increase or decrease in raw or proportional abundance from pre- 

to post-flood sampling or along the disturbance gradient in 2014. 
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1.4.5 Autochthonous Contribution to Consumer Diets 

CPOM and epilithon differentiated adequately in their deuterium, d15N and d13C 

signatures to satisfy the assumptions of mixing models (see Appendix). In total, we 

analyzed 21 Ephemeroptera, Plecoptera, Trichoptera and Diptera consumer taxa 

representing 12 families that were found at minimum of three streams each (see 

Appendix).  

The proportion of the diet derived from autochthonous sources (epilithon) was 

higher at less disturbed streams. However, taxa exhibited high feeding flexibility both 

within and across streams. Collector-gatherers, herbivores and predators all showed 

declines in consumer autochthony with increasing shear stress. Shredders showed no 

significant relationship with shear stress. Collector-filterer autochthony also did not 

have a significant relationship with shear stress (Figures 1.6 and 1.7). 
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Figure 1.6. Mean autochthonous contribution to the diet for each functional feeding 
group across streams. Shaded circles are individual taxa. Points aligned on the same 
vertical line occur at the same stream.  

 

Shear stress, CPOM quantity and CPOM C:N ratios had a significant negative 

relationship with consumer autochthony (Figure 1.7). In contrast, epilithon quantity 

and C:N ratios, elevation,  and chlorophyll a all had a significant positive relationship 

with consumer autochthony. Taxonomic identity, functional feeding group, and 

canopy cover  were not significantly associated with consumer autochthony. 

Component 1 explained 74.28% of the variance in proportion of diet derived from the 
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autochthonous sources. Component 2 explained 6.16% of the variance in proportion of 

the diet derived from autochthonous sources. The significance of predictor variables 

did not change between Components 1 and 2, and therefore, we did not include results 

from Component 2 in Figure 7 to simplify interpretation of that figure. 
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Figure 1.7. Loading weights and variable importance in the projection scores for each 
variable considered in partial least squares regression with consumer autochthony as 
the response variable. Dashed line indicates 1.0 - VIP scores above this value are 
considered significant in the model. All variables above the solid line are significant, 
and all variables below the solid line are insignificant, based on their VIP scores. 
Loading weights for the first component are given by the black bars.  
 

All taxa showed variability in the proportion of their diet derived from 

autochthonous compared to allochthonous sources across streams (see Appendix). 

Generally, mean consumer autochthony ranged from around 0.25 to 0.5 proportionally 
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of the diet. Certain taxa, such as the rhyacophilid caddisfly Rhyacophila angelita 

(mean of dietary proportion derived from the epilithon of 0.39-0.48 for their prey 

across streams), the simuliid blackfly Simulium sp. (0.24-0.31), the perlodid stonefly 

Megarcys signata (0.48-0.53) and nemourid stonefly Zapada sp. (0.51-0.53) varied 

little in their resource use across streams. In contrast, the baetid mayfly Baetis 

bicaudatis (0.22-0.52), the perlodid stonefly Kogotus modestus (0.28-0.61), and the 

ephemerellid mayflies Drunella doddsi (0.26-0.55), and Drunella grandis (0.25-0.42) 

exhibited more variability in their resource use across streams. Full stable isotope 

results and biplots are available in the Appendix.  

 

1.5 Discussion 

 Overall, disturbance-related resource quantity shifts, rather than resource 

quality (i.e., C:N ratios), predicted consumer resource use. The increase in coarse 

particulate organic matter along the disturbance gradient concurred with a higher 

consumer reliance on allochthonous food sources. Due to the complexity of our 

results, we discuss our findings sequentially in the context of our predictions.  

First, we predicted that flooding would lead to streambed instability, 

decreasing the abundance of autochthonous food sources at more highly disturbed 

streams. Epilithon quantity was positively associated with higher concentrations of 

chlorophyll a, reduced shear stress and higher elevations. The negative effect of 

disturbance on epilithon biomass was surprising, given that our sampling occurred 9 

months after the flooding event and algal turnover rates in lotic environments are fast 

(Peterson 1996). We ascribe this relationship to elevated and chronic instability of the 
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stream bed following massive flood events (Segura et al. 2011, Poff et al. 2018), 

which would have resulted in more scouring during intervening snowmelt spates and 

other flooding events. Our related work at these streams also found that bed movement 

during the 2013 floods was lower at high elevations, because of underlying 

geomorphic stability, and was significantly and positively related to shear stress (Poff 

et al. 2018). Therefore, our higher elevation streams seem to experience less chronic 

bed instability, resulting in higher epilithon standing stocks. We also observed large 

shifts in sediment size distribution following the floods (Table 1.1), leaving highly 

disturbed streambeds presumably prone to movement during annual late spring 

snowmelt runoff in June 2014. Our sampling could have seen this legacy effect of 

enhanced bed mobility (Poff et al. 2018), which would reduce algal standing crops 

(Peterson 1996, Uehlinger et al. 1996), even months after the flood event. 

While light can be an important control on consumer autochthony in streams 

(Collins et al. 2016), we did not find canopy cover to be a significant predictor of 

basal resource quality and quantity nor of consumer autochthony in the post-

disturbance streams. However, the light availability in our streams was high, with 

canopy cover values of 12-63% across streams (Table 1.1), while Collins et al. (2016) 

studied streams of 5-95% canopy cover. Therefore, canopy cover may not be 

sufficiently dense along our disturbance gradient to cause light limitation at our 

streams. While higher light availability results in higher algal availability, and 

subsequently, higher reliance on autochthonous food sources (Davies-Colley and 

Quinn 1998, Collins et al. 2016), disturbance can alter this relationship by decreasing 



 

 38 

reliance on autochthonous materials in favor of reliance on accumulated detritus 

introduced during the flood from the riparian zone. 

Second, we predicted that flooding would amplify detrital inputs to our study 

reaches, with a concurrent increase in allochthonous resource use (Winterbourn 1976). 

Although in-stream detrital standing stocks are often exported during high-intensity 

disturbances (e.g. Cover et al., 2010) and may recover slowly, the influence of in-

stream and riparian disturbances on detrital resources in streams may be context-

dependent (Rathburn et al. 2017). First, higher flood magnitudes would extend water 

levels further out of the stream channel, entraining more riparian detritus into the 

stream channel as floodwaters recede. Additionally, tree phenology may play a large 

role in determining the magnitude and direction of disturbance effects on detrital 

resource availability. Because the September 2013 flooding occurred before deciduous 

leaf-fall, leaf-fall would add detritus to the stream after water levels had declined. 

Thus, this particular disturbance may have largely amplified detrital inputs to stream 

food webs, rather than flushing in-stream conditioned detritus downstream. We 

propose that, in this case, heavy rains and runoff caused a large pulse of streamside 

terrestrial detritus into the stream, and that detritus load persisted into the next year’s 

sampling. Indeed, in a neighboring drainage to our three study drainages, the 

September 2013 floods introduced large amounts of wood and litter into tributaries 

(Rathburn et al. 2017). Thus, the timing of an extreme event relative to terrestrial litter 

input determines whether benthic organic matter accumulates or diminishes and 

whether CPOM will be ample or limiting for consumers in the following year.  
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Third, we predicted that resource quality would correspond with assimilation 

of food resources, but we did not find that invertebrate diets tracked higher quality 

resources. The positive relationship between shear stress and CPOM C:N indicates 

low quality detrital resources (Marcarelli et al. 2011) were associated with higher 

disturbance intensity. CPOM C:N was also positively correlated with elevation, which 

may reflect the higher relative abundance of coniferous compared to deciduous trees 

in the riparian zones of our high elevation streams. Conifer needles have high C:N 

ratios compared to deciduous leaves (Sanborn 2001) and are not a high quality 

resource for stream consumers due to their slow breakdown rates (Webster and 

Benfield 1986), but they may be more consistently available as a food resource than 

other types of higher-quality detritus (Sakai et al. 2016). Elevation and chlorophyll a 

were significantly and positively associated with epilithon C:N, while shear stress was 

not. A previous review found preferential feeding by aquatic invertebrates on higher 

quality foods, but while invertebrates use terrestrial resources in lower proportions to 

their availability, the amount of reliance on allochthonous materials still increases with 

availability (Marcarelli et al. 2011). 

Fourth, we predicted that members of different functional feeding groups 

would not experience differential mortality in the 2013 flood event, but would exhibit 

differential resource use. We found a consistent decline of herbivores both in terms of 

raw and proportional abundance along the disturbance gradient. Grazers rely largely 

on algae and biofilms (Wallace and Webster 1996), and the decreased availability of 

algal resources at streams that experienced higher intensity flooding may have resulted 

in food limitation and subsequent mortality. We also found an overall decline in 
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predator raw and proportional abundance following the 2013 flood event, but with no 

significant trend along the disturbance gradient. Generally, functional feeding groups 

showed similar responses in their autochthony across the disturbance gradient, 

although a lack of large-bodied, immobile shredders at the stream that experienced the 

highest intensity flooding (see Poff et al. 2018) did not allow us fully to assess 

shredder autochthony in response to disturbance. Shredders may be the most likely to 

be constrained in their resource use and rely heavily on detrital resources. Therefore, 

shredders might not shift their reliance on allochthonous resources, even as in-stream 

algal production increases (Collins et al. 2016). Accordingly, we expect that shredders 

would exhibit reduced consumer autochthony at highly disturbed streams, where 

higher post-flood detrital loading occurred, but could not fully evaluate this prediction 

due to the lack of shredders at our high disturbance intensity streams. 

Finally, we predicted that taxonomic identity would also be associated with 

consumer resource use, with some specialist taxa being more restricted in their 

feeding, and generalist taxa being more plastic. However, consumer autochthony was 

not explained by taxonomic identity or functional feeding group membership. Rather, 

environmental characteristics, such as resource quantity and quality and the shear 

stress experienced during the 2013 event best explained the relative importance of 

autochthonous-derived resources.  Some taxa, such as the caddisfly Rhyacophila 

angelita, the blackfly Simulium sp., and the stoneflies Megarcys signata and Zapada 

sp. do appear to be more tightly constrained than others in their resource use, 

suggesting some degree of specialization (see Appendix). Because many functional 

feeding groups are distinguished by their feeding morphologies, rather than actual 
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reliance on specific resources, this result corroborates the idea that feeding 

morphology and food acquisition traits do not necessarily determine consumer 

autochthony, but rather determine the size classes of food that consumers use 

(Cummins 1973). Other studies in this system have similarly found a wide variation in 

autochthonous resource use along an elevation gradient within functional feeding 

groups (McCutchan and Lewis 2002). From a food-web perspective, our results 

robustly demonstrate a shift in consumer resource use along a gradient of disturbance 

intensity, irrespective of taxonomic identity or functional feeding group membership. 

Our sampling may have missed trophic specialists with more constrained diets if they 

were locally extirpated after the disturbance due to a shift in available resources. 

Therefore, our findings are similar to those in studies that have examined the impact of 

fires on stream food-webs and found that generalists were favored following 

disturbance events (Mihuc and Minshall 1995) and to studies finding that streams with 

unstable beds are characterized by generalist fauna (Winterbourn et al. 1981, 

Winterbourn 1997). 

Elevation and snowmelt flooding were potentially confounding variables in our 

study design, but we still found a signal of disturbance effects on consumer resource 

use. Our related work at a larger number of streams, including all of the streams used 

in this study as well as seven additional streams, did find a significant negative 

correlation between elevation and 2013 flood bed mobility, which also correlated with 

shear stress (Poff et al. 2018). Thus higher algal biomass associated with high 

elevations may reflect reduced disturbance legacy effects at those high elevation 

streams. While we found that elevation was a significant predictor of consumer 
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autochthony, CPOM and epilithon C:N, and epilithon quantity, elevation did not 

significantly predict CPOM quantity, which was a strongly significant negative 

predictor of consumer autochthony. Therefore, while elevation may have influenced 

consumer resource relationships, the strongest relationship we observed driving 

consumer resource use in our system was a flood-related increase in CPOM quantity, 

leading to higher reliance on CPOM by stream consumers at streams that experienced 

higher shear stress during the 2013 event.  

Annual snowmelt runoff occurred in our streams during the spring of 2014, but 

we still detected a strong signal from the 2013 floods.  The runoff levels in 2014 were 

above the median long-term snowmelt runoff volumes (“NRCS National Water and 

Climate Center Basin Reports” 2014), but were small compared to the extreme runoff 

volumes in September 2013, which were estimated to be 1 in 50 to 1 in 500 year 

events (Gochis et al. 2014). Moreover, snowmelt flooding affected our streams 

relatively equally based on records of snowpack in the contributing watersheds 

(“NRCS National Water and Climate Center Basin Reports” 2014). Thus, our streams 

experienced a range of extreme flooding intensity during the September 2013 flood 

event followed by a similar level of moderate snowmelt runoff, strongly suggesting 

that the differences in consumer autochthony that we see across streams are associated 

with responses to the 2013 floods.  

 Although we did find a significant disturbance effect on consumer 

autochthony, disturbance intensity did not swamp out other factors, such as elevation, 

that affect consumer resource use. Over the entire disturbance gradient, variation in 

the percent contribution of autochthonous resources in consumer diets showed a 
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relatively small range of 22-61% (see Appendix). We would expect a high-intensity, 

unusually-timed disturbance to have a large impact on food webs, but our results 

suggest that consumer plasticity may compensate for disturbance effects.  

Studying the effects of such unpredictable extreme events can mostly occur 

only on an opportunistic basis. However, better understanding the natural impacts of 

disturbance events on ecosystem subsidy relationships is important for anticipating 

how both food web structure and the transfer of energy and nutrients across and within 

ecosystems may change. In the future, extreme events are projected to increase in 

frequency and the loss of snowpack in western regions is predicted to result in more 

unpredictable rain-driven hydrologies in montane streams (Fyfe et al. 2017). Our 

finding that the timing of the disturbance likely played a major role in the system 

response suggests that not all extreme hydrologic events will manifest similarly in 

terms of basal resource and consumer responses. Developing a more general 

understanding of the ecological effects of extreme events will require a better 

understanding of underlying mechanisms, including how individual consumer species 

are affected by disturbance and interact with resources to drive emergent community-

level properties. 
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CHAPTER 2 

 

SPECIES DO MATTER: A UNIFYING DIVERSITY-DISTURBANCE 

FRAMEWORK FOR FUNCTIONAL AND TAXONOMIC RESPONSES ALONG 

DISTURBANCE GRADIENTS  

 
Erin I. Larson, N. LeRoy Poff, W. Chris Funk, Rachel A. Harrington, Boris C. 

Kondratieff, Scott G. Morton, Alexander S. Flecker 

 

2.1 Abstract: While frameworks exclusively considering functional diversity are 

gaining popularity, functional and taxonomic diversity metrics provide complementary 

information. We present and test a novel predictive framework for functional and 

taxonomic diversity responses along disturbance gradients using stream insect 

community data from prior to and from two years following an extreme flood event in 

14 Colorado streams. While taxonomic differences between pre- and post-flood 

communities were muted, indicating weak species filtering, functional diversity 

responded strongly along the disturbance gradient, indicating functional turnover. We 

attribute this difference in response to the loss of a small number of taxa with highly 

unique trait combinations. However, the types of traits used to calculate functional 

diversity metrics also mediated functional responses, as life history traits were 

strongly filtered along the gradient, compared to morphology, ecology, and mobility 

traits. Jointly considering functional and taxonomic diversity clarified the 

consequences and mechanisms underlying ecological responses to this extreme event.  
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2.2 Introduction 
Functional diversity directly ties species identity to ecosystem function (Cadotte et al. 

2011). Functional diversity approaches are gaining traction (McGill et al. 2006, 

Petchey and Gaston 2006, Mouillot et al. 2013, Boersma et al. 2016), especially as we 

realize that slight taxonomic changes may mask significant functional responses 

(Villéger et al. 2014, Aspin et al. 2018, Larsen et al. 2018). Moreover, a concurrent 

consideration of both taxonomic and functional diversity can allow us to distinguish 

community assembly processes (Mayfield et al. 2010, Mouchet et al. 2010) and how 

disturbance-caused biodiversity loss influences ecosystem function (Cardinale et al. 

2012). However, predicting and interpreting functional and taxonomic responses and 

their consequences remains challenging, and functional diversity frameworks are 

developing that do not incorporate taxonomic diversity responses (Mouillot et al. 

2013, Boersma et al. 2016). Here we present and test a conceptual framework to 

predict and interpret functional and taxonomic diversity responses at multiple sites 

along disturbance gradients. We analyze how well taxonomic change predicts 

functional change along a disturbance intensity gradient caused by an extreme 

flooding event. We then test how using different trait combinations and numbers of 

traits regulates inferences of functional diversity responses.  

2.2.1 Understanding disturbance-diversity relationships: correlations between 

taxonomic and functional diversity  

While functional approaches ignore species identity (Cadotte et al. 2011), we still do 

not know how well functional and taxonomic diversity correlate with each other, 
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especially along disturbance gradients. Taxonomic and functional diversity shift 

similarly along environmental gradients in some systems (e.g. Vinagre et al. 2017; 

Richardson et al. 2018; Toussaint et al. 2018), while, in other systems, functional 

responses and taxonomic diversity responses are decoupled (e.g. Villéger et al. 2014; 

Aspin et al. 2018; Larsen et al. 2018; Wong et al. 2018). Several factors may 

influence how well taxonomic and functional diversity responses to disturbance 

correspond to each other, including the types of functional traits used in analysis 

(Mayfield et al. 2010). Furthermore, species richness and the number of traits used in 

functional diversity calculations can drive functional redundancy in simulated 

communities, with higher number of traits resulting in lower functional redundancy 

(e.g., Dalerum et al. 2012). 

2.2.2 Choosing relevant traits for functional diversity calculations  

While the power of functional diversity approaches lies in their generalizability across 

systems, caution must be used when selecting traits to calculate functional diversity. 

Improper trait selection can result in finding spurious weak relationships between 

traits and environmental variables (Griffin‐Nolan et al. 2018). Thus, selected traits 

must have a clear functional linkage to the environmental variables of interest.  

We propose that a framing for trait selection is to separate traits into categories 

based on the types of traits that represent the different ways taxa interact with their 

environment, ensuring that each category has a similar number of traits and calculating 

functional diversity metrics separately for each trait category. For example, life history 

traits, such as generation time, will dictate how quickly organisms grow and 

reproduce, relating directly to survival and recovery from disturbance events 
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(Southwood 1988, Halpern 1989, Williams et al. 2010). In contrast, ecological traits, 

such as trophic habits, indirectly affect survival after a disturbance event, especially if 

various food resources are differentially diminished (Wootton 1998). Additionally, 

morphology traits, such as body size and anchoring appendages in aquatic 

invertebrates, are indirectly related to habitat stability. More unstable environments 

may select for faster development times and therefore smaller body sizes and also may 

select for physical adaptations to withstand disturbing forces (Southwood 1977, 

Townsend and Hildrew 1994).  Finally, mobility traits, such as juvenile or adult 

dispersal ability, can directly govern species’ persistence and colonization following 

disturbance events (Poff et al. 2018b).  

2.2.3 Introducing a unified predictive framework for taxonomic and functional 

diversity-disturbance relationships 

Functional diversity frameworks are still evolving (Boersma et al. 2016, Carmona et 

al. 2016, Kuebbing et al. 2018). They are appealing because they offer a mechanistic 

basis for exploring how disturbance-caused changes in diversity lead to changes in 

functional community structure and thus may be more transferable across systems than 

purely taxonomic-based frameworks (Cadotte et al. 2011, Mouillot et al. 2013). 

However, research suggests that rather than viewing functional diversity measures as 

replacements for taxonomic diversity, the two types of diversity metrics are 

complementary and should be considered jointly (Whittaker 1972, Purvis and Hector 

2000, Heino et al. 2008, Arnan et al. 2014, Kuczynski et al. 2018).  

Here, we expand on a recent functional diversity-disturbance framework to 

include taxonomic responses and consider disturbance gradients. We explicitly posit 
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mechanistic predictions of how disturbance intensity interacts with species’ identity 

and trait combinations to drive functional and taxonomic responses. First, we 

statistically expand the five hypotheses outlined in Boersma et al. (2016) to consider 

community functional responses along a gradient of disturbance intensity (Fig. 2.1), 

rather than just at one site pre- and post-disturbance. Considering responses along 

gradients strengthens the applicability of functional diversity-disturbance hypotheses. 

Similar to using functional approaches, testing responses along gradients heightens the 

generalizability of drivers across systems. Gradient designs allow more predictive and 

powerful statistical tests of hypothesized mechanisms because parameter values of the 

environmental drivers of interest and ecological thresholds can be quantified 

(Cottingham et al. 2005, Kreyling et al. 2018).  
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Figure 2.1. (A) Predictive roadmap of disturbance conditions when certain functional 
and taxonomic diversity responses are expected. For example, in this study, the 
Colorado flood event was an extreme, 1-in-50 to 1-in-500 year event, so we are up on 
the far right of the disturbance intensity axis. Given that many stream insect taxa are 
sensitive to disturbance, and have traits that would be filtered out by an extreme 
disturbance event, we expect to be on the upper portion of the sensitivity axis. 
Accordingly, we are in the upper right quadrant of this predictive space and anticipate 
that stream insect communities will exhibit taxonomic and functional turnover and 
convergence in response to this extreme disturbance event. (B) The expected 
responses of diversity metrics (T = Turnover, R = Richness, E = Evenness, A = 
Abundance) along the disturbance gradient that would support the hypotheses. If a 
diversity metric could respond in a number of different ways for a given hypothesis, it 
is not shown. For example, abundance could decline, stay the same, or increase along 
the disturbance gradient, and one could still find support for the convergence 
hypothesis. 
 

Second, we build on Boersma et al. (2016) solely functional perspective to 

include taxonomic diversity responses along disturbance gradients and to predict when 

changes in different diversity metrics may occur. We do this by framing these 

hypotheses in a two-dimensional space with disturbance intensity on one axis and the 

range of trait or taxonomic sensitivities to disturbance present in the community on the 

other axis (Fig. 2.1A). In doing so, we explicitly predict under which disturbance 

conditions and community sensitivities we expect support for the hypotheses proposed 

by Boersma et al. (2016). Using the definition of disturbance from Sousa (1984), we 

consider disturbance to be “a discrete, punctuated killing, displacement, or damaging 

of one or more individuals…. that directly or indirectly creates an opportunity for new 

individuals… to become established.” In the lower left quadrant we position the low 

sensitivity hypothesis of no change in trait combinations or taxonomic composition 

following the disturbance. Here disturbance intensity is low, and trait combinations 

and taxa have a low range of sensitivities to disturbance. In the upper left quadrant, we 

position the differential impact hypothesis, where taxa and trait combinations are not 
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lost or gained, but do experience differential mortality and thus changes in relative 

abundances. Here, disturbance intensity is again low, but some trait combinations and 

taxa are more sensitive to disturbance. In contrast, in the lower right quadrant, we 

situate the equal impact hypothesis, where all taxa and trait combinations experience 

high mortality and thus reductions in abundance. Here, disturbance intensity is high, 

but taxa and trait combinations are not differentially sensitive to disturbance. Finally, 

in the upper right quadrant, we locate both the convergence/divergence hypothesis and 

the turnover hypothesis. Here, disturbances are intense, and taxa and trait 

combinations vary widely in their sensitivity to disturbance. It is worth noting that the 

convergence (trait or taxonomic filtering) and turnover responses are not mutually 

exclusive, although one response can occur without the other. For example, if 

members of a community become more functionally similar after a disturbance event, 

but the mean trait values represented in the community do not change, that community 

would have experienced functional convergence, but not turnover. 

Our framework allows predictions to be made a priori, and then for results to 

be interpreted a posteriori. First, the intensity of a disturbance event and the expected 

sensitivities of taxa and their traits can be characterized to predict which of the five 

hypotheses are likely to be supported. For example, communities that experience a 

low intensity disturbance event and contain traits that are deemed insensitive to 

disturbance (e.g., highly vagile species and habitat generalists) would be expected to 

show no change in functional diversity metrics and support for the low sensitivity 

hypothesis (lower left quadrant in Fig. 2.1A; top figure in Fig. 2.1B). Then, after 

analyzing the data, one can compare the predicted response to the observed functional 
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and taxonomic diversity responses. Differences in observed versus predicted 

functional and taxonomic diversity responses would indicate the disturbance 

characteristics or taxonomic and trait sensitivities had been mischaracterized (Fig. 

2.1A). This mode of analysis could help define threshold levels of disturbance 

intensity that have large non-linear ecological impacts on communities.  

Taxonomic and functional diversity responses to disturbance may or may not 

be strongly correlated, and the degree of this correlation can provide insights into 

which hypotheses in Fig. 2.1 are supported. If they are weakly correlated, taxa are 

functionally redundant (i.e., lie far from the 1:1 line in Fig. 2.2) and changes in 

functional diversity are weaker than changes in taxonomic diversity, potentially 

supporting different hypotheses (Fig. 2.1). In contrast, when the taxa responding to 

disturbance possess unique trait combinations, changes in taxonomic and functional 

diversity should be strongly correlated, and we would expect changes in taxonomic 

and functional diversity to be strongly coupled (i.e., approaching the 1:1 line in Fig. 

2.2). We would then expect taxonomic and functional responses to support different 

hypotheses (Fig. 2.1).  
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Figure 2.2. Predicted relationships between taxonomic and functional diversity 
change. We expect the correlation between functional and taxonomic responses to be 
strong when redundancy is low and to be weak when redundancy is high.  
 
2.2.4 Testing the diversity-disturbance framework with data from an extreme event 

We tested our predictive diversity-disturbance framework with data collected from 

stream insect community composition prior to and following an extreme disturbance 

event. In September 2013, an unusually intense and spatially extensive rainstorm hit 

the east slope of the Rocky Mountains in norther Colorado, dropping up to 40 

centimeters of rain over 7 days (Gochis et al. 2014), leading to catastrophic 1-in-50 to 

1-in-500 year floods across three major drainages near the cities of Denver, Boulder, 

and Fort Collins. Notably, the time of year the flooding occurred (late summer) was 

offset by 2-3 months from the typical annual late springtime flood peak experienced in 

these streams during snowmelt, constituting a highly unpredictable disturbance event. 

Given the extreme magnitude, unusual timing and large spatial extent of the event, 
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which caused extensive mortality in stream insect communities across the region (Poff 

et al. 2018), we did not expect functional or taxonomic diversity to recover in the two 

years of sampling we conducted following the flood event.  

We sampled 14 streams across three drainages in summer 2011 prior to the 

flood and resampled them again following the floods in summers of 2014 to assess 

species persistence to this extreme event (Poff et al. 2018) and again in 2015. In this 

current work, we use previously unreported data (for both 2014 and 2015) to test our 

predictions. In the context of our unified diversity-disturbance framework (Fig. 2.1), 

our system can be characterized as an extreme event in terms of intensity, placed on 

the right half of the x-axis. We expect stream insects to exhibit a wide range of 

sensitivities to this disturbance, based on their functional traits (Poff et al. 2018). 

Therefore, we anticipate that our communities are in the upper half of the y-axis.  

These two expectations in combination suggest that our system is in the upper 

right quadrant of the predictive space. Therefore, along our entire disturbance 

gradient, we would expect to see both functional and taxonomic turnover and 

convergence. Using Figure 2.1B, we determine which observed functional and 

taxonomic responses along the disturbance gradient would support the various 

hypotheses outlined in Figure 2.1A. Specifically, the turnover column indicates that an 

increase in turnover (taxonomic beta-diversity or functional distance) along the 

disturbance gradient would support the turnover hypothesis, which indicates the mean 

trait combination or taxonomic composition of the community shifted in response to 

the disturbance. The convergence/divergence column indicates that a decline in 

taxonomic or functional richness and taxonomic or functional evenness (dispersion) 
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along the disturbance gradient would support the convergence hypothesis, indicating 

strong species or trait filtering.   

However, on the low intensity end of our disturbance gradient, we would 

expect to find evidence for the abundance shift hypothesis, the lower right quadrant of 

the predictive space (Fig. 1A). A decline in taxonomic evenness or functional 

dispersion, with no change in turnover or richness along the disturbance gradient, 

would support the abundance shift hypothesis, indicating a differential shift in 

abundance among trait combinations or taxa, but no loss or gain of taxa or trait 

combinations.  

We also expected that trait category and number would have a strong influence 

on the correlation between taxonomic diversity and functional diversity responses. We 

expected changes in taxonomic diversity and functional diversity would be more 

tightly correlated when considering all 20 traits combined than when considering 

separate trait categories, which each contain 4-6 traits (see Appendix). Therefore, 

when all 20 traits were used in functional diversity estimates, we expected that 

taxonomic and functional diversity would respond similarly to the flood event, 

conferring strongly to the 1:1 line (Fig. 2.2) and supporting the turnover and 

convergence hypotheses (Fig. 2.1). When traits were selectively grouped, we predicted 

that mobility and life history trait categories would respond strongly to disturbance as 

they are more mechanistically linked to disturbance compared to ecology and 

morphology traits. Therefore, we expected life history and mobility to have a steeper 

slope compared to morphology and ecology traits (Fig. 2.2) and to also support the 

turnover and convergence hypotheses (Fig. 2.1). In contrast, we expected functional 
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diversity calculated using ecology and morphology traits to support the turnover 

hypothesis, without the strong trait filtering indicated by the convergence hypothesis.   

2.3 Methods 
We sampled 14 small, wadeable streams in the Cache La Poudre, Big Thompson, and 

St. Vrain drainages in Colorado’s Front Range in 2011 (pre-flood), 2014 (post-yr1), 

and 2015 (post-yr2) (see Appendix for a map of study streams). At each stream, we 

established a 100-meter sampling reach used in subsequent years. Each yearly 

sampling time point occurred within two weeks of the Julian date sampled in 2011, to 

ensure minimal differences in seasonal community composition across sampling 

years. 

2.3.1 Stream insect community sampling 

The stream insect community was sampled using Hess samplers, a standard method 

for quantitatively sampling stream insect density (Hauer and Lamberti 2006). We 

sampled a known area of substrate in run/riffle habitat by agitating the substrate to 10 

cm depth. We collected community composition samples within the sample reach, for 

a total of 5 Hess samples per site each year (pre-flood, post-yr1, post-yr2). Samples 

were stored in 100% ethanol prior to being cleaned of debris, identified, and 

enumerated in the lab using a dissecting microscope to the lowest practical taxonomic 

level. All taxa were identified to genus except for the chloroperlid stoneflies, simuliid 

blackflies, elmid beetles, and dytiscid beetles, which were all identified to family and 

assigned traits at the family-level.  

2.3.2 Measuring disturbance intensity 

Disturbance intensity during the flood event was quantified using methods outlined in 

Poff et al. (2018). In short, photos were taken at 5 fixed transects in the study reach (0, 



 

61 

25, 50, 75 and 100 m) in four directions, both before and after the flood event, for a 

total of 24 photos before and 24 photos after the flood at each site. Those photos were 

then scored for channel erosion, and those scores were averaged by site before and 

after the flood. Scores were then normalized across sites to give each site a channel 

disturbance score, hereafter referred to as channel disturbance. These scores were 

normalized by dividing by the maximum score to values between 0 and 1, with 1 

indicating the highest change in channel form and 0 indicating no change.  

2.3.3 Trait assignment 

We assigned traits using the categorical coding classification from Poff et al. (2006). 

We categorized traits according to their classification as life history, mobility, 

morphology, or ecology traits (Table S1). We calculated functional diversity metrics 

(functional richness, functional dispersion, and functional distance) using traits in 

these four categories separately and all combined to test how trait selection affected 

functional diversity findings. In total, we assigned trait state values for 20 traits to 

each of the 51 stream insect taxa found at our study sites.  

2.3.4 Taxonomic and functional diversity calculations 

Following methods outlined in Boersma et al. (2016), we calculated functional 

distance between communities in different years at the same site using 

presence/absence data. Using the FD package (Laliberté and Legendre 2010, Laliberté 

et al. 2014) in R v. 3.4.4 (R Core Team 2018), we calculated abundance-weighted 

functional richness and functional dispersion for community data in different years at 

each site using a Gower distance matrix (Gower 1971). We used the same functional 

space to calculate functional diversity metrics because, given the spatial extent of our 
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study area, we assume all of our sites have a similar regional species pool (Harrington 

et al. 2016). We calculated taxonomic richness, Pielou’s evenness and Sørenson’s 

dissimilarity index for each site before and after the disturbance using the vegan 

package (Oksanen et al. 2017). We selected Pielou’s evenness to compare to 

functional dispersion because both are sensitive to changes in richness (Mason et al. 

2012). We chose Sørenson’s dissimilarity index because it relies on presence/absence 

data, making it comparable to functional distance (Boersma et al. 2016).  

2.3.5 Concordance of taxonomic and functional diversity responses 

To test if taxonomic responses to the flood event predicted functional responses, we 

plotted the pre-post flood change in functional metrics (functional richness, functional 

dispersion, functional distance) against the change in corresponding taxonomic 

metrics (taxonomic richness, taxonomic evenness, beta-diversity). We used linear 

mixed effect models with the taxonomic diversity metric and year as fixed effects and 

site as a random effect to determine whether taxonomic diversity metrics predicted 

their corresponding functional diversity metrics and if the relationship between 

functional and taxonomic diversity changed between post-yr1 and post-yr2.  

2.3.6 Flood effect and recovery analyses 

We used a linear mixed effects modeling framework to evaluate the flood effect and 

then subsequent potential flood recovery. All mixed models were built using restricted 

maximum likelihood and analyzed using the nlme package (Pinheiro et al. 2017). 

Mixed model linear predictions of least-square means for visual interpretations of 

mixed model results in Figures 2.3, 2.4, and 2.5 were created using the emmeans 

package (Lenth et al. 2018). 
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Response variables were calculated as the difference between the pre-flood and 

post-flood communities. Fixed effects were channel disturbance, year (post-yr1 – 

flood effect vs. post-yr2 – flood recovery), and their interaction. If the interaction 

between channel disturbance and year was a significant fixed effect, then the 

relationship of taxonomic or functional diversity with channel disturbance recovered 

to pre-flood levels. Site was a random effect, accounting for repeated measures at the 

same site across multiple years and allowing the intercept to vary among sites. For 

total community abundance, taxonomic richness, functional richness, taxonomic 

evenness, and functional dispersion, the pre-flood diversity value was included as a 

fixed effect, in order to control for the relative magnitude of diversity changes. In 

other words, if pre-flood taxonomic richness were a significant positive predictor of 

changes in taxonomic  
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richness along the disturbance gradient, then communities with more species prior to 

the flood event would have lost more species.   

To examine functional and taxonomic responses at the low end of the 

disturbance intensity gradient, we performed the same analyses detailed above on the 

subset of the data where channel disturbance was less than 0.5, at 8 of our 14 streams.  

2.4 Results 

Full mixed effect model results are described in the Appendix. The residuals of all 

fitted models were normally distributed.  

 

2.4.1 Taxonomic and functional diversity concordance 

We found a strong relationship between changes in taxonomic richness and functional 

richness (t11=23.023, p<0.001; Fig. 2.3; Appendix) across all 4 trait categories and all 

traits combined. We also found a strong relationship between taxonomic evenness and 

functional dispersion (t11=6.166, p<0.001; Fig. 2.3; Appendix) across trait categories. 

However, taxonomic beta-diversity did not predict functional distance (Fig. 2.3; 

Appendix), suggesting that shifts in community taxonomic composition did not 

correspond to proportional changes in the “average” trait composition of the 

community.  

 

2.4.2 Persistent taxonomic convergence 

Taxonomic diversity responses weakly supported the convergence hypothesis. 

Specifically, channel disturbance had a marginally significant negative effect on 

taxonomic richness (t11=-2.085 p=0.061, Appendix, Fig. 2.4) and evenness (t11=-
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2.022, p=0.068, Appendix, Fig. 2.4). However, Sørenson’s dissimilarity index was not 

significantly predicted by any of the hypothesized predictors and did not show a 

consistent relationship with channel disturbance along the gradient (Fig. 2.4, 

Appendix). This lack of consistent beta-diversity response indicates a lack of support 

for the turnover hypothesis. Year was not a significant predictor of any taxonomic 

diversity metric (see Appendix), indicating that taxonomic diversity did not recover 

along the disturbance gradient two years following the flood event.  
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 2.4.3 Persistent functional convergence and turnover 

Functional responses strongly supported the turnover hypothesis, with some categories 

of traits also supporting the convergence hypothesis. Functional distance strongly 

increased along the disturbance gradient, regardless of trait category (Fig. 2.5, see 

Appendix for full mixed model results), indicating functional turnover in response to 

the flood (Fig. 2.1). Life history traits and all traits combined were the two trait 

categories that showed a convergence response along the disturbance gradient in 

addition to a turnover response. Specifically, functional richness and functional 

dispersion of both life history traits and all traits combined showed a significant 

negative relationship with channel disturbance (Functional Richness -- Life History: 

t11=-2.150, p=0.055, All Traits: t11=-2.237, p=0.047; Functional Dispersion -- Life 

History: t11=-3.505, p=0.005, All Traits: t11=-2.061, p=0.064; Fig. 2.5, Appendix). 

Year was not a significant predictor of any functional diversity metric (see Appendix), 

indicating that functional diversity did not recover along the disturbance gradient two 

years following the flood event. 

 

2.4.4 Subset of data at low intensity end of disturbance gradient (CD<0.5) 

The taxonomic response at the low intensity portion of the disturbance gradient best 

supported the differential impact hypothesis with a significant decline in taxonomic 

evenness along the disturbance gradient (t5=-2.748, p=0.040), but no significant 

response along the disturbance gradient of taxonomic richness, beta diversity, or total 

abundance (Fig. 2.4, Appendix). Functional diversity best fit the low sensitivity 

hypothesis, except for life history traits, which showed a significant decline in 
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functional dispersion along the gradient (t5=-2.619, p=0.047), supporting the 

differential impact hypothesis (Fig. 2.5, Appendix). For the subset of data at the low 

intensity end of the disturbance gradient, changes in functional richness were still 

predicted by changes in taxonomic richness, and changes in functional dispersion were 

predicted by changes in taxonomic evenness (see Appendix). The relationships were 

not as strongly significant, which could be an influence of the smaller sample size. 
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Figure 2.5. Functional diversity responses by trait combination along the channel 
disturbance gradient during the 2013 Colorado flood. Points represent raw data of 
diversity metrics comparing stream insect communities pre-flood to one year post-
flood (black circles) and pre-flood to two years post-flood (open circles). Lines 
represent predictions of mixed effect models with the interaction of channel 
disturbance and years compared, and the pre-flood diversity value at a site as fixed 
effects and site as a random effect using emmeans (Lenth et al. 2018). Lines are only 
shown for models where channel disturbance is a significant predictor, and light gray 
lines indicate predictions for the model using only the data where channel disturbance 
is less than 0.5. Full mixed model results are in the Appendix. 

2.5 Discussion 
We found strong relationships between changes in functional and taxonomic richness, 

and between changes in functional dispersion and taxonomic evenness. However, we 

found contrasting evidence for the turnover and convergence hypotheses comparing 

functional and taxonomic diversity. Although the functional diversity response was 

stronger than the taxonomic response, both the convergence and turnover hypotheses 

lie in the upper right quadrant of our predictive framework (Fig. 2.1A). 

2.5.1 Correlations between functional and taxonomic diversity responses driven 

by trait combinations 

The relationship between functional richness and taxonomic richness was nearly 1:1 

(fixed effect estimate 95% CI: 0.806-0.956; Fig. 2.3, Appendix). However, when 

comparing the relationship between functional and taxonomic richness for each of the 

4 trait categories, the slope was close to 0.5 (Figs. 2.2 and 2.3, Appendix). These 

findings indicate that inclusion of more traits in analysis subsequently increases the 

correlation between taxonomic and functional diversity. Therefore, we should consider 

not only the characteristics of the traits selected to calculate functional diversity 

responses, but also the number of traits used relative to the number of taxa.  

Selecting too few traits may lead to the conclusion that a community exhibits 

higher functional redundancy than it does when a full suite of traits is used. In our 
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regional species pool, 40 out of 51 taxa possessed unique trait combinations when 

considering all 20 traits. In contrast, 10, 10, 12, and 9 taxa possessed unique trait 

combinations in their life history, mobility, morphology, and ecology traits, 

respectively. However, only one taxon out of the 51 taxa possessed a unique trait 

combination both when considering all 20 traits combined and within each of the four 

trait categories.  

Therefore, perhaps unsurprisingly, we found the strongest functional richness 

response when using all 20 traits combined, rather than subsets of traits. In their work 

on the functional consequences of hydropeaking by hydroelectric dams, Ruhi et al. 

(2018) similarly found that functional diversity exhibited a stronger negative response 

to hydropeaking than the trait states when considered individually, suggesting a 

synergistic functional response when combining traits to calculate functional diversity. 

The four trait categories we used in the analysis had similar numbers of traits, yet 

functional diversity of life history traits responded more strongly along the disturbance 

gradient than mobility, morphology, or ecology traits. Therefore, we recommend that 

when analyzing functional diversity responses, researchers should test responses of 

multiple trait categories with the same number of traits to tease out which types of 

traits are most sensitive to disturbance. 

2.5.2 Persistent functional turnover and taxonomic convergence in response to 

extreme flooding  

First, we found strong evidence supporting the turnover hypothesis across mobility 

traits, life history traits, ecology traits, morphology traits, and all 20 traits combined. 

Functional distance for all those trait combinations significantly increased along the 
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disturbance gradient (Figs. 2.1 and 2.5).  Some trait combinations, specifically life 

history traits and all traits combined, also exhibited functional convergence in 

response to this extreme flood event, as functional richness and functional dispersion 

significantly declined along the disturbance gradient (Figs. 2.1 and 2.5). The 

taxonomic diversity responses were weaker but also best supported the convergence 

hypothesis, demonstrated by a marginally significant decrease in taxonomic richness 

and evenness along the disturbance gradient (Figs. 2.1 and 2.4). In contrast, taxonomic 

beta diversity did not significantly increase along the disturbance gradient, indicating a 

lack of support for the turnover hypothesis.  

The support for the convergence hypothesis suggest that both traits and taxa in 

this system were filtered by this extreme disturbance, while the support for the 

turnover hypothesis suggests that the mean trait combination in the community shifted 

significantly following the disturbance, without corresponding species turnover. One 

mechanism that explains this result is that a few taxa with unique combinations of 

traits were lost from communities that experienced high intensity flooding, resulting in 

high functional turnover, but not proportionally high species turnover. For example, 

elmid beetles, which have completely unique combinations of both their life history 

and morphology traits, were missing in samples the year after the flood at the two 

streams that experienced the highest intensity flooding. Similarly, the brachycentrid 

caddisfly Micrasema bactro, which possesses a unique combination of morphology 

traits, was missing in samples the year after flooding at five of the mostly highly 

disturbed streams. In other systems, including coral reef fishes, alpine plants, and 
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tropical trees, rare species contribute disproportionately to ecosystem function 

(Mouillot et al. 2013). 

 Overall, we did not see strong recovery of functional and taxonomic diversity 

by two years after the flood event. Specifically, neither the interaction between year 

and channel disturbance nor year alone were significant predictors of changes in 

functional or taxonomic diversity (Figs. 2.4 and 2.5, Appendix). For some of the taxa 

with fast generation times, two years represents four or more generations, suggesting 

that the effects of extreme events might persist through multiple generations.  

2.5.3 Variable responses across trait categories 

Of the 20 traits considered in this study, no trait states increased in absolute abundance 

along the disturbance gradient, suggesting that the flood event did not result in 

favorable conditions for any particular trait or trait state (see Appendix). When 

considering trait categories separately (life history, mobility, morphology, ecology), 

we see some interesting distinctions in functional responses.  

 Overall, life history traits responded most strongly to the flood event. Mobility 

traits were also significantly filtered by the flood event. In our related work in this 

system, we similarly found that adult presence and larval mobility played a large role 

in determining persistence following the flood (Poff et al. 2018).  Larson et al. (2018) 

found that consumers exhibited similar dietary flexibility and reliance on detrital 

resources along the disturbance gradient, regardless of trophic guild. This finding 

suggests that trait plasticity might play a hidden role in functional responses, a caveat 

with using traits assigned at the genus or species-level (Carmona et al. 2016). Ecology 

traits, in particular, might be more likely to vary within taxonomic groups, which 
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might explain why we did not find a strong response in ecology traits compared to life 

history traits, which are more phylogenetically constrained (see Poff et al. 2006). Life 

history and mobility traits might therefore be the best for evaluating filtering effects in 

response to disturbance events, while ecological traits may be more indicative of 

consequent changes in ecosystem functions, such as nutrient recycling and energy 

flows through the food web. 

2.5.4 Expanding and applying the unified diversity-disturbance framework to 

other systems  

While our results offer a single test of the framework, studies in other systems 

examining taxonomic and functional responses to disturbance further support our 

predictions. In our related work on a different community dataset from this system, we 

also saw a strong trait filtering response (Poff et al. 2018). Other studies in aquatic 

ecosystems found functional and taxonomic convergence and turnover responses to 

natural and experimental extreme droughts in stream insect communities (Boersma et 

al. 2016, Aspin et al. 2018) and functional convergence responses in marine intertidal 

communities along a wave-stress gradient (Valdivia et al. 2017). A recent study on the 

functional effects of eutrophication found a functional trait abundance shift along a 

gradient of nutrient pollution in lake zooplankton communities (Moody and Wilkinson 

2019). 

We observed linear responses, likely due to the intensity represented by 

disturbance gradient (1-in-50 to 1-in-500 year return interval). However, further work 

is needed to identify values of disturbance intensity (i.e. quantifying where hypotheses 

transition in Fig. 2.1A) resulting in threshold responses of functional and taxonomic 
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diversity (e.g. Aspin et al. 2018). In our particular system, when considering sites in 

the lower half of our disturbance intensity gradient, we found a differential impact 

response, rather than a convergence or turnover response. We encourage future work 

explicitly testing our predictions across different biomes, especially identifying where 

thresholds of disturbance intensity and different combinations of traits result in 

markedly different functional and taxonomic responses. 
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3.1 Abstract: Habitat templet theory posits that in more frequently disturbed habitats, 

organisms should exhibit more weedy traits, such as higher dispersal rates and faster 

generation times. Using multiple measures of diversity can help differentiate among 

these community assembly processes. We combine observational and experimental 

approaches to measure short-term colonization of stream invertebrates at five 

headwater streams arrayed along a habitat stability gradient in the Ecuadorian Andes 

during two years. Using taxonomic, functional, and phylogenetic measures of 

diversity, we found that taxonomic and functional diversity of colonization 

composition did not show clear trends, although responses of functional and 

taxonomic richness differed between experimental years. However, in both years of 

the experiment, invertebrate composition became more taxonomically, functionally, 

and phylogenetically similar to background benthic and drift composition over 

colonization time. In less stable streams, functional and taxonomic richness of 

colonization composition and background benthic communities was similar, while 

colonization composition was species-poor compared to the available species pool at 
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more stable sites. This finding suggests that organisms at less stable streams have 

higher colonization propensities, in accordance with habitat templet theory. However, 

we also found that benthic communities differed greatly between experimental years at 

less stable streams. Further research is needed on community assembly processes in 

neotropical streams, especially across temporal and spatial scales.  

3.2 INTRODUCTION 

 Habitat templet theory predicts that in frequently disturbed habitats, weedy 

taxa with fast generation times and high dispersal capabilities should dominate, with 

competitive interactions not playing a strong role in structuring communities 

(Southwood 1977). This theory has been applied extensively to lotic systems, 

particularly in temperate regions, to suggest that heterogeneities in hierarchies of 

space and time drive patterns of functional biodiversity (Poff and Ward 1990, 

Townsend and Hildrew 1994). However, this theory has not been experimentally 

tested in high elevation tropical freshwater systems. Tropical streams have long been 

mischaracterized as having generally high habitat stability and low seasonality, when 

in many cases, they can experience high seasonality in stream flow leading to seasonal 

changes in community composition (Flecker and Feifarek 1994, Mesa et al. 2009, 

Ríos-Touma et al. 2011, Carrie et al. 2015, Vimos‐Lojano et al. 2019).  

Complementary diversity measures are useful for disentangling community 

assembly processes across spatial and temporal hierarchies to test habitat templet 

theory. For example, partitioning beta diversity into its nestedness and turnover 

components can identify which process is driving community dissimilarity (Baselga 

2010, Anderson et al. 2011, Carvalho et al. 2012, Legendre 2014). While species 
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richness is often used as a primary measure of biodiversity, it alone might not be 

sufficient to understand how communities change over spatial or temporal gradients 

(Hillebrand et al. 2018). Using taxonomic, functional, and phylogenetic measures of 

diversity can distinguish among the drivers that may differentially shape community 

composition (Cardoso et al. 2014). For example, functional traits should respond most 

strongly to environmental factors, and therefore show a clearer signal in response to 

habitat stability (Poff 1997, McGill et al. 2006), while phylogenetic diversity may 

show more complex patterns due to the role of historical processes in generating 

phylogenetic diversity (Morlon et al. 2011, Kuczynski et al. 2018). Many studies of 

stream community structure along environmental gradients in the tropics have focused 

on richness and density as the sole response variables (e.g. Jacobsen et al. 1997, 

Jacobsen 2008), which may miss underlying community assembly processes (Larsen 

et al. 2018).  

While many studies have explored complementary biodiversity patterns at 

landscape and global scales using observational datasets (e.g. Heino et al. 2009, 

Boyero et al. 2015, Li et al. 2019), we also need experimental studies at finer scales 

because patch-scale dynamics can influence local community composition at larger 

scales and create complex feedbacks between local and regional species richness 

(Harrison and Cornell 2008, Rocha et al. 2018). Moreover, the processes filtering out 

taxa at small patch scales can be more consistent than processes at larger scales, which 

are influenced by biogeography and other historical processes (Lamouroux et al. 

2004). Testing how colonization at the patch scale varies along environmental 

gradients, therefore, is of particular interest for understanding community dynamics at 
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larger scales (Winemiller et al. 2010). In particular, using environmental gradients to 

replicate experiments at multiple locations allows us to test the broader applicability of 

mechanisms driving patch-scale community composition (Kreyling et al. 2018). 

Tropical montane ecosystems in particular are more thermally stable than their 

temperate counterparts, which may result in higher costs to dispersal along elevation 

gradients for tropical ectotherms (Janzen 1967). Adaptation to thermally stable 

tropical environments results in narrower physiological thermal tolerances, especially 

at lower elevations (Shah et al. 2017b, 2017a).  Narrower thermal tolerances lead to 

decreased dispersal ability and gene flow along elevation gradients and thus increased 

speciation and species-packing along elevation gradients (Gill et al. 2016, Polato et al. 

2018).  Moreover, lower dispersal then leads to higher rates of beta diversity along 

elevation gradients in the tropics compared to temperate regions (Jankowski et al. 

2009). However, while temperature is an important abiotic force structuring 

communities along elevation gradients (Jacobsen et al. 1997b, Peters et al. 2016), 

disturbance regimes may also play a role in determining dispersal ability along 

elevation gradients in tropical streams. 

Our motivating research objective was to determine how habitat stability 

influences the processes dominating community assembly at the patch scale in tropical 

streams. In this study, we combine observational and experimental approaches and 

complementary measures of diversity to reveal the processes governing community 

assembly across spatial and temporal scales in stream insect communities. Our study 

design leverages a natural gradient of elevation and habitat stability in streams on the 

eastern flank of the Ecuadorian Andes. Streams in this region are highly diverse in 
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their hydrology over small spatial scales (Auerbach et al. 2016). Specifically, we 

predicted that at the stream level, composition at early time points in the colonization 

experiment will strongly overlap with taxa found in the drift, and more closely 

resemble background benthic communities at later time points, with those 

relationships mediated by accrual of algal and detrital resources over successional 

time. We anticipated that these relationships would remain constant between 

experimental years because habitat stability is an integrated measure of disturbance 

regimes. Additionally, we predicted that there would be high overlap among taxa 

found in the drift, colonization experiment, and the background benthic community at 

streams with lower habitat stability because habitat variability would filter out poor 

dispersers. To our knowledge, this study is the first to use multiple biodiversity 

metrics to experimentally measure Neotropical stream macroinvertebrate colonization 

across multiple years at multiple sites along an environmental gradient.  

3.3 MATERIAL AND METHODS 

3.3.1 Study System 

This experimental and observational study was conducted in seven Andean headwater 

streams located in three major drainages (Papallacata, Cosanga, and Oyacachi) of the 

Napo River in Ecuador (Fig. 3.1). Streams of similar size were selected to represent 

both an elevation and disturbance gradient. All streams are fed by rainwater 

originating from the Amazon basin, and high elevation streams also have ground water 

inputs and may experience small amounts of glacial runoff from the glaciated 

Antisana volcano (Buytaert et al. 2006). The high elevation streams (> 3000 meters) in 

this study are located in páramo habitat, which is a high elevation grassland dominated 



 

85 

by tussock, bunch-grasses, and some native Polylepis trees (Suárez and Medina 2001, 

Fehse et al. 2002). The lower elevation streams are located in cloud forest habitat 

dominated by alders, melastomes, and nightshades (Wille et al. 2002, Fehse et al. 

2002). More information about study stream characteristics is in Table 3.1.  

 

Figure 3.1. Map of study streams with sampling sites labeled with names. Filled dark 
circles indicate sites used in colonization experiments, while open circles indicate sites 
where only background benthic communities and drift composition were sampled. 
Elevations were derived from 30 m digital elevation models from NASA’s Shuttle 
Radar Topography Mission downloaded from the USGS Earth Resources Observation 
and Science Center (https://www.usgs.gov/centers/eros/data-tools).  
 

3.3.2 Observational data 

Physical and Basal Resource Surveys 
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Study transects 125 m in length were established at all seven study streams and 

sampled in both 2016 and 2017. Canopy cover estimates were taken in four directions 

every 25 meters using a hand-held densiometer. Every 25 meters, three rocks were 

collected and scrubbed and an aliquot of the resulting slurry was filtered on glass fiber 

filters. One filter was analyzed fluorometrically for chlorophyll a using buffered 

ethanol extraction on a handheld fluorometer (Turner Designs, Sunnyvale, California, 

USA). The other filter was analyzed for ash free dry mass. Briefly, the filter was dried 

in a drying oven for 24 hours at 60° C, weighed on a microbalance and then ashed 

using a muffle furnace at 500° C for at least two hours. After ashing, filters were re-

wet with DI water to account for mass loss in inorganic content due to dehydration. 

Filters were then dried again for 24 hours at 60° C and weighed. Ash free dry mass 

was calculated as the difference between the pre-and post-ashing filter masses. Rocks 

sampled for basal resources were photographed with an object of known size for scale 

and their area was then measured using ImageJ to enable areal estimates of basal 

resources (Schneider 2012). Channel and wetted profiles were also measured every 25 

meters at each stream. Substrate size distributions were quantified in the sample reach 

using a random walk method (Leopold 1970). 

The Pfankuch index (Pfankuch 1975) was measured at each stream each year, 

which has been shown to be a good indicator of habitat stability in mountain streams 

(Peckarsky et al. 2014). To validate the use of the Pfankuch index as a predictor, we 

also quantified the Stream Bed Stability for Invertebrates (SBSI) at each stream 

(Schwendel et al. 2012). The average Pfankuch index at each site and the SBSI were 

strongly correlated across our study streams (Pearson’s r=0.83, t5=3.34, p=0.02). 
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Therefore, we use the average value of the Pfankuch index across study years as a 

measure of habitat stability because it is a more holistic measure of habitat stability 

than the SBSI. 
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Background Benthic Communities & Drift Composition 

Five Surber samples were collected every 25 m at each stream site in both 2016 and 

2017 to characterize the background benthic communities. We performed drift net 

surveys at all 7 streams distributed across the elevation and disturbance gradient in 

2016. Drift nets were sewn from Nitex 250 µm mesh, with a 20.3 cm by 20.3 cm 

opening, and seams were sealed using Duco Cement. Drift nets were secured to the 

streambed using rebar stakes, which were installed 1 hour prior to drift sampling to 

prevent rebar installation from influencing drift rates. 6-9 drift nets were installed at 

each stream, with 2-3 nets located every 50 meters. Net deployments generally lasted 

for around 30 minutes, and velocity and water height at the mouth of the net was 

recorded at the beginning and end of the net set. Discharge at each stream was also 

measured concurrently using a current velocity meter. At each stream, we conducted 

one drift net set at midday, and one at sunset to account for potential diel variation in 

drifting behavior. Drift and Surber samples were preserved in 95% ethanol.  

3.3.3 Colonization experiment 

To assess patch-scale community dynamics, we conducted a patch-scale colonization 

experiment along the habitat stability gradient in two successive years. All 

experimental rocks were collected from the riparian area of a mid-elevation stream. 

All rocks were of metamorphic origin to control for possible effects of rock 

composition and roughness on algal growth (Bergey 2008). Rocks were scrubbed 

clean and air-dried before being labeled with an identifier and arrow using a paint pen, 

measured along three axes, and photographed with an object of known size for areal 

measurements using ImageJ (Schneider 2012). Rocks used for the experiment were 
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not significantly different in size from the median rock found in the substrate of each 

stream across years (Mixed Effect Model: Rock Width~Year*Experiment vs. 

Background; t2,281=-1.244, p=0.214). 

In 2016, three streams were used for experiments. In 2017, we repeated the 

experiment in the same three streams at the same location in the study reach, with the 

addition of two new streams, one high disturbance and one low disturbance. In both 

years, the experiment was initiated at all streams within one week to ensure that sites 

experienced similar weather patterns during the duration of the experiment. Logistical 

constraints with travel time among streams and regular access to stream sites in 

remote areas precluded initiating the experiment on the same day at all streams and 

from doing the experiment in more than five streams. During the course of the 

experiment in both years, no major rain or flooding events occurred during the 

experimental period. 

To begin the experiment, 60 rocks were placed in run/riffle habitat at each 

stream. The deployment depth of each rock was recorded, and rocks were oriented 

with a painted arrow pointing upstream. In 2017, two Hobo Pendant temperature and 

light loggers (Onset Computer Corporation, Bourne, Massachusetts, USA) were 

deployed at each stream on a piece of rebar, with one recording aerial data and the 

other positioned underwater at the depth of the experimental rocks (Fig. 1). Velocities 

were measured at the experimental patch using a Global Water Flow Probe (W.W. 

Grainger, Inc., Lake Forest, Illinois, USA).  

Experimental rocks were collected after 1, 3, 7, 14, and 23 days to measure 

colonization trajectories over time. At each sampling point, 12 total experimental 



 

91 

rocks were collected, in pooled groups of three, for a total of four grouped replicates at 

each sampling point. The rotation of the rock relative to its starting position was 

noted. Three non-experimental rocks were selected from the reach containing the 

experiment to collect background levels of chlorophyll a and ash free dry mass. 

Experimental rocks were retrieved with a D-net placed immediately downstream to 

capture any insects that may have become dislodged during handling. Rocks were 

immediately placed in a sampling tray and rinsed with filtered stream water to remove 

any remaining insects. Insects were immediately preserved in 95% ethanol for later 

identification. Rocks were scrubbed and a subset of the resulting slurry was filtered 

through ashed glass fiber filters for chlorophyll a and ash free dry mass (AFDM) 

analysis. Chlorophyll a samples were immediately placed in film canisters on ice to 

prevent degradation. During both experimental years, the majority of rocks (92%) did 

not rotate more than 90 degrees throughout the course of the experiment, and 85% of 

rocks did not rotate at all. Rotation throughout the experiment did not differ 

significantly among streams in either experimental year. 

3.3.4 Stream Insect Identification and Trait Analysis 

All insects were separated from other sample material and identified under a 

dissecting microscope to the lowest practical taxonomic level using Domínguez and 

Fernández (2009). In total, 112 taxonomic groups (genus and family) were represented 

across all samples. For all 112 taxa, we compiled a trait matrix (Supplementary Table 

1), with the following categorical traits: metabolism strategy (heterometabolous vs. 

hemimetabolous), adult habitat (terrestrial, semi-aquatic, aquatic), functional feeding 

group, and body size. Insects were assigned traits at the genus or family level, 
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depending on the degree of taxonomic resolution possible in our identification and in 

the literature. Over 4000 individuals from colonization experiment samples, over 3000 

individuals from drift samples, and over 13,000 individuals from benthic Surber 

samples were identified.  

3.3.5 Data Analysis 

All data analyses were performed in R v. 3.4.4 (R Core Team 2018).  

Basal resource availability in colonization experiment 

We analyzed the responses of algal and detrital basal resources to canopy cover, 

colonization time, and their interaction. Ash free dry mass and chlorophyll a were 

quantified in milligrams per square meter and then combined to calculate the 

autotrophic index. The autotrophic index is the ratio between ash free dry mass and 

chlorophyll a (APHA 2005, Bechtold et al. 2012). Thus low values of the autotrophic 

index indicate a high proportion of live primary producers in stream biofilms, and high 

values indicate a high proportion of detritus.  

 For the colonization experiment basal resources, we constructed generalized 

additive models (GAMs) for each response variable. We chose to use GAMs as they 

allow for non-linear effects, and we anticipated that colonization dynamics of basal 

resources would be non-linear. All models were constructed with the ‘mgcv’ package, 

using marginal likelihood to allow comparisons among models and using tensor 

product interaction smooths with thin plate regression splines to allow for interactions 

among multiple variables and to parse main effects from interaction effects (Wood 

2003, 2004, 2011). All fitted models were diagnostically checked for normality of the 

residuals. All three response variables were positively skewed, so we used gamma 
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regression with a log-link function with tensor product interaction smooths of 

colonization time in days, annual measures of canopy openness at the stream, and their 

interaction. 

 

Taxonomic and functional diversity over colonization time and across sample types 

While there are several ways to calculate taxonomic distinctness (Warwick and Clarke 

1995), here we only used delta plus (Δ+), as it requires presence/absence data and 

therefore is less sensitive to differences in sample size (Clarke and Warwick 1998a). 

Delta plus measures the average path length through the Linnean tree between two 

random species. Taxonomic distinctness was calculated using the ‘vegan’ package 

(Oksanen et al. 2018) and a Linnean tree (Appendix: Table S1). Density was 

calculated as the number of individuals per square meter on experimental rocks. We 

calculated taxonomic richness, functional richness (measured as the number of unique 

combinations of trait states), functional dispersion, and the number of functionally 

redundant taxa (those taxa who have a functional equivalent in the community, 

calculated as the difference between the number of species and the number of 

functionally singular species) using the ‘FD’ package (Laliberté and Legendre 2010, 

Laliberté et al. 2014) in R.  

 We first calculated these diversity metrics (density, taxonomic richness, 

functional richness, functional dispersion, taxonomic distinctness, and functionally 

redundant taxa) for each replicate at each time point and site of the colonization 

experiment. We used linear mixed effect models to examine the interactions among 

habitat stability, autotrophic index, sample year, and colonization time on each 
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diversity metric using the ‘nlme’ package (Pinheiro et al. 2017). For functionally 

redundant taxa, we also included taxonomic richness as a fixed effect.  

We also calculated these diversity metrics on pooled data by sample type (drift, 

colonization, and background benthic), compiled within sample years and across the 

habitat stability gradient. Because drift samples were only collected in 2016, we 

analyzed these diversity responses separately for each sample year. For each year and 

diversity metric, we constructed mixed effect models with the interaction of habitat 

stability and sample type as fixed effects. For functionally redundant taxa, we also 

included taxonomic richness as a fixed effect.  

      

Beta diversity among sample types along disturbance gradient  

We compared replicate samples across experimental colonization time at each site to 

the background drift composition and background benthic communities. We 

calculated three beta diversity metrics: total beta diversity, beta diversity driven by 

replacement, and beta diversity driven by richness differences using the Sørensen 

method (Podani and Schmera 2011, Cardoso et al. 2014), using the ‘BAT’ package in 

R (Cardoso et al. 2015). All three response variables were normally distributed, so we 

used a Gaussian distribution and identity link with tensor product interaction smooths 

of colonization time in days, habitat stability (average Pfankuch index score), and their 

interaction to model beta diversity each year. We calculated beta diversity separately 

using taxonomic information, the Linnean tree used for taxonomic distinctness 

calculations, and functional trait information (Appendix: Table S1). Linnean trees can 

be used as a proxy for phylogenetic trees in cases where they are not available (Clarke 
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and Warwick 1998b), and hereafter we refer to this beta diversity metric as measuring 

phylogenetic beta diversity. 

 

Multivariate analysis of composition differences among sample types and along 

disturbance gradient 

To assess multivariate differences in composition among drift, colonization, and 

background benthic samples, we performed PERMANOVA analysis using the 

‘adonis’ function with 9999 permutations in the ‘vegan’ package in R (Anderson 

2001, Oksanen et al. 2017). We performed four separate PERMANOVA analyses to 

fully analyze the differences between colonization composition and background drift 

composition and background benthic communities. First, we compared colonization 

composition at the end of the experiment (23 days of colonization time) with 

background drift composition and background benthic communities, with the 

interaction among habitat stability, sample type, and year as predictors. Then we 

compared background drift composition and background benthic communities, with 

the interaction among habitat stability, sample type, and year as predictors. Finally we 

compared colonization composition at each time point in the experiment to 

background benthic communities in both 2016 and 2017, with the interaction among 

habitat stability, colonization time, and sample type as predictors. We used nonmetric 

multidimensional scaling ordination plots (NMDS) to visualize the dissimilarities and 

similarities among sample types. We built ordination plots using the ‘metaMDS’ 

function in ‘vegan’ (Oksanen et al. 2017). 
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3.4 RESULTS 

3.4.1 Basal resource accumulation 

Overall, basal resources did not follow similar trajectories over colonization time 

across the habitat stability gradient or across sampling years. In 2016, we found that a 

significant interaction between canopy cover and colonization time predicted ash free 

dry mass accrual (AFDM) (Fig. 3.2, Appendix: Table S2), which increased over time 

at the site with the highest habitat stability. Although background levels of ash free dry 

mass (AFDM) generally were highest both years at the most stable stream sites, 

AFDM on experimental rocks generally increased over time in 2017, with equally 

high quantities reached across the habitat stability gradient. Canopy cover, 

colonization time, and their interaction strongly predicted chlorophyll a accumulation 

both years (Fig. 3.2, Appendix: Table S2). Chlorophyll a generally increased over 

colonization time, although levels declined in two streams at the end of the 

experiment. Integrating both the AFDM and chlorophyll a dynamics, the autotrophic 

index generally declined to background levels and values close to one over 

colonization time at all sites, indicating a shift of the biofilm towards a higher 

proportion of live autotrophs over colonization time (Fig. 3.2, Appendix: Table S2).  
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Figure 3.2. Basal resource accumulation through time during the colonization 
experiment across sample years. Background mean levels of ash free dry mass, 
chlorophyll a, and the autotrophic index for each year are shown by horizontal light 
gray lines. Dark solid and dashed lines represent GAM model fits for each year. 
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3.4.2 Taxonomic and functional diversity over colonization time and across 

sample types 

Colonization Time 

No taxonomic or functional diversity metric showed a consistent trend over 

colonization time along the habitat stability gradient and between years (Fig. 3.3). 

Density mainly varied between years and was not explained by habitat stability, 

autotrophic index, or colonization time (Appendix: Table S3). In contrast, taxonomic 

richness and functional richness (the number of trait combinations) were best 

explained by an interaction of habitat stability, year, autotrophic index, and 

colonization time (Appendix: Table S3). Taxonomic distinctness (the average 

phylogenetic distance between any random two taxa), the number of functionally 

redundant taxa (taxa with functional equivalents), and functional dispersion (spread of 

taxa in functional space) were not explained by habitat stability, year, autotrophic 

index, nor colonization time (Appendix: Table S3).  
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Figure 3.3. Taxonomic and functional diversity metrics of colonization experiment 
composition over colonization time each year. Mixed model results are shown in 
Table 3. Colonization time was not a significant predictor of any diversity metric, so 
model fits are not shown.
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Colonization Composition Compared to Background Communities and Drift 

Composition 

Taxonomic and functional diversity metrics compared across sample types showed 

contrasting trends along the habitat stability gradient between years. In 2016, 

background benthic communities had similar levels of taxonomic richness to 

background benthic and drift composition at less stable sites, while richness of 

background benthic communities was higher at more stable sites (Fig. 3.4, Appendix: 

Table S4). In contrast, in 2017, background benthic communities consistently had 

higher taxonomic richness than colonizing taxa across the habitat stability gradient 

(Fig. 3.4, Appendix: Table S4).  Functional richness of colonizing taxa and taxa found 

in the drift became more similar to background benthic communities at less stable sites 

(Fig. 3.4, Appendix: Table S4). In 2016, functional dispersion (spread in functional 

space) of background benthic communities declined along the habitat stability 

gradient, while colonization and drift composition had relatively constant functional 

dispersion across streams (Fig. 3.4, Appendix: Table S4). In 2017, background benthic 

communities and colonization composition had similar functional dispersion and 

taxonomic distinctness (the average phylogenetic distance between any random two 

taxa) across the habitat stability gradient (Fig. 3.4, Appendix: Table S4). Finally, the 

number of functionally redundant taxa in background benthic communities increased 

slightly along the habitat stability gradient in both 2016 and 2017 (Fig. 3.4, Appendix: 

Table S4). 
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Figure 3.4. Boxplots of functional and taxonomic diversity metrics across sample 
types and along the habitat stability gradient indicated by average Pfankuch scores 
given along the x-axis. Full mixed effect model results for each sample year are shown 
in Appendix Table S4.
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3.4.3 Beta diversity among sample types and streams  

Colonization Experiment Composition & Background Benthic Communities 

Overall, beta diversity of colonization compared to background behaved differently 

over time depending on habitat stability (Fig. 3.5A, Appendix: Table S5). Most of the 

differences between colonization and background benthic communities were driven by 

richness differences rather than true turnover (Fig. 3.5A). Total beta diversity and beta 

diversity driven by richness differences largely declined over colonization time across 

the habitat stability gradient, although both increased over time in 2017 at the stream 

with the lowest habitat stability (Fig. 3.5A, Appendix: Table S5). However, beta 

diversity driven by replacement increased over time at streams with lower habitat 

stability (Fig. 3.5A). Taxonomic, phylogenetic, and functional beta diversity all 

responded similarly, although functional beta diversity was nearly always lower than 

taxonomic and phylogenetic beta diversity. Generally, differences between the 

background benthic communities and colonization experiment composition were 

driven by differences in richness.  

 

Colonization Experiment & Drift Composition 

Beta diversity of colonization and drift composition strongly resembled beta diversity 

of colonization composition and background benthic communities with one exception. 

Specifically, differences in composition were also driven by differences in richness, 

and beta diversity generally declined over colonization time (Fig. 3.5B). However, the 

replacement component of beta diversity was higher across the habitat stability 
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gradient when comparing drift and colonization composition than when comparing 

background benthic and colonization composition (Fig. 3.5B, Appendix: Table S6). 
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Figure 3.5. Beta-diversity measures of background benthic communities (Surber 
samples) compared to colonization composition (A), and drift composition compared 
to colonization composition (B). Total beta diversity is shown at top, with its 
component parts (species turnover and richness differences) shown below. The model 
fits from the GAM with average Pfankuch, colonization time and their interaction are 
indicated by lines, with data from 2016 and 2017 shown as closed circles and hollow 
circles, respectively. Phylogenetic beta-diversity was calculated using a Linnean 
taxonomic tree. Taxonomic beta-diversity was calculated as beta-diversity without 
considering trait or taxonomic distance among taxa. Functional beta-diversity was 
calculated using a trait clustering method. Streams are arrayed horizontally in 
increasing order of average Pfankuch score (shown above top panel), with more stable 
streams on the left, and less stable streams on the right. 
 
3.4.4 Multivariate analysis of composition differences among sample types and 

along disturbance gradient 

Habitat stability explained composition differences between all sample types (Fig. 3.6, 

Appendix: Table S7). Composition also differed between sampling years (Fig. 3.6A 

and 3.6B, Appendix: Table S7). In 2016, habitat stability differences between streams 

explained variation in both colonization and background benthic composition (Fig. 

3.6C, Appendix: Table S7), while in 2017, colonization time, and the interaction 

between habitat stability and sample type explained dissimilarity between colonization 

and background benthic composition (Fig. 3.6D, Appendix: Table S7).  
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Figure 3.6. Nonmetric multidimensional scaling plots comparing taxonomic 
composition among sample types. Dashed lines connect composition across years and 
samples types at the same stream, while solid lines connect colonization experiment 
time points in order. (A) Colonization composition at the end of the experiment (Day 
23) compared to background drift and background benthic composition pooled within 
years and along the habitat stability gradient at the 5 experimental streams (stress = 
0.21). (B) Drift and background benthic composition compared across all seven 
streams along the habitat stability gradient (stress = 0.20). Colonization composition 
over time compared to background benthic composition in 2016 (C; stress = 0.17) and 
2017 (D; stress = 0.22), with numbered labels indicating colonization time in days. 
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3.5 DISCUSSION 

Overall, we found that patch-scale colonization dynamics of basal resources and 

stream macroinvertebrates were not easily predicted across years along a habitat 

stability gradient. Stream biofilms shifted towards being dominated by live primary 

producers rather than detritus over colonization time, but separate components of the 

biofilm (ash free dry mass and chlorophyll a) did not behave similarly each year along 

the stability gradient. Similarly, taxonomic and functional diversity metrics did not 

show strong trends over colonization time. However, colonization composition did 

generally become more taxonomically, functionally, and phylogenetically similar to 

background benthic and drift composition over time in both years across the habitat 

stability gradient.  

 Several factors may explain why basal resources did not increase linearly over 

colonization time, while biofilm consistently shifted towards having a higher 

proportion of live autotrophs, even though no high flow events were observed during 

the experiment in either year. First, higher densities of macroinvertebrates over time in 

the colonization experiment may have led to increased grazing pressure that 

suppressed algal accrual. Other studies have found that grazing pressure can have 

complex and mixed effects on algal growth, depending on current velocity and other 

context-dependent factors (Wellnitz and Poff 2006, Hintz and Wellnitz 2013). Some 

taxa, such as simuliid blackflies, which were abundant in the early stages of our 

colonization experiment can also facilitate the accrual of fine particles of detritus and 

algae due to their silk (Hammock and Bogan 2014). Therefore complex interactions of 

consumers and basal resources may have influenced colonization dynamics of basal 
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resources, especially in the later stages of our experiment. Water temperatures during 

our experiment averaged 10°C and higher, so temperature likely did not limit algal 

growth, although light may have limited algal accrual at the stream with the highest 

canopy cover (Fig. 3.2). However, colonization biofilms did show a consistent shift 

towards background levels of autotrophy over experimental time. Other studies have 

found that even during rainy periods in tropical stream systems, when stream flow 

and, therefore, scouring forces are high, biofilms are net autotrophic (Donato et al. 

2014), which is consistent with the strong trend towards autotrophy that we observed.  

Taxonomic and functional diversity metrics did not show strong or consistent 

trends over colonization time, even though we did not observe any high flow events 

during the experiment in either year. A possible explanation, which we did not 

measure in our study, is that the spatial arrangement of patches at the reach-scale 

could influence community dynamics (Palmer et al. 2000), although environmental 

factors at the microhabitat scale can have a stronger influence than spatial variables in 

explaining community composition (Costa and Melo 2008, Hepp et al. 2012). 

Although other studies (e.g. Marchant et al. 1991) have not found seasonal or 

longitudinal differences in colonization rates, we observed interannual differences in 

changes in density, taxonomic richness, and functional richness over colonization 

time. In particular, in 2017, densities of individuals did not reach background levels by 

the end of the experimental period, in contrast to other studies that have found rapid 

colonization rates, on the order of 2-8 days (Doeg et al. 1989, Rios-Touma et al. 2011, 

Rosser and Pearson 2018). However, in both years, colonization composition more 

closely resembled drift and background benthic composition later in the experimental 
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period (Figs. 3.5 and 3.6). Therefore, differences in taxonomic richness may have been 

driven by differences in the regional species pool between years, as richness of the 

background benthic communities decreased along the habitat stability gradient in 2016 

but remained constant in 2017 (Fig. 3.4).  

In contrast, taxonomic distinctness was similar along the elevation gradient in 

both years, and consistently and quickly reached background levels in the colonization 

experiment. This finding, coupled with the finding that the richness component of beta 

diversity explained most of the differences between colonization experiment 

composition and background drift and background benthic composition, suggests that 

limiting similarity may have played a role in community assembly at the patch-scale 

in the streams we studied. While food availability generally increased during the 

experiment, suggesting that colonizing taxa were not resource-limited, other types of 

negative interactions may have led to us finding evidence of limiting similarity in the 

early stages of our colonization experiment. A synthesis of stream invertebrate 

colonization studies suggests that food resources may not exclusively describe 

colonization trajectories, but that competition for space and substrate texture 

preferences may lead to complex colonization patterns (Mackay 1992). Similarly, a 

colonization study in a Venezuelan floodplain river found higher species densities in 

treatments with higher habitat complexity (Arrington et al. 2005). Habitat 

heterogeneity could also play an unmeasured role in our results, although we did 

control for effects of rock texture by using rocks from the same location and 

geological origin. 
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Perhaps our most surprising finding was that colonization composition showed 

similar patterns of beta diversity when compared to background benthic and drift 

composition (Figs. 3.5 and 3.6). We had predicted that colonization composition 

would quickly resemble drift composition, due to drift being a predominant 

colonization pathway (Bilton et al. 2001). However, even at the conclusion of our 

experiment, colonization composition differed from drift and background benthic 

composition, largely due to richness differences. These patterns were consistent when 

considering taxonomy, phylogeny, and traits, although functional beta diversity was 

consistently lower than taxonomic or phylogenetic beta diversity, perhaps due to the 

small number of traits we used for analysis. However, the replacement component of 

beta diversity was higher when comparing colonization and drift composition than 

colonization and background benthic composition, suggesting that some taxa were 

able to colonize by other pathways than drifting in the stream column, such as 

crawling or swimming (Mackay 1992). Using complementary diversity metrics helped 

us understand interannual processes structuring patch-scale colonization in neotropical 

streams. Specifically, taxonomic and functional diversity responses were not 

consistent between years or along the habitat stability gradient, while taxonomic, 

phylogenetic, and functional beta diversity of colonization composition compared to 

background benthic and drift composition consistently declined over colonization 

time. 

 Understanding colonization dynamics and their natural variation in neotropical 

montane stream systems is increasingly urgent as these systems experienced increased 

pressure from a changing climate and hydropower development in the region (Ríos-
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Touma and Ramírez 2018). Additionally, precipitation in the Andes has increased over 

the last century and is influenced by ENSO cycles (Morán-Tejeda et al. 2016). An 

unusually strong El Niño event during the winter of 2015-2016 caused severe drought 

in the Amazon basin (Jiménez-Muñoz et al. 2016). These strong El Niño events are 

also associated with drought in the Ecuadorian Andes (Sulca et al. 2018) and influence 

stream macroinvertebrate community composition in the Colombian Andes (Ríos-

Pulgarín et al. 2016). Therefore, larger climatic-scale conditions and anthropogenic 

disturbance could be playing an important and unmeasured role in mediating 

community dynamics along the elevation gradient we sampled. Future research 

integrating these large-scale climatic dynamics with patch-scale community dynamics 

is needed to fully predict future community composition. 
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4.1 ABSTRACT 

Complex patterns of biodiversity can arise from environmental variability in space and 

time. While often considered more stable environments than their temperate counterparts, 

tropical mountain ranges experience catastrophic disturbance events, such as landslides. 

Thus, disturbance may be an important, but underappreciated, driver of community 

assembly in tropical systems. To test the role of disturbance in tropical communities 

across scales, we mapped landslide susceptibility across the Quijos River drainage in the 

Andes of Ecuador, and sampled invertebrate communities and local physical habitat 

characteristics in 10 headwater streams in the watershed along an elevation gradient over 

five years. Landslide susceptibility across the drainage peaked between 3000 and 4000 

meters above sea level. We compared functional, taxonomic, and phylogenetic 

community composition across sampling years and found that community differences 

increased with time and were driven largely by turnover, regardless of local habitat 

stability or landslide susceptibility. However, functional composition did not change over 

time. Pairwise comparisons of community composition across the elevation gradient 
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demonstrated that differences in elevation, rather than differences in habitat stability, 

between streams best predicted differences in functional, taxonomic, and phylogenetic 

community composition, with differences being primarily driven by the turnover 

component of beta diversity. Overall, in the Quijos River drainage, communities were 

dynamic in both space and time, suggesting that montane stream communities in the 

tropics may be less stable habitat than they have previously been considered to be. 

 

4.2 INTRODUCTION 

 Understanding how the relative importance of ecological processes shifts across 

spatial and temporal scales is a fundamental question in ecology (Levin 1992). 

Specifically, community assembly theory aims to mechanistically explain why we find 

species in certain locations and times but not in others (Keddy 1992) and the mechanisms 

that allow so many species to co-occur (Hutchinson 1961), understanding that both 

regional and local factors can shape community structure and function (Chase 2003, 

Turner and Gardner 2015). Natural communities may also vary structurally and 

functionally over time under the same environmental conditions, existing in transient 

alternative states for long periods of successional time (Fukami and Nakajima 2011). 

Therefore, environmental variability in both time and space can result in complex 

patterns of community diversity that are difficult to predict in the absence of long-term 

sampling across spatial gradients (Kratz et al. 2003, Tonkin et al. 2017, Huttunen et al. 

2018). 

Globally, many mountain ranges are geologically unstable, with high rates of 

seismic activity resulting in increased landslide susceptibility (Hong et al. 2007). While 
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landslide hotspots are distributed throughout many latitudes, the Central and South 

America and southeast Asia in particular are two tropical and subtropical areas with high 

landslide susceptibility (Hong et al. 2007, Kirschbaum et al. 2010). Monsoon cycles, 

tropical cyclones, and the intertropical convergence zone may heighten the risk of 

landslides in tropical regions (Kirschbaum et al. 2010). Subsequently, geomorphic 

processes, such as landslides, may exert strong and dynamic controls on community 

assembly (Swanson et al. 1988). Patchy and catastrophic disturbances can increase 

environmental heterogeneity (Wohl and Pearthree 1991) and have long-lasting ecological 

impacts, lasting from decades to centuries (Cover et al. 2010).  

Large, landscape-scale disturbances, such as landslides, may act as a landscape 

filter on the regional species pool, while more local measures of habitat stability may 

more strongly shape the local community (Poff 1997). While the effects of floods on 

stream invertebrate communities have been extensively studied, (Lepori and Hjerdt 2006) 

the influence of landslides and landscape-level geomorphic controls on stream 

community assembly is poorly understood. Tropical headwater stream systems, in 

particular, are ideal systems for studying the interactive effects of landscape-scale and 

local habitat stability in space and time. Headwater streams are geomorphically diverse 

(Ward et al. 2002), and local communities are assembled through filters at successive 

spatial scales (Poff 1997). Moreover, tropical stream macroinvertebrates are especially 

diverse (Lessmann et al. 2016) and threatened by anthropogenic change (Dudgeon et al. 

2006). However, spatially and temporally extensive studies of tropical stream 

macroinvertebrate community assembly are lacking and are needed to understand the 

hierarchical roles of disturbance in shaping stream communities. 
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Our main objectives were to: (1) map landslide susceptibility in the Quijos River 

drainage in Ecuador, (2) determine the temporal stability of local community composition 

within streams, and finally, (3) examine how landscape-scale similarity in community 

composition varied temporally. Using a remote sensing approach, we characterized 

landslide susceptibility across the landscape. We quantitatively collected stream 

macroinvertebrates, basal resources and physical habitat characteristics over five years at 

ten headwater streams arrayed along an elevation gradient. We predicted that (1) steeper 

slopes at the mid-elevations (2500-3500 meters) would be most prone to landslides, that 

(2) taxonomic and phylogenetic community composition would exhibit higher temporal 

variation within streams than functional community composition and that variation would 

be driven by a combination of turnover and richness differences, and that (3) differences 

among stream communities along the elevation gradient would be driven primarily by 

turnover, which would be consistent through time.    

 

4.3 METHODS 

4.3.1 Study System 

Ten headwater streams were sampled from 2012 to 2017 in the Quijos River drainage of 

the Ecuadorian Andes. Streams ranged in elevation from 1650 to 3850 meters above sea 

level (masl) and were distributed across high elevation páramo and mid-elevation 

montane cloud forest habitat. Streams were selected for this study to constitute a gradient 

of habitat stability. Two of the streams in this study, located at 2694 and 2003 masl 

experienced landslide events between 2015 and 2016, while another two streams at 1845 

and 1650 masl, had scarring indicating landslides had occured prior to this study. The 
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region is volcanically and seismically active, and the mountain slopes in the Quijos River 

drainage are prone to landslides (Schuster et al. 1996).  

 

4.3.2 Landscape Landslide Susceptibility Mapping 

We assessed landslide susceptibility within the study drainage using a bivariate statistical 

method and open-source data products in QGIS (v. 2.14.3) (Guzzetti et al. 2012). Four 

factors that strongly predict landslide susceptibility are slope, aspect, precipitation, and 

geology (van Westen et al. 2008). Briefly, a bivariate statistical method compares the 

density of landslides on portions of the landscape with a given parameter class (e.g. 

landslide density in areas comprised of alluvial fan) to the overall density of landslides on 

the landscape to calculate a weighting value for each parameter class (Equation 1; Nandi 

and Shakoor 2010). Those weightings are then summed for each grid cell to obtain an 

overall landslide susceptibility.   

 

(1) Wi = ln Landslide density in parameter class
Total landslide density

⎛

⎝
⎜

⎞

⎠
⎟   

For slope and aspect, we converted void-filled 90-meter digital elevation models 

collected by the SRTM to slope and aspect using the DEM processing functions in QGIS. 

For precipitation, we used publically available mean annual precipitation from the 

Ecuadorian INAMHI (available at: http://sni.gob.ec/coberturas). We used maps of 

geology from the Ministerio de Agricultura y Ganadería (available at: 

http://sni.gob.ec/coberturas). We used LandSat imagery (available at: 

https://eros.usgs.gov/) and NDVI calculations to identify and trace landslide scars that we 

had observed in the field (see Appendix, Figure S1). We reclassified slope and aspect as 
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categorical variables by binning values into parameter classes before calculating 

weightings. For example, slope was binned into parameter classes spanning 10 degrees 

each (i.e. 0-9 degrees, 10-19 degrees, etc.). Using our landslide inventory, we calculated 

weightings for each value of slope, aspect, geology, and precipitation. For parameter 

classes that did not have any landslides present, we assigned a weighting value of -2 

before summing all weighting values for each 90 m grid cell. We normalized this overall 

landslide susceptibility score across the drainage as a score between 0 and 1 (Figure 4.1). 

All weightings for each parameter class are given in Appendix Table S1. 

 
Figure 4.1. Parameter weightings for precipitation, slope, geology, and aspect and overall 
landslide susceptibility across the Quijos River drainage. Study reach locations are 
marked with green dots, and study watersheds are outlined in black.  
 

We analyzed landslide susceptibility at three spatial scales. First, we extracted all 

susceptibility scores and weightings for each parameter across our entire study watershed. 



 

122 

Next, we delineated the watersheds upstream of our biological sampling locations using 

the SAGA (v. 2.1.4) Channel network and drainage basins algorithm. Using the Zonal 

statistics tool in QGIS, we quantified the mean, median, maximum, minimum, range, and 

standard deviation of landslide susceptibility in our study watersheds. Finally, we 

extracted the landslide susceptibility score at our sampling reach location.  

 

4.3.3 Community Sampling 

Each year, we sampled the stream macroinvertebrate community quantitatively using 

Surber samplers, disturbing the stream substrate to 10 cm for each sample. Between five 

and six Surber samples were collected along a 125-meter sampling reach in each stream, 

and at one of the streams, during 2015, we were only able to collect two Surber samples. 

However, the number of sample replicates did not significantly affect the total abundance 

quantified at each site (t26=0.444, p=0.661). Immediately following collection, 

community samples were preserved in 90% ethanol. We separated all stream 

macroinvertebrates from other sample material using a dissecting microscope in the 

laboratory. Individuals were identified to the lowest practical taxonomic level (genus or 

family) using Domínguez and Fernández (2009). In total, over 44,000 individuals were 

identified, representing 119 taxonomic groups.  

 

4.3.4 Physical Habitat and Basal Resource Sampling 

At all streams, we quantified multiple measures of physical habitat and available basal 

resources in 2015, 2016, and 2017. Along the sampling reach, we systematically 

measured substrate size by moving upstream in a Z-pattern, measuring one substrate 

particle with each step (Leopold 1970). To obtain a representative sample, we measured 
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between 99 and 400 substrate particles at each stream. We also measured between 9 and 

18 channel and wetted profiles at each stream using a meter stick and measuring tape. 

Finally, we measured slope of the streambed surface using a level and surveying rod, 

between 9 and 23 times at each stream. Each year, we assessed habitat stability at the site 

using a qualitative index of stream bed stability (Pfankuch 1975). Additionally, in 2016, 

we measured a quantitative index of stream bed stability for invertebrates (Schwendel et 

al. 2012). Using our measurements of substrate size (84th percentile of grain size), 

channel radius, and bed slope, and the specific gravity of particles in water (1.65), we 

calculated dimensionless shear stress in our sample reach (Equation 2, Bagnold 1980). 

 

(2)  τ * =
Depth *Bed Slope

1.65*D84

  

Canopy cover was measured using a densiometer at between eight and ten points 

along each sampling reach. At each point, we measured canopy cover facing upstream, 

downstream, and to each side of the stream bank. Standing stocks of chlorophyll a and 

ash free dry mass in the benthic biofilm were measured by collecting three rocks at a 

point in the sampling reach. We scrubbed the rocks to create an algal slurry, then filtered 

subsamples on two glass fiber filters for chlorophyll a and ash free dry mass analysis. We 

photographed the rocks with an object of known size and measured rock area using 

ImageJ (Schneider 2012). The filter for chlorophyll a was immediately stored on ice in an 

opaque film canister before being frozen at -20o Celsius. Chlorophyll a content was 

measured using the acidification fluorometry method on a handheld fluorometer (Turner 

Designs, Sunnyvale, California). Ash free dry mass was measured by drying the filter in a 

drying oven at 60 o Celsius for at least 48 hours, weighing it on a micro-balance, and then 
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combusting the filter in a muffle furnace at 500 o Celsius for at least two hours before 

reweighing it. Ash free dry mass is the difference in filter weight before and after 

combustion.   

 

 

 

4.3.5 Data Analysis 

All data analyses were conducted in R v.3.4.4 (R Core Team 2018) using the ‘vegan’, 

‘nlme’, ‘ecodist’, ‘FD’, and ‘BAT’ packages (Goslee and Urban 2007, Laliberté et al. 

2014, Cardoso et al. 2015, Pinheiro et al. 2017, Oksanen et al. 2018) 

 First, we analyzed and plotted the correlations among physical habitat and basal 

resource variables using Pearson’s correlations. We pooled data at each stream because 

physical and basal resource data were not available for each sampling year. To determine 

which measures of habitat stability best predicted multivariate community composition 

over time, we performed PERMANOVA analysis (Anderson 2001) on community data 

pooled at each stream for each sampling year with qualitative habitat stability (average 

Pfankuch Index score), quantitative habitat stability (Substrate Bed Stability for 

Invertebrates), mean watershed landslide susceptibility, point landslide susceptibility at 

the study reach, year, and elevation as predictors. We also included taxonomic 

distinctness and functional richness as predictors, to control for possible effects of species 

diversity on changes in community composition, although species diversity generally has 

weak effects on community stability (Houlahan et al. 2018). Taxonomic distinctness was 

calculated using a Linnean tree, and functional richness was calculated as the number of 

species with unique trait combinations, using trait values compiled from the literature for 
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the trait categories of functional feeding group membership, adult habitat, metabolism, 

and body size (Larson et al. in prep). Additionally, we conducted PERMDISP analysis to 

ensure that community dispersion was similar among sampling years.  

 We then calculated total beta diversity and beta diversity partitioned into its 

turnover and richness difference components for functional, phylogenetic, and taxonomic 

community composition. We compared community composition both within sites across 

sampling years, and across sites within sampling years. To analyze beta diversity 

responses within streams and across time, we used a mixed effect modeling approach. 

The three beta diversity metrics were response variables, and time difference between 

sampling points, elevation, and habitat stability were fixed effects, and site was a random 

effect. To analyze beta diversity among streams along the elevation gradient, we used 

multiple regression on distance matrices to account for pairwise comparisons, with 

elevation difference between sites, year, and habitat stability as explanatory variables.  

 

4.4 RESULTS 

4.4.1 Landslide Susceptibility and Habitat Stability  

At a landscape level in the Quijos River watershed, overall landslide susceptibility rose 

from 1400 meters up to higher elevations, peaked between around 3000 and 4000 masl, 

and then declined up to 5600 masl (Figure 4.2). The primary contributing factors driving 

this relationship were geology, slope, and precipitation (Figures 4.2A-C). Lower 

elevations were characterized by higher annual precipitation levels, which were 

associated with higher landslide susceptibility (Figure 4.2A). Steeper slopes between 

3000 and 4000 masl were also associated with higher landslide susceptibility (Figure 

4.2C), as was the prevalence of underlying alluvial and glacial deposits and alluvial 
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terraces, which also predominately occurred between 3000 and 4000 meters (Figure 

4.2B). In contrast, aspect did not vary considerably with elevation, and landslides 

occurred roughly equally across all aspects (Figure 4.2D).  

 

 
Figure 4.2. Susceptibility scores of each of the four contributing factors (A-D, 
precipitation, slope, geology, aspect), and total landslide susceptibility (E) plotted against 
elevation derived from 90 m digital elevation models. Each point represents a 90 m grid 
cell in the Quijos River drainage. Lines represent generalized additive models constructed 
with a cubic spline basis.  
 

 While elevation broadly predicted landslide susceptibility across the Quijos 

watershed, at the subset of streams sampled for this study, elevation was not correlated 

with any metrics of landslide susceptibility at either a watershed scale or at sample 

reaches (Figure 4.3). An exception was that the standard deviation of watershed 

susceptibility did positively correlate with elevation (Pearson’s r = 0.76, p = 0.011). 

Elevation did, however, correlate with measures of habitat stability (Pearson’s r = -0.83, 

p = 0.003) and quantitative bed stability (r = -0.76, p = 0.015). For both of these stability 
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metrics, higher values indicate lower stability, so, though perhaps counterintuitive, a 

negative correlation with elevation implies higher habitat and bed stability at higher 

elevations. Standing stocks of basal resources (chlorophyll a and ash free dry mass) did 

not correlate with any physical habitat characteristics.  

 

 
Figure 4.3. Correlations between physical habitat and basal resource characteristics of 
each stream. Red colors indicate negative correlations, and blue shades represent positive 
correlations, with r-values given in white. Variables are ordered by hierarchical clustering 
of their similarity. Only significant correlations (p≤0.05) are shown.  
 

4.4.2 Community Responses in Time and Space 

Overall, stream invertebrate community dissimilarity was best explained by habitat 

stability (PERMANOVA: Pseudo-F=13.084, p<0.001, R2=0.20). Elevation (Pseudo-

F=4.287, p=0.001, R2=0.07), year (Pseudo-F=6.202, p<0.001, R2=0.10), functional 

richness (Pseudo-F=2.322, p=0.019, R2=0.04), and taxonomic distinctness (Pseudo-
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F=3.962, p<0.001, R2=0.06) also explained differences between communities. 

Multivariate dispersion was similar across sample years (F4 = 1.686, p=0.18), but not 

among streams (F8=2.317, p=0.046). Other metrics of physical stability, including mean 

watershed landslide susceptibility, shear stress, and quantitative bed stability, did not 

strongly explain multivariate community composition. Communities shifted strongly and 

similarly in community composition both along the habitat stability gradient and across 

sample years (Fig. 4.4, Table 4.1).  

 
Figure 4.4. Nonmetric multidimensional scaling of stream invertebrate communities 
across years. Color represents habitat stability with the community for each year depicted 
by the year within a rectangle. Lines connect consecutive sampling years at each stream. 
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Table 4.1. PERMANOVA analysis of community composition.  

Predictor DF SS MS Pseudo-F R2 Pr(>F) 

Habitat Stability 1 1.643 1.643 13.084 0.200 <0.001 

Year 1 0.779 0.779 6.202 0.095 <0.001 

Elevation 1 0.539 0.539 4.287 0.066 0.001 

Taxonomic Distinctness 1 0.498 0.498 3.962 0.061 <0.001 

Functional Richness 1 0.292 0.292 2.322 0.035 0.019 

Quantitative Bed Stability 1 0.283 0.283 2.257 0.035 0.021 

Shear Stress 1 0.253 0.253 2.015 0.031 0.038 

Mean Watershed Landslide Susceptibility 1 0.161 0.161 1.285 0.020 0.210 

Residuals 30 3.768 0.126 

 

0.459 

 Total 38 8.216 

  

1 

  

4.4.3 Community Stability Within Streams 

Overall, communities became more taxonomically and phylogenetically dissimilar over 

time, but functional composition did not change. The primary driver of this response was 

the turnover component of beta diversity, rather than differences in richness among years 

(Fig. 4.5, Appendix: Table S2).  Overall, functional turnover was low, but streams with 

lower habitat stability had higher beta diversity due to differences in richness among 

years compared to streams with higher habitat stability.    
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Figure 4.5. Beta diversity of stream invertebrate communities across time within streams 
along the elevation gradient. Lines represent model fits and are only shown where time 
difference was a significant fixed effect.  
 
 

4.4.4 Community Dissimilarity Along the Elevation Gradient 

Overall, stream communities that were further apart in elevation were more dissimilar 

functionally, phylogenetically, and taxonomically than stream communities at similar 

elevations (Fig. 4.6, Appendix: Table S3). Turnover, rather than richness differences, best 

explained these community dissimilarities. While the slope of the relationship between 

elevation difference and beta diversity varied by year, the direction of the relationship 

was always positive.



 

131 

 

 

Figure 4.6. Pairwise 
comparisons of beta 
diversity of stream 
invertebrate 
communities across 
streams along the 
elevation gradient. 
Lines represent model 
fits and are only shown 
where elevation 
difference was a 
significant predictor in 
multiple regression on 
distance matrices. 
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4.5 DISCUSSION 

Despite strong differences in habitat stability and landslide susceptibility with 

elevation, stream community composition varied widely among years at all streams. 

Surprisingly, measures of landslide susceptibility at a watershed scale did not closely 

predict interannual changes in community composition, compared to qualitative 

indices of habitat stability. Stream macroinvertebrate communities were structured by 

elevation, with streams closer together in elevation having similar community 

composition, regardless of their differences in habitat stability.   

 Landslide susceptibility generally increased with elevation, although at our 

particular study streams, elevation was not associated with landslide susceptibility, but 

was correlated with local habitat stability. Local factors can play a stronger role than 

catchment-scale factors in explaining diversity in stream metacommunities (Tonkin et 

al. 2016). Therefore, landslide susceptibility may be a more distal measure of 

disturbance regimes, especially when compared with proximate measures of habitat 

stability, measured at a specific location. Additionally, time since landslide occurrence 

may be a better predictor of community composition than how likely a landslide is to 

occur, as the former metric would account for successional time. Thus, local measures 

of habitat stability may better capture realized rather than potential disturbance. 

Landslide susceptibility is a measure of potential disturbance, not of actual 

disturbance events. A trigger is still needed, such as a precipitation event, or seismic 

event, to actually initiate a landslide (Dai et al. 2002, Remondo et al. 2005, 

Kirschbaum et al. 2012, Sidle and Bogaard 2016). Therefore, landslide disturbances 

may be patchy in this landscape both in space and time, allowing for landscape-scale 

refugia and recruitment from undisturbed stream reaches (Poff et al. 2018, Looy et al. 
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2019). This resilience mechanism has been seen in cutthroat trout populations in 

streams disturbed by wildfire and associated debris flows (Sedell et al. 2015) and in 

macroinvertebrate communities in response to deforestation of Andean streams 

(González-Trujillo et al. 2019). Measures of local habitat stability, in contrast, are 

affected both by geomorphic factors, such as landslides and underlying geological 

stability, and hydrologic factors, such as flood frequency. These holistic assessments 

of habitat stability integrate multiple axes of environmental variability, which may 

explain why they are better predictors of community composition. 

Interestingly, communities along the elevation gradient were similarly variable 

over time, even though landslides occurred at two of the streams in the midst of our 

study. In temperate stream systems, turnover was consistent along elevation gradients, 

with paired sites at similar elevations exhibiting similar levels of turnover at low and 

high elevations (Harrington et al. 2016). Overall, turnover was the primary driver of 

community composition differences in these neotropical streams across space and 

time, rather than differences in richness. Similarly, dung beetles along an elevation 

gradient in Brazil were structured by differences in species turnover, rather than 

richness (Silva et al. 2018). A possible explanation for differences in community 

composition over time being driven by turnover rather than richness differences is that 

streams in the Quijos River drainage are in a constant state of succession, due to 

patchy landslide disturbances and overall low habitat stability.  

Taxa in this system appear to be adapted and filtered for fast recolonization of 

disturbed habitat, especially given that landslide susceptibility is high across the 

landscape. Thus, the regional pool of potential colonizers may possess more weedy 
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traits, resulting in high temporal variation in community structure. In Scandinavian 

montane streams with intermediate levels of disturbance, community assembly was 

driven by deterministic processes (Lepori and Malmqvist 2009). High influence of 

determinism driven by high levels of disturbance intensity across the landscape in the 

Quijos River drainage might explain why we see consistent turnover along the 

elevation gradient across sampling years.   

Elevation gradients provide rich opportunities for testing community assembly 

theory. However, many important abiotic factors can vary with elevation, and teasing 

apart their influences on community composition can be challenging. In montane 

systems, temperature declines with elevation, as does dissolved oxygen. Turnover 

along the elevation gradient may be driven by temperature in addition to disturbance 

(Shah et al. 2017, Polato et al. 2018). Concurrently, topography varies with elevation 

(Elsen and Tingley 2015), such that the combination of temperature and topography 

present complex barriers to dispersal, and thus, ultimately, create complex diversity 

patterns. The patchy nature of landslide disturbances in this system could also create a 

temporally shifting mosaic of suitable habitats at the landscape scale. For example, 

wildfire and associated debris flows in the Pacific Northwestern U.S. lead to changes 

in the frequency of warm and cold periods in streams (Koontz et al. 2018). Similarly, 

landscape-scale differences in land-use influence the spatial configuration of 

terrestrial-aquatic subsidies (Little and Altermatt 2018), and extreme events can alter 

resource availability and consumer-resource relationships (Larson et al. 2018). 

Therefore, landslide susceptibility may encompass several abiotic and biotic variables 
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influencing community composition, including altering temperature regimes and 

resource availability in complex ways along the elevation gradient.  

Landslide frequency can be driven by both natural and anthropogenic forces. 

Both high rates of deforestation associated with hydroelectric development and 

climate-change driven increases in precipitation are projected to occur in the Andean 

Amazon (Finer and Jenkins 2012, Ríos-Touma and Ramírez 2019). In combination, 

these future changes will increase the frequency of landslide events in this region 

(Guns and Vanacker 2014). More frequent disturbances in aquatic communities 

disproportionately affect rare taxa (Haghkerdar et al. 2019), which has implications for 

the conservation of freshwater biodiversity. The potential and observed upshift of 

species distributions along elevation gradients has long been recognized and 

quantified as an outcome of warming temperatures (Laurance et al. 2011, Freeman et 

al. 2018). However, these shifts upslope may also expose taxa to novel disturbance 

regimes. Therefore, landscape geomorphology may play an even stronger role in 

community assembly in tropical montane systems in the future.  
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APPENDIX 
SUPPLEMENTARY INFORMATION FOR CHAPTER 1: EXTREME FLOODING 
DECREASES STREAM CONSUMER AUTOCHTHONY BY INCREASING 
DETRITAL RESOURCE AVAILABILITY 
Supplemental Table 1.1. Taxa used for stable isotope analysis, with their putative 
functional feeding groups from (Poff et al. 2006), the number of sites where they were 
collected in 2014, and the range of the dietary proportion derived from epilithon 
across all the sites where they were sampled. 
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Supplemental Figure 1.1. Biplots of mean and standard deviation of nitrogen and 
hydrogen for food webs at each site.  
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Supplemental Figure 1.2. Biplots of mean and standard deviation of nitrogen and 
carbon for food webs at each site.  
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SUPPLEMENTARY INFORMATION FOR CHAPTER 2: SPECIES DO MATTER: 
A UNIFYING DIVERSITY-DISTURBANCE FRAMEWORK FOR FUNCTIONAL 
AND TAXONOMIC RESPONSES ALONG DISTURBANCE GRADIENTS  
 

 

Figure S1. Map of study sites and cumulative precipitation heat-map during 
September 2013 storm. Major drainages are outlined in black and study streams are 
denoted by numbered symbols. 
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Figure S2. Fixed effect estimates from mixed effect models of channel disturbance against differences in abundance of trait 
states between pre- and post-disturbance years, shown as coefficient estimates with 95% confidence intervals. Significant 
predictors (p<0.05) are denoted in red, marginally significant (0.05<p<0.10) are denoted in black, and non-significant 
predictors are denoted in gray. Full descriptions of the different trait states can be found in Table S1. Full mixed model 
results are in Table S8.   
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Table S1. Traits used in functional diversity metric calculations from Poff et al. 2006). 
Two of the trait states (Thermal preference: warm eurythermal, and Habit: skate) 
mentioned in Poff et al. (2006) were not represented in any of our stream insect 
communities. 

Trait Category  Trait Fuzzy-Coded Values and Trait States 

Life History 

 Voltinism 1 = semi-voltine 
2 = univoltine 
3 = bi/multivoltine 

 Development 1 = fast seasonal 
2 = slow seasonal  
3 = nonseasonal 

 Synchronization of Emergence 1 = poorly synchronized (week) 
2 = well synchronized (day) 

 Adult Life Span 1 = very short (<1 week) 
2 = short (<1 month) 
3 = long (>1 month) 

 Adult Ability to Exit 1 = Absent (not including emergence) 
2 = Present 

 Ability to Survive Desiccation 1 = Absent 
2 = Present 

Mobility 

 Female Dispersal 1 = low (<1 km) 
2 = high (>1 km) 

 Adult Flying Ability 1 = weak 
2 = strong 

 Occurrence in Drift 1 = rare (catastrophic only) 
2 = common (typically observed) 
3 = abundant (dominant) 

 Maximum Crawling Rate 1 = very low (<10 cm/h) 
2 = low (<100 cm/h) 
3 = high (>100 cm/h) 

 Swimming Ability 1 = none 
2 = weak 
3 = strong 

Morphology 

 Attachment 1 = None (free-ranging) 
2 = Some (sessile, sedentary) 
3 = Both 

 Armoring 1 = None (soft-bodied forms) 
2 = Poor (heavily sclerotized) 
3 = Good (e.g. some cased caddisflies) 

 Shape 1 = Streamlined (flat, fusiform) 
2 = Not streamlined (cylindrical, round, or bluff) 

 Respiration 1 = Tegument 
2 = Gills 
3 = Plastron, spiracle (aerial) 
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 Size at Maturity 1 = Small (<9 mm) 
2 = Medium (9-16 mm) 
3 = Large (>16 mm) 

Ecology 

 Rheophily 1 = Depositional only  
2 = Depositional and erosional 
3 = Erosional 

 Thermal Preference 1 = Cold stenothermal or cool eurythermal 
2 = Cool/warm eurythermal 
3 = Warm eurythermal 

 

Habit 

1 = Burrow  
2 = Climb  
3 = Sprawl  
4 = Cling  
5 = Swim  
6 = Skate 

 

Trophic Habit 

1 = Collector-gatherer 
2 = Collector-filterer 
3 = Herbivore (scraper, piercer, and shredder) 
4 = Predator (piercer and engulfer) 
5 = Shredder (detritivore) 
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Table S2. Taxonomic and functional diversity relationships, described by mixed models. Estimates for fixed effects shown. Bold font 
indicates significant parameters, with a p-value less than 0.05 in the full model, while italics indicate marginally significant parameters 
(0.05<p<0.10).  
 

Trait 
Combination Response Variable Fixed Effect Estimate SE Df t statistic p-value 

All Traits 

Change in Functional Richness Change in Taxonomic Richness 0.881 0.038 11 23.023 0.000 
Year 0.284 0.206 11 1.378 0.195 

Functional Dispersion Change in Pielou’s Evenness  0.351 0.057 11 6.166 0.000 
Year 0.020 0.007 11 2.787 0.018 

Functional Distance Sørenson’s Dissimilarity Index 0.180 0.174 11 1.037 0.322 
Year -0.025 0.031 11 -0.824 0.427 

Ecology 
Traits 

Change in Functional Richness Change in Taxonomic Richness 0.418 0.091 11 4.589 0.001 
Year 0.381 0.528 11 0.720 0.487 

Functional Dispersion Change in Pielou’s Evenness 0.429 0.108 11 3.958 0.002 
Year 0.026 0.016 11 1.599 0.138 

Functional Distance Sørenson’s Dissimilarity Index 0.090 0.175 11 0.517 0.615 
Year -0.019 0.029 11 -0.644 0.532 

Life History 
Traits 

Change in Functional Richness Change in Taxonomic Richness 0.322 0.067 11 4.771 0.001 
Year -0.452 0.545 11 -0.829 0.425 

Functional Dispersion Change in Pielou’s Evenness 0.338 0.089 11 3.788 0.003 
Year 0.020 0.011 11 1.802 0.099 

Functional Distance Sørenson’s Dissimilarity Index 0.154 0.168 11 0.916 0.379 
Year -0.010 0.025 11 -0.401 0.696 

Mobility 
Traits 

Change in Functional Richness Change in Taxonomic Richness 0.444 0.069 11 6.451 0.000 
Year -0.340 0.397 11 -0.855 0.411 

Functional Dispersion Change in Pielou’s Evenness 0.259 0.117 11 2.208 0.049 
Year 0.021 0.014 11 1.517 0.158 

Functional Distance Sørenson’s Dissimilarity Index 0.295 0.215 11 1.375 0.196 
Year -0.030 0.040 11 -0.740 0.475 

Morphology 
Traits 

Change in Functional Richness Change in Taxonomic Richness 0.422 0.079 11 5.370 0.000 
Year 0.907 0.458 11 1.979 0.073 

Functional Dispersion Change in Pielou’s Evenness 0.460 0.062 11 7.390 0.000 
Year 0.015 0.007 11 2.232 0.047 

Functional Distance Sørenson’s Dissimilarity Index 0.270 0.229 11 1.181 0.262 
Year -0.048 0.048 11 -0.996 0.341 
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Table S3. Mixed effect model results for differences in taxonomic metrics. Bold font indicates significant parameters, with 
a p-value less than 0.05 in the full model, while italics indicate marginally significant parameters (0.05<p<0.10). If the 
interaction was significant, neither of the main effects (year or channel disturbance) can be evaluated for significance alone, 
so in those cases where the interaction was significant, year or channel disturbance alone are not bolded. 

Response Variable Fixed Effect Estimate SE Df t statistic p-value 

Difference in Total 
Abundance 

Channel Disturbance -578.934 366.696 11 -1.579 0.143 
Pre-Flood Abundance -0.524 0.215 11 -2.434 0.033 
CD:Year Interaction 242.240 317.717 11 0.762 0.462 
Year 152.412 171.550 11 0.888 0.393 

Difference in 
Taxonomic Richness 

Channel Disturbance  -7.644 3.666 11 -2.085 0.061 
Pre-Flood Taxonomic Richness -0.219 0.273 11 -0.800 0.440 
CD:Year Interaction 3.405 3.325 11 1.024 0.328 
Year 1.951 1.794 11 1.087 0.300 

Difference in Pielou’s 
Evenness 

Channel Disturbance -0.274 0.136 11 -2.022 0.068 
Pre-Flood Taxonomic Evenness -0.045 0.420 11 -0.107 0.917 
CD:Year Interaction 0.041 0.102 11 0.401 0.696 
Year -0.047 0.055 11 -0.857 0.409 

Sørenson’s Dissimilarity 
Index 

Channel Disturbance 0.185 0.115 12 1.617 0.132 
CD:Year Interaction 0.075 0.112 11 0.672 0.516 
Year -0.062 0.061 11 -1.028 0.326 
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Table S4. Mixed effect model results of differences in functional metrics. Bold font indicates significant parameters, with a 
p-value less than 0.05 in the full model, while italics indicate marginally significant parameters (0.05<p<0.10). If the 
interaction was significant, neither of the main effects (year or channel disturbance) can be evaluated for significance alone, 
so in those cases where the interaction was significant, year or channel disturbance alone are not bolded. 

Trait 
Category 

Response 
Variable Fixed Effect Estimate SE Df t statistic p-value 

All Traits 

Difference 
in 

Functional 
Richness 

Channel Disturbance -7.676 3.431 11 -2.237 0.047 
Pre-Flood Functional Richness -0.299 0.274 11 -1.092 0.298 
CD:Year Interaction 2.885 2.695 11 1.070 0.307 
Year 2.048 1.457 11 1.406 0.187 

Difference 
in 

Functional 
Dispersion 

Channel Disturbance -0.115 0.056 11 -2.061 0.064 
Pre-Flood Functional Dispersion -0.173 0.412 11 -0.420 0.683 
CD:Year Interaction -0.028 0.043 11 -0.652 0.528 
Year 0.024 0.023 11 1.022 0.329 

Functional 
Distance 

Channel Disturbance 0.358 0.077 12 4.669 0.001 
CD:Year Interaction -0.176 0.106 11 -1.668 0.123 
Year 0.059 0.057 11 1.04 0.320 

Ecology 
Traits 

Difference 
in 

Functional 
Richness 

Channel Disturbance -2.606 2.495 11 -1.045 0.319 
Pre-Flood Functional Richness -0.179 0.358 11 -0.500 0.627 
CD:Year Interaction 0.135 2.116 11 0.064 0.950 
Year 1.818 1.143 11 1.591 0.140 

Difference 
in 

Functional 
Dispersion 

Channel Disturbance -0.115 0.084 11 -1.367 0.199 
Pre-Flood Functional Dispersion -0.690 0.295 11 -2.336 0.039 
CD:Year Interaction -0.094 0.06 11 -1.559 0.147 
Year 0.059 0.032 11 1.801 0.099 

Functional 
Distance 

Channel Disturbance 0.297 0.088 12 3.397 0.005 
CD:Year Interaction -0.16 0.103 11 -1.558 0.147 
Year 0.058 0.055 11 1.049 0.317 

Life History 

Difference 
in 

Functional 
Richness 

Channel Disturbance -3.115 1.449 11 -2.150 0.055 
Pre-Flood Functional Richness -0.597 0.195 11 -3.063 0.011 
CD:Year Interaction 2.171 1.518 11 1.430 0.180 
Year -0.188 0.818 11 -0.230 0.823 

Difference 
in 

Channel Disturbance -0.167 0.048 11 -3.505 0.005 
Pre-Flood Functional Dispersion -0.154 0.112 11 -1.382 0.194 
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Functional 
Dispersion 

CD:Year Interaction 0.000 0.061 11 -0.002 0.998 
Year 0.010 0.033 11 0.311 0.761 

Functional 
Distance 

Channel Disturbance 0.317 0.082 12 3.883 0.002 
CD:Year Interaction -0.100 0.090 11 -1.119 0.287 
Year 0.037 0.048 11 0.776 0.454 

Mobility 
Traits 

Difference 
in 

Functional 
Richness 

Channel Disturbance -3.193 1.996 11 -1.599 0.138 
Pre-Flood Functional Richness -0.524 0.299 11 -1.752 0.108 
CD:Year Interaction 1.049 1.862 11 0.564 0.584 
Year 0.742 1.004 11 0.739 0.475 

Difference 
in 

Functional 
Dispersion 

Channel Disturbance 0.070 0.075 11 0.933 0.371 
Pre-Flood Functional Dispersion -1.530 0.382 11 -4.002 0.002 
CD:Year Interaction -0.078 0.046 11 -1.706 0.116 
Year 0.051 0.025 11 2.075 0.062 

Functional 
Distance 

Channel Disturbance 0.407 0.107 12 3.818 0.002 
CD:Year Interaction -0.208 0.135 11 -1.545 0.151 
Year 0.064 0.072 11 0.888 0.393 

Morphology 
Traits 

Difference 
in 

Functional 
Richness 

Channel Disturbance -3.094 2.196 11 -1.409 0.186 
Pre-Flood Functional Richness -0.047 0.350 11 -0.135 0.895 
CD:Year Interaction 1.463 2.144 11 0.682 0.509 
Year 1.722 1.156 11 1.490 0.164 

Difference 
in 

Functional 
Dispersion 

Channel Disturbance -0.202 0.06 11 -3.382 0.006 
Pre-Flood Functional Dispersion -0.415 0.405 11 -1.024 0.328 
CD:Year Interaction 0.037 0.056 11 0.652 0.528 
Year -0.016 0.03 11 -0.524 0.611 

Functional 
Distance 

Channel Disturbance 0.519 0.095 12 5.495 0.000 
CD:Year Interaction -0.297 0.131 11 -2.26 0.045 
Year 0.09 0.07 11 1.277 0.228 
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Table S5. Mixed effect model results for differences in taxonomic metrics for channel disturbance values less than 0.5. Bold 
font indicates significant parameters, with a p-value less than 0.05 in the full model, while italics indicate marginally 
significant parameters (0.05<p<0.10). If the interaction was significant, neither of the main effects (year or channel 
disturbance) can be evaluated for significance alone, so in those cases where the interaction was significant, year or channel 
disturbance alone are not bolded. 

Response Variable Fixed Effect Estimate SE Df t statistic p-value 

Difference in Total 
Abundance 

Channel Disturbance -204.165 1639.444 5 -0.125 0.906 
Pre-Flood Abundance -0.250 0.395 5 -0.633 0.555 
CD:Year Interaction -526.708 1139.508 5 -0.462 0.663 
Year 384.399 331.574 5 1.159 0.299 

Difference in 
Taxonomic Richness 

Channel Disturbance  0.952 18.838 5 0.051 0.962 
Pre-Flood Taxonomic Richness -0.134 0.859 5 -0.156 0.882 
CD:Year Interaction 9.213 9.712 5 0.949 0.386 
Year -0.044 2.832 5 -0.015 0.988 

Difference in Pielou’s 
Evenness 

Channel Disturbance -1.051 0.404 5 -2.598 0.048 
Pre-Flood Taxonomic Evenness -1.198 0.440 5 -2.721 0.042 
CD:Year Interaction 0.184 0.325 5 0.566 0.596 
Year -0.101 0.094 5 -1.074 0.332 

Sørenson’s Dissimilarity 
Index 

Channel Disturbance -0.043 0.275 6 -0.157 0.880 
CD:Year Interaction 0.104 0.378 5 0.276 0.793 
Year -0.053 0.109 5 -0.487 0.647 



 

153 

Table S6. Mixed effect model results of differences in functional metrics for channel disturbance values less than 0.5. Bold 
font indicates significant parameters, with a p-value less than 0.05 in the full model, while italics indicate marginally 
significant parameters (0.05<p<0.10). If the interaction was significant, neither of the main effects (year or channel 
disturbance) can be evaluated for significance alone, so in those cases where the interaction was significant, year or channel 
disturbance alone are not bolded. 

Trait 
Category 

Response 
Variable Fixed Effect Estimate SE Df t statistic p-value 

All Traits 

Difference in 
Functional 
Richness 

Channel Disturbance 0.532 17.557 5 0.030 0.977 
Pre-Flood Functional Richness -0.170 0.845 5 -0.201 0.848 
CD:Year Interaction 5.814 6.417 5 0.906 0.406 
Year 0.863 1.874 5 0.461 0.664 

Difference in 
Functional 
Dispersion 

Channel Disturbance -0.022 0.174 5 -0.125 0.906 
Pre-Flood Functional Dispersion -0.660 0.734 5 -0.900 0.409 
CD:Year Interaction 0.043 0.174 5 0.247 0.815 
Year 0.007 0.050 5 0.139 0.895 

Functional 
Distance 

Channel Disturbance 0.331 0.199 6 1.664 0.147 
Interaction -0.267 0.275 5 -0.971 0.376 
Year 0.086 0.079 5 1.089 0.326 

Ecology 
Traits 

Difference in 
Functional 
Richness 

Channel Disturbance 2.969 9.384 5 0.316 0.764 
Pre-Flood Functional Richness -0.700 0.618 5 -1.133 0.309 
CD:Year Interaction 2.331 5.542 5 0.421 0.692 
Year 0.920 1.618 5 0.569 0.594 

Difference in 
Functional 
Dispersion 

Channel Disturbance -0.114 0.258 5 -0.441 0.677 
Pre-Flood Functional Dispersion -0.261 0.324 5 -0.804 0.458 
CD:Year Interaction 0.050 0.264 5 0.191 0.856 
Year 0.018 0.076 5 0.243 0.818 

Functional 
Distance 

Channel Disturbance 0.041 0.200 6 0.205 0.844 
CD:Year Interaction -0.290 0.233 5 -1.245 0.268 
Year 0.093 0.068 5 1.378 0.227 

Life History 

Difference in 
Functional 
Richness 

Channel Disturbance 3.145 5.184 5 0.607 0.571 
Pre-Flood Functional Richness -0.559 0.397 5 -1.407 0.218 
CD:Year Interaction -2.198 3.818 5 -0.576 0.590 
Year 1.025 1.116 5 0.919 0.400 

Difference in Channel Disturbance -0.524 0.200 5 -2.619 -0.524 
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Functional 
Dispersion 

Pre-Flood Functional Dispersion 0.280 0.247 5 1.132 0.280 
CD:Year Interaction 0.081 0.187 5 0.436 0.081 
Year -0.008 0.054 5 -0.147 -0.008 

Functional 
Distance 

Channel Disturbance 0.499 0.277 6 1.799 0.122 
CD:Year Interaction -0.243 0.299 5 -0.813 0.453 
Year 0.075 0.087 5 0.861 0.429 

Mobility 
Traits 

Difference in 
Functional 
Richness 

Channel Disturbance 10.580 7.644 5 1.384 0.225 
Pre-Flood Functional Richness -0.851 0.639 5 -1.333 0.240 
CD:Year Interaction -1.575 1.858 5 -0.848 0.435 
Year 1.152 0.543 5 2.120 0.087 

Difference in 
Functional 
Dispersion 

Channel Disturbance 0.330 0.203 5 1.627 0.165 
Pre-Flood Functional Dispersion -1.153 0.479 5 -2.406 0.061 
CD:Year Interaction -0.089 0.213 5 -0.419 0.693 
Year 0.062 0.062 5 1.009 0.359 

Functional 
Distance 

Channel Disturbance 0.393 0.255 6 1.543 0.174 
CD:Year Interaction -0.244 0.326 5 -0.749 0.488 
Year 0.083 0.094 5 0.883 0.418 

Morphology 
Traits 

Difference in 
Functional 
Richness 

Channel Disturbance 3.224 9.152 5 0.352 0.739 
Pre-Flood Functional Richness -0.598 0.780 5 -0.766 0.478 
CD:Year Interaction 3.899 5.800 5 0.672 0.531 
Year 0.540 1.692 5 0.319 0.762 

Difference in 
Functional 
Dispersion 

Channel Disturbance -0.257 0.183 5 -1.403 0.220 
Pre-Flood Functional Dispersion -2.041 0.712 5 -2.867 0.035 
CD:Year Interaction 0.138 0.188 5 0.733 0.497 
Year -0.047 0.055 5 -0.866 0.426 

Functional 
Distance 

Channel Disturbance 0.355 0.198 6 1.791 0.123 
CD:Year Interaction -0.228 0.276 5 -0.827 0.446 
Year 0.071 0.079 5 0.890 0.414 
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Table S7. Taxonomic and functional diversity relationships, described by mixed models for channel disturbance values less than 
0.5. Estimates for fixed effects shown. Bold font indicates significant parameters, with a p-value less than 0.05 in the full model, while 
italics indicate marginally significant parameters (0.05<p<0.10).  
 

Trait 
Combination Response Variable Fixed Effect Estimate SE Df t statistic p-value 

All Traits 

Change in Functional Richness Change in Taxonomic Richness 0.718 0.055 5 13.098 0.000 
Year 0.694 0.203 5 3.425 0.019 

Functional Dispersion Change in Pielou’s Evenness  0.328 0.091 5 3.625 0.015 
Year 0.034 0.012 5 2.888 0.034 

Functional Distance Sørenson’s Dissimilarity Index 0.185 0.209 5 0.888 0.415 
Year 0.011 0.023 5 0.472 0.657 

Ecology 
Traits 

Change in Functional Richness Change in Taxonomic Richness 0.450 0.117 5 3.864 0.012 
Year 0.335 0.552 5 0.607 0.570 

Functional Dispersion Change in Pielou’s Evenness 0.156 0.148 5 1.055 0.340 
Year 0.039 0.024 5 1.590 0.173 

Functional Distance Sørenson’s Dissimilarity Index 0.173 0.209 5 0.828 0.445 
Year 0.018 0.024 5 0.774 0.474 

Life History 
Traits 

Change in Functional Richness Change in Taxonomic Richness 0.230 0.097 5 2.379 0.063 
Year -0.302 0.517 5 -0.583 0.585 

Functional Dispersion Change in Pielou’s Evenness 0.288 0.134 5 2.155 0.084 
Year 0.030 0.017 5 1.738 0.143 

Functional Distance Sørenson’s Dissimilarity Index 0.168 0.275 5 0.612 0.567 
Year 0.008 0.029 5 0.271 0.797 

Mobility 
Traits 

Change in Functional Richness Change in Taxonomic Richness 0.163 0.070 5 2.327 0.068 
Year 0.319 0.254 5 1.257 0.264 

Functional Dispersion Change in Pielou’s Evenness 0.439 0.156 5 2.805 0.038 
Year 0.054 0.015 5 3.605 0.015 

Functional Distance Sørenson’s Dissimilarity Index 0.135 0.276 5 0.491 0.644 
Year 0.015 0.031 5 0.498 0.639 

Morphology 
Traits 

Change in Functional Richness Change in Taxonomic Richness 0.577 0.092 5 6.265 0.002 
Year 0.259 0.553 5 0.468 0.659 

Functional Dispersion Change in Pielou’s Evenness 0.504 0.115 5 4.378 0.007 
Year 0.014 0.013 5 1.118 0.314 

Functional Distance Sørenson’s Dissimilarity Index 0.179 0.229 5 0.782 0.469 
Year 0.010 0.027 5 0.359 0.734 
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Table S7. Mixed effect model results of differences in abundance of the trait states used to calculate functional diversity metrics. Traits 
and trait states are described in Table S1. Bold font indicates significant parameters, with a p-value less than 0.05 in the full model, 
while italics indicate marginally significant parameters (0.05<p<0.10). If the interaction was significant, neither of the main effects 
(year or channel disturbance) can be evaluated for significance alone, so in those cases where the interaction was significant, year or 
channel disturbance alone are not bolded. 
 

Trait Trait State Fixed Effect Value SE DF t statistic p-value 

Volt 

Bi/Multi 

Channel Disturbance -7.662 212.818 10 -0.036 0.972 
Year -46.133 151.251 11 -0.305 0.766 
CD:Year Interaction 361.444 278.629 11 1.297 0.221 
Pre-Flood Abundance 0.543 0.446 10 1.217 0.252 

Semi 

Channel Disturbance -152.729 75.976 10 -2.010 0.072 
Year 71.349 24.664 11 2.893 0.015 
CD:Year Interaction -69.828 45.435 11 -1.537 0.153 
Pre-Flood Abundance -0.729 0.086 10 -8.521 0.000 

Uni 

Channel Disturbance -387.691 156.702 10 -2.474 0.033 
Year 128.671 60.280 11 2.135 0.056 
CD:Year Interaction -51.411 111.045 11 -0.463 0.652 
Pre-Flood Abundance -0.592 0.178 10 -3.324 0.008 

Devl 

Fast Seasonal 

Channel Disturbance -88.840 319.157 10 -0.278 0.786 
Year 95.545 176.625 11 0.541 0.599 
CD:Year Interaction 244.971 325.372 11 0.753 0.467 
Pre-Flood Abundance 0.257 0.475 10 0.541 0.600 

Nonseasonal 

Channel Disturbance -79.250 46.736 10 -1.696 0.121 
Year 15.072 20.285 11 0.743 0.473 
CD:Year Interaction 5.512 37.368 11 0.147 0.885 
Pre-Flood Abundance -0.733 0.051 10 -14.491 0.000 

Slow Seasonal 

Channel Disturbance -199.713 70.678 10 -2.826 0.018 
Year 43.270 32.100 11 1.348 0.205 
CD:Year Interaction -10.277 59.133 11 -0.174 0.865 
Pre-Flood Abundance -0.712 0.117 10 -6.104 0.000 
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Sync 

Poor 

Channel Disturbance -226.789 245.209 10 -0.925 0.377 
Year -82.538 170.964 11 -0.483 0.639 
CD:Year Interaction 488.672 314.943 11 1.552 0.149 
Pre-Flood Abundance -0.388 0.182 10 -2.128 0.059 

Well-Synchronized 

Channel Disturbance -375.087 238.846 10 -1.570 0.147 
Year 236.425 83.161 11 2.843 0.016 
CD:Year Interaction -248.467 153.197 11 -1.622 0.133 
Pre-Flood Abundance -0.463 0.256 10 -1.808 0.101 

Life 

<1 month 

Channel Disturbance -174.720 72.801 10 -2.400 0.037 
Year 39.137 32.470 11 1.205 0.253 
CD:Year Interaction -22.295 59.814 11 -0.373 0.716 
Pre-Flood Abundance -0.678 0.141 10 -4.801 0.001 

<1 week 

Channel Disturbance -173.817 329.331 10 -0.528 0.609 
Year 99.444 174.709 11 0.569 0.581 
CD:Year Interaction 257.319 321.841 11 0.800 0.441 
Pre-Flood Abundance 0.116 0.517 10 0.224 0.827 

>1 month 

Channel Disturbance -79.267 46.713 10 -1.697 0.121 
Year 15.306 19.989 11 0.766 0.460 
CD:Year Interaction 5.181 36.823 11 0.141 0.891 
Pre-Flood Abundance -0.733 0.051 10 -14.464 0.000 

Exit 

Absent 

Channel Disturbance -571.024 381.375 10 -1.497 0.165 
Year 152.411 174.604 11 0.873 0.401 
CD:Year Interaction 233.439 321.647 11 0.726 0.483 
Pre-Flood Abundance -0.519 0.224 10 -2.319 0.043 

Present 

Channel Disturbance -11.302 8.706 10 -1.298 0.223 
Year 1.476 4.673 11 0.316 0.758 
CD:Year Interaction 6.766 8.609 11 0.786 0.448 
Pre-Flood Abundance -0.340 0.139 10 -2.440 0.035 

 
Desi Absent Channel Disturbance -437.884 362.929 10 -1.207 0.255 

Year 140.826 178.847 11 0.787 0.448 
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CD:Year Interaction 234.833 329.464 11 0.713 0.491 
Pre-Flood Abundance -0.256 0.355 10 -0.720 0.488 

Present 

Channel Disturbance -81.256 47.269 10 -1.719 0.116 
Year 13.062 19.542 11 0.668 0.518 
CD:Year Interaction 5.372 36.000 11 0.149 0.884 
Pre-Flood Abundance -0.729 0.052 10 -14.107 0.000 

Disp 
 

<1 km 

Channel Disturbance -581.650 384.487 10 -1.513 0.161 
Year 154.272 175.656 11 0.878 0.399 
CD:Year Interaction 235.836 323.586 11 0.729 0.481 
Pre-Flood Abundance -0.522 0.223 10 -2.337 0.042 

>1 km 

Channel Disturbance -1.587 3.553 10 -0.447 0.665 
Year -0.385 2.700 11 -0.143 0.889 
CD:Year Interaction 4.369 4.974 11 0.878 0.398 
Pre-Flood Abundance -0.351 0.117 10 -2.993 0.014 

Flgt 
 

Strong 

Channel Disturbance 53.601 52.632 10 1.018 0.332 
Year 51.369 36.997 11 1.388 0.192 
CD:Year Interaction -116.147 68.154 11 -1.704 0.116 
Pre-Flood Abundance -0.243 0.602 10 -0.404 0.695 

Weak 

Channel Disturbance -635.546 365.979 10 -1.737 0.113 
Year 102.519 191.771 11 0.535 0.604 
CD:Year Interaction 356.353 353.273 11 1.009 0.335 
Pre-Flood Abundance -0.538 0.204 10 -2.641 0.025 

Drft 
 

Abundant 

Channel Disturbance -63.816 206.533 10 -0.309 0.764 
Year -97.886 158.506 11 -0.618 0.549 
CD:Year Interaction 481.961 291.993 11 1.651 0.127 
Pre-Flood Abundance 0.465 0.406 10 1.144 0.279 

Common 
 

Channel Disturbance -292.407 196.867 10 -1.485 0.168 
Year 188.809 63.734 11 2.962 0.013 
CD:Year Interaction -251.864 117.408 11 -2.145 0.055 
Pre-Flood Abundance -0.699 0.161 10 -4.344 0.001 
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Rare 

Channel Disturbance -197.902 79.534 10 -2.488 0.032 
Year 62.964 36.011 11 1.748 0.108 
CD:Year Interaction 10.109 66.338 11 0.152 0.882 
Pre-Flood Abundance -0.695 0.154 10 -4.515 0.001 

 
Crwl 

<10 cm/h 

Channel Disturbance -262.793 291.059 10 -0.903 0.388 
Year 66.501 196.648 11 0.338 0.742 
CD:Year Interaction 272.733 362.257 11 0.753 0.467 
Pre-Flood Abundance 0.298 0.479 10 0.622 0.548 

<100 cm/h 

Channel Disturbance -237.373 128.426 10 -1.848 0.094 
Year 78.252 47.768 11 1.638 0.130 
CD:Year Interaction -16.873 87.997 11 -0.192 0.851 
Pre-Flood Abundance -0.732 0.103 10 -7.072 0.000 

>100 cm/h 

Channel Disturbance -48.905 40.190 10 -1.217 0.252 
Year 9.134 12.396 11 0.737 0.477 
CD:Year Interaction -15.655 22.836 11 -0.686 0.507 
Pre-Flood Abundance 0.020 0.243 10 0.083 0.935 

Swim 
 

None 

Channel Disturbance -47.528 85.115 10 -0.558 0.589 
Year 70.990 31.866 11 2.228 0.048 
CD:Year Interaction -101.759 58.702 11 -1.733 0.111 
Pre-Flood Abundance -0.736 0.091 10 -8.104 0.000 

Strong 

Channel Disturbance -72.085 208.776 10 -0.345 0.737 
Year -94.478 160.185 11 -0.590 0.567 
CD:Year Interaction 473.822 295.086 11 1.606 0.137 
Pre-Flood Abundance 0.485 0.412 10 1.177 0.267 

Weak 

Channel Disturbance -391.671 194.490 10 -2.014 0.072 
Year 177.375 66.304 11 2.675 0.022 
CD:Year Interaction -131.857 122.142 11 -1.080 0.303 
Pre-Flood Abundance -0.479 0.217 10 -2.206 0.052 

Atch 
 Both Channel Disturbance 0.442 0.839 10 0.526 0.610 

Year -0.032 0.608 11 -0.053 0.959 
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CD:Year Interaction 0.715 1.120 11 0.639 0.536 
Pre-Flood Abundance -1.015 0.010 10 -98.263 0.000 

None 

Channel Disturbance -499.857 334.156 10 -1.496 0.166 
Year 66.875 185.960 11 0.360 0.726 
CD:Year Interaction 392.819 342.567 11 1.147 0.276 
Pre-Flood Abundance -0.496 0.213 10 -2.322 0.043 

Some 

Channel Disturbance -54.523 79.002 10 -0.690 0.506 
Year 87.044 40.023 11 2.175 0.052 
CD:Year Interaction -153.329 73.729 11 -2.080 0.062 
Pre-Flood Abundance -0.670 0.235 10 -2.856 0.017 

Armr 
 

Good 

Channel Disturbance -2.597 4.293 10 -0.605 0.559 

Year -0.863 1.692 11 -0.510 0.620 

CD:Year Interaction 2.948 3.118 11 0.946 0.365 

Pre-Flood Abundance -0.956 0.063 10 -15.072 0.000 

None 

Channel Disturbance -260.236 349.137 10 -0.745 0.473 

Year 96.709 175.145 11 0.552 0.592 

CD:Year Interaction 283.784 322.645 11 0.880 0.398 

Pre-Flood Abundance -0.146 0.436 10 -0.334 0.745 

Poor 

Channel Disturbance -166.809 74.923 10 -2.226 0.050 

Year 58.041 28.703 11 2.022 0.068 

CD:Year Interaction -46.527 52.876 11 -0.880 0.398 

Pre-Flood Abundance -0.776 0.070 10 -11.149 0.000 

Shpe 

Not Streamlined 

Channel Disturbance -353.005 234.266 10 -1.507 0.163 
Year 232.210 65.467 11 3.547 0.005 
CD:Year Interaction -292.350 120.601 11 -2.424 0.034 
Pre-Flood Abundance -0.710 0.180 10 -3.936 0.003 

Streamlined 

Channel Disturbance -130.436 237.437 10 -0.549 0.595 
Year -78.322 173.864 11 -0.450 0.661 
CD:Year Interaction 532.555 320.286 11 1.663 0.125 
Pre-Flood Abundance -0.008 0.369 10 -0.021 0.983 
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Resp 

Aerial 

Channel Disturbance 0.315 0.218 10 1.449 0.178 
Year 0.149 0.155 11 0.964 0.356 
CD:Year Interaction -0.637 0.285 11 -2.235 0.047 
Pre-Flood Abundance -0.705 0.075 10 -9.418 0.000 

Gills 

Channel Disturbance -397.655 321.486 10 -1.237 0.244 
Year 79.109 192.560 11 0.411 0.689 
CD:Year Interaction 342.812 354.726 11 0.966 0.355 
Pre-Flood Abundance -0.216 0.405 10 -0.534 0.605 

Tegument 

Channel Disturbance -152.940 98.811 10 -1.548 0.153 
Year 74.628 38.057 11 1.961 0.076 
CD:Year Interaction -101.969 70.106 11 -1.454 0.174 
Pre-Flood Abundance -0.724 0.088 10 -8.228 0.000 

Size 
 

<9 mm 

Channel Disturbance -391.568 349.892 10 -1.119 0.289 
Year 151.385 180.590 11 0.838 0.420 
CD:Year Interaction 120.712 332.675 11 0.363 0.724 
Pre-Flood Abundance -0.451 0.240 10 -1.878 0.090 

>16 mm 

Channel Disturbance -4.454 6.776 10 -0.657 0.526 
Year 6.694 2.949 11 2.270 0.044 
CD:Year Interaction -6.800 5.433 11 -1.252 0.237 
Pre-Flood Abundance -0.750 0.064 10 -11.728 0.000 

9-16 mm 

Channel Disturbance -208.038 73.654 10 -2.825 0.018 
Year -4.192 41.994 11 -0.100 0.922 
CD:Year Interaction 126.294 77.359 11 1.633 0.131 
Pre-Flood Abundance -0.749 0.151 10 -4.960 0.001 

 
Rheo 

Both 

Channel Disturbance -507.438 334.632 10 -1.516 0.160 
Year 59.637 184.474 11 0.323 0.753 
CD:Year Interaction 403.515 339.830 11 1.187 0.260 
Pre-Flood Abundance -0.518 0.216 10 -2.404 0.037 

Depositional Channel Disturbance 0.315 0.218 10 1.449 0.178 
Year 0.149 0.155 11 0.964 0.356 
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CD:Year Interaction -0.637 0.285 11 -2.235 0.047 
Pre-Flood Abundance -0.705 0.075 10 -9.418 0.000 

Erosional 

Channel Disturbance -58.630 81.596 10 -0.719 0.489 
Year 94.101 41.919 11 2.245 0.046 
CD:Year Interaction -162.672 77.221 11 -2.107 0.059 
Pre-Flood Abundance -0.720 0.191 10 -3.764 0.004 

Ther 
 

Steno or cool eury 

Channel Disturbance -266.030 119.744 10 -2.222 0.051 
Year 97.663 48.500 11 2.014 0.069 
CD:Year Interaction -33.920 89.344 11 -0.380 0.711 
Pre-Flood Abundance -0.586 0.150 10 -3.920 0.003 

Warm/cool eury 

Channel Disturbance -360.945 321.607 10 -1.122 0.288 
Year 56.224 161.371 11 0.348 0.734 
CD:Year Interaction 274.125 297.270 11 0.922 0.376 
Pre-Flood Abundance -0.386 0.256 10 -1.509 0.162 

Habi 
 

Burrow 

Channel Disturbance -0.040 1.242 10 -0.032 0.975 
Year 0.191 0.713 11 0.268 0.793 
CD:Year Interaction 0.407 1.313 11 0.310 0.763 
Pre-Flood Abundance -0.880 0.240 10 -3.667 0.004 

Climb 

Channel Disturbance -1.043 2.382 10 -0.438 0.671 
Year 1.585 1.766 11 0.898 0.389 
CD:Year Interaction 0.226 3.253 11 0.069 0.946 
Pre-Flood Abundance -0.553 0.345 10 -1.604 0.140 

Cling 

Channel Disturbance -321.344 137.652 10 -2.334 0.042 
Year 116.176 63.118 11 1.841 0.093 
CD:Year Interaction -63.315 116.273 11 -0.545 0.597 
Pre-Flood Abundance -0.758 0.090 10 -8.412 0.000 

Sprawl 

Channel Disturbance 111.045 147.460 10 0.753 0.469 
Year 130.563 65.442 11 1.995 0.071 
CD:Year Interaction -172.057 120.554 11 -1.427 0.181 
Pre-Flood Abundance 1.367 0.617 10 2.216 0.051 
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Swim 

Channel Disturbance -77.222 208.530 10 -0.370 0.719 
Year -94.628 160.026 11 -0.591 0.566 
CD:Year Interaction 474.945 294.794 11 1.611 0.135 
Pre-Flood Abundance 0.492 0.412 10 1.194 0.260 

Trop 
 

Collector-Filterer 

Channel Disturbance 53.393 52.329 10 1.020 0.332 
Year 52.975 36.770 11 1.441 0.178 
CD:Year Interaction -115.805 67.736 11 -1.710 0.115 
Pre-Flood Abundance -0.152 0.654 10 -0.232 0.821 

Collector-Gatherer 

Channel Disturbance -301.357 256.743 10 -1.174 0.268 
Year -87.341 161.788 11 -0.540 0.600 
CD:Year Interaction 576.931 298.039 11 1.936 0.079 
Pre-Flood Abundance -0.421 0.202 10 -2.083 0.064 

Herbivore 

Channel Disturbance -147.288 66.013 10 -2.231 0.050 
Year 47.427 39.135 11 1.212 0.251 
CD:Year Interaction -53.163 72.093 11 -0.737 0.476 
Pre-Flood Abundance -0.614 0.109 10 -5.643 0.000 

Predator 

Channel Disturbance -103.525 41.141 10 -2.516 0.031 
Year 9.773 18.624 11 0.525 0.610 
CD:Year Interaction 8.082 34.308 11 0.236 0.818 
Pre-Flood Abundance -0.592 0.118 10 -5.019 0.001 

Shredder 

Channel Disturbance 169.130 135.151 10 1.251 0.239 
Year 131.054 67.358 11 1.946 0.078 
CD:Year Interaction -175.841 124.083 11 -1.417 0.184 
Pre-Flood Abundance 1.923 0.621 10 3.096 0.011 
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SUPPLEMENTARY INFORMATION FOR CHAPTER 3: DISENTANGLING PATCH-SCALE COMMUNITY 
ASSEMBLY PROCESSES ALONG A HABITAT STABILITY GRADIENT IN NEOTROPICAL STREAMS USING 
COMPLEMENTARY DIVERSITY MEASURES  
 
Figures 

 
Figure S1. Temperature (A) and light intensity (B) data from experimental streams in 2017. Streams are arrayed 
horizontally in increasing order of average Pfankuch score (shown in top panel above stream name), with more stable 
streams on the left, and less stable streams on the right. Temperature and light intensity were recorded using Hobo Pendant 
loggers every 30 minutes both in the air directly above the water surface (red lines) and underwater at the stream bed 
surface (blue lines) for the duration of the colonization experiment in 2017.
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Table S1. Linnean classification used to construct taxonomic tree, and associated traits. Sources: Tomanova et al. 2006, 
Poff et al. 2006, Domínguez and Fernández 2009, Principe et al. 2010, Ramírez and Gutiérrez-Fonseca 2014. 
 

Kingdom Phylum Class Order Family Genus Adult Habitat Metabolism 
Functional 
Feeding Group Body Size 

Animalia Annelida Clitellata Hirudinea - - Aquatic No transformation Predator <9 mm 

Animalia Arthropoda Annelida Oligochaeta - - Aquatic No transformation Collector-gatherer >16 mm 

Animalia Arthropoda Arachnida Ostracoda Hydracarina Acarina Semi-terrestrial No transformation Predator <9 mm 

Animalia Arthropoda Entognatha Collembola Collembola Collembola Semi-terrestrial No transformation Collector-gatherer <9 mm 

Animalia Arthropoda Insecta Coleoptera Chrysomelidae - Semi-terrestrial Holometabolous Shredder <9 mm 

Animalia Arthropoda Insecta Coleoptera Curculionidae - Terrestrial Holometabolous Shredder <9 mm 

Animalia Arthropoda Insecta Coleoptera Dytiscidae - Aquatic Holometabolous Predator 9-16 mm 

Animalia Arthropoda Insecta Coleoptera Elmidae Austrelmis Aquatic Holometabolous Generalist <9 mm 

Animalia Arthropoda Insecta Coleoptera Elmidae Austrolimnius Aquatic Holometabolous Generalist <9 mm 

Animalia Arthropoda Insecta Coleoptera Elmidae - Aquatic Holometabolous Generalist <9 mm 

Animalia Arthropoda Insecta Coleoptera Elmidae Heterelmis Aquatic Holometabolous Generalist <9 mm 

Animalia Arthropoda Insecta Coleoptera Elmidae Hexancorus Aquatic Holometabolous Generalist <9 mm 

Animalia Arthropoda Insecta Coleoptera Elmidae Macrelmis Aquatic Holometabolous Generalist <9 mm 

Animalia Arthropoda Insecta Coleoptera Elmidae Neoelmis Aquatic Holometabolous Generalist <9 mm 

Animalia Arthropoda Insecta Coleoptera Elmidae Pharceonus Aquatic Holometabolous Generalist <9 mm 

Animalia Arthropoda Insecta Coleoptera Gyrinidae - Aquatic Holometabolous Predator <9 mm 

Animalia Arthropoda Insecta Coleoptera Hydraenidae - Semi-terrestrial Holometabolous Predator <9 mm 

Animalia Arthropoda Insecta Coleoptera Hydrophilidae - Terrestrial Holometabolous Predator <9 mm 

Animalia Arthropoda Insecta Coleoptera Hydroscaphidae - Aquatic Holometabolous Scraper <9 mm 

Animalia Arthropoda Insecta Coleoptera Lampyridae  - Terrestrial Holometabolous Predator <9 mm 

Animalia Arthropoda Insecta Coleoptera Limnichidae - Semi-terrestrial Holometabolous Collector-gatherer <9 mm 

Animalia Arthropoda Insecta Coleoptera Psephenidae Acneus Terrestrial Holometabolous Scraper 9-16 mm 

Animalia Arthropoda Insecta Coleoptera Psephenidae Psephenus Terrestrial Holometabolous Scraper 9-16 mm 

Animalia Arthropoda Insecta Coleoptera Ptilodactylidae Anchytarsus Terrestrial Holometabolous Shredder 9-16 mm 

Animalia Arthropoda Insecta Coleoptera Scirtidae Prionocyphon Terrestrial Holometabolous Generalist <9 mm 

Animalia Arthropoda Insecta Coleoptera Scirtidae - Terrestrial Holometabolous Generalist <9 mm 

Animalia Arthropoda Insecta Coleoptera Staphylinidae - Semi-terrestrial Holometabolous Generalist <9 mm 

Animalia Arthropoda Insecta Diptera Athericidae - Terrestrial Holometabolous Predator 9-16 mm 
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Animalia Arthropoda Insecta Diptera Blepharoceridae Blepharicera Terrestrial Holometabolous Scraper <9 mm 

Animalia Arthropoda Insecta Diptera Blepharoceridae Hapalotrix Terrestrial Holometabolous Scraper <9 mm 

Animalia Arthropoda Insecta Diptera Blepharoceridae Liponeura Terrestrial Holometabolous Scraper <9 mm 

Animalia Arthropoda Insecta Diptera Ceratopogonidae Atrichopogon Terrestrial Holometabolous Predator <9 mm 

Animalia Arthropoda Insecta Diptera Ceratopogonidae Bezzia  Terrestrial Holometabolous Predator <9 mm 

Animalia Arthropoda Insecta Diptera Ceratopogonidae - Terrestrial Holometabolous Predator <9 mm 

Animalia Arthropoda Insecta Diptera Ceratopogonidae Forcipomyia Terrestrial Holometabolous Predator <9 mm 

Animalia Arthropoda Insecta Diptera Chironomidae - Terrestrial Holometabolous Collector-gatherer <9 mm 

Animalia Arthropoda Insecta Diptera Chironomidae Orthocladinae Terrestrial Holometabolous Collector-gatherer <9 mm 

Animalia Arthropoda Insecta Diptera Chironomidae Podonominae Terrestrial Holometabolous Collector-gatherer <9 mm 

Animalia Arthropoda Insecta Diptera Chironomidae Podonomus Terrestrial Holometabolous Collector-gatherer <9 mm 

Animalia Arthropoda Insecta Diptera Chironomidae Tanypodinae Terrestrial Holometabolous Predator <9 mm 

Animalia Arthropoda Insecta Diptera Dixidae Dixa Terrestrial Holometabolous Collector-gatherer <9 mm 

Animalia Arthropoda Insecta Diptera Dixidae Dixella Terrestrial Holometabolous Collector-gatherer <9 mm 

Animalia Arthropoda Insecta Diptera Dolichopodidae Rhaphium Terrestrial Holometabolous Predator <9 mm 

Animalia Arthropoda Insecta Diptera Empididae Clinocerinae Terrestrial Holometabolous Predator 9-16 mm 

Animalia Arthropoda Insecta Diptera Empididae Hemerodromiinae Terrestrial Holometabolous Predator 9-16 mm 

Animalia Arthropoda Insecta Diptera Limoniidae Eriopterini Terrestrial Holometabolous Generalist <9 mm 

Animalia Arthropoda Insecta Diptera Limoniidae Pediciini Terrestrial Holometabolous Generalist <9 mm 

Animalia Arthropoda Insecta Diptera Psychodidae Maruina Terrestrial Holometabolous Scraper <9 mm 

Animalia Arthropoda Insecta Diptera Psychodidae Pericoma Terrestrial Holometabolous Collector-gatherer <9 mm 

Animalia Arthropoda Insecta Diptera Sciomyzidae Antichaeta Terrestrial Holometabolous Predator <9 mm 

Animalia Arthropoda Insecta Diptera Simulidae Gigantodax Terrestrial Holometabolous Filterer <9 mm 

Animalia Arthropoda Insecta Diptera Simulidae Pedrowygomyia Terrestrial Holometabolous Filterer <9 mm 

Animalia Arthropoda Insecta Diptera Simulidae - Terrestrial Holometabolous Filterer <9 mm 

Animalia Arthropoda Insecta Diptera Stratyomidae - Terrestrial Holometabolous Collector-gatherer <9 mm 

Animalia Arthropoda Insecta Diptera Syrphidae - Terrestrial Holometabolous Collector-gatherer <9 mm 

Animalia Arthropoda Insecta Diptera Tabanidae Tabanus Terrestrial Holometabolous Predator 9-16 mm 

Animalia Arthropoda Insecta Diptera Tipulidae Hexatoma Terrestrial Holometabolous Predator 9-16 mm 

Animalia Arthropoda Insecta Diptera Tipulidae Tipula Terrestrial Holometabolous Shredder 9-16 mm 

Animalia Arthropoda Insecta Ephemeroptera Baetidae Andesiops Terrestrial Hemimetabolous Collector-gatherer <9 mm 

Animalia Arthropoda Insecta Ephemeroptera Baetidae Baetodes Terrestrial Hemimetabolous Scraper <9 mm 



 

167 

Animalia Arthropoda Insecta Ephemeroptera Baetidae Fallceon Terrestrial Hemimetabolous Collector-gatherer <9 mm 

Animalia Arthropoda Insecta Ephemeroptera Baetidae Mayobaetis Terrestrial Hemimetabolous Collector-gatherer <9 mm 

Animalia Arthropoda Insecta Ephemeroptera Baetidae Prebaetodes Terrestrial Hemimetabolous Collector-gatherer <9 mm 

Animalia Arthropoda Insecta Ephemeroptera Leptohyphidae Haplohyphes Terrestrial Hemimetabolous Collector-gatherer <9 mm 

Animalia Arthropoda Insecta Ephemeroptera Leptohyphidae Leptohyphes Terrestrial Hemimetabolous Collector-gatherer <9 mm 

Animalia Arthropoda Insecta Ephemeroptera Leptophlebiidae Ecuaphlebia Terrestrial Hemimetabolous Collector-gatherer 9-16 mm 

Animalia Arthropoda Insecta Ephemeroptera Leptophlebiidae Meridialaris Terrestrial Hemimetabolous Collector-gatherer 9-16 mm 

Animalia Arthropoda Insecta Ephemeroptera Leptophlebiidae Thraulodes Terrestrial Hemimetabolous Collector-gatherer 9-16 mm 

Animalia Arthropoda Insecta Ephemeroptera Leptophlebiidae Ulmeritus Terrestrial Hemimetabolous Collector-gatherer 9-16 mm 

Animalia Arthropoda Insecta Ephemeroptera Oligoneuridae Lachlania Terrestrial Hemimetabolous Filterer <9 mm 

Animalia Arthropoda Insecta Hemiptera Mesoveliidae - Semi-terrestrial Hemimetabolous Predator <9 mm 

Animalia Arthropoda Insecta Lepidoptera Arctiidae - Terrestrial Holometabolous Shredder 9-16 mm 

Animalia Arthropoda Insecta Lepidoptera Crambidae Archips Terrestrial Holometabolous Shredder 9-16 mm 

Animalia Arthropoda Insecta Lepidoptera Crambidae Petrophila Terrestrial Holometabolous Shredder 9-16 mm 

Animalia Arthropoda Insecta Megaloptera Corydalidae - Terrestrial Hemimetabolous Predator >16 mm 

Animalia Arthropoda Insecta Odonota Anisoptera Anisoptera Terrestrial Hemimetabolous Predator 9-16 mm 

Animalia Arthropoda Insecta Odonota Zygoptera Zygoptera Terrestrial Hemimetabolous Predator 9-16 mm 

Animalia Arthropoda Insecta Plecoptera Gripopterygidae Claudioperla Terrestrial Hemimetabolous Shredder >16 mm 

Animalia Arthropoda Insecta Plecoptera Gripopterygidae - Terrestrial Hemimetabolous Shredder >16 mm 

Animalia Arthropoda Insecta Plecoptera Gripopterygidae Rhithroperla Terrestrial Hemimetabolous Shredder >16 mm 

Animalia Arthropoda Insecta Plecoptera Perlidae Anacroneuria Terrestrial Hemimetabolous Predator >16 mm 

Animalia Arthropoda Insecta Plecoptera Perlidae Kempnya Terrestrial Hemimetabolous Predator >16 mm 

Animalia Arthropoda Insecta Plecoptera Perlidae Nigroperla Terrestrial Hemimetabolous Predator >16 mm 

Animalia Arthropoda Insecta Trichoptera Anomalopsychidae Anomalopsyche Terrestrial Holometabolous Scraper <9 mm 

Animalia Arthropoda Insecta Trichoptera Anomalopsychidae Contulma Terrestrial Holometabolous Scraper <9 mm 

Animalia Arthropoda Insecta Trichoptera Calamoceratidae Phylloicus Terrestrial Holometabolous Shredder 9-16 mm 

Animalia Arthropoda Insecta Trichoptera Glossosomatidae Culoptila Terrestrial Holometabolous Scraper <9 mm 

Animalia Arthropoda Insecta Trichoptera Glossosomatidae Mortiniella Terrestrial Holometabolous Scraper <9 mm 

Animalia Arthropoda Insecta Trichoptera Helicopsychidae Helicopsyche Terrestrial Holometabolous Scraper <9 mm 

Animalia Arthropoda Insecta Trichoptera Hydrobiosidae Apatanodes Terrestrial Holometabolous Predator 9-16 mm 

Animalia Arthropoda Insecta Trichoptera Hydrobiosidae Atopsyche Terrestrial Holometabolous Predator 9-16 mm 

Animalia Arthropoda Insecta Trichoptera Hydrobiosidae Cailoma Terrestrial Holometabolous Predator 9-16 mm 
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Animalia Arthropoda Insecta Trichoptera Hydrobiosidae Genero X Terrestrial Holometabolous Predator 9-16 mm 

Animalia Arthropoda Insecta Trichoptera Hydrobiosidae - Terrestrial Holometabolous Predator 9-16 mm 

Animalia Arthropoda Insecta Trichoptera Hydrobiosidae Schajovskoya Terrestrial Holometabolous Predator 9-16 mm 

Animalia Arthropoda Insecta Trichoptera Hydropsychidae Leptonema Terrestrial Holometabolous Filterer 9-16 mm 

Animalia Arthropoda Insecta Trichoptera Hydropsychidae Macronema Terrestrial Holometabolous Filterer 9-16 mm 

Animalia Arthropoda Insecta Trichoptera Hydropsychidae Smicridea Terrestrial Holometabolous Filterer 9-16 mm 

Animalia Arthropoda Insecta Trichoptera Hydroptilidae Alisotrichia Terrestrial Holometabolous Scraper <9 mm 

Animalia Arthropoda Insecta Trichoptera Hydroptilidae Metrichia Terrestrial Holometabolous Scraper <9 mm 

Animalia Arthropoda Insecta Trichoptera Leptoceridae Brachysetodes Terrestrial Holometabolous Scraper 9-16 mm 

Animalia Arthropoda Insecta Trichoptera Leptoceridae Nectopsyche Terrestrial Holometabolous Shredder 9-16 mm 

Animalia Arthropoda Insecta Trichoptera Leptoceridae Oecetis Terrestrial Holometabolous Predator 9-16 mm 

Animalia Arthropoda Insecta Trichoptera Leptoceridae Rare Genus X Terrestrial Holometabolous Scraper 9-16 mm 

Animalia Arthropoda Insecta Trichoptera Limnephilidae Anomalocosmoecus Terrestrial Holometabolous Shredder <9 mm 

Animalia Arthropoda Insecta Trichoptera Limnephilidae Austrocosmoecus Terrestrial Holometabolous Shredder 9-16 mm 

Animalia Arthropoda Malacostraca Amphipoda Hyalellidae - Aquatic No transformation Shredder <9 mm 

Animalia Arthropoda Malacostraca Isopoda Oniscidae - Aquatic No transformation Shredder <9 mm 

Animalia Arthropoda Platyhelminthes Turbellaria Planariidae - Aquatic No transformation Predator 9-16 mm 

Animalia Mollusca Bivalvia Veneroida Sphaeriidae - Aquatic No transformation Filterer 9-16 mm 

Animalia Mollusca Gastropoda Hygrophila Lymnaeidae - Aquatic No transformation Scraper 9-16 mm 

Animalia Mollusca Gastropoda Hygrophila Planorbidae - Aquatic No transformation Scraper 9-16 mm 
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Table S2. Generalized additive model summaries of basal resource data from colonization experiments each year. 
 

 

Response Year Model Term edf Total Deviance 
Explained F-statistic p-value 

AFDM 
 

2016 
 

Full Model (n=58)  57.5%   ti(Day) 2.332  3.228 0.063 
ti(Open Canopy) 1.000  40.596 <0.001 
ti(Day, Open Canopy) 3.285  4.396 0.004 

2017 
 

Full Model (n=100)  70.5%   
ti(Day) 3.674  16.88 <0.001 
ti(Open Canopy) 3.693  6.51 <0.001 
ti(Day, Open Canopy) 5.226  11.32 <0.001 

Chlorophyll a 
 

2016 
 

Full Model (n=58)  91.1%   ti(Day) 3.746  99.104 <0.001 
ti(Open Canopy) 1.000  22.209 <0.001 
ti(Day, Open Canopy) 3.192  5.349 <0.001 

2017 
 

Full Model (n=100)  89.4%   
ti(Day) 3.013  104.25 <0.001 
ti(Open Canopy) 3.885  33.64 <0.001 
ti(Day, Open Canopy) 6.032  30.10 <0.001 

Autotrophic Index 
 

2016 
 

Full Model (n=58)  86%   ti(Day) 3.444  104.760 <0.001 
ti(Open Canopy) 1.000  1.964 0.167 
ti(Day, Open Canopy) 1.000  19.275 <0.001 

2017 
 

Full Model (n=100)  84.8%   ti(Day) 3.371  99.46 <0.001 
ti(Open Canopy) 3.888  32.46 <0.001 
ti(Day, Open Canopy) 5.511  23.66 <0.001 



170 

Table S3. Mixed effects modeling results of diversity metrics of colonization experiment composition over time. Significant 
fixed effects (p<0.05) are highlighted in bold. 
 
Response Fixed Effects Estimate SE DF T-value p-value 

Density 
 

(Intercept) 1829.028 635.952 132 2.876 0.005 
Colonization Time -30.116 35.111 132 -0.858 0.393 
Year(2017) -1751.899 678.937 132 -2.580 0.011 
Habitat Stability -11.604 6.892 3 -1.684 0.191 
Autotrophic Index -17.677 17.700 132 -0.999 0.320 
Colonization Time:Year(2017) -36.685 44.151 132 -0.831 0.408 
Colonization Time:Habitat Stability 0.691 0.383 132 1.804 0.073 
Year(2017):Habitat Stability 11.730 7.334 132 1.599 0.112 
Colonization Time:Autotrophic Index -16.820 10.610 132 -1.585 0.115 
Year(2017):Autotrophic Index 17.630 20.003 132 0.881 0.380 
Habitat Stability:Autotrophic Index 0.136 0.182 132 0.750 0.455 
Colonization Time:Year(2017):Habitat 
Stability 0.561 0.500 132 1.124 0.263 

Colonization Time:Year(2017):Autotrophic 
Index 16.611 10.838 132 1.533 0.128 

Colonization Time:Habitat 
Stability:Autotrophic Index 0.158 0.098 132 1.599 0.112 

Year(2017):Habitat Stability:Autotrophic 
Index -0.116 0.210 132 -0.554 0.581 

Colonization Time:Year(2017):Habitat 
Stability:Autotrophic Index -0.159 0.102 132 -1.560 0.121 

Taxonomic 
Richness 
 

(Intercept) 8.818 2.863 132 3.080 0.003 
Colonization Time 0.164 0.166 132 0.991 0.323 
Year(2017) -8.164 3.194 132 -2.556 0.012 
Habitat Stability -0.026 0.031 3 -0.850 0.458 
Autotrophic Index -0.009 0.084 132 -0.113 0.910 
Colonization Time:Year(2017) -0.287 0.208 132 -1.375 0.172 
Colonization Time:Habitat Stability -0.001 0.002 132 -0.339 0.735 
Year(2017):Habitat Stability 0.061 0.035 132 1.763 0.080 
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Colonization Time:Autotrophic Index -0.091 0.050 132 -1.811 0.072 
Year(2017):Autotrophic Index -0.016 0.094 132 -0.167 0.868 
Habitat Stability:Autotrophic Index 0.000 0.001 132 0.123 0.902 
Colonization Time:Year(2017):Habitat 
Stability 0.003 0.002 132 1.348 0.180 

Colonization 
Time:Year(2017):Autotrophic Index 0.116 0.051 132 2.272 0.025 

Colonization Time:Habitat 
Stability:Autotrophic Index 0.001 0.000 132 1.593 0.113 

Year(2017):Habitat Stability:Autotrophic 
Index 0.000 0.001 132 0.250 0.803 

Colonization Time:Year(2017):Habitat 
Stability:Autotrophic Index -0.001 0.000 132 -2.180 0.031 

Functional 
Richness 
 

(Intercept) 6.742 2.232 132 3.021 0.003 
Colonization Time 0.162 0.128 132 1.265 0.208 
Year(2017) -5.777 2.464 132 -2.345 0.021 
Habitat Stability -0.013 0.024 3 -0.532 0.631 
Autotrophic Index -0.003 0.064 132 -0.050 0.960 
Colonization Time:Year(2017) -0.229 0.161 132 -1.426 0.156 
Colonization Time:Habitat Stability -0.001 0.001 132 -0.714 0.476 
Year(2017):Habitat Stability 0.042 0.027 132 1.580 0.116 
Colonization Time:Autotrophic Index -0.071 0.039 132 -1.829 0.070 
Year(2017):Autotrophic Index -0.023 0.073 132 -0.321 0.749 
Habitat Stability:Autotrophic Index 0.000 0.001 132 0.035 0.972 
Colonization Time:Year(2017):Habitat 
Stability 0.003 0.002 132 1.435 0.154 

Colonization 
Time:Year(2017):Autotrophic Index 0.087 0.039 132 2.217 0.028 

Colonization Time:Habitat 
Stability:Autotrophic Index 0.001 0.000 132 1.637 0.104 

Year(2017):Habitat Stability:Autotrophic 
Index 0.000 0.001 132 0.385 0.701 

Colonization Time:Year(2017):Habitat 
Stability:Autotrophic Index -0.001 0.000 132 -2.122 0.036 
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Functional 
Dispersion 
 

(Intercept) 0.130 0.133 132 0.975 0.331 
Colonization Time 0.010 0.008 132 1.300 0.196 
Year(2017) 0.142 0.146 132 0.969 0.334 
Habitat Stability 0.001 0.001 3 0.583 0.601 
Autotrophic Index 0.001 0.004 132 0.333 0.740 
Colonization Time:Year(2017) -0.008 0.010 132 -0.889 0.376 
Colonization Time:Habitat Stability 0.000 0.000 132 -1.159 0.248 
Year(2017):Habitat Stability -0.002 0.002 132 -1.049 0.296 
Colonization Time:Autotrophic Index -0.001 0.002 132 -0.270 0.787 
Year(2017):Autotrophic Index -0.002 0.004 132 -0.422 0.674 
Habitat Stability:Autotrophic Index 0.000 0.000 132 -0.040 0.968 
Colonization Time:Year(2017):Habitat 
Stability 0.000 0.000 132 0.588 0.557 

Colonization Time:Year(2017):Autotrophic 
Index 0.001 0.002 132 0.328 0.744 

Colonization Time:Habitat 
Stability:Autotrophic Index 0.000 0.000 132 0.021 0.983 

Year(2017):Habitat Stability:Autotrophic 
Index 0.000 0.000 132 0.208 0.836 

Colonization Time:Year(2017):Habitat 
Stability:Autotrophic Index 0.000 0.000 132 -0.089 0.929 

Taxonomic 
Distinctness 
 

(Intercept) 66.905 11.444 132 5.846 <0.001 
Colonization Time -0.198 0.779 132 -0.254 0.800 
Year(2017) 3.584 14.145 132 0.253 0.800 
Habitat Stability -0.185 0.120 3 -1.543 0.221 
Autotrophic Index -0.324 0.392 132 -0.827 0.410 
Colonization Time:Year(2017) 0.262 0.970 132 0.271 0.787 
Colonization Time:Habitat Stability 0.004 0.008 132 0.435 0.664 
Year(2017):Habitat Stability -0.039 0.155 132 -0.254 0.800 
Colonization Time:Autotrophic Index 0.018 0.234 132 0.078 0.938 
Year(2017):Autotrophic Index 0.362 0.439 132 0.825 0.411 
Habitat Stability:Autotrophic Index 0.004 0.004 132 1.054 0.294 
Colonization Time:Year(2017):Habitat -0.002 0.011 132 -0.204 0.839 
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Stability 
Colonization Time:Year(2017):Autotrophic 
Index -0.168 0.240 132 -0.698 0.486 

Colonization Time:Habitat 
Stability:Autotrophic Index 0.000 0.002 132 -0.214 0.831 

Year(2017):Habitat Stability:Autotrophic 
Index -0.005 0.005 132 -1.034 0.303 

Colonization Time:Year(2017):Habitat 
Stability:Autotrophic Index 0.002 0.002 132 0.989 0.324 

Functionally 
Redundant 
Taxa 
 

(Intercept) -0.031 0.776 136 -0.039 0.969 
Colonization Time -0.044 0.052 136 -0.851 0.396 
Year(2017) -0.488 0.942 136 -0.518 0.605 
Habitat Stability -0.009 0.008 3 -1.159 0.330 
Autotrophic Index -0.005 0.026 136 -0.208 0.835 
Taxonomic Richness 0.273 0.024 136 11.228 <0.001 
Colonization Time:Year(2017) 0.039 0.064 136 0.604 0.547 
Colonization Time:Habitat Stability 0.001 0.001 136 1.017 0.311 
Year(2017):Habitat Stability 0.005 0.010 136 0.523 0.602 
Colonization Time:Autotrophic Index 0.003 0.016 136 0.200 0.842 
Year(2017):Autotrophic Index 0.018 0.029 136 0.609 0.544 
Habitat Stability:Autotrophic Index 0.000 0.000 136 0.270 0.787 
Colonization Time:Year(2017):Habitat 
Stability 0.000 0.001 136 -0.670 0.504 

Colonization Time:Year(2017):Autotrophic 
Index -0.002 0.016 136 -0.154 0.878 

Colonization Time:Habitat 
Stability:Autotrophic Index 0.000 0.000 136 -0.236 0.814 

Year(2017):Habitat Stability:Autotrophic 
Index 0.000 0.000 136 -0.566 0.573 

Colonization Time:Year(2017):Habitat 
Stability:Autotrophic Index 0.000 0.000 136 0.156 0.876 
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Table S4. Mixed effects modeling results of diversity metrics of each sample type (colonization experiment, background 
drift and background benthic composition) in each study year. Significant fixed effects (p<0.05) are highlighted in bold. 

Response Year Fixed Effects Estimate SE DF T value p-value 

Taxonomic 
Richness 
 

2016 
 

(Intercept) 0.740 1.033 153 0.716 0.475 
Habitat Stability 0.064 0.012 3 5.185 0.014 
Sample Type(Colonization) 5.831 1.730 153 3.370 <0.001 
Sample Type(Benthic) 18.886 2.087 153 9.051 <0.001 
Habitat Stability:Sample 
Type(Colonization) -0.067 0.019 153 -3.461 <0.001 

Habitat Stability:Sample Type(Benthic) -0.182 0.025 153 -7.412 <0.001 

2017 
 

(Intercept) 0.577 2.321 120 0.248 0.804 
Habitat Stability 0.046 0.027 3 1.669 0.194 
Sample Type(Benthic) 13.867 1.850 120 7.497 <0.001 
Habitat Stability:Sample Type(Benthic) -0.039 0.022 120 -1.781 0.077 

Functional 
Richness 
 

2016 
 

(Intercept) 2.418 0.714 151 3.386 <0.001 
Habitat Stability 0.034 0.008 3 3.985 0.028 
Sample Type(Colonization) 2.755 1.176 151 2.343 0.020 
Sample Type(Benthic) 14.120 1.413 151 9.990 <0.001 
Habitat Stability:Sample 
Type(Colonization) -0.032 0.013 151 -2.420 0.017 

Habitat Stability:Sample Type(Benthic) -0.136 0.017 151 -8.190 <0.001 

2017 
 

(Intercept) 1.265 1.510 115 0.838 0.404 
Habitat Stability 0.034 0.018 3 1.880 0.157 
Sample Type(Benthic) 12.501 1.237 115 10.106 <0.001 
Habitat Stability:Sample Type(Benthic) -0.075 0.014 115 -5.212 <0.001 

Taxonomic 2016 (Intercept) 64.683 7.046 151 9.180 <0.001 
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Distinctness 
 

 Habitat Stability -0.130 0.084 3 -1.562 0.216 
Sample Type(Colonization) -15.270 5.123 151 -2.981 0.003 
Sample Type(Benthic) 10.191 5.582 151 1.826 0.070 
Habitat Stability:Sample 
Type(Colonization) 0.141 0.056 151 2.516 0.013 

Habitat Stability:Sample Type(Benthic) -0.115 0.066 151 -1.757 0.081 

2017 
 

(Intercept) 58.422 3.478 115 16.799 <0.001 
Habitat Stability -0.063 0.040 3 -1.572 0.214 
Sample Type(Benthic) 11.186 7.066 115 1.583 0.116 
Habitat Stability:Sample Type(Benthic) -0.109 0.083 115 -1.319 0.190 

Functionally 
Redundant 
Taxa 
 

2016 
 

(Intercept) -1.695 0.300 150 -5.659 <0.001 
Taxonomic Richness 0.386 0.023 150 16.950 <0.001 
Habitat Stability 0.003 0.004 3 0.780 0.492 
Sample Type(Colonization) 0.560 0.506 150 1.105 0.271 
Sample Type(Benthic) -2.785 0.724 150 -3.844 <0.001 
Habitat Stability:Sample Type(Colonization) -0.007 0.006 150 -1.191 0.236 
Habitat Stability:Sample Type(Benthic) 0.027 0.008 150 3.340 0.001 

2017 
 

(Intercept) -0.565 0.335 114 -1.686 0.095 
Taxonomic Richness 0.426 0.030 114 14.435 <0.001 
Habitat Stability -0.011 0.004 3 -2.705 0.073 
Sample Type(Benthic) -4.892 0.761 114 -6.426 <0.001 
Habitat Stability:Sample Type(Benthic) 0.057 0.008 114 7.349 <0.001 

Functional 
Dispersion 
 

2016 

(Intercept) 0.221 0.062 151 3.587 <0.001 
Habitat Stability 0.000 0.001 3 0.220 0.840 
Sample Type(Colonization) -0.042 0.050 151 -0.850 0.396 
Sample Type(Benthic) 0.313 0.055 151 5.743 <0.001 
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Habitat Stability:Sample Type(Colonization) 0.000 0.001 151 0.139 0.889 
Habitat Stability:Sample Type(Benthic) -0.003 0.001 151 -5.208 <0.001 

2017 
 

(Intercept) 0.286 0.091 115 3.140 0.002 
Habitat Stability -0.001 0.001 3 -1.001 0.390 
Sample Type(Benthic) -0.015 0.067 115 -0.229 0.819 
Habitat Stability:Sample Type(Benthic) 0.001 0.001 115 0.942 0.348 
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Table S5. Generalized additive model summaries for beta diversity comparisons of 
colonization experiment composition and background benthic communities each year. 
Beta 
diversity 
Method 

Response Year Model Term edf 
Total 

Deviance 
Explained 

F-
statistic p-value 

Taxonomic 

B-Total 

2016 

Full Model (n=58)  
38.0% 

  
ti(Day) 1.000  8.355 0.006 
ti(Average Pfankuch) 1.924  11.212 <0.001 
ti(Day, Average Pfankuch) 1.000  0.029 0.866 

2017 
 

Full Model (n=99)  48.4%   
ti(Day) 1.208  1.661 0.148 
ti(Average Pfankuch) 2.874  10.344 <0.001 
ti(Day, Average Pfankuch) 8.531  3.060 <0.001 

B-Repl 

2016 

Full Model (n=58)  28.2%   ti(Day) 1.000  5.469 0.023 
ti(Average Pfankuch) 1.896  5.692 0.004 
ti(Day, Average Pfankuch) 1.643  0.769 0.389 

2017 

Full Model (n=99)  15.3%   
ti(Day) 1.376  2.671 0.141 
ti(Average Pfankuch) 3.148  2.089 0.211 
ti(Day, Average Pfankuch) 1.000  4.211 0.043 

B-Rich 

2016 

Full Model (n=58)  60.7%   ti(Day) 1.000  21.746 <0.001 
ti(Average Pfankuch) 1.972  28.232 <0.001 
ti(Day, Average Pfankuch) 1.647  0.759 0.419 

2017 

Full Model (n=99)  84.8%   ti(Day) 1.000  6.014 0.016 
ti(Average Pfankuch) 1.869  12.573 <0.001 
ti(Day, Average Pfankuch) 7.152  2.363 0.017 

Phylogenetic 

B-Total 

2016 

Full Model (n=58)  62.9%   
ti(Day) 1.000  22.747 <0.001 
ti(Average Pfankuch) 1.961  33.219 <0.001 
ti(Day, Average Pfankuch) 1.000  0.163 0.688 

2017 

Full Model (n=99)  41.3%   
ti(Day) 1.548  1.941 0.108 
ti(Average Pfankuch) 1.727  9.587 <0.001 
ti(Day, Average Pfankuch) 8.204  2.641 <0.001 

B-Repl 

2016 

Full Model (n=58)  24.5%   
ti(Day) 1.000  0.065 0.800 
ti(Average Pfankuch) 1.896  6.757 0.002 
ti(Day, Average Pfankuch) 1.535  0.518 0.595 

2017 

Full Model (n=99)  24.9%   
ti(Day) 2.145  4.551 0.007 
ti(Average Pfankuch) 2.909  3.143 0.028 
ti(Day, Average Pfankuch) 1.001  4.907 0.029 

B-Rich 

2016 

Full Model (n=58)  70.1%   
ti(Day) 1.000  20.207 <0.001 
ti(Average Pfankuch) 1.978  49.549 <0.001 
ti(Day, Average Pfankuch) 1.703  1.019 0.329 

2017 

Full Model (n=99)  32.1%   
ti(Day) 1.000  8.394 0.005 
ti(Average Pfankuch) 1.000  22.576 <0.001 
ti(Day, Average Pfankuch) 3.698  2.280 0.069 
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Functional 

B-Total 

2016 

Full Model (n=58)  78.5%   
ti(Day) 3.494  7.741 <0.001 
ti(Average Pfankuch) 1.972  73.721 <0.001 
ti(Day, Average Pfankuch) 1.000  0.666 0.418 

2017 

Full Model (n=99)  37.1%   
ti(Day) 1.000  0.779 0.380 
ti(Average Pfankuch) 2.668  10.211 <0.001 
ti(Day, Average Pfankuch) 3.578  3.710 0.007 

B-Repl 

2016 

Full Model (n=58)  12.3%   
ti(Day) 1.996  1.922 0.203 
ti(Average Pfankuch) 1.000  1.590 0.213 
ti(Day, Average Pfankuch) 1.001  0.631 0.431 

2017 

Full Model (n=99)  43.5%   
ti(Day) 1.764  3.404 0.031 
ti(Average Pfankuch) 2.852  12.074 <0.001 
ti(Day, Average Pfankuch) 2.463  5.828 <0.001 

B-Rich 

2016 

Full Model (n=58)  81%   
ti(Day) 3.694  7.675 <0.001 
ti(Average Pfankuch) 1.974  88.727 <0.001 
ti(Day, Average Pfankuch) 1.000  1.368 0.248 

2017 

Full Model (n=99)  34.8%   
ti(Day) 1.000  2.323 0.131 
ti(Average Pfankuch) 1.195  30.011 <0.001 
ti(Day, Average Pfankuch) 2.981  1.652 0.198 
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Table S6. Generalized additive model summaries for beta diversity comparisons of 
colonization experiment composition and drift composition each year. 
Beta 
diversity 
Method 

Response Year Model Term edf 
 Total 
Deviance 
Explained 

F-
statistic p-value 

Taxonomic 

B-Total 

2016 

Full Model (n=58)  45.5%   
ti(Day) 1.818  4.420 0.017 
ti(Average Pfankuch) 1.437  16.119 <0.001 
ti(Day, Average 
Pfankuch) 1.072  0.835 0.337 

2017 

Full Model (n=99)  35.8%   
ti(Day) 1.143  0.336 0.544 
ti(Average Pfankuch) 2.543  6.093 <0.001 
ti(Day, Average 
Pfankuch) 7.901  1.957 0.042 

B-Repl 

2016 

Full Model (n=58)  33.1%   
ti(Day) 1.000  6.134 0.016 
ti(Average Pfankuch) 1.538  11.352 <0.001 
ti(Day, Average 
Pfankuch) 1.335  0.169 0.686 

2017 

Full Model (n=99)  44.4%   
ti(Day) 1.000  8.360 0.005 
ti(Average Pfankuch) 3.852  8.043 <0.001 
ti(Day, Average 
Pfankuch) 3.527  5.985 <0.001 

B-Rich 

2016 

Full Model (n=58)  66.8%   
ti(Day) 1.000  24.01 <0.001 
ti(Average Pfankuch) 1.000  76.41 <0.001 
ti(Day, Average 
Pfankuch) 1.721  1.46 0.278 

2017 

Full Model (n=99)  50%   
ti(Day) 1.000  7.001 0.010 
ti(Average Pfankuch) 3.722  10.979 <0.001 
ti(Day, Average 
Pfankuch) 7.059  2.579 0.009 

Phylogenetic 

B-Total 

2016 

Full Model (n=58)  52.0%   
ti(Day) 2.982  5.39 0.001 
ti(Average Pfankuch) 1.925  13.48 <0.001 
ti(Day, Average 
Pfankuch) 1.454  0.65 0.369 

2017 

Full Model (n=99)  30.9%   
ti(Day) 1.731  1.717 0.168 
ti(Average Pfankuch) 2.187  5.418 0.003 
ti(Day, Average 
Pfankuch) 6.778  1.334 0.245 

B-Repl 2016 

Full Model (n=58)  24.5%   
ti(Day) 1.033  2.790 0.092 
ti(Average Pfankuch) 1.000  11.013 0.002 
ti(Day, Average 
Pfankuch) 1.618  0.951 0.289 
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2017 

Full Model (n=99)  47.4%   
ti(Day) 2.073  5.180 0.004 
ti(Average Pfankuch) 3.793  9.365 <0.001 
ti(Day, Average 
Pfankuch) 3.436  5.129 0.001 

B-Rich 

2016 

Full Model (n=58)  56.8%   
ti(Day) 1.000  20.818 <0.001 
ti(Average Pfankuch) 1.860  20.031 <0.001 
ti(Day, Average 
Pfankuch) 1.758  1.018 0.356 

2017 

Full Model (n=99)  39.3%   
ti(Day) 1.000  9.377 0.003 
ti(Average Pfankuch) 3.287  7.654 <0.001 
ti(Day, Average 
Pfankuch) 3.841  2.927 0.025 

Functional 

B-Total 

2016 

Full Model (n=58)  50.1%   
ti(Day) 3.400  6.928 <0.001 
ti(Average Pfankuch) 1.945  8.010 <0.001 
ti(Day, Average 
Pfankuch) 1.000  1.736 0.194 

2017 

Full Model (n=99)  26.2%   
ti(Day) 1.000  1.880 0.174 
ti(Average Pfankuch) 2.612  8.855 <0.001 
ti(Day, Average 
Pfankuch) 1.724  0.419 0.605 

B-Repl 

2016 

Full Model (n=58)  24.9%   
ti(Day) 2.717  1.494 0.277 
ti(Average Pfankuch) 1.461  3.669 0.025 
ti(Day, Average 
Pfankuch) 1.659  0.895 0.419 

2017 

Full Model (n=99)  35.2%   
ti(Day) 1.179  1.057 0.390 
ti(Average Pfankuch) 3.826  8.683 <0.001 
ti(Day, Average 
Pfankuch) 2.761  1.838 0.166 

B-Rich 

2016 

Full Model (n=58)  53.9%   
ti(Day) 3.586  6.497 <0.001 
ti(Average Pfankuch) 1.960  12.329 <0.001 
ti(Day, Average 
Pfankuch) 1.000  1.652 0.205 

2017 

Full Model (n=99)  36.1%   
ti(Day) 1.000  2.650 0.107 
ti(Average Pfankuch) 3.348  9.632 <0.001 
ti(Day, Average 
Pfankuch) 3.100  1.582 0.206 
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Table S7. Results of PERMANOVA analysis. Significant predictors (p<0.05) are 
highlighted in bold. Letters above sample types refer to figure panels in Figure 3.6.  
 

Sample Types Predictors Df SS MS Pseudo
-F R2 Pr(>F) 

(A)  
All Samples 
 

Habitat Stability 1 0.555 0.555 1.958 0.078 0.041 
Sample Type 2 0.841 0.420 1.483 0.119 0.098 
Year 1 0.741 0.741 2.615 0.105 0.008 
Habitat Stability:Sample Type 2 0.693 0.347 1.223 0.098 0.226 
Habitat Stability:Year 1 0.202 0.202 0.712 0.029 0.724 
Sample Type:Year 1 0.233 0.233 0.820 0.033 0.613 
Habitat Stability:Sample 
Type:Year 1 0.123 0.123 0.433 0.017 0.956 

Residuals 13 3.684 0.283  0.521  
Total 22 7.071   1.000  

(B)  
Benthic & Drift 
 

Habitat Stability 1 0.812 0.812 3.726 0.142 0.001 
Sample Type 1 0.305 0.305 1.401 0.053 0.192 
Year 1 0.863 0.863 3.964 0.151 <0.001 
Habitat Stability:Sample Type 1 0.252 0.252 1.155 0.044 0.325 
Habitat Stability:Year 1 0.213 0.213 0.980 0.037 0.445 
Residuals 15 3.267 0.218  0.572  
Total 20 5.712   1.000  

(C) 
Colonization & 
Benthic 2016 
 

Habitat Stability 1 0.737 0.737 4.087 0.198 0.008 
Sample Type 1 0.187 0.187 1.035 0.050 0.385 
Colonization Time 1 0.248 0.248 1.374 0.067 0.221 
Habitat Stability:Sample Type 1 0.257 0.257 1.425 0.069 0.245 
Habitat Stability:Colonization 
Time 1 0.124 0.124 0.687 0.033 0.625 

Residuals 12 2.164 0.180  0.582  
Total 17 3.717   1.000  

(D) 
Colonization & 
Benthic 2017 
 

Habitat Stability 1 0.987 0.987 4.583 0.107 <0.001 
Sample Type 1 1.620 1.620 7.524 0.176 <0.001 
Colonization Time 1 0.516 0.516 2.398 0.056 0.020 
Habitat Stability:Sample Type 1 0.533 0.533 2.475 0.058 0.011 
Habitat Stability:Colonization 
Time 1 0.373 0.373 1.733 0.041 0.089 

Residuals 24 5.167 0.215  0.562  
Total 29 9.196   1.000  
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SUPPLEMENTARY INFORMATION FOR CHAPTER 4: ARE MOUNTAIN 

PASSES DANGEROUS IN THE TROPICS? INTERANNUAL COMMUNITY 

STABILITY ALONG ELEVATION AND DISTURBANCE GRADIENTS IN 

TROPICAL STREAMS. 
 
Figures 
 

 
Figure S1. Landslide inventory in Quijos River drainage. Study area is shown in red 
on the map of South America on the right. 
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Table S1. Parameter classes and weightings of contributing factors to landslide 
susceptibility in the Quijos River drainage.  

Contributing 

Factor 
Category 

Total Area 

(km2) 

Landslide 

Area 

(km2) 

Weighting 

Slope 

0-9 degrees 397.010 0.231 -0.172 

10-19 degrees 846.080 0.436 -0.292 

20-29 degrees 827.060 0.685 0.181 

30-39 degrees 361.770 0.351 0.339 

40-49 degrees 43.036 0.009 -1.245 

50-59 degrees 2.037 0.000 -2.000 

Aspect 

0-44 degrees 321.030 0.513 0.839 

45-89 degrees 349.240 0.582 0.880 

90-134 degrees 366.170 0.094 -0.989 

135-179 degrees 339.720 0.154 -0.422 

180-224 degrees 308.910 0.205 -0.039 

225-269 degrees 251.390 0.000 -2.000 

270-314 degrees 247.200 0.000 -2.000 

315-360 degrees 292.250 0.163 -0.217 

Precipitation 

1000-1250 mm/yr 0.756 0.000 -2.000 

1250-1500 mm/yr 70.079 0.000 -2.000 

1500-1750 mm/yr 438.850 0.296 0.020 

1750-2000 mm/yr 377.830 0.678 1.000 

2000-2500 mm/yr 286.720 0.349 0.611 

2500-3000 mm/yr 552.570 0.244 -0.401 

3000-4000 mm/yr 458.120 0.094 -1.164 

4000-5000 mm/yr 330.890 0.000 -2.000 

Geology 

Missing data 6.816 0.000 -2.000 

Alluvial fan 0.563 0.000 -2.000 

Basalt-pyroxene andesites 19.491 0.000 -2.000 

Breccia basalt-pyroxene andesite lahar 200.170 0.000 -2.000 

Fine to medium-grain quartz 

sandstone 
8.524 0.000 -2.000 

Alluvial cone 0.616 0.000 -2.000 

Quartzite, slate, shale, phyllite 97.071 0.000 -2.000 

Alluvial plain 12.264 0.033 1.393 

Colluvium 6.646 0.000 -2.000 
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Alluvial terrace 77.009 0.000 -2.000 

Fluvioglacial deposits 12.314 0.000 -2.000 

Pyroclastic fluvioglacial deposits 7.732 0.027 1.647 

Glacial deposits 70.704 0.105 0.812 

Glacial moraines 3.591 0.000 -2.000 

Mudslide 0.369 0.000 -2.000 

Gneiss schist 8.782 0.000 -2.000 

Slate, phyllite, quartzite, schist, pelitic 

gneiss 
1312.600 1.246 0.363 

Lava flow 5.148 0.000 -2.000 

Granitoids 75.504 0.000 -2.000 

Lahar 16.458 0.000 -2.000 

Agglomerated clay and silt lahar  59.148 0.000 -2.000 

Basalt 33.339 0.000 -2.000 

Volcanic breccia 12.007 0.000 -2.000 

Undifferentiated pyroclastic lava 267.760 0.188 0.061 

Pyroclastic lava 162.780 0.000 -2.000 

Metavolcanic rock 14.555 0.000 -2.000 

Undifferentiated metamorphic rock 0.094 0.000 -2.000 

Terrace 8.154 0.000 -2.000 

Fluvial terrace 15.583 0.063 1.804 
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Table S2. Linear mixed effect model results of total beta diversity, beta diversity due 
to richness differences, and beta diversity due to turnover of functional, phylogenetic, 
and taxonomic community composition across time points at each stream along the 
elevation gradient. Significant fixed effect terms (p≤0.05) are shown in bold.  
 

Response 
Calculation 

Type 
Fixed Effects Value SE DF 

T 

statistic 
p-value 

Total Beta 

Diversity 

 

Functional 

 

(Intercept) 0.073 0.035 49 2.099 0.041 

Time Difference 

(Years) 
-0.001 0.007 49 -0.140 0.889 

Habitat Stability 0.001 <0.001 8 2.878 0.021 

Phylogenetic 

 

(Intercept) 0.135 0.051 49 2.634 0.011 

Time Difference 

(Years) 
0.022 0.008 49 2.620 0.012 

Habitat Stability 0.002 0.001 8 3.278 0.011 

Taxonomic 

 

(Intercept) 0.195 0.073 49 2.678 0.010 

Time Difference 

(Years) 
0.032 0.010 49 3.183 0.003 

Habitat Stability 0.002 0.001 8 2.463 0.039 

 

Richness 

Difference 

Beta 

Diversity 

Functional 

 

(Intercept) 0.038 0.031 49 1.234 0.223 

Time Difference 

(Years) 
-0.009 0.005 49 -1.978 0.054 

Habitat Stability 0.001 <0.001 8 2.037 0.076 

Phylogenetic 

 

(Intercept) 0.027 0.043 49 0.627 0.534 

Time Difference 

(Years) 
-0.012 0.007 49 -1.557 0.126 

Habitat Stability 0.001 <0.001 8 2.943 0.019 

Taxonomic 

 

(Intercept) 0.024 0.055 49 0.433 0.667 

Time Difference 

(Years) 
0.002 0.008 49 0.243 0.809 

Habitat Stability 0.001 0.001 8 2.028 0.077 

Turnover 

Beta 

Diversity 

 

Functional 

 

(Intercept) 0.035 0.036 49 0.969 0.337 

Time Difference 

(Years) 
0.008 0.007 49 1.139 0.260 

Habitat Stability <0.001 <0.001 8 0.993 0.350 



 

186 

Phylogenetic 

 

(Intercept) 0.116 0.055 49 2.103 0.041 

Time Difference 

(Years) 
0.034 0.010 49 3.321 0.002 

Habitat Stability <0.001 0.001 8 0.688 0.511 

Taxonomic 

 

(Intercept) 0.175 0.081 49 2.165 0.035 

Time Difference 

(Years) 
0.031 0.012 49 2.539 0.014 

Habitat Stability 0.001 0.001 8 0.809 0.442 
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Table S3. Multiple regression on distance matrices of total beta diversity, beta 
diversity due to richness differences, and beta diversity due to turnover of functional, 
phylogenetic, and taxonomic community composition. Pairwise beta diversity was 
calculated each year for communities from different streams along the elevation  
gradient. Significant predictors (p≤0.05) are shown in bold. 

Response 
Calculation 

Type 
Predictors p-value R2 Model 

Pseudo-F 

Model  

p-

value 

Total Beta 

Diversity 

 

Functional 

 

Elevation Difference <0.001 0.013 998.239 <0.001 

Year 0.490 

   Habitat Stability Difference 0.597 

   
Phylogenetic 

 

Elevation Difference <0.001 0.042 3363.723 <0.001 

Year 0.001 

   Habitat Stability Difference <0.001 

   
Taxonomic 

 

Elevation Difference <0.001 0.034 2746.443 <0.001 

Year <0.001 

   Habitat Stability Difference <0.001 

   

 

Richness 

Difference 

Beta 

Diversity 

Functional 

 

Elevation Difference 0.382 0.001 40.147 0.330 

Year 0.192 

   Habitat Stability Difference 0.607 

   
Phylogenetic 

 

Elevation Difference 0.975 <0.001 2.199 0.979 

Year 0.915 

   Habitat Stability Difference 0.684 

   
Taxonomic 

 

Elevation Difference 0.833 <0.001 2.958 0.964 

Year 0.722 

   Habitat Stability Difference 0.827 

   

Turnover 

Beta 

Diversity 

 

Functional 

 

Elevation Difference <0.001 0.007 531.872 <0.001 

Year 0.926 

   Habitat Stability Difference 0.458 

   
Phylogenetic 

 

Elevation Difference <0.001 0.026 2091.728 <0.001 

Year 0.001 

   Habitat Stability Difference 0.255 

   
Taxonomic 

 

Elevation Difference <0.001 0.024 1888.311 <0.001 

Year <0.001 

   Habitat Stability Difference 0.261 
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