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The biosphere regulates Earth’s climate through the exchange of greenhouse gases between 

ecosystems and the atmosphere. Human activities have altered terrestrial ecosystems to a 

substantial degree, with consequence to greenhouse gas exchange rates and climate. 

Anthropogenic impacts to ecosystem methane (CH4) fluxes are poorly understood and require 

further study, as CH4 emissions are growing and the causes are uncertain. This dissertation 

explores CH4 fluxes from subtropical cattle pastures and cities to better understand 

greenhouse gas exchange in human-dominated ecosystems. These disparate systems are 

globally relevant because pastures are the most common, and cities are the fastest growing, 

land use. 

Chapter One describes CH4 fluxes from subtropical cattle pastures in south Florida 

using a variety of observational approaches. We found that highly variable emissions from the 

flooded landscape were the dominant CH4 source and, unexpectedly, cattle-emitted CH4 was a 

minor component of ecosystem emissions. Chapter Two further investigates the hydrologic 

controls of pasture CH4 fluxes using eddy covariance measurements and laboratory 

manipulations. We found that flooding of a thin horizon of surface organic soil drove pasture 

CH4 fluxes, suggesting that small changes in pasture water table dynamics could induce large 



 

changes in emissions. Chapter Three assesses the impact of water management, and 

consequent CH4 emissions, on pasture greenhouse gas budgets by combining eddy covariance 

observations with analysis of water retention data from south Florida pastures. Subtropical 

pastures were net CO2 sinks, but strong greenhouse gas sources when accounting for CH4 

emissions, and water retention practices are likely responsible for only a minor component of 

pasture and regional greenhouse gas emissions. Chapter Four assesses the impact of natural 

gas use on greenhouse gas emissions from Ithaca, New York, using mobile surveys and 

atmospheric monitoring of CO2 and CH4 concentrations and isotopes. Pipeline CH4 leakage 

rates in Ithaca were low, likely due to a well-maintained pipeline system, but we observed 

clear signs of natural gas leakage and combustion from the atmospheric monitoring site. This 

result, combined with spatial analysis, demonstrates a natural gas heat and electricity 

cogeneration plant is a significant emissions source in Ithaca. In all, this dissertation 

demonstrates that human-dominated ecosystems play an important role in terrestrial CH4 

exchange and that management choices influence ecosystem greenhouse gas emissions. 
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ABSTRACT 

Cattle are a major methane (CH4) source from pasture ecosystems, however the underlying 

landscape can be a significant and unaccounted source of CH4. In general, landscape CH4 

emissions are poorly quantified, vary widely across time and space, and are easily 

underestimated if emission hotspots or episodic fluxes are overlooked. In this study, CH4 

emissions from subtropical lowland pastures were quantified using static chambers, eddy 

covariance, and mobile spectrometer surveys. Landscape emissions were the dominant CH4 

source, and cattle were responsible for 19-30% of annual emissions. The entire ecosystem 

emitted 33.84 ± 2.25 g CH4 m-2 yr-1 as estimated by eddy covariance measured fluxes. 

Landscape emissions were highly variable, and seasonal flooding drove high magnitude 

emissions from the underlying landscape. Large CH4 emissions were observed from wetlands 

and, to a lesser extent, the entire landscape during the wet season. In contrast, during the dry 

season there were no appreciable landscape CH4 emissions, though canals, which cover only 

1.7% of the total land area, were responsible for 97.7% of dry season emissions. Ecosystem 

CH4 fluxes, measured by eddy covariance, varied seasonally and positively correlated to 

water table depth, soil and air temperature, and topsoil water content. The results presented 

here are the first to use mobile spectrometers to map biogenic CH4 emissions at the landscape 

scale, and strongly suggest that the underlying landscape is a strong CH4 source that must be 

considered in addition to cattle emissions. 

 

INTRODUCTION 

Pastures are globally widespread and play an important role in greenhouse gas exchange and 

terrestrial carbon (C) storage. Pastures and rangelands cover ~22% of global ice-free surface 
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and remove ~0.2 Pg C yr-1 from the atmosphere (Ramankutty et al., 2008; Follett and Reed, 

2010). These ecosystems are also major sources of methane (CH4), a greenhouse gas with a 

warming potential ~25 times higher than carbon dioxide (CO2) over a 100 year time horizon 

(Forster et al., 2007). Pasture CH4 sources are biogenic, and include cattle, saturated soils, and 

open water, where Archaea produce CH4 under low-redox anaerobic conditions (Conrad, 

2007). Cattle and wetland emissions are important components of the global CH4 budget, and 

emit roughly 80 Tg CH4 yr-1 and 105 Tg CH4 yr-1 to the atmosphere respectively (Bridgham et 

al., 2006; Lassey, 2007). Pasture CO2 uptake is particularly high in tropical and subtropical 

regions and may offset CH4 emissions from grazing cattle (Conant and Paustian, 2002; 

Soussana et al., 2010). However, CO2 and CH4 exchanges in these environments are rarely 

evaluated simultaneously. 

To date, observations of pasture greenhouse gas exchange have focused primarily on 

temperate upland or peatland pastures. Cattle emissions are generally considered the dominant 

component of these pasture CH4 budgets, and can be estimated with some degree of certainty 

using emission factors and cattle stocking data (Nieveen et al., 2005; Allard et al., 2007; 

Lassey 2007; Teh et al., 2011; United States Environmental Protection Agency, 2012). 

However, lowland pastures may exhibit considerable CH4 emissions from the seasonally 

flooded landscape in addition to direct cattle emissions. Methane fluxes from seasonally 

flooded ecosystems are globally significant and highly uncertain (Melack et al., 2004; 

Kirschke et al., 2013). These landscape emissions tend to vary across time and space, are 

commonly driven by landform ‘hotspots’ or episodic fluxes, and are often difficult to estimate 

without direct measurement (Schrier-Uijl et al., 2010a; Teh et al., 2011). 
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Large areas of lowland pasture are located within the northern Everglades watershed 

of south Florida. Pasture development in the region was facilitated by large-scale drainage 

efforts that allowed year-round settlement of a once seasonally flooded ecosystem (Bohlen et 

al., 2009). Unlike peatlands found in the Everglades to the south, the northern Everglades 

watershed is characterized by sandy mineral soils. The pre-drainage landscape was primarily 

dry and wet prairie containing a mosaic of embedded depressional wetlands, and sheet flow 

during the wet season would flood both prairie and wetlands. The watershed was heavily 

drained between 1940 and 1970 for flood control and cattle ranching (Swain et al., 2013), and 

within the watershed today, improved pasture is the dominant land-use and covers more than 

35% of the total land area (Hiscock et al., 2003). Improved pastures are actively managed, 

fertilized, and planted with introduced forage for livestock. 

The northern Everglades watershed retains many pre-drainage characteristics. Though 

drainage and water management has reduced seasonal flooding, depressional wetlands and 

ditches routinely flood during the wet season, and entire pastures flood during heavy wet 

seasons (Bohlen and Gathumbi, 2007; Bohlen and Villapando, 2011). Flooded pastures may 

be responsible for high magnitude CH4 emissions that vary across time and space, yet the 

magnitude of these fluxes remains unknown. 

Pasture and other natural and managed ecosystem CH4 fluxes are commonly 

quantified by eddy covariance, static chamber techniques, or a combination of the two (Allard 

et al., 2007; Rinne et al., 2007; Kroon et al., 2010; Dengel et al., 2011; Herbst et al., 2011; 

Teh et al., 2011; Baldocchi et al., 2012; Hatala et al., 2012; Wang et al., 2012; Nicolini et al., 

2013; Olson et al., 2013; Matthes et al., 2014). Combining these methods allows for a more 

holistic understanding of variable ecosystem CH4 fluxes. However, emission hotspots are 



 5 

often a significant component of ecosystem greenhouse gas budgets (Groffman et al., 2009; 

Schrier-Uijl et al., 2010a; Teh et al., 2011), and important hotspots may be overlooked 

depending on sampling effort, chamber placement, and tower placement. To address this 

issue, this study mapped CH4 concentrations spatially to ensure a complete consideration of 

hotpot emissions using a mobile wavelength-scanned cavity ringdown spectrometer (WS-

CRDS). 

The goals of this work were to: 1) quantify the spatial and temporal variability of 

landscape fluxes from subtropical pastures, 2) determine the controls of these fluxes, and 3) 

compare the magnitude of underlying landscape fluxes to that of cattle grazing the landscape. 

To quantify these potentially variable fluxes, we used chambers to measure fluxes from 

dominant landforms across season and determined the response of pasture CH4 fluxes to large 

episodic rain events, eddy covariance to measure seasonal variability of ecosystem CH4 

fluxes, and mobile WS-CRDS surveys to map CH4 concentrations during dry and wet 

seasons. To our knowledge, this is the first study to use WS-CRDS mobile surveys to map 

biogenic CH4 emissions at the landscape-scale. We expected emissions to be highly variable 

across time and space, and expected large emissions to be driven by wet season flooding of 

low-lying landforms. We also expected that emission from the underlying landscape would 

approach the magnitude of emissions from cattle stocked within the pasture. This study 

quantifies variable ecosystem fluxes from subtropical pastures, provides a comparison 

between landscape and cattle-emitted CH4, and estimates an overall CH4 budget for 

subtropical lowland pastures in south Florida. 
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METHODS 

Study Site 

All measurements were made between 2012 and 2014 within a single improved pasture 

(Griffin Park pasture; 92.1 ha) at the MacArthur Agro-Ecology Research Center (MAERC), a 

4290-ha commercial cattle ranch and ecological field station (a division of Archbold 

Biological Station; N 27.1632004, W 81.187302). The Griffin Park pasture contains three 

depressional wetlands, cabbage palm hammocks, a network of drainage ditches, and regularly 

inundated canals. The pasture is planted with Bahia grass (Paspalum notatum), an introduced 

forage species, and is rotationally grazed by cattle. Cattle were grazed at a moderate density 

(~1.6 cow ha-1) recommended for south Florida pastures (Hersom, 2002). Herbicide and 

fertilizer has not been applied to the pasture since 2006-08 and 2007-04, respectively. Soils 

are primarily poorly drained spodosols. The area averages 1300mm of rain per year, 75% of 

which falls in the summer wet season (Gathumbi et al., 2005). 

 

Eddy Covariance Measures 

An eddy covariance tower within the pasture (N 27.1632004, W 81.187302) measured 

continuous fluxes of heat, energy, water vapor, CO2, and CH4. This tower is integrated within 

a five-tower array at MAERC measuring ecosystem fluxes from multiple land uses. A three-

dimensional sonic anemometer measured wind speed and direction (CSAT3, Campbell 

Scientific Inc., Logan, UT, USA) and open-path infrared gas analyzers measured H2O, CO2, 

and CH4 concentrations (LI-7500A and LI-7700, Licor Inc., Lincoln, NE, USA). All 

instrumentation was installed 2.6 m above the ground surface and interfaced with a LI-7550 

data logging system (Licor Inc, Lincoln, NE, USA). All data were collected at 10 Hz and 
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transferred by modem for processing and analysis. Water table depth (m below surface) was 

monitored at the tower with a CS451 pressure transducer (Campbell Scientific Inc., Logan, 

UT, USA). Soil volumetric water content (VWC; m3 m-3) was measured at 5, 10, 20 cm below 

land surface with CS-616 water content reflectometers (Campbell Scientific Inc., Logan, UT, 

USA). Soil and air temperatures (°C) were also measured at 5, 10, 20 cm below land surface 

with copper-constantan thermocouples. All auxiliary measures were reported at 30 min 

intervals and logged to a CR3000 datalogger (Campbell Scientific Inc., Logan, UT, USA) 

time synced to the LI-7550. 

 All fluxes were computed as the covariance of vertical wind velocity and gas 

concentration over 30-minute intervals. Raw data were screened for spikes, amplitude 

resolution, drop-outs, absolute value limits, and skewness and kurtosis with tests described in 

Vickers and Mahrt (1997) and designated default in EddyPro 4.2 (Licor Inc., Lincoln, NE, 

USA). We applied double rotation tilt corrections to align anemometer measurements with 

respect to mean wind streamlines, and used block averaging to calculate mean wind speed and 

gas concentrations over the 30-minute flux interval. Time lags between measured variables 

were corrected using the covariance maximization method. The Webb, Pearman, and Leuning 

corrections for density fluctuations were applied according to Webb et al. (1980), fully 

analytic spectral corrections were applied according to Moncrieff et al. (1997), and data 

quality was flagged according to Foken et al. (2005). Quality flags range from 1 (best) to 9 

(worst), and fluxes were rejected for flags > 5. We estimated the tower footprint according to 

Hsieh et al., (2000). All of the above corrections and data processing were completed in 

EddyPro 4.2 (Licor Inc., Lincoln, NE, USA). We used friction velocity (µ*) filtering to 

remove all nighttime fluxes collected during periods of low turbulence (µ* < 0.14 m s-1) 
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following methods in Aubinet et al., (2012). Overall, 53% of all half-hourly fluxes were 

removed from the long-term dataset according to quality flag and µ*-threshold criteria. 

 

Mobile WS-CRDS Surveys 

To quantify spatial heterogeneity of CH4 emissions from the pasture, real-time CH4 

concentrations were measured with a mobile WS-CRDS (G2201-i, Picarro Inc., Sunnyvale, 

CA, USA) installed in an off-road vehicle (Ranger, Polaris Industries, Medina, MN, USA). 

This technique has been used to survey CH4 leaks from refineries, industry, cities, and natural 

gas infrastructure (Shorter et al., 1996; Farrell et al., 2013; Leifer et al., 2013; Phillips et al., 

2013; Jackson et al., 2014). Air samples were drawn through perforations in ¼” Teflon tubing 

attached to the vehicle’s front bumper (~0.5 m above ground surface) covered with PTFE 

membrane filters. We used the Picarro Invesigator mobile system (Picarro Inc., Sunnyvale, 

CA, USA) in the wet season, and a self-designed custom system in the dry season. For both 

configurations, a 12V battery bank supplied power and GPS recorded location at 1-second 

intervals. The Investigator system merged location data with G2201-i output with Picarro P3 

software (Picarro Inc., Sunnyvale, CA, USA), while the custom system recorded GPS location 

(GPS18x, Garmin Ltd., Olathe, KS, USA) in a separate file and then WS-CRDS and GPS data 

files were merged post-survey. Time lags between GPS location and CH4 measurements due 

to sample tubing length (~3.7 m) were corrected by measuring the time delay between gas 

standard injections at the bumper inlet and G2201-i response. GPS location was then matched 

with delay-corrected CH4 concentration measurements during data processing. The G2201-i 

was calibrated with known standards of CH4 in air (Air Liquide, Philadelphia, PA, USA). 
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 We surveyed north to south transects to evenly sample the pasture and all major 

landforms, and conducted surveys at night when atmospheric turbulence was low. Gas 

concentrations at the land surface are generally higher at night due to decreased wind speed 

and increased atmospheric stability, and mobile surveys of CH4 plumes are commonly 

conducted at night for this reason (Shorter et al., 1996; Farrell et al., 2013; Leifer et al., 2013). 

The same transect was followed on four nights during the wet season (2013-08-23, 2013-08-

25, 2013-09-01, 2013-09-02) and four nights during the dry season (2014-03-26, 2014-03-30, 

2014-04-01, 2014-04-03). Data were visualized by kriging CH4 concentrations across a 

coordinate grid (see Statistical Analysis and Geostatistical Mapping below). Emission maps 

were then compared to LIDAR remote sensing imagery of the pasture obtained from the 

MacArthur Agro-ecology Research Center (http://www.archbold- 

station.org/html/datapub/data/spatialdata.html). 

 

Chamber Flux Measures 

All chamber fluxes were measured between June 2012 and July 2014. Within each year, 

fluxes were measured in both dry and wet seasons. Wet season (May-October) fluxes were 

measured August-September 2013 and June-July 2014. Dry season (November-April) fluxes 

were measured February-March 2013 and March-April 2014. All chamber measurements took 

place within the pasture containing the eddy covariance tower. Landform fluxes were 

measured from improved pasture, palm hammocks, ditches, canals, and depressional 

wetlands. Three chamber collars were installed 3 m from one another within each landform 

and sampled concurrently. Chamber fluxes from each landform were measured biweekly. Soil 

collars were inserted 3 cm into the ground and enclosed a 0.065 m2 area. When the water level 
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was too deep to insert collars (> 3 cm above ground surface), fluxes were measured from the 

water surface using three floating chambers. Floating chambers enclosed a 0.037 m2 area and 

6.71 L volume. Soil and floating chambers were pressure vented to the atmosphere. Soil 

chambers were installed five days prior to initial sampling to minimize the impact of 

disturbance on measured fluxes. 

Chamber headspaces were closed for 30 min, and four gas samples were withdrawn 

using a 60 ml syringe at 30 sec, 10 min, 20 min, and 30 min after closure. Gas samples were 

transferred to 22 ml pre-evacuated gas vials sealed with Geo-Microbial Technologies septa 

(Geo-Microbial Technologies Inc., Ochleata, OK, USA). All samples were analyzed for CO2 

and CH4 concentration on a Picarro G2201-i analyzer equipped with a Picarro SSIM2 Small 

Sample Isotope Module (Picarro Inc., Sunnyvale, CA, USA). The G2201-i and SSIM2 were 

calibrated with known standards of CH4 in air (Air Liquide, Philadelphia, PA, USA). All 

samples were analyzed within 3 months of collection. Methane travel standards (10 ppm) 

detected no leakage between collection and analysis. Chamber fluxes were calculated by 

applying a linear regression to concentrations over time (P < 0.05), fluxes that did not meet 

the regression criteria were omitted from analyses. Exceptions were made when CH4 

concentration varied less than 0.2 ppm throughout the closure period. In this case, fluxes that 

did not meet the P < 0.05 linear regression criteria were set to zero. For floating chambers, 

ebullition fluxes were analyzed separately and were assumed to occur when CH4 

concentration abruptly and non-linearly rose during chamber closure. Ebullition fluxes were 

calculated as the total concentration increase over the 30 min closure period. 

Soil temperature (°C), volumetric water content (VWC; m3 m-3), and water table depth 

(m below surface) was monitored at the time of chamber measurement. Soil temperatures 
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were measured every 30 min at 5 cm depth with buried HOBO Pendant data loggers (Onset 

Co., Bourne, MA). Volumetric water content (0 – 5 cm) was measured using a handheld TDR 

probe (ML2, Delta-T Devices Ltd. Cambridge, UK) and reported as the average of four 

measurements taken directly outside of the chamber base. Water table depth (m below 

surface) was measured from an augered well at each chamber site. For each floating chamber 

we measured water temperature (°C) at 30 min intervals with HOBO Pendant data loggers 

(Onset Co., Bourne, MA). 

 

Stimulated Large Rain Event 

Large rain events were defined as > 2 inches of rain occurring over a 48-hour period. From 

1969-2012, rain events fitting these criteria have occurred in the northern Everglades 

watershed approximately four days per year (Florida Climate Center, 2013). Two simulated 

rain events were conducted in February 2012. We simulated large rain events in the dry 

season to quantify the effect of episodic rains on pasture CH4 fluxes. We applied two inches 

of water over a 0.5 m by 1.5 m marked area containing three equidistant soil chambers. Water 

was spread evenly across the entire area over the span of 10 minutes using a large plastic tub 

with perforated holes in the base. Chamber fluxes were then measured at -1, 0.25, 1.5, 3.5, 6, 

12, and 24 hours after water addition using the methods described above. 

 

Methane Budget and Cattle Emission Estimates 

Annual CH4 budgets were estimated using three strategies: 1) scaling from spatially weighted 

landform fluxes, 2) eddy covariance and 3) total cattle emissions estimated by Tier 2 IPCC 

guidelines. All budgets were calculated from 2013-05-01 to 2014-04-30. This time period was 
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chosen to cover one annual wet-dry cycle. For the chamber-based budget, we estimated the 

areal extent of each landform in GoogleEarth Pro (Google Inc., Mountain View, CA, USA) 

weighing the contribution of each landform flux by percent land cover of the entire pasture. 

Wet season fluxes were applied from 2013-05-01 to 2013-10-31, and dry season fluxes were 

applied from 2013-11-01 to 2014-04-30. Only fluxes measured within the one-year time 

frame were applied with the exception of wet season hammock fluxes. For wet season 

hammock fluxes, we applied values measured in wet season 2014 because no hammock 

fluxes were measured during the wet season in 2013. 

 The annual eddy covariance budget was calculated as the sum of 365 daily mean CH4 

fluxes. Daily fluxes were estimated following methods outlined in Rinne et al. (2007). For 

days with data coverage greater than 33%, daily fluxes were calculated as the mean of all 

half-hourly measurements scaled over the 24-hour day. Diurnal variation in half-hourly fluxes 

was not observed in either season, and we therefore did not introduce systematic bias to daily 

estimates by scaling daily datasets with > 33% coverage. Days with less than 33% coverage 

were gap filled by linear interpolation. Fourteen percent of days in the year were gap filled, 

and the longest gap filled was nine days. 

Total cattle emissions were estimated for the Griffin Park pasture using IPCC Tier 2 

emission factors generated from cattle management data supplied by MAERC and suggested 

input data for Florida beef cattle  (IPCC, 2006; EPA, 2014). Emission factors were estimated 

for both direct CH4 emissions from enteric fermentation and CH4 emissions from manure 

deposited on pasture. Cattle emission estimates were generated using herd size, average 

weight, percent of cows pregnant, and forage information for herds grazing the Griffin Park 

pasture from 2013-05-01 to 2014-04-30. Using IPCC Tier 2 guidelines, we estimated gross 
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energy intake (MJ day-1) and consequent emission factors (kg CH4 animal-1 yr-1) for two 

subcategories of cattle grazing the pasture: 1) mature non-pregnant cows and 2) mature 

pregnant cows. These categories were chosen based on the availability of sufficient cattle 

management data. A complete discussion of the Tier 2 estimation process is further outlined 

within the Appendix. Manure and enteric fermentation CH4 budgets were calculated at a daily 

time scale accounting for herd size and the percentage of herd pregnant within the pasture. 

Cattle emission estimates were then divided by the total area of the Griffin Park pasture (92.1 

ha) to yield comparable units of g CH4 m-2 yr-1. 

Cattle management data were also used to bound the potential contribution of enteric 

fermentation emissions to the eddy covariance measured fluxes assuming cattle were: 1) 

equally dispersed across the entire pasture (by dividing daily enteric fermentation emissions 

by the entire pasture area), or 2) all located within the tower footprint area (by dividing daily 

enteric fermentation emissions by the annual mean 90% tower footprint area). These estimates 

are presented in Figure 1.1 and were used to place general bounds on the potential 

contribution of enteric fermentation-emitted CH4 to net ecosystem fluxes. Footprint area was 

estimated by calculating the 90% footprint fetch and lateral spread using models outlined in 

Hsieh et al. (2000) and Detto et al. (2006), respectively. The footprint area was averaged 

across the entire measurement period so that potential cattle emissions reflected changes in 

stocking density, rather than day-to-day variability in footprint area. The estimated footprint 

area (fetch = 541 m, lateral spread = 177 m, area = 75207 m2) encompassed 8% of the total 

pasture area. These theoretical cattle enteric fermentation emission bounds are referred to 

throughout as ‘potential cattle emissions’. 
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Statistical Analysis and Geostatistical Mapping 

All spatial survey data were kriged in R 3.0.1 using the “sp” and “gstat” packages (R Core 

Team, 2013). Pasture CH4 concentrations were interpolated across a 2 m x 2 m two-

dimensional coordinate grid (460 x 590 grid cells) using ordinary kriging. A semivariogram 

was produced from measured concentrations and kriged concentrations were predicted using 

the exponential model:
 
 

𝛾 h = 𝐶! + 𝐶! ∙ 1− 𝑒
! !

!     when   h > 0  

Where h is the distance between locations, γ(h) is the predicted semivariance at a distance h, 

C0 is the nugget, C0 + C1 is the sill, and a is the range. 

 We used Kruskal-Wallis non-parameteric ANOVA to evaluate whether landform CH4 

fluxes exhibited significant spatial and temporal variability, Mann-Whitney U tests to 

determine whether landform fluxes varied seasonally, and Tukey’s HSD analyses to 

determine significant mean differences for comparisons between environmental variables and 

fluxes in the simulated rain treatment. Linear regression was used to determine significant 

relationships between environmental variables, landform fluxes, and daily-averaged 

ecosystem fluxes. Methane fluxes were log transformed to meet assumptions of normality. All 

regressions of eddy covariance fluxes to environmental variables were conducted on daily 

averaged values due to high levels of random error in half-hourly fluxes. 
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Figure 1.1 Water table depth (WTD; top panel) and daily mean CH4 fluxes (bottom panel) measured 
by eddy covariance. The shaded area on the bottom panel represents the potential range of cattle-
emitted CH4 throughout the measurement period. The 90% flux footprint area was averaged over the 
entire measurement period to normalize potential cattle emissions, and was calculated according to 
models in Hsieh et al. (2000) and Detto et al. (2006). 
 

RESULTS 

Ecosystem CH4 fluxes, measured by eddy covariance, were high from the pastures. Emissions 

peaked during the wet season (May – October) when the water table rapidly approached the 

land surface and flooded the pasture (Figure 1.1). At the onset of the dry season (November – 

April), the water table retreated from the land surface to ~1 m below surface and CH4 

emissions reduced to near zero fluxes concurrently. Positive emission spikes were observed 

throughout the dry season (Figure 1.1). Cattle were rotationally grazed at a moderate stocking 

density (~1.6 cows/ha) throughout the pasture during the measurement period and likely 

contributed to observed ecosystem fluxes. Potential cattle emissions (enteric fermentation  
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only) are represented in Figure 1.1 as the grey shaded range on the bottom panel. Upper 

bounds of the shaded range assume all cattle within the pasture were located within the mean 

tower footprint area (~8% of total pasture area), and the lower bounds assume all cattle were 

equally dispersed throughout the pasture. Potential cattle emissions are zero when no cattle 

were stocked within the pasture. Comparing measured fluxes to potential cattle emission 

estimates suggest that cattle may be responsible for observed dry season emission spikes 

when cattle graze within the tower footprint (Figure 1.1). During the wet season, ecosystem 

fluxes generally exceeded potential cattle emissions and persisted in the absence of cattle, 

strongly suggesting soil and water CH4 sources (Figure 1.1). 

 Ecosystem CH4 fluxes were positively correlated to fluctuations in the water table (r2 

= 0.49, P < 0.0001), topsoil water content (r2 = 0.54, P < 0.0001), and soil temperature (r2 = 

0.46, P < 0.0001). Water table depth and topsoil water content were highly co-linear (r2 = 

0.94; P < 0.0001). No other related environmental variables displayed correlation coefficients 

greater than 0.90. The daytime 90% tower fetch averaged 286 m over the entire measurement 

period and encompassed improved pasture, ditches, and some depressional wetlands (Figure 

1.2). 

 Large variability was observed in the spatial structure and magnitude of CH4 plumes 

between dry and wet seasons (Figure 1.2). Interpolated concentration maps were compared to 

LIDAR imagery from the site to identify CH4 emission sources across the pastures. Darker 

zones on the LIDAR imagery are lower topographically and correspond to depressional 

wetlands, ditches, and canals within the pasture landscape (Figure 1.2a). Methane 

concentration plumes were largest above depressional wetlands during the wet season (Figure 

1.2b), and background pasture CH4 concentrations were up to 33% higher in the wet season 
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when compared to the dry season (Figure 1.2b, 1.2c). No cattle were present in the pasture 

during these surveys. These results suggest that wetlands were a dominant CH4 source and the 

entire pasture landscape was producing CH4 during the wet season. Observed wet season CH4 

concentrations ranged from 1.92 – 2.42 ppm to maximum concentrations of 3.95 – 6.90 ppm 

across all wet season surveys. Dry season concentrations were relatively uniform and near 

atmospheric background across the pasture (Figure 1.2c), suggesting that the pasture 

landscape was not producing significant levels of CH4 during the dry season. Without cattle 

present, dry season CH4 concentrations ranged from 1.78 – 1.87 ppm to a maximum 2.06 

ppm. 

Figure 1.2 LIDAR imagery (a) and kriged CH4 concentrations above pasture in wet (b) and dry 
(c) seasons. Darker zones on LIDAR map are areas of lower surface elevation and correspond to 
depressional wetlands, ditches, and canals. The dot on panels a, b, and c mark the location of the 
eddy covariance tower. The circle and arrow on panel a represents the mean annual 90% daytime 
tower footprint (286 m) and predominant wind direction, respectively. 
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Figure 1.3 Kriged CH4 concentrations above dry season pasture with (A) and without (B) grazing 
cattle. Increased CH4 concentrations in the pasture with grazing cattle correspond to the location of 
cattle herds; 186 cattle were present in A. The dot on panels A and B mark the location of the eddy 
covariance tower. The circle and arrow on panel A represents the mean annual 90% daytime tower 
footprint (286 m) and predominant wind direction, respectively. 
 
 Cattle produced observable CH4 concentration plumes when herds were grazing the 

pasture (Figure 1.3). Cattle-derived plumes approached the magnitude of wet season wetland 

plumes (Figure 1.2b), though cattle emissions were irregularly structured due to the transient 

and point source nature of cattle-emitted CH4 (Figure 1.3a). Cattle CH4 plumes fell within the 

tower footprint (Figure 1.3a), also suggesting that cattle may be responsible for observed 

ecosystem emission spikes (Figure 1.1). Cattle were present in two of four dry season surveys 

and no wet season surveys. With cattle present, dry season CH4 concentrations ranged from 

1.83 – 1.84 ppm to a maximum 2.17 – 4.53 ppm, considerably larger than the range of 

observed concentrations in dry season surveys when no cattle were present. 

 Methane fluxes from major landforms displayed high spatial and temporal variability 

(Figure 1.4; Table 1.1). Fluxes varied among landforms during the dry season (Kruskal-

Wallis, P < 0.0001), wet season (Kruskal-Wallis, P < 0.0001), and independent of season 

(Kruskal-Wallis, P < 0.0001; see Table 1.1 for post-hoc comparisons). 
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Figure 1.4 Wet and dry season CH4 fluxes (mg CH4 m-2 d-1) from major pasture landforms. Solid lines 
are medians, dashed lines are means, boxes are the interquartile range (IQR), and whiskers are ± 1.5 
IQR. Asterisks denote significant differences in CH4 flux between seasons for each landform (Mann-
Whitney U, P < 0.05). 

 Volumetric water content, soil temperature, and water table depth all varied across 

landforms (Kruskal-Wallis, P < 0.005). During the dry season, emissions from canals (166.97 

± 42.44 mg CH4 m-2 d-1, n=24) and wetlands (2.79 ± 0.95 mg CH4 m-2 d-1, n=36) dominated 

the total flux, and negligible fluxes were observed from the remaining landforms. Ditches 

emitted 0.08 ± 0.07 mg CH4 m-2 d-1 (n=23), and minor CH4 uptake was observed in 

hammocks (-0.42 ± 0.09 mg CH4 m-2 d-1, n=10) and pastures (-0.27 ± 0.04 mg CH4 m-2 d-1, 

n=34). In contrast, during the wet season all landforms emitted CH4. Canals (280.35 ± 64.70 

mg CH4 m-2 d-1, n=17), ditches (267.22 ± 150.88 mg CH4 m-2 d-1, n=18), hammocks (0.52 ± 

0.11 mg CH4 m-2 d-1, n=9), pastures (67.46 ± 13.99 mg CH4 m-2 d-1, n=28), and wetlands 

(692.72 ± 110.10 mg CH4 m-2 d-1, n=32) all generated positive fluxes (Figure 1.4; Table 1.1). 

Fluxes from ditches (Mann-Whitney U, P < 0.0001), hammocks (Mann-Whitney U, P 

= 0.0003), pastures (Mann-Whitney U, P < 0.0001), and wetlands (Mann-Whitney U, P < 

0.0001) varied among seasons. Canal fluxes did not vary seasonally and were the only  
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landform flooded year round (Figure 1.4). For all landforms, fluxes were higher from open 

water (Kruskal-Wallis, P < 0.0001). Ebullitive fluxes from open water were the highest 

emissions recorded, which comprised 7% of all reported fluxes. 

Landform Area % Cover Dry Season Wet Season Annual 

Canal 1.55 1.7% 166.97 ± 42.44 a 280.35 ± 64.70 a 213.98 ± 37.13 ab 

Ditch 3.68 4.0% 0.08 ± 0.07 b 267.22 ± 150.88 a 117.36 ± 68.46 a 

Hammock 8.48 9.2% -0.42 ± 0.09 b 0.52 ± 0.11 a 0.02 ± 0.13 a 

Pasture 68.3 74.2% -0.27 ± 0.04 b 67.46 ± 13.99 a 30.32 ± 7.60 a 

Wetland 10.06 10.9% 2.79 ± 0.95 b 692.72 ± 110.10 b 327.46 ± 66.40 b 

 

 Experimental watering resulted in pulse CH4 emissions (Figure 1.5). Fifteen minutes 

after the simulated rain event, CH4 fluxes increased from -0.008 ± 0.002 mg CH4 m-2 hr-1 to 

0.236 ± 0.052 mg CH4 m-2 hr-1 (Tukey’s HSD, P < 0.0001), and topsoil water content 

increased from 0.039 ± 0.004 m3 m-3 to 0.267 ± 0.032 m3 m-3 (Tukey’s HSD, P < 0.0001). 

Within 1.5 hours of simulated rain, CH4 fluxes returned to near zero (0.013 ± 0.005 mg m-2 hr-

1) and were not higher than pre-treatment fluxes. All remaining time points up to 24 hours did 

not vary from pre-treatment fluxes (Figure 1.5). Over the course of simulated rain treatments, 

CH4 fluxes positively correlated to topsoil water content (r2 = 0.26, P = 0.0005). 

Overall, the pastures emitted between 33.84 ± 2.25 g CH4 m-2 yr-1 and 36.76 ± 6.57 g 

CH4 m-2 yr-1, as estimated by eddy covariance and spatially weighted chamber fluxes, 

respectively. Enteric fermentation emission factors were estimated to be 58.9 ± 9.1 kg CH4 

animal-1 yr-1 and 63.9 ± 9.8 kg CH4 animal-1 yr-1 for non-pregnant and pregnant cows, 

respectively. Manure emission factors were estimated to be 2.0 ± 0.3 kg CH4 animal-1 yr-1 and 

Table 1.1 Landform area (ha), percent cover, and fluxes of CH4 (mg CH4 m-2 d-1) in subtropical 
lowland pastures. Standard errors reported for all landform fluxes. Letters indicate significant 
differences between mean fluxes (Tukey’s HSD, P < 0.05). 
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2.2 ± 0.3 kg CH4 animal-1 yr-1 for non-pregnant and pregnant cows, respectively. These 

emission factors are similar to Tier 1 emission factors reported by the IPCC (2006). Cattle 

grazing the pasture produced an estimated 8.0 ± 1.2 g CH4 m-2 yr-1 from enteric fermentation 

and 0.3 ± 0.1 g CH4 m-2 yr-1 from deposited manure. 

 

Figure 1.5 Methane fluxes (bar; mg m-2 hr-1) and topsoil (0-5 cm depth) volumetric water content 
(line; m3 m-3) following simulated rain event. Mean and standard error are presented for both fluxes 
and topsoil water content. The rain event occurred at time zero, and letters above CH4 flux values 
indicate significant differences between fluxes (Tukey’s HSD < 0.05). 
 

DISCUSSION 

This study demonstrates that underlying landscape emissions are the dominate component of 

ecosystem pasture emissions, and cattle are responsible for ~19-30% of annual CH4 

emissions. The majority of cattle-emitted CH4 was produced by enteric fermentation, and 

emissions from manure comprised only 2-6% of total cattle emissions. These results suggest 

that cattle are not the dominant CH4 emission source in subtropical lowland pastures, and 

ecosystem emissions are instead driven by large fluxes from the flooded landscape. As 
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expected, landscape emissions were highly variable across time and space (Figure 1.1, 1.2, 

1.4) and were driven strongly by seasonal flooding and landform hotspots. Wetlands were the 

dominant CH4 source, cover 10.9% of the pasture area, and were responsible for 53.5% of the 

total wet season flux. Canals were dry season emission hotspots, and emitted 97.7% of dry 

season CH4 while covering only 1.7% of the landscape (Table 1.1). The results presented here 

highlight the importance of accounting for all potential emission sources, rather than 

assuming cattle are the dominant CH4 emission source in pasture ecosystems. Such 

assumptions are generally valid in upland or well-drained ecosystems, but landscape emission 

sources need to be considered in low-lying flooded environments. 

This work also suggests that large rains can stimulate episodic CH4 emissions from 

pasture soils (Figure 1.5). However, these emissions are short-lived and small, likely due to 

the rapid percolation of rainwater through dry sandy soils. The rain-induced emission we 

observed (0.236 ± 0.052 mg CH4 m-2 hr-1) were low compared to wet season fluxes, and were 

similar to dry season wetland fluxes (0.116 ± 0.040 mg CH4 m-2 hr-1). Given the frequency of 

large rain events (4 per year; Florida Climate Center, 2013), the short duration of rain-induced 

emissions, and the high magnitude of wet season ecosystem fluxes, it is unlikely that periodic 

rain-induced emissions are a significant component of pasture CH4 budgets. 

Fluxes from the pastures were high compared to a number of natural and managed 

ecosystems. Nicolini et al.’s (2013) review of eddy covariance CH4 studies reported mean 

fluxes of 2.61 ± 1.25 g CH4 m-2 yr-1 for forests (n = 20), 8.98 ± 3.47 g CH4 m-2 yr-1 for 

croplands (n = 6), and 27.13 ± 5.07 g CH4 m-2 yr-1 for wetlands (n = 59). The estimates 

presented here for subtropical pasture emissions are considerably higher than fluxes from 

other managed grasslands and pastures, and were on the high end of reported wetland fluxes 
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(Nicolini et al., 2013). Annual pasture CH4 emissions are larger than estimates from temperate 

peatland pastures (Hendriks et al., 2010; Schrier-Uijl et al., 2010b; Teh et al., 2011; Baldocchi 

et al., 2012; Hatala et al., 2012), are similar to estimates from subtropical flooded savannahs 

and bottomland forests (Otter and Scholes, 2000; Yu et al., 2008), are at the low end of 

estimates from tropical wetlands and floodplains (Devol et al., 1990; Mitsch et al., 2010; 

Nahlik and Mitsch, 2011). Annual pasture emissions are also higher than those reported for 

nearby Everglades’ ecosystems, which range from 1.46 to 29.89 g CH4 m-2 yr-1, though 

pastures fall within the high range of emissions reported for Everglades dwarf red mangroves, 

swamp forests, and artificial impoundments (Harriss et al., 1988; Bartlett et al., 1989; Whiting 

et al., 1991). These comparisons indicate that lowland pastures are a strong and unaccounted 

for CH4 source in regional greenhouse gas inventories. Pastures are the most common land 

use in the northern Everglades (Hiscock et al., 2003) and appear to be a major regional source 

of CH4 . Large annual emissions from these pastures cannot be attributed to direct cattle 

emissions, and the estimates presented here remain within the high range of Everglades’ 

wetland budgets if cattle-emitted CH4 (8.3 g CH4 m-2 yr-1) is removed from the annual budget.  

High input of organic matter from cattle waste or recent photosynthate may be 

responsible for the large emissions we observed compared to nearby Everglades’ ecosystems. 

Flooded manure deposits are potential CH4 emission hotspots and are unlikely completely 

captured with current estimation methodologies. Our manure emission estimates were 

calculated according to IPCC guidelines for manure deposited on open pasture, a 

predominantly aerobic manure management system. Actual manure emissions are likely 

higher during periods of flooding when manure is deposited directly in or leached into 

standing water, however the magnitude and duration of these emissions are difficult to 
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estimate due to the transient nature of flooding and manure deposition. Additionally, the 

methanogenic potential of pasture soil likely varies widely between subsurface sandy horizons 

(>10 cm depth) and surface organic horizons (<10 cm depth), and the magnitude and 

variability of wet season emissions may be driven by transient flooding of surface organic 

soils. Quantifying the relative importance of cattle waste versus soil organic matter as 

substrate for methanogenesis will improve our understanding of the variable and high 

magnitude fluxes from these pastures. 

Preliminary eddy covariance measurements from this tower as well as partner towers 

in similar ecosystems suggest that pastures in the region are weak net sinks of CO2, but 

greenhouse gas sources when CH4 emissions from the landscape and cattle are included 

(Gomez-Casanovas, personal communication). Nitrous oxide emissions have yet to be 

quantified, but given the anoxic nature of the systems during flooding, likely contribute to the 

pasture greenhouse gas source strength. 

Our assessment suggests that improved pastures in this region are a net greenhouse gas 

source. However, the source or sink strength of the pastures likely varies widely between wet 

and dry years, and long-term measurements will be necessary to fully understand and estimate 

average greenhouse gas exchange. This work presents information from a relatively wet year. 

The region also experiences drought on a regular basis, and in particularly dry years the water 

table does not reach the land surface (Bohlen and Villapando, 2011). Therefore, it is likely 

that pasture CH4 emissions vary widely among years due to fluctuations in the pasture 

hydroperiod. 

Water retention and wetland restoration programs are common throughout this region 

and alter pasture hydroperiods. Water retention programs aim to reduce phosphorus (P) 
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loading to the Everglades, and effectively reduce water nutrient levels but also increase 

pasture flooding (Bohlen and Villapando, 2011). Pastures in the northern Everglades 

watershed are the primary source of P loading to the Everglades, and ranchers are currently 

compensated to retain water on pastures through state and federal agencies (Bohlen et al., 

2009). The effect of increased pasture flooding on CH4 emissions is not known, but it is likely 

that increasing the pasture hydroperiod leads to an extended period of landscape CH4 

emissions. Further research is needed to evaluate the effect of water management practices on 

greenhouse gas emissions from these pastures. 

The results from this study suggest that subtropical lowland pastures are a strong 

regional source of CH4, and unlike upland pasture ecosystems, cattle are not the dominant 

emission source. Landscape emissions varied widely across time and space, and high 

magnitude emissions were driven by wet season flooding of pastures and low-lying 

landforms. The annual emission estimates were high compared to Everglades’ wetlands and 

other pastures ecosystems, indicating subtropical pasture ecosystems are potentially large and 

unaccounted for CH4 sources in regional greenhouse gas inventories. These results highlight 

the need for full accounting of potential greenhouse gas fluxes, and demonstrate that cattle 

may not be the dominant CH4 source in lowland pasture ecosystems. 
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ABSTRACT 

Seasonally flooded subtropical pastures are major methane (CH4) sources, where transient 

flooding drives episodic and high magnitude emissions from the underlying landscape. 

Understanding the mechanisms that drive these patterns is needed to better understand pasture 

CH4 emissions and their response to global change. We investigated belowground CH4 

dynamics in relation to surface fluxes using laboratory water table manipulations and 

compared these results to field-based eddy covariance measurements to link within-soil CH4 

dynamics to ecosystem fluxes. Ecosystem CH4 fluxes lag flooding events, and this dynamic 

was replicated in laboratory experiments. In both cases, peak emissions were observed during 

water table recession. Flooding of surface organic soils and precipitation driven oxygen pulses 

best explained the observed time lags. Precipitation oxygen pulses likely delay CH4 emissions 

until groundwater dissolved oxygen is consumed, and emissions were temporally linked to 

CH4 production in surface soil horizons. Methane accumulating in deep soils did not 

contribute to surface fluxes and is likely oxidized within the soil profile. Methane production 

rates in surface organic soils were also orders of magnitude higher than in deep mineral soils, 

suggesting that over longer flooding regimes CH4 produced in deep horizons is not a 

significant component of surface emissions. Our results demonstrate that distinct CH4 

dynamics may be stratified by depth and flooding of surface organic soils drives CH4 fluxes 

from subtropical pastures. These results suggest that small changes in pasture water table 

dynamics can drive large changes in CH4 emissions if surface soils remain saturated over 

longer time scales. 
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INTRODUCTION 

Methane (CH4) is a globally important greenhouse gas, with a radiative forcing ~25 times 

higher than CO2 in the atmosphere, and global CH4 concentrations have increased 2.5 fold 

since the preindustrial era (Stocker et al., 2013). Emissions from wetlands and flooded 

ecosystems are the largest global source of CH4, however the magnitudes and controls of 

these fluxes remain poorly quantified. Much of this uncertainty stems from a poor resolution 

of flooded area, a lack of measurements across varied wetland ecosystems, and few 

measurements of the belowground microbial and transport processes mediating surface fluxes 

(Riley et al., 2011; Bridgham et al., 2013; Kirschke et al., 2013). Emission estimates are 

particularly uncertain for seasonally flooded ecosystems where transient flooding drives large 

and variable CH4 emissions that are difficult to quantify using traditional in situ chamber 

measurements (Melack et al., 2004; Chamberlain et al., 2015). A better understanding of 

fluxes from these ecosystems is needed to improve our estimates of ecosystem CH4 emissions 

and their response to environmental change. 

Methane fluxes from flooded ecosystems are the product of CH4 production, 

consumption, and transport within soils and water. Here, CH4 is produced exclusively by 

Archaea (methanogens) that convert end products of fermentation, most notably acetate or 

CO2 and H2, to CH4 for energy. Methanogens are most active in anaerobic and highly reduced 

environments, and their activity is generally limited by high oxygen (O2) concentrations, 

substrate (C) availability, and the presence of alternative electron acceptors used for 

respiration (Conrad, 2007). In contrast, CH4 consuming bacteria (methanotrophs) oxidize CH4 

for energy in the presence of O2. Methanotrophs are primarily aerobic and their activity is 

often limited by low O2 and CH4 concentrations (Conrad, 2007). Methanotrophic bacteria are 
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an important moderator of surface emissions and consume significant amounts of soil-

produced CH4 before it reaches the atmosphere (Oremland and Culbertson, 1992; Le Mer and 

Roger, 2001; Teh et al., 2006). Methane production and consumption in soils is often 

stratified by water table position and oxygen status (King et al., 1990; Roulet et al., 1993; 

Conrad et al., 1999), however both processes can co-occur in well-drained soils that maintain 

anoxic microsites (Silver et al., 1999; Teh et al., 2005; Hall et al., 2013). 

We can better understand the mechanisms controlling ecosystem fluxes by examining 

flux patterns relative to environmental drivers. In seasonally flooded subtropical pastures, 

transient flooding produces large and variable CH4 fluxes that consistently lag flooding events 

(Chamberlain et al., 2015). Lagged CH4 fluxes are commonly observed under fluctuating 

water table conditions, where maximum fluxes occur during water table recession. In 

temperate peatlands, it is hypothesized that these patterns are driven by the flooding of a 

‘critical zone’ within the soil profile where CH4 production is maximized (due to favorable 

redox conditions and substrate availability) or by outgassing of CH4 produced and stored in 

deep horizons of the soil profile (Moore and Dalva, 1993; Moore and Roulet, 1993; Brown et 

al., 2014). Subtropical pastures are quite different than temperate peatlands and are 

characterized by well-drained precipitation recharged mineral soils. Here, oxic conditions 

may persist below the water table due to large inputs of oxygenated rainwater (Datry et al., 

2004; Schilling and Jacobson, 2014). Under these conditions, consumption of oxygen may be 

incomplete and redox and hydrologic status can become decoupled, allowing anoxic 

(methanogenesis) and oxic (methanotrophy) processes to co-occur (Hall et al., 2013). 

Common observations of flux lags across such contrasting ecosystems suggests that similar 
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mechanisms may drive CH4 flux dynamics under fluctuating water tables, but these 

mechanisms have not been evaluated in seasonally flooded subtropical ecosystems. 

The goals of this work were to 1) examine patterns in ecosystem CH4 fluxes under 

transient flooding events, and 2) determine the mechanisms that influence flux time lags. We 

measured CH4 fluxes from seasonally flooded subtropical pastures for three years using eddy 

covariance to examine flux patterns relative to hydrologic drivers. To link these ecosystem-

scale observations to mechanistic processes, we conducted experimental water table 

manipulations on intact soil columns to evaluate belowground CH4 consumption, production, 

and transport in relation to net surface fluxes. We also conducted an incubation experiment to 

determine variation in CH4 production rates throughout the soil profile. These three 

approaches were used to describe ecosystem flux patterns across transient flooding events and 

to characterize the mechanistic processes that produce these patterns. 

 

METHODS 

Study Site 

Flux measurements and soils were collected within a fenced improved pasture (92.1 ha) 

located at the MacArthur Agro-ecology Research Center in Lake Placid, Florida, USA (N 

27.1632004, W 81.187302). The MacArthur Agro-ecology Research Center is a 4290 ha beef 

cattle ranch that operates as an ecological field station and division of Archbold Biological 

Station. The pasture is planted with Paspalum notatum and is rotationally grazed at a density 

of ~1.6 cow ha-1. Herbicide and fertilizers have not been applied to the pasture since August 

2006 and April 2007, respectively. The pastures receive an average of 1300 mm of rain per 

year, 75% of which falls during the summer wet season (Gathumbi et al., 2005). Pastures are 
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developed on Immokalee fine sand spodosols, which are characterized by near-surface 

organic horizons (0-0.15 m depth) and sandy mineral horizons at depth (0.15 – 0.50 m depth; 

Table 2.1). Within these soils, a spodic horizon is also found at depths greater than 0.5 m 

below surface. Extensive networks of ditches throughout the pasture drain these soils, though 

flooding occurs during heavy rain periods. Mean annual temperature throughout the 

measurement period was 23.03 °C, with a temperature maximum of 35.7 °C and minimum of 

-2.6 °C. By area, the study pasture is 74.2% pasture grassland, 10.9% depressional wetland, 

9.2% cabbage palm (Sabal palmetto) hammock, 4.0% drainage ditch, and 1.7% drainage 

canal (Chamberlain et al., 2015). All soil samples were collected from pasture grassland, the 

primary land cover. 

Table 2.1 Percent carbon (C) and nitrogen (N) throughout the pasture soil profile (n = 3 for all 
depths). Standard errors are reported for all percent C and N values, and letters indicate significant 
differences between soil horizons for each element (Tukey’s HSD, P < 0.05). Depth column indicated 
the depth range for bulked samples and, in parentheses, the designation used in incubations and 
mesocosm treatments. 
 

Depth (m) %C %N 
0.0 – 0.05   (0) 8.48 ± 0.92 a 0.49 ± 0.07 a 

0.05 – 0.15  (0.1) 3.57 ± 1.58 a 0.20 ± 0.10 b 
0.15 – 0.25  (0.2) 0.63 ± 0.19 b 0.03 ± 0.01 b 
0.25 – 0.35  (0.3) 0.20 ± 0.02 b 0.09 ± 0.08 b 
0.35 – 0.45  (0.4) 0.09 ± 0.01 b 0.03 ± 0.02 b 

 

Eddy Covariance and Environmental Measurements 

Methane fluxes were measured continuously from May 2013 to November 2015 with an eddy 

covariance tower installed in the pasture center (N 27.1632004, W 81.187302). Wind speed 

and direction were measured with a three-dimensional sonic anemometer (CSAT3, Campbell 

Scientific Inc., Logan, UT, USA) and CH4, CO2, and H2O concentrations were measured with 

open-path infrared gas analyzers (LI-7700; LI-7500A, Licor Inc., Lincoln, NE, USA). These 
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instruments were installed 2.6 m above the pasture surface and interfaced with a LI-7550 

datalogger (Licor Inc., Lincoln, NE, USA). Data were collected at 10 Hz and transferred by 

modem for processing. Water table depth (WTD; m below surface) was measured at the tower 

site with a pressure transducer (CS451, Campbell Scientific Inc., Logan, UT, USA), 

volumetric water content (VWC) was measured at 5, 10, and 20 cm depths with water content 

reflectometers (CS-616, Campbell Scientific Inc., Logan, UT, USA), and groundwater 

dissolved oxygen (DO; mg/L) was measured with an optical DO probe installed within the 

water table well (Aquistar DO2, INW USA, Kent, WA, USA). All auxiliary measures were 

collected as 30 min averages and logged to a CR3000 datalogger (Campbell Scientific Inc., 

Logan, UT, USA) time synchronized to the LI-7550. Rainfall was measured at 30 min 

intervals with a tipping bucket gauge (TB4, Hydrologic Services America, Lake Worth, FL, 

USA) at a weather station 1.7 km southwest of the tower (N 27.150475, W 81.198568). 

Groundwater DO measurements began in July 2015, and the optical DO probe was installed 

0.95 m below the land surface. DO measurements were rejected from analysis if the water 

table was 0.90 m below surface or deeper. This method has been used in previous studies to 

continuously monitor groundwater DO concentrations (Datry et al., 2004; Foulquier et al., 

2010; Schilling and Jacobson, 2014; 2015). 

Methane fluxes were calculated from the covariance of vertical wind speed and CH4 

concentration over 30 min intervals. Raw data were screened for spikes, drop-outs, amplitude 

resolution, absolute value limits, and skewness and kurtosis as described in Vickers and Mahrt 

(1997) and designated default in commercial software (Eddy Pro 4.2, Licor Inc., Lincoln, NE, 

USA). We used double-rotation tilt corrections to align the anemometer with mean wind 

streamlines and block averaging to calculate mean wind speed and CH4 concentration over the 
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30 min interval. Time lags were corrected with the covariance maximization method. Webb, 

Pearl, and Leuning corrections for density fluctuations were applied according to Webb et al. 

(1980) and fully analytic spectral corrections were applied according to Moncrieff et al. 

(1997). All of the above corrections and processing were conducted using commercial 

software (Eddy Pro 4.2, Licor Inc., Lincoln, NE, USA). We also rejected all fluxes when the 

open-path CH4 analyzer was blocked, when CH4 concentrations were below 1.74 ppm or 

above 5 ppm, and when fluxes were above 1500 nmol m-2 s-1 or below -500 nmol m-2 s-1
, as 

extreme fluxes and unrealistic concentrations are observed when CH4 sensor signal quality is 

low (Dengel et al., 2011; Baldocchi et al., 2012). 

Data quality were flagged according to Foken et al. (2005) using commercial software 

(Eddy Pro 4.2, Licor Inc., Lincoln, NE, USA). Quality flags range from 1 (best) to 9 (worst). 

All fluxes with flags greater than 6 were rejected from time series analysis (see Time Series 

and Diffusive Flux Analysis), and all fluxes with quality flags greater than 3 were rejected 

when regressing CH4 fluxes to environmental variables. Overall, 37% of all half-hour fluxes 

were removed from the time series analysis dataset, and 64% of fluxes were removed from 

the regression analysis dataset. For time series analysis, we calculated median daily fluxes and 

omitted days from analysis with coverage less than 33% as outlined in Chamberlain et al. 

(2015). Linear regression was used to determine significant relationships between 

environmental variables and log-transformed daily CH4 fluxes using only high quality 

measured data (quality flags 3 or lower, non-gap filled, 33% or higher daily coverage). We 

calculated daily-integrated fluxes as medians because episodic CH4 emissions from grazing 

cattle amplified daily mean fluxes. 
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Water Table Manipulations 

We conducted laboratory water table manipulations on five intact soil columns. Intact 

columns were used in this experiment to preserve the pasture soil structure and avoid 

inaccuracies introduced by slurry-based experiments (Teh and Silver, 2006). Soil columns 

with live Paspalum notatum cover were collected randomly in 0.15 x 0.60 m PVC sleeves 

from pasture within the flux tower footprint in January 2015. PVC sleeves were driven 0.55 m 

into the ground and the top 0.05 m was left aboveground to allow surface flux measurements 

during manipulations. Columns were removed and immediately driven back to Cornell 

University where water table manipulations were conducted. In all five columns, soil gas and 

pore water sampling ports were installed at 0, 0.1, 0.2, 0.3, 0.4, and 0.5 m depths with Luer 

lock fittings. All columns were placed in separate 0.52 x 0.66 m mesocosms, and water was 

directly added to or removed from the mesocosms to adjust the water table depth. The 

columns base was left open, allowing water to enter or exit during water table adjustments 

and equilibrate to the mesocosm water level.  

The water table in five replicate mesocosms was increased by 0.1 m increments every 

24 hours from 0.55 m to 0 m below the surface (7 levels; 0.55, 0.45, 0.35, 0.25, 0.15, 0.05, 0 

m below surface). The water table was left at the surface for 48 hours, and then decreased at 

24-hour intervals until mesocosms were dry. The total experiment length was 14 days. While 

precipitation recharge events in the field are often characterized by sharp jumps in the water 

table (Figure 2.1), we chose to simulate a water table recharge and recession event with even 

tails to fully examine potential hysteresis in the recharge and recession phases. Oxygenated 

water was introduced to the columns to simulate precipitation recharge groundwater dynamics 

observed in these pastures (Figure 2.1). All mesocosms were placed under artificial light 
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(Sunlight Supply, Vancouver, WA) with a 12-hour photoperiod, and air temperature was 

maintained at 22 °C. 

We measured CH4 surface fluxes in addition to profile CH4 concentration and isotopic 

composition (δ13C-CH4) in three of five experimental mesocosms (trace gas mesocosms). 

Only soil gas O2 and pore water DO were measured in the remaining two mesocosms (oxygen 

mesocosms). We measured trace gases and oxygen from separate mesocosms to minimize the 

total volume of soil gas or pore water removed from each column at each time point. By 

segregating trace gas and oxygen measurements to separate mesocosms, we never evacuated 

more than 6% of total column soil pore space. 

In the trace gas mesocosms, 30 ml of soil gas was removed by syringe from 

unsaturated soil horizons to measure CH4 concentrations and δ13C-CH4. In saturated horizons, 

10 ml of pore water was removed by syringe, and dissolved CH4 was measured by 

equilibrating pore water with a pure N2 headspace within the syringe at a 3:1 N2 to water 

equilibration ratio (Jahangir et al., 2012). Equilibrating syringes were placed on an orbital 

shaker for 10 minutes and vigorously shaken by hand prior to headspace measurements. All 

soil and headspace equilibrated gas samples were analyzed for CH4 concentration and δ13C-

CH4 on a wavelength-scanned cavity ringdown spectrometer (G2201-i, Picarro Inc., 

Sunnyvale, CA, USA) equipped with a SSIM2 Small Sample Isotope Module (Picarro Inc., 

Sunnyvale, CA, USA). Gas concentrations in pore water were calculated from headspace 

concentrations using Henry’s law and Bunsen coefficients. Surface fluxes were measured 

from trace gas mesocosms using a closed dynamic PVC chamber attached to the column 

surface. The chamber was a closed flow-through design, which circulated the chamber 

headspace through the spectrometer (G2201-i; flow rate 300 ml min-1). When measuring 
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fluxes, the PVC chamber was attached to each column for 5 minutes, enclosing a 2.55 L 

volume, and fluxes were calculated by applying a linear regression to concentration increases 

over the total enclosure period. Concentration and δ13C-CH4 measurements were precise to 

within 0.05 ppm CH4 and 0.8‰. The spectrometer and SSIM2 were calibrated with known 

concentration and isotope standards of CH4 in air (Air Liquide, Philadelphia, PA; Isometric 

Instruments, Victoria, BC, USA). In the two oxygen mesocosms, 30 ml of soil gas was 

removed from unsaturated horizons by syringe and soil gas O2 concentrations were measured 

with a modified flow-through oxygen sensor (SO-210; Apogee Instruments Inc., Logan, UT, 

USA). In saturated horizons, 20 ml of pore water was removed and DO was immediately 

measured using an optical DO sensor (YSI ProDO, Xylem Inc., Rye Brook, NY, USA). 

Linear regression was used to determine significant relationships between surface CH4 fluxes 

and concentration dynamics at different depths within the mesocosms. All mesocosm CH4 

fluxes and concentration measurements were log-transformed to meet assumptions of 

normality. 

 

Soil Incubations 

To compliment the water table manipulations, we also conducted laboratory incubations to 

assess CH4 production rates and δ13C-CH4 of production throughout the soil profile. We 

removed three intact 0.1 x 0.55 m cores randomly from the eddy tower footprint in July 2015 

following methods described above. In the field, each core was divided into 0-0.5, 0.5-0.15, 

0.15-0.25, 0.25-0.35, and 0.35-0.45 m depth sections, homogenized by depth, and stored in 

ziplock bags; these depths correspond to the mesocosm experiment measurements ports (0, 

0.1, 0.2, 0.3, and 0.4 depth). Soils were immediately shipped to Cornell University for 
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incubations. Incubation results are reported relative to column measurement ports (0, 0.1, 0.2, 

0.3, and 0.4 depth). 

For all incubations (15 total), 50 grams of homogenized soil and 100 ml of degassed 

deionized water were added to 473 ml airtight mason jars fitted with thick butyl rubber 

stoppers (Geo-Microbial Technologies Inc., Ochleata, OK, USA). All incubation jars were 

gently swirled by hand to ensure mixing of soils and water. Connection points were further 

sealed with silicone adhesive. The jar headspace was then purged with 100% N2 gas for 10 

minutes (flow rate; 500 ml min-1) to create an anaerobic environment. We conducted a 14-day 

pre-incubation phase to ensure depletion of O2 and alternative electron acceptors prior to the 

measured incubation phase. At the end of pre-incubation, jars were once again flushed with 

N2 for 10 minutes and measurements began immediately following headspace flushing. Jars 

were incubated for 21 days in the dark at 22 °C and headspace gases were sampled every 3-4 

days. An equivalent volume of 100% N2 was added when samples were taken to maintain the 

internal air volume. All gas samples were analyzed for CH4 concentration and δ13C-CH4 on 

the spectrometer (G2201-i) equipped with a SSIM2 Small Sample Isotope Module (Picarro 

Inc., Sunnyvale, CA, USA). An additional jar filled with 10 ppmv CH4 in air was sampled in 

tandem with incubations to track potential leakage from jars. No leakage was observed from 

the 10 ppmv CH4 jar throughout the 21-day sampling period. After incubations, soils were 

dried and weighed to allow for calculation of production rates per g of dry soil (nmol CH4 g 

soil-1 d-1). Soil CH4 production rates were then calculated by applying a linear regression to 

concentration increases across the entire 21-day incubation period (for all regressions; r2 > 

0.85; P < 0.05). 
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We compared mesocosm pore water and anaerobic incubation δ13C-CH4 values to 

assess potential fractionation of CH4 by aerobic oxidation within the mesocosm experiment. 

The rationale behind this comparison was that aerobic methanotrophic bacteria require 

oxygen for metabolism (Conrad, 2007), and CH4 produced in anaerobic incubations will not 

experience aerobic methanotrophic fractionation effects. We also quantified percent carbon 

(C) and nitrogen (N) for soils collected in the incubation experiment. Homogenized soils were 

dried for 24 hours at 40 °C, sieved to 2 mm, and were then analyzed for percent C and N 

using a LECO C/N analyzer (TruMac, LECO Corporation, St. Joseph, MI, USA). 

 

Time Series and Diffusive Flux Analysis 

We used cross-correlation analyses to quantify the time lag between CH4 fluxes and water 

table fluctuations for 184 days for the 2013 and 2014 wet seasons (May 1 to October 31). 

Cross-correlation analyses were only conducted for wet season periods because the water 

table did not fluctuate or approach the land surface during other parts of the year. In 2015, 

cross-correlation analysis was conducted for the active flooding period only (August 1 to 

October 31). Cross-correlations were computed between daily eddy covariance CH4 fluxes 

(median; nmol CH4 m-2 s-1) and water table depth. We rejected daily CH4 fluxes from cross-

correlation analysis when less than 33% of CH4 flux measurements were available. Such 

periods occurred during July-August of 2013 and 2014 when CH4 concentration data were not 

available due to power dropouts and sensor blockage. 

We estimated diffusive gas flux rates following Striegl (1993) to better understand 

CH4 fluxes observed in mesocosms relative to physical properties during water table 

recession. We estimated diffusive fluxes rates based on three observed mesocosm conditions 
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when 1) soils were flooded and emissions were low, 2) water tables were recessing and 

emission peaked, and 3) water tables were lowest, emissions were zero, yet deep horizon CH4 

concentrations peaked. Here, we estimated diffusive gas fluxes according to the equation: 

q = −DABθDτ
dCa

dz
 

where q = surface flux (nmol m-2 d-1), DAB = effective diffusion constant for CH4 (1.69 m2 d-1 

at STP), θD = gas-filled porosity, τ = tortuosity, dCa/dz = CH4 concentration gradient across 

depth. τ was assumed to be θD
1/3 following Striegl (1993). For calculations 1 and 2, we held 

the concentration gradient constant to quantify the influence of changing gas-filled porosity 

during water table recession. Here, we calculated the gradient using mean atmospheric (0.075 

µM CH4) and 0.1 m depth (0.478 µM) concentrations from days 6 to 9 of the mesocosm 

experiment. For 3, we calculated q based on the observed concentration gradient on the final 

day of the mesocosm treatment between atmospheric (0.075 µM CH4) and 0.4 m depth (32.85 

µM CH4). θD values used in all estimates were calculated as the difference between soil 

effective porosity and a range of VWC values measured at the eddy tower site during 

representative pasture conditions (VWC at WTD >= 0 for scenario 1, 0.15 > WTD > 0.1 for 

scenario 2, and 0.5 > WTD > 0.4 for scenario 3). Here, effective porosity was assumed to be 

0.424, equal to the maximum soil VWC (5 cm depth) measured when pastures were fully 

flooded. θD values used in diffusive flux calculations ranged from 0.000-0.054 for (1), 0.014 – 

0.067 for (2), and 0.020 – 0.155 for (3). In all calculations, we estimated θD from field data 

because we did not measure VWC in mesocosms; these calculations are meant to be relative 

rather than precise. 
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Figure 2.1 Time series of daily CH4 fluxes (a; blue points), half-hourly CH4 fluxes (a; grey points), 
water table depth (b), daily mean groundwater DO concentration (b; red line), and cumulative rainfall 
(c). Long periods without flux measurements in July-August 2013 and 2014 correspond to periods of 
instrument signal dropout. Arrows on (a) mark the beginning and end of flooding periods used in 
cross-correlation analyses. 
 

RESULTS 

Pasture CH4 emissions were highest during summer wet seasons (Figure 2.1a), and CH4 fluxes 

positively correlated to water table fluctuations (r2 = 0.49, P < 0.0001). Transient flooding 

events were common in these pastures and were characterized by a rapid increase in the water 

table followed by a more gradual recession following flooding (Figure 2.1b). Flooding events 

were most frequent during the wet season and coincided with large and/or frequent 

precipitation events (Figure 2.1c). Large and extended ecosystem CH4 emissions were 

observed during periods when the water table reached the land surface for more than one day. 

These events were observed throughout the 2013, 2014, and late 2015 wet seasons (Figure 
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2.1). In contrast, appreciable CH4 emissions were rarely observed during short duration (less 

than 1 day) or incomplete flooding events that did not reach the land surface. These 

observations were common from November 2014 through July 2015, when many recharge 

events occurred, but the water table never reached the land surface for more than a day and no 

appreciable emissions occurred (Figure 2.1). 

 

Figure 2.2 Daily CH4 fluxes (nmol m-2 s-1) across flooding events in 2013 (a; black line), 2014 (a; blue 
line), and 2015 (b). Events vary in length, year, and emission magnitude. The 2013 event was 9 days 
(May 10 – May 19, 2013), the 2014 event was 26 days (Sept. 18 – Oct. 14, 2014), and the 2015 event 
was 30 days (Aug. 25 – Sept. 24, 2015). In 2015, daily mean groundwater dissolved oxygen 
concentrations (DO; mg L-1) are included as a point heat map. Arrows show directionality of each time 
series. 
 

We observed a delay between ecosystem CH4 fluxes and pasture flooding events, 

where peak emissions generally occurred during water table recession (Figure 2.2). This was 

particularly evident during May-June 2013 when multiple flooding events drove lagged 

surface fluxes (Figure 2.2a), and during September-October of 2013, 2014, and 2015 when 

late season flooding events drove similar lags (Figure 2.2a – 2014 only; Figure 2.2b - 2015 

only). These dynamics were observed across year, flooding duration, and emission magnitude 

(Figure 2.2). Lags were less evident at the height of the wet season due to periods of sensor 
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dropout when the water table was near the surface for extended periods, however CH4 

emissions were sustained and lagged the decreasing water table in August of 2013 and 2014 

(Figure 2.1). Correlations between CH4 fluxes and water table depth were maximized at three 

to four-day lags. In 2013, correlations were maximized at a four-day lag (cross-correlation = 

0.59), in 2014 at a three-day lag (cross-correlation = 0.56), and in 2015 at a three-day lag 

(cross-correlation = 0.59). These analyses suggest maximum CH4 fluxes occur three to four 

days after peak flooding.  

Pasture groundwater DO concentrations exhibited pulse dynamics that coincided with 

periods of pasture flooding and heavy precipitation (Figure 2.1). During precipitation recharge 

events that flooded pastures, DO concentrations in groundwater spiked to nearly 30 times 

background levels (range 0.29 – 8.08 mg L-1). Following these DO pulses, groundwater DO 

rapidly reduced to background levels during water table recession (Figures 2.1). Connections 

between CH4 flux lags and DO were most marked in August 2015 when groundwater DO 

rapidly increased with flooding (3.96 mg L-1) and then returned to anoxic levels within one 

day (< 1.0 mg L-1). Here, CH4 emissions were minimized when DO was high and then rapidly 

increased when DO concentrations decreased (Figure 2.2b). After the initial flood event, 

subsequent flooding did not increase groundwater DO concentrations and CH4 fluxes 

continued to increase (Figure 2.2b). 

Dissolved oxygen dynamics were reproduced in the mesocosm experiment (Figure 

2.3), and the overall range of DO concentrations in mesocosms were similar to those 

measured in the field (0.77-7.13 mg L-1 in mesocosm; 0.29 – 8.08 mg L-1 in field). Dissolved 

oxygen concentrations were elevated during water table recharge (days 1-6), rapidly de-

oxygenated during the flooded phase (days 7-8), and remained reduced during recession (days 
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9-14; Figure 2.3). In the unsaturated soils, oxygen concentrations were 20.7% (range 19.9 - 

21%) during water table recharge and 19.6% (range 18.5 – 20.4%) during recession. During 

recession, soil horizons above the water table adjustment height remained saturated, likely 

due to capillary action within the soil columns (Figure 2.3). 

 

Figure 2.3 Pore water dissolved oxygen concentrations (DO; mg L-1) throughout water table 
manipulations. Dissolved oxygen concentrations represent the mean from two replicate mesocosms. 
The dashed white line represents the location of the water table level outside of the column each day. 
Grey area represents the unsaturated zone within the soil profile. 

Figure 2.5 Surface fluxes (a; nmol CH4 m-2 s-1 ± SE) and soil gas and pore water CH4 concentrations 
(b; µM ± SE) throughout mesocosm water table manipulations. During the rising water table, water 
table depth was increased by 0.1 m per day until the soil surface was flooded, and water levels were 
reduced by the same interval during the retreating water table. 
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Lags were reproduced in the mesocosm experiment (Figure 2.4), however fluxes in 

mesocosms were lower than those observed in the field. This difference is likely due to lower 

levels of C substrate in laboratory water and the relatively short flooding duration (2 days in 

mesocosm treatments). In mesocosms, near-zero emissions were observed during the recharge 

phase, emissions began or increased when columns were flooded, and peaked then tapered 

back to zero during recession (Figure 2.4a). Emissions peaked when the water table was 0.05 

m below surface during recession (one day after peak flooding), and fluxes did not return to 

zero until the water table was 0.35 m below surface, four days after peak flooding (Figure 

2.4a). Our diffusive flux estimates generally follow these trends; diffusive fluxes were low 

during flooding (0.00-1.59 nmol CH4 m-2 s-1 at 0-0.054 θD) and increased as soil gas-filled 

porosity increased during water table recession (0.26-2.12 nmol CH4 m-2 s-1 at 0.014 – 0.067 

θD). According to these calculations, diffusive 

surface fluxes should be high on the final day 

of the mesocosm treatment (8.60-131.86 nmol 

CH4 m-2 s-1 at 0.020 – 0.155 θD), however we 

observed zero emissions when water tables 

were lowest and CH4 concentrations at depth 

were highest (Figure 2.4). On the final day, we 

observed a strong CH4 concentration gradient 

from 0.4 m to the surface, and δ13C-CH4 values 

enriched toward the surface up to 0.2 m depth. 

δ13C-CH4 values at 0.1 m were similar to ambient 

atmospheric values (Figure 2.5). 

Figure 2.5 Mean δ13C-CH4 (‰ ± SD; a) and 
concentration (µM ± SE; b) values 
throughout the soil profile when water table 
was 0.55 m below surface on the final day of 
mesocosm manipulations. 
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Distinct CH4 dynamics were observed between surface organic (0 – 0.1 m) and deep 

mineral soils (Table 2.1; Figure 2.4b). Within the surface horizons, CH4 concentrations 

increased above ambient at the point of surface flooding then peaked and tapered off over the 

course of the receding phase (0 and 0.1 m; Figure 2.4b). Within deep mineral horizons, CH4 

concentrations increased above ambient well after initial flooding and continued to rise until 

complete dry down (0.2 – 0.5 m depth; Figure 2.4b). The exception to this was the 0.4 m 

horizon where elevated concentrations were observed during the recharge phase when the 

water table was 0.25 m below surface and continued to rise throughout the experiment (Figure 

2.4b). Methane dynamics in surface organic horizons followed emission patterns (Figure 2.4). 

Surface fluxes were correlated to CH4 concentration changes in the 0.1 m horizon (r2 = 0.42; 

P < 0.0001), and poorly correlated to concentration dynamics in all other horizons (r2 < 0.18). 

The largest increases in pore water CH4 concentrations were observed in the 0.4 m 

horizon, where concentrations were an order of magnitude higher than those observed in any 

other horizon (Figure 2.4b). However, this pattern is likely a product of experimental design 

that caused deeper soils to be flooded for longer durations than surface soils (Figure 2.3). To 

isolate the effect of flooded time in the mesocosm experiment, we conducted anaerobic 

incubations to assess CH4 production rates of each soil horizon. Anaerobic incubations 

showed that CH4 production rates varied by depth (Kruskall-Wallis, P = 0.02; Figure 2.6). 

Methane production rates were highest in surface organic soils  (0-0.05 m; 646.21 ± 507.18 

nmol CH4 g dry soil-1 d-1), intermediate in near-surface organic soils (0.05-0.15 m; 9.48 ± 6.27 

nmol CH4 g dry soil-1 d-1), and low in deep mineral soils (0.39 ± 0.15, 0.21 ± 0.10, and 1.02 ± 

0.56 nmol CH4 g dry soil-1 d-1 for horizons 0.15-0.25, 0.25-0.35, and 0.45-0.55 m depth, 

respectively). Percent C and N data through the soil profile also follow these trends, with the 
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highest percent C and N levels in surface soils (Table 2.1; Kruskall-Wallis, P < 0.05). Percent 

C content ranged from 8.48 ± 0.92% in surface horizons to 0.09 ± 0.01% in deep horizons 

(Table 2.1). 

 

Figure 2.6 Methane production rates (nmol CH4 g dry soil-1 d-1) by depth in subtropical pasture soils 
(n = 3 per depth). Solid lines are medians, boxes are interquartile ranges (IQR), and whiskers are ± 
IQR. 
 

Pore water δ13C-CH4 values also suggest distinct dynamics between surface and deep 

soil horizons. δ13C-CH4 values of pore water varied through the depth profile (ANOVA, P < 

0.0001), and were enriched in deep mineral soils relative to surface organic soils (Figure 2.7). 

In general, CH4 isotope values in deep horizons (0.2-0.5 m) varied little during the flooding 

treatment, however δ13C-CH4 in surface soils (0-0.1 m) exhibited higher levels of variability 

throughout the treatment. Pore water and incubation δ13C-CH4 were similar in surface organic 

horizons (Figure 2.7). In deep horizons, δ13C-CH4 in anaerobic incubations were somewhat 

deplete relative to CH4 observed in pore water, although the range of measured isotope values 

overlapped in all deep soil horizons (Figure 2.7). 
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Figure 2.7 Mean δ13C-CH4 (‰ ± SD) by depth of pore water samples in mesocosm treatments (bars) 
and anaerobic incubations (points, n = 3 per depth). Letters denote significant differences between 
pore water δ13C-CH4 by depth in mesocosms (Tukey’s HSD, P < 0.05). 
 

DISCUSSION 

In this study, transient precipitation recharge events exerted a major influence on CH4 

emissions from subtropical grassland pastures. Flooding of surface organic soils had the 

largest influence on emissions, and precipitation recharge DO dynamics appeared to delay the 

onset of emissions. Complete flooding for one day or more was necessary to sustain pasture 

CH4 emissions suggesting that surface flooding duration controls the magnitude of emissions. 

The dynamics described here are potentially relevant to similar ecosystems globally because 

rainfall is a major driver of inundation in the tropics and subtropics (Prigent et al., 2007), and 

annual emission estimates from these pastures are similar to other flooded ecosystems in these 

climates (Chamberlain et al., 2015). Generalizability of CH4 emission estimates are highly 
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desirable for the tropics and subtropics due to a poor representation of flooding and CH4 

dynamics for these regions in global models (Kirschke et al., 2013). 

We consistently observed peak CH4 emissions during periods of water table recession 

(Figure 2.2). These patterns are well described in temperate peatlands (Brown et al., 2014; 

Goodrich et al., 2015), and perhaps suggests common controls to CH4 fluxes in the two 

ecosystems. Outgassing of CH4 stored at depth and flooding of a belowground ‘critical zone’ 

of production have both been suggested as potential explanations for observed lags in 

temperate wetlands (Moore and Dalva, 1993; Moore and Roulet, 1993; Brown et al., 2014). 

Our basic diffusive flux modeling suggests that changes in surface soil porosity can induce 

some outgassing and increased surface emissions, but the gas-filled porosity of these soils 

remains low when the water table drops in the field (1.4 – 6.7% gas-filled space when VWC = 

35.6-41% at WTD 0.1-0.15 m below surface). Based on the small changes we observe in gas-

filled porosity during recession, it is unlikely that this factor alone drives emission lags. 

Additionally, our mesocosm results do not support the hypothesis that the outgassing of CH4 

stored at depth drives lags. Diffusive flux modeling suggests that we should observe the 

highest fluxes on the final day of the mesocosm experiment when gas-filled pore space (2-

16%) and deep CH4 concentrations are high, however we observe no surface emission on this 

day (Figure 2.4). Instead, it appears that oxidation in upper unsaturated soils may be 

consuming all deep-produced CH4 before it reaches the land surface. This can be clearly seen 

on the final day of the experiment when there is a strong concentration gradient and δ13C-CH4 

enrichment toward the surface (Figure 2.5). It appears that most of this deep-produced CH4 is 

consumed by 0.2 m depth, as δ13C-CH4 values at 0.1 m are more similar to atmospheric values 

(Figure 2.5a). In agreement with temperate observations, our data suggests that flooding of a 
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near-surface organic ‘critical zone’ is needed for substantial emissions. However, in these 

subtropical pastures, groundwater DO dynamics appear to control when and if surface fluxes 

occur. 

The influx of oxygenated groundwater to pasture soils likely modulated the onset of 

fluxes and may explain the observed lags. Here, the influx of oxygenated water may delay 

CH4 production until groundwater DO is consumed (Figure 2.2b), and once favorable 

conditions are in place (i.e., when DO pools are depleted), emissions can be sustained if 

surface soil horizons remain deoxygenated (Figures 2.2b, 2.3 and 2.4). These effects are most 

clearly seen in the mesocosm study, where mostly sub-ambient CH4 concentrations and near-

zero emissions were observed during water table recharge with oxygenated groundwater, but 

emissions and elevated concentrations were observed during recession when groundwater was 

deoxygenated (Figures 2.3 and 2.4). In this example, DO presence likely dampens potential 

CH4 production during water table recharge, though reduced rates of production can still 

occur in the presence of DO (Teh et al., 2005). Similar DO dynamics relative to emissions 

were observed over the course of a 2015 flooding event, though we did not observe additional 

DO influx during subsequent smaller recharge events (Figure 2.2b). This may result from our 

probe being unable to capture surface DO influx due to the depth of installation (0.95 m) or 

from the dilution of oxygenated rainwater into a larger volume of deoxygenated groundwater. 

Regardless, it appears that DO delays CH4 emissions during initial groundwater recharge 

events, though it is unclear whether subsequent rain events dampen CH4 emissions. Our 

results do demonstrate that methanogens within these soils respond rapidly to fluctuating 

redox conditions, in contrast to other wetland systems where CH4 production lags anoxia from 

days to weeks (Cadillo-Quiroz et al., 2006). 
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Further research is warranted to better understand the response of microbial 

communities and CH4 dynamics of transient DO influx and fluctuating redox conditions, as 

our work here is primarily observational. However, our work demonstrates that groundwater 

DO dynamics should be taken into account when assessing greenhouse gas emissions from 

landscapes experiencing precipitation recharge. Groundwater DO monitoring is uncommon, 

and these measurements are generally reported in hydrologic studies that do not account for 

greenhouse gas fluxes (Datry et al., 2004; Foulquier et al., 2010; Schilling and Jacobson, 

2015). Studies of CH4 fluxes in precipitation-recharged soils could benefit from additional 

measurements of groundwater DO. As demonstrated here, these measurements provide an 

additional mechanism influencing CH4 emission patterns in ecosystems flooded by wet season 

rains. 

Field and laboratory results both suggest that flooding of surface organic soils 

influences emission lags. Complete flooding was needed to stimulate emissions from pastures 

(Figure 2.1), and peak emissions occurred when the water table retreated through surface 

horizons (Figure 2.2). The largest emissions likely occur post-flooding because the water 

table retreats at a slower rate than it rises, and organic horizons are saturated for longer time 

periods during recession (Figure 2.1b). These observations are consistent with laboratory 

results, where CH4 dynamics in surface soils exerted the strongest influence on emissions 

(Figure 2.4), and CH4 production rates were orders of magnitude higher in surface soils than 

in mineral soils below 0.15 m depth (Figure 2.6). Emissions correlated to CH4 concentration 

dynamics in surface soils, while CH4 in deep mineral soils did not appear to influence 

emissions (Figure 2.4). This is particularly apparent on the final day of the mesocosm study, 

where CH4 concentrations in deep horizons (0.3-0.5 m) were maximized but surface fluxes 
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were zero (Figure 2.4). It appears that most of this deep horizon CH4 is consumed before 

reaching the surface (Figure 2.5), however, the orders of magnitude difference of CH4 

production rates between surface organic and deep mineral soil horizons suggests that CH4 

produced at depth is unlikely to be an important component of surface fluxes even if soils are 

flooded over longer periods (Figure 2.6). 

Large differences in pore water δ13C-CH4 values between surface (0-0.1 m) and deep 

horizons (0.2-0.4 m) further points to distinct CH4 dynamics stratified through the soil profile. 

Pore water δ13C-CH4 in surface soils were within the range of values expected for biogenic 

CH4 production, however deep horizon values were heavier than expected and outside the 

accepted range of biogenic CH4 (Figure 2.7; (Whiticar et al., 1986)). Enriched biogenic δ13C- 

CH4 values are commonly observed when methanotrophs oxidize CH4, however studies more 

commonly observe δ13C-CH4 enrichment toward the land-surface, as methanotrophs are active 

in aerobic surface soils (Liptay et al., 1998; Conrad et al., 1999; Teh et al., 2006).  

Four mechanisms may explain our observation of unexpectedly high pore water δ13C-

CH4 values at depth. First, methanotrophs may be active in deep horizons causing CH4 

oxidation and δ13C-CH4 enrichment at depth. It is unlikely that aerobic oxidation is 

responsible for observed fractionation because anaerobic incubation δ13C-CH4 values were 

similar to those observed in mesocosms (Figure 2.7), however anaerobic oxidation, which is 

known to be important in freshwater wetland environments is also a viable explanation for 

this observation (Segarra et al., 2015). We do see clear signs of aerobic oxidation on the final 

day of the mesocosm experiment when soil gas δ13C-CH4 enriched in unsaturated horizons 

toward the surface (Figure 2.5a). 
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Second, diffusive fractionation can lead to an enrichment of δ13C-CH4 values at depth 

as 12CH4 diffuses through the soil profile more rapidly than 13CH4 (De Visscher et al., 2004). 

This effect likely plays a role in our observations at depth, but δ13C-CH4 values measured 

from our incubation jars were similarly enriched relative to surface soils (Figure 2.7). 

Incubation jars were well mixed and headspace was sampled, minimizing the effect of 

diffusive fractionation and ruling out diffusion as the sole driver of enrichment at depth within 

mesocosm pore water. 

Third, substrate pool size may influence potential methanogenic fractionation if C 

substrates are limited in deep mineral horizons. Our results suggest that methanogenic 

substrates may be limiting in deep horizons, as the C content in these soils was at least 5 times 

lower than in organic horizons (Table 2.1), and CH4 production rates were orders of 

magnitude lower than organic horizons (Figure 2.6). The impact of substrate pool limitation 

on potential fractionation is well described for photosynthetic uptake of CO2 (Farquhar and 

Ehleringer, 1989), but further incubation studies would be needed to determine if pool effects 

are driving high δ13C-CH4 observations in soil pore water.  

Finally, distinct methanogenic communities may be stratified by depth within the soil 

profile. It is known that the two main functional types of methanogens (acetate fermenting vs. 

CO2 reducing) fractionate CH4 to varying degrees (Chanton et al., 2004), and methanogenic 

communities vary across environmental gradients. This community variation is often 

described through changes in the δ13C of pore water CH4 and methanogenic fractionation 

factors (Hodgkins et al., 2014; Holmes et al., 2014; McCalley et al., 2014). We observed clear 

differences in δ13C-CH4 between surface and deep soils (Figure 2.7), which suggests that 

community composition may vary between organic and mineral soil horizons. In the nearby 
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Everglades, methanogen communities shift across nutrient gradients (Holmes et al., 2014), 

suggesting that similar mechanisms may be important at our site. Further research is needed to 

determine methanogen community compositions between soil horizons and disentangle these 

complex isotope effects. 

Pasture CH4 emissions were largely driven by transient flooding of surface organic 

soils with high CH4 production rates. This suggests that changes in pasture flooding could 

cause large changes in net CH4 emissions if surface organic soils remain saturated over longer 

time scales. These results are global significant because pastures are a major land use in 

subtropical and tropical regions worldwide. Pastures cover 31.4%, 22.7%, and 30.1% of total 

land area in Central America, tropical South America, and tropical Africa, respectively 

(Ramankutty et al., 2008), so our findings are likely generalizable to regions that experience 

wet season flooding. Regionally, pasture is the most common land use in the northern 

Everglades region and covers 35% of total land area (Hiscock et al., 2003). Our results are 

particularly relevant to the northern Everglades region where water retention practices are 

implemented to hold floodwater on pastures to reduce nutrient inputs into downstream 

Everglades ecosystems (Bohlen and Villapando, 2011). These practices are widely 

implemented across South Florida (Bohlen et al., 2009), and the potential impacts to 

greenhouse gas emissions have not been assessed. Further research is needed to assess 

potential emissions resulting from these practices, as our research documents high magnitude 

CH4 emissions from these systems during periods of transient flooding. 
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CHAPTER 3 

 

THE IMPACT OF WATER MANAGEMENT PRACTICES ON METHANE EMISSIONS 

AND SUBTROPICAL PASTURE GREENHOUSE GAS BUDGETS 
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ABSTRACT 

Pastures are an extensive land cover type, however patterns in pasture greenhouse gas (GHG) 

exchange vary widely depending on climate and land management. Understanding this 

variation is important, as pastures may be a net GHG source or sink depending on these 

factors. We quantified carbon dioxide (CO2) and methane (CH4) fluxes from subtropical 

pastures in south Florida for three years using eddy covariance, and estimated annual budgets 

of CO2, CH4, and GHG equivalent emissions. We also estimated the impact of water retention 

practices on pasture and regional GHG emissions. The pastures were net CO2 sinks 

sequestering up to 163.01 ± 53.56 g CO2-C m-2 yr-1, but were also strong CH4 sources emitting 

up to 23.36 ± 1.48 g CH4-C m-2 yr-1. Accounting for the increased global warming potential of 

CH4, the pastures were strong GHG sources emitting up to 513.82 ± 73.10 g CO2 eq. m-2 yr-1, 

and all CO2 uptake was offset by wet season CH4 emissions from the flooded landscape. Our 

analysis suggests increased flooding from water management practices is a small component 

of the pasture GHG budget, and water retention likely contributes 2-11.5% of pasture GHG 

emissions. Water retention is likely responsible for 29.36 ± 18.74 Mg CH4-C yr-1 of emissions 

within the Northern Everglades region, equivalent to 1-7% of annual CH4 emissions from 

cattle in this county of Florida alone. Our results demonstrate that subtropical pastures are 

strong GHG sources when accounting for CH4 emissions from cattle and the flooded 

landscape, and water retention practices aimed at reducing nutrient loading to the Everglades 

are likely only responsible for a minor increase in regional GHG emissions. 
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INTRODUCTION 

Pastures cover ~22% of Earth’s ice-free surface (Ramankutty et al., 2008), and play an 

important role in global carbon (C) exchange by removing ~0.2 Pg C from the atmosphere 

annually. Policies are implemented internationally to promote C sequestration and reduce 

greenhouse gas (GHG) emissions from pastures (Follett and Reed, 2010). However, pastures 

are developed on all inhabited continents across a diversity of biomes (Ramankutty et al., 

2008), so their GHG budgets are likely variable across climate and soil types. Dominant 

controls of pasture GHG exchange include net ecosystem exchange (NEE) of carbon dioxide 

(CO2) by grasslands and methane (CH4) emissions from grazing livestock. 

The proliferation of eddy covariance towers over the past decade has given us a better 

understanding of how GHG exchange varies across ecosystem and climate types (Baldocchi, 

2008). Pasture NEE and CH4 fluxes vary widely depending on climate and the ecosystems 

upon which they are developed. For example, pastures developed on drained peatlands are 

major sources of CO2 as highly organic soils oxidize when exposed to the atmosphere (Hatala 

et al., 2012; Knox et al., 2015; Nieveen et al., 2005; Teh et al., 2011), whereas upland 

pastures tend to be net sinks of CO2 (Dengel et al., 2011; Mudge et al., 2011; Soussana et al., 

2007). Methane emissions from grazing livestock often offset grassland GHG sinks (Allard et 

al., 2007; Dengel et al., 2011; Soussana et al., 2007), as CH4 has a global warming potential 

25 times greater than CO2 over a 100-year time horizon (Forster et al., 2007). Methane and 

nitrous oxide (N2O, another potent GHG) emissions from the underlying landscape are 

particularly important in regions that experience flooding (Chamberlain et al., 2015; Teh et 

al., 2011), as is common throughout the tropics and subtropics. Due to the variety of factors 
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influencing pasture GHG exchange, there is great uncertainty about the GHG forcing 

associated with pastures and how this forcing varies with climate and management. 

Land management is known to impact ecosystem GHG fluxes, however these 

interactions can be complex and have received little research attention (Baldocchi, 2014). For 

instance, increased grazing pressure and fertilization increase CH4 and N2O emissions, 

respectively, and can reduce pasture GHG sinks up to 89% (Allard et al., 2007). The 

restoration of peatland pastures to wetlands changes these systems from strong GHG sources 

to sinks due to the balance between CO2 and CH4 fluxes (Knox et al., 2015). Water 

management practices may exert a particularly large influence on CH4 emissions, as soil 

microbes produce CH4 under flooded or anoxic conditions (Conrad, 2007). Water is often 

heavily managed in wet regions, such as south Florida where this study was conducted, yet 

the influence of water management practices on GHG fluxes is rarely evaluated. Runoff from 

cattle pastures is a major source of nutrient loading to the Everglades, an important wetland 

complex in this region, and water retention and storage programs have been implemented to 

reduce nutrient runoff by reducing pasture drainage. While these programs effectively reduce 

nutrient loads to downstream ecosystems (Bohlen and Villapando, 2011; Bohlen et al., 2009), 

their impact on pasture GHG emissions is unknown. Understanding the influence of water 

retention practices on pasture GHG emissions is important given the high CH4 production and 

emission rates observed from south Florida pasture soils (Chamberlain et al., 2016). 

The objectives of this study were to 1) quantify the environmental controls of pasture 

NEE and CH4 fluxes across multiple years, 2) estimate annual pasture NEE, CH4, and GHG 

budgets, and 3) estimate the impact of water retention practices on pasture GHG budgets. We 

measured ecosystem-scale CO2 and CH4 fluxes for three years using eddy covariance, and 
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used these data to estimate annual budgets and determine environmental controls of fluxes. 

Annual N2O emissions were also calculated using IPCC Tier 2 guidelines for manure 

deposition on pastures (IPCC, 2006). We then explored the influence of water retention on 

pasture GHG budgets by combining water table data from pasture water retention treatments 

with CH4 flux data from our eddy covariance tower. This work advances out understanding of 

pasture GHG emissions and helps to develop a context for evaluating trade-offs between 

water quality and climate regulating ecosystem services from a globally dominant land use. 

 

METHODS 

Study Site 

We measured CO2 and CH4 fluxes from a fenced pasture (92.1 ha; N 27.1632004, W 

81.187302) that was rotationally grazed throughout the measurement period at a capacity of 

~1.4 cows ha-1. The pasture is located within a 4290 ha commercial cattle ranch, the 

MacArthur Agro-ecology Research Center (MAERC), which operates as a division of 

Archbold Biological Station. The pastures are planted with an introduced forage grass, 

Paspalum notatum, and have not received herbicide or fertilizer since 2006 and 2007, 

respectively. Roughly 30 hectares of the pasture was intentionally burned in January 2013. 

The region experiences heavy rainfall and flooding during the summer wet season, and 

pastures are drained through a network of ditches and canals throughout the landscape. The 

study pasture is 74.2% Paspalum notatum pasture, 10.9% depressional wetland, 9.2% Sabal 

palmetto hammock, 4.0% drainage ditch, and 1.7% drainage canal by area (Chamberlain et 

al., 2015). 
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Eddy Covariance Measurements 

We measured ecosystem-scale fluxes of CO2, CH4, H2O, and sensible heat using an eddy 

covariance tower installed within the center of the pasture described above from May 2013 to 

November 2015. At a height of 2.6 m and a 10 Hz interval, we measured three-dimensional 

wind speed and direction with a sonic anemometer (CSAT3, Campbell Scientific Inc., Logan, 

UT, USA) and CO2, H2O, and CH4 concentrations with open-path infrared gas analyzers (LI-

7500A and LI-7700, Licor Inc., Lincoln, NE, USA). All instruments interfaced with a 

datalogger (LI-7550, Licor Inc., Lincoln, NE, USA) and data were transmitted by modem for 

processing. We also made ancillary atmospheric and hydrologic measurements at 30 min 

averaging intervals and logged these data to an additional logger (CR3000, Campbell 

Scientific Inc., Logan, UT, USA) time synchronized to the eddy covariance logger. Ancillary 

measures at the tower site included air temperature and relative humidity (HMP115, Viasala, 

Helsinki, Finland), incoming radiation with a net radiometer (NR Lite2, Kipp & Zonen Inc., 

Bohemia, NY, USA), water table depth with a pressure transducer (CS451, Campbell 

Scientific Inc., Logan, UT, USA), and volumetric water content at 5, 10, and 20 cm depths 

with water content reflectometers (CS616, Campbell Scientific Inc., Logan, UT, USA). 

Rainfall was also measured at 30 min intervals with a tipping bucket gauge (TB4, Hydrologic 

Services America, Lake Worth, FL, USA) located 1.7 km southwest of the tower (N 

27.150475, W 81.198568). 

Fluxes were calculated from the covariance of vertical wind speed and scalars ([CO2], 

[CH4], [H2O], heat) over 30 min intervals. Raw data were screened for spikes, drop-outs, 

amplitude resolution, absolute limits, skewness, and kurtosis as described in Vickers and 

Mahrt (1997) and designated default in commercial software (EddyPro 4.2, Licor Inc., 
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Lincoln, NE, USA). We aligned the anemometer with mean wind streamlines using double-

rotation corrections, used block averaging to calculate mean wind speeds and concentrations 

over the 30 min interval, and corrected for time lags between wind and gas concentration 

measurements by covariance maximization. We corrected for air density fluctuations using 

the Webb-Pearl-Leuning correction (Webb et al., 1980) and applied analytic spectral 

corrections according to Moncrieff et al. (1997). Quality of fluxes were then flagged 

according to Foken et al. (2005), where quality flags range from 1 (best) to 9 (worst) 

depending on atmospheric turbulence, flux stationarity, and flow distortions by the tower 

structure. All of the above processing and corrections were conducted using commercial 

software (EddyPro 4.2, Licor Inc., Lincoln, NE, USA). Processed fluxes were rejected when 

atmospheric conditions were poor (quality flags > 4 for CO2; quality flags > 6 for CH4), and 

additional CH4 fluxes were rejected when the CH4 sensor path was blocked, CH4 

concentrations were below 1.74 ppm or above 5.00 ppm, and when fluxes were above 1500 

nmol m-2 s-1 or below -500 nmol m-2 s-1 (Baldocchi et al., 2012; Dengel et al., 2011). We 

relaxed the quality flag criteria for CH4 to reduce the number of CH4 fluxes removed, and to 

include periods when cattle grazed the footprint, which may induce non-stationary CH4 fluxes 

over half-hourly intervals. Overall, 42% of all CH4 fluxes and 36% of all CO2 fluxes were 

removed from analysis. In this study, negative fluxes represent ecosystem uptake and positive 

fluxes represent ecosystem emissions. The daytime 90% tower footprint was 290 m across the 

entire measurement period. This area is largely grassland pasture with intersecting drainage 

ditches, and two depressional wetlands are located at the outer reaches of the flux footprint 

(Chamberlain et al., 2015). 
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Gap Filling, NEE Partitioning, and Annual Budgets 

We filled gaps in the NEE half-hourly time series using the Marginal Distribution Sampling 

method described in Reichstein et al. (2005). Here, NEE fluxes are grouped according to 

incoming radiation, air temperature, and vapor pressure deficit conditions and mean values 

are used to fill missing data during similar conditions. When meteorological data are not 

available, NEE fluxes are filled based on measured fluxes occurring at similar times of day. 

The filled NEE time series was partitioned into gross ecosystem productivity (GEP) and 

ecosystem respiration (Reco) using the method described in Reichstein et al. (2005). Here, the 

relationship between Tair and nighttime NEE (when GEP is zero) is described using the Lloyd 

and Taylor (1994) model, and this relationship is then used to estimate Reco in all periods using 

the modelled temperature relationship. GEP is then estimated as the difference between NEE 

and Reco. A complete description of both methods can be found in Reichstein et al. (2005). All 

NEE gap filling and partitioning was conducted in R 3.2.0 using the ‘REddyProc’ package (R 

Core Team, 2015). 

We filled gaps in the CH4 times series by linear interpolation for gaps of up to 2.5 

hours and longer gaps were filled using the Mean Diurnal Variation method (Dengel et al., 

2011), where gaps are filled based on mean fluxes observed in the same half-hour period on 

adjacent days. We sampled adjacent half-hourly periods using a moving window of seven 

days and calculated error estimates for gap-filled values based on the standard deviation of 

measured fluxes used in the moving window average. Separate moving window averages 

were used for periods with and without cattle present in the pasture. 

Annual NEE, CH4, and GHG budgets were calculated by integrating daily sums from 

the gap-filled time series over two annual cycles (April 1, 2013 to March 31, 2014; April 1, 
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2014 to March 31, 2015). Both annual cycles begin at the onset of the pastures growing/wet 

season. We calculated the GHG budget by adding daily NEE and CH4 budgets in terms of 

CO2 equivalent emissions, where 1 g CH4 is equivalent to 25 g CO2 in the atmosphere based 

on the CH4 global warming potential over the 100-yr time horizon (Forster et al., 2007). The 

GHG budgets presented here include measured fluxes only (NEE + CH4). Uncertainty in 

annual NEE and CH4 budgets were integrated from half-hourly flux random errors and gap-

filled estimate errors. Uncertainty in the GHG budget was estimated from the additive 

variance of the NEE and CH4 budgets. All relationships between fluxes and environmental 

variables were described using regression analyses, and CH4 fluxes were log-transformed to 

meet assumptions of normality. All regressions between half-hourly fluxes and environmental 

variables were conducted using non-gap-filled half-hourly data (quality flag 3 or less). 

We estimated annual manure N2O budgets using IPCC Tier 2 guidelines and daily 

stocking data for the pasture at MAERC containing the eddy covariance tower. Daily N2O 

emissions from deposited manure were calculated using the following equation (IPCC, 2006): 

N2Om = N ⋅
Nex
365

⋅EFN 2O  

where N2Om is the total amount of N2O produced from manure on the pasture (kg N2O-N d-1), 

EFN2O is the N2O emission factor for ‘pasture range and paddock’ deposited manure [0.02 

(0.005-0.03) kg N2O-N per kg N excreted], Nex is the N excretion rate per non-dairy North 

American cattle (70 kg N cow-1 yr-1), and N is the daily cattle population within the fenced 

pasture. EFN2O and Nex values are from the IPCC (2006). Total N2O emissions from manure 

were then converted to comparable units (g N2O-N m-2 yr-1) by dividing annual emissions by 
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the total pasture area (92.1 ha). We did not calculate fertilizer N2O emissions because 

fertilizer has not been applied to these pastures since 2007. 

 

Water Retention Analysis 

To assess the influence of water retention on CH4 fluxes, we analyzed existing water table 

data from eight side-by-side experimental pastures broken into two treatments. Within these 

pastures, water flow was reduced on one block of four pastures (water control treatment) and 

water flow was left unobstructed on the other block of four pastures (control). These data 

were initially published in Bohlen and Villapando (2011), and were used to track the efficacy 

of water control structures for increasing pasture water and nutrient retention. Raw water table 

data from these pastures were provided by MAERC. In this study, water table depth was 

measured at 20-min intervals for four years from all eight pastures (January 2005 to January 

2009). These experimental pastures are also part of MAERC and are located 1.5 km southeast 

(N 27.144434, W 81.177001) of the eddy covariance tower location. The experimental 

pastures and the separate pasture containing the eddy covariance tower are all planted with 

Paspalum notatum, established on fine sand spodosol soils, drained by ditch networks, and 

rotationally grazed by cattle (Bohlen and Villapando, 2011). 

We estimated the influence of water retention practices on net CH4 emission and 

annual GHG budgets by 1) estimating the influence of water retention practices on surface 

soil flooding, and then 2) estimating the influence of extended surface soil flooding on CH4 

emissions. We first estimated the influence of water retention on soil flooding by calculating 

daily mean water table depths in retention and non-retention pastures (2005-2009), and then 

calculating the difference in flooding duration of the surface organic horizon (0-15 cm below 
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surface) between treatments. We were interested in how long this soil horizon is flooded 

because, in this region, flooding of the top 15 cm of soil controls ecosystem CH4 emissions 

(Chamberlain et al., 2016). We then estimated increases in CH4 emission by multiplying the 

yearly difference in surface flooding duration by the mean CH4 emission rate when the water 

table was within the 0 – 15 cm surface horizon, as estimated from our eddy covariance data 

and accounting for CH4 flux uncertainty. We estimated the regional impact of water retention 

on CH4 emissions by extrapolating these finding across the areal extent of water retention 

pastures in the Northern Everglades region presented in Bohlen et al. (2009). All data 

processing, analysis, and visualization was conducted in R 3.2.0 using the ‘dplyr’, ‘ggplot2’, 

and ‘zoo’ packages (R Core Team, 2015). 

 

RESULTS 

Climate and Weather 

Pasture meteorological and hydrological conditions were characteristic of the humid 

subtropics, where temperature (°C), incoming radiation (MJ m-2 d-1), precipitation (mm d-1), 

and water table depth (m below surface) all displayed strong seasonality (Figure 3.1). Air 

temperature was highest in summer (May through September) and decreased in winter 

(October through April). In general, daily air temperature was more variable during the 

winter, occasionally dropping below 0 °C during January and February both years (Figure 

3.1a). Daily incoming radiation also peaked in summer, but was highly variable on a day-to-

day basis due to changing cloud cover (Figure 3.1b). The frequency and intensity of rainfall 

events increased during summer months, with the most rainfall occurring between May and 

September each year. The summers of 2013 and 2014 exhibited clearly defined wet seasons 
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where most rainfall events occurred during the summer and were separated by an extended 

dry period (Figure 3.1c). Large rainfall events were more dispersed throughout 2015 causing a 

less clear delineation between dry and wet seasons (Figure 3.1c). The frequency and duration 

of summer rain events had a clear influence on pasture water table dynamics. In both the 2013 

and 2014 wet seasons, extended periods of surface flooding occurred during heavy rainfall 

periods and both seasons were separated by a period of pasture dry down (Figure 3.1d). In 

contrast, in 2015, independent rain events drove many water table recharge events throughout 

the year but did not cause extended flooding until September 2015 when rainfall frequency 

increased (Figure 3.1d).  
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Figure 3.1 Pasture daily mean air temperature (Tair; a), incoming radiation (Rg; b), rainfall (c), and 
water table depth (d). Shaded area on (a) bounds daily minimum and maximum air temperature. 
 

Seasonal Cycles of CH4, NEE, Partitioned Fluxes (GEP, Reco), and Annual Budgets 

Pasture CH4 emissions were driven primarily by landscape flooding as described in detail in 

Chamberlain et al. (2015; 2016). Ecosystem CH4 emissions peaked in the wet season during 

periods of extended pasture flooding, and appreciable emissions were not observed when the 

water table reached the surface for one day or less (Figure 3.2a). We observed a weak 

correlation between GEP and CH4 fluxes at the daily time scale when the water table was 

within 5 cm of the land surface (r2 = 0.15, P = 0.0014), however these relationships were not 

observed when pasture water table was lower than 5 cm depth or in the half-hourly time 
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series. Across both years, the pastures were sources of CH4, emitting 23.36 ± 1.48 g CH4-C m-

2 yr-1 in 2013 and 23.54 ± 2.11 g CH4-C m-2 yr-1 in 2014 (Table 3.1). 

 

 

Figure 3.2 Daily pasture CH4 fluxes (a), net ecosystem exchange (NEE; b), and partitioned NEE 
fluxes (c). In (c) NEE is partitioned into ecosystem respiration (Reco) and gross ecosystem productivity 
(GEP). Red dots in (a) represent days when more than 66% of the half-hourly fluxes were gap-filled. 

 

Net ecosystem exchange followed similar seasonal cycles, where daily net C uptake 

was observed during the wet season and net C loss was observed during the dry season 

(Figure 3.2b). Daily C uptake was highly variable, and many periods of C loss were observed 

during the growing season, often adjacent to periods of C uptake (Figure 3.2b). Much of this 

daily variability was driven by variability in pasture GEP, which exhibited high variability 

compared to Reco (Figure 3.2c). Variability in GEP was likely driven by the variability in 
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pasture incoming radiation, as we observed a strong correlation between daily GEP estimates 

and incoming radiation (r2 = 0.47, P < 0.0001). Our observations of daily C uptake correlate 

well to incoming radiation (r2 = 0.41, P < 0.0001; Figure 3.3), and do not correlate well to 

daily temperature (r2 = 0.07, P < 0.0001), suggesting that light availability controlled pasture 

C uptake independent of season. Pastures were a CO2 sink, sequestering 163.01 ± 53.56 g 

CO2-C m-2 yr-1 in 2013 and 74.65 ± 50.66 g CO2-C m-2 yr-1 in 2014 (Table 3.1). The reduced 

CO2 sink strength in 2014 was likely driven by an extended period of C loss in June 2014 

when GEP decreased and Reco increased (Figure 3.2c). This event occurred during a 

particularly dry early summer when the water table was not recharged until late June 2014 

(Figure 3.1), at which point C uptake resumed (Figure 3.2b). 

 

 

Figure 3.3 Relationship between daily NEE and incoming radiation (Rg) across the entire 
measurement period. Line and shaded area reflects linear relationship between variables and 95% 
confidence interval of fit. 
 
 

When we express pasture CH4 emissions in terms of CO2 equivalents, the pastures 

become a strong GHG gas source (Figure 3.4). After accounting for the global warming 

potential of CH4, the pastures produced 420.94 ± 65.06 g CO2 eq. m-2 yr-1 in 2013 and 513.82 
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± 73.10 g CO2 eq. m-2 yr-1 in 2014 (Table 3.1). Here, the differences in annual GHG budgets 

were due to differences in annual NEE, as the pastures produced similar amounts of CH4 each 

year (Table 3.1; Figure 3.4). In both years, the pastures were initial GHG sinks until CH4 

emissions began at the onset of the wet season, and once CH4 emissions began, the pastures 

remained strong GHG sources for rest of the year (Figure 3.4). Pastures were sources of N2O 

in both years, producing 0.17 (0.04-0.26) g N2O-N m-2 yr-1 in 2013, and 0.15 (0.04-0.23) g 

N2O-N m-2 yr-1 in 2014. These manure-based emissions correspond to 51.93 (12.98-77.89) g 

CO2 eq. m-2 yr-1 in 2013, and 44.87 (11.22-67.30) g CO2 eq. m-2 yr-1 in 2014, where 1 g N2O is 

equivalent to 298 g CO2 in the atmosphere based on the N2O global warming potential over 

the 100-yr time horizon (Forster et al., 2007). 

 

 

Figure 3.4 Cumulative NEE (black line), CH4 flux (gray line), and CO2 equivalent emissions (dotted 
line; NEE + CH4). Gray shaded areas surrounding each line represents the 95% confidence interval of 
cumulative flux and gap-filled value uncertainty. 
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Water Retention Impacts 

On average, water retention structures caused the water table to remain within the surface soil 

horizon (0 - 15 cm) for an additional 10.75 days per year. There was great variability in this 

increase in retention; in one pasture the surface soil horizon was flooded for an additional 31 

days per year compared to control pastures, and on the other extreme, the surface soil horizon 

was flooded for 2 days less than control pastures.  A more detailed description of flooding 

dynamics in these experimental pastures can be found in Bohlen and Villapando (2011). We 

estimated the average and maximum influence of water retention on pasture CH4 emissions 

using both the average (10.75 d yr-1) and maximum (31 d yr-1) flooding increases caused by 

water retention structures. 

From 2013 to 2015, eddy covariance-measured CH4 fluxes were 109.82 ± 70.10 mg 

CH4 m-2 d-1 (median ± IQR; n = 119 days) when the water table was within the surface soil 

horizon (0 – 15 cm) and 21.50 ± 21.12 mg CH4 m-2 d-1; n = 615 days when the water table was 

not within this horizon (Mann-Whitney; P < 0.0001). There was no difference in ecosystem 

CH4 fluxes when the water table was within 5 cm of surface (131.25 ± 60.61 mg CH4 m-2 d-1; 

n = 69 days) compared to the entire 0 – 15 cm soil horizon (Mann-Whitney; P = 0.30). 

If we assume that water retention within the tower footprint creates 10.75 days of 

additional surface soil (0-15 cm) flooding per year (water retention structures are currently 

installed within the pasture), this effect accounts for 1.18 ± 0.75 g CH4-C m-2 yr-1 of net CH4 

emissions. This is attributable to 7.0 ± 4.5% and 5.7 ± 3.7% of the total pasture GHG budget 

in 2013 and 2014, respectively (Table 3.1). All water retention pastures within the Florida 

Ranchlands Environmental Services Project (FRESP) cover 2487 ha of land (Bohlen et al., 

2009). Regionally, water retention could be responsible for 29.36 ± 18.74 Mg CH4-C yr-1 
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assuming retention increases flooding by 10.75 d yr-1 across all FRESP retention pastures. 

Emissions could be as high as 84.67 ± 54.04 Mg CH4-C yr-1 if retention increases surface 

flooding by 31 d yr-1, as we observed in one experimental pasture. 

 

Table 3.1 Pasture NEE, CH4, and GHG equivalent emissions (NEE + CH4) for two years. Water 
retention impact is estimated potential CH4 emissions due to increased water table via retention 
practices. Measured fluxes only are included in GHG budget (N2O estimates omitted). 
 
Year	   NEE 

(g CO2-C m-2 yr-1)	  
CH4 
(g CH4-C m-2 yr-1)	  

GHG 
(g CO2 eq. m-2 yr-1)	  

Water retention  
(% of GHG budget)	  

2013-2014	   -163.01 ± 53.56	   23.36 ± 1.48	   420.94 ± 65.06	   7.0 ± 4.5%	  
2014-2015	   -74.65 ± 50.66	   23.54 ± 2.11	   513.82 ± 73.10	   5.7 ± 3.7%	  
 

 

DISCUSSION 

Our results demonstrate that subtropical Florida pastures, despite being net sinks of CO2, are 

strong GHG sources when accounting for CH4 emissions (Figure 3.4). Methane emissions 

offset CO2 uptake almost immediately, as the peak seasons of CH4 emission and CO2 uptake 

coincide during the wet season (Figure 3.2). Further, our analyses show that water retention 

interventions to improve water quality do not have a large impact on pasture GHG emissions. 

Increases in water retention associated with these interventions account for 2-11.5% of annual 

pasture GHG emissions. Total GHG emissions appear to be relatively insensitive to water 

retention practices because the increases caused by the practices are small compared to natural 

landscape and cattle CH4 emissions. The water retention structures used in these treatments 

are the same used in regional water management projects, so the responses observed in these 

pastures is likely representative of the region (Bohlen and Villapando, 2011). 

Our analysis also showed that N2O emissions associated with manure deposition are 

also modest relative to CH4 emissions. Accounting for manure N2O fluxes increased pasture 
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GHG emissions by 12.3% (3.1-18.5%) in 2013, and 8.7% (2.2-13.1%) in 2014. These 

increases are similar in magnitude to the contribution of water retention to GHG budgets 

(Table 3.1), suggesting that the GHG burden of water retention is similar to N2O emissions 

from grazing cattle manure. Direct studies of N2O emissions from these pastures are 

warranted, particularly since our IPCC-based estimates do not account for N2O fluxes from 

flooded land. It may also be important to account for fertilizer-based N2O emissions in some 

cases, but these pastures have not received fertilizer applications since 2007. In general, it 

appears that N2O emissions may impact pasture GHG budgets, but their influence is likely 

small compared to the contribution of CH4 emissions. 

Assuming the average flooding effect of water control structures (10.75 d yr-1), water 

retention practices could increase regional emissions by 29.36 ± 18.74 Mg CH4-C yr-1, and the 

maximum flooding effect (31 d yr-1) could increase emissions by 84.67 ± 54.04 Mg CH4-C yr-

1.To put these values in perspective, the average cow in the region emits 58.9 kg CH4-C yr-1 

(Chamberlain et al., 2015). Water retention practices are therefore equivalent to ranging an 

additional 180–817 cattle (average scenario), up to 520–2355 cattle (maximum scenario), in 

the Northern Everglades region. The MacArthur Agro-ecology Research Center, where this 

study took place, grazes ~3000 cattle at any given time (MacArthur Agro-ecology Research 

Center, 2015), and Highlands county alone, where MAERC is located, has a population of 

125,000 cattle (USDA NASS Southern Region, 2015). This suggests that any impact of water 

retention on CH4 emissions is small compared to the CH4 emitted by the regional cattle 

population. 

Pilot water retention projects, FRESP, ran from 2005-2011, and the regional CH4 

estimates presented here include all pastures within the FRESP project. Since then, the project 
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has been continued through the South Florida Water Management District under a new 

Dispersed Water Management-Northern Everglades Payment for Environmental Services 

(NE-PES) program. NE-PES continues to compensate ranches and is involving additional 

ranches through over $7 million in additional funding (Shabman and Lynch, 2013). It is worth 

noting that flood water is not only stored on pastures, but is also stored within pasture 

wetlands and impoundments (Bohlen et al., 2009; Shabman and Lynch, 2013) that likely 

exhibited different GHG dynamics. Further research is needed to assess the GHG budgets of 

these other managed systems located throughout south Florida. Regardless, this study 

demonstrates that subtropical pastures are strong GHG sources when accounting for CH4 

fluxes, and water retention practices do not explain the majority of pasture CH4 emissions. 

This suggests that water retention practices provide the ecosystem services of reduced nutrient 

loading at a minor climate consequence. 
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CHAPTER 4 

 

SOURCING METHANE AND CARBON DIOXIDE EMISSIONS FROM A SMALL CITY: 

INFLUENCE OF NATURAL GAS LEAKAGE AND COMBUSTION 
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ABSTRACT 

Natural gas leakage and combustion are major sources of carbon dioxide (CO2) and methane 

(CH4), however our understanding of emissions from cities is limited. We mapped pipeline 

leakage using a mobile CH4 detection system, and continuously monitored atmospheric CO2 

and CH4 concentrations and carbon isotopes (δ13C-CO2 and δ13C-CH4) for one-year above 

Ithaca, New York. Pipeline leakage rates were low (< 0.39 leaks mile-1), likely due to the 

small extent of cast iron and bare steel within the pipeline system (2.6%). Our atmospheric 

monitoring demonstrated that the isotopic composition of locally emitted CO2 approached the 

δ13C range of natural gas combustion in winter, correlating to natural gas power generation 

patterns at Cornell’s Combined Heat and Power Plant located 600 m southeast of the 

monitoring site. Atmospheric CH4 plumes were primarily of natural gas origin, were observed 

intermittently throughout the year, and were most frequent in winter and spring. No 

correlations between the timing of atmospheric natural gas plumes and Cornell Plant 

operations could be drawn. However, elevated CH4 and CO2 concentrations were observed 

coincident with high winds from the southeast, and the plant is the only major emission 

source in that wind sector. Natural gas use at centralized facilities is growing, and our results 

suggest that these facilities may be an important source of urban and suburban emissions. 

  



 

 88 

INTRODUCTION 

Carbon dioxide (CO2) and methane (CH4) emissions are responsible for 50% and 29% of 

positive anthropogenic radiative forcing to the atmosphere, respectively (Stocker et al., 2013). 

Between 30 to 40 percent of all anthropogenic greenhouse gas emissions originate from cities, 

however these estimates are highly uncertain (Satterthwaite, 2008). Cities are generally 

defined as having populations greater than 20,000 residents (Satterthwaite, 2008), however 

cities vary widely in terms of density and development, making it difficult to scale emission 

estimates. Within the United States, studies to date have focused on quantifying emissions 

from major urban areas (population > 1,000,000) such as Boston (Phillips et al., 2013; 

McKain et al., 2015), Washington DC (Jackson et al., 2014), Salt Lake City (Pataki et al., 

2003a), Indianapolis (Mays et al., 2009; Cambaliza et al., 2015), and Los Angeles (Turnbull 

et al., 2011; Wennberg et al., 2012), whereas little research has focused on sourcing 

greenhouse gas emissions from small cities. Today, roughly 46% of the global urban 

population lives in cities smaller than 500,000 (United Nations, 2014), so data are needed 

from this major and growing land use. Small cities are commonly made up of low-density 

suburban landscapes, and while these landscapes are predominant across North America 

(Gordon and Janzen, 2013) they have received less research attention. 

 Energy generation for electricity, heating, and industry is a major driver of urban 

emissions, and within the United States, roughly one quarter of the total energy supply is 

generated from the combustion of natural gas (EPA, 2015). Natural gas combustion facilities 

are the leading sector of electricity generation in the United States, recently exceeding net 

electricity generation from coal (EIA, 2015). Natural gas usage emits greenhouse gases 

through direct leakage of CH4 and combustion of CH4 to CO2. The US Environmental 
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Protection Agency estimates that the natural gas and energy supply chains are the largest 

emission source of CH4 in the United States, and dominant source of CO2 equivalent 

emissions in residential, commercial, and industrial sectors (EPA, 2015). These estimates are 

highly uncertain and heavily debated. 

 Much of the controversy stems from a poor accounting of fugitive CH4 emissions, and 

independent and industry studies have produced a wide range of leak rate estimates (Howarth 

et al., 2011; Cathles et al., 2012; Wennberg et al., 2012; Gallagher et al., 2015; Lamb et al., 

2015; McKain et al., 2015; EPA 2015). It is necessary to constrain CH4 leakage rate estimates 

because at higher leak rates (above ~3%) natural gas usage for electricity generation has a 

higher greenhouse gas footprint than coal (Howarth et al., 2011). Contemporary studies of 

major US cities have documented high CH4 leakage rates from natural gas pipeline 

infrastructure (Townsend-Small et al., 2012; Phillips et al., 2013; Jackson et al., 2014; 

Cambaliza et al., 2015; McKain et al., 2015), though leakage rates are significantly reduced in 

cities that have replaced older cast iron distribution pipelines with less leak prone alternatives 

(Gallagher et al., 2015). Additionally, continuous concentration and isotope measurements 

from rooftops have found that natural gas combustion is the dominant driver of urban CO2 

emissions in winter months (Pataki et al., 2003a; Moore and Jacobson, 2015). These patterns 

have been primarily described in larger urban areas, and small cities and suburban areas are 

underrepresented in literature. Given the extent of small cities and suburbs and the lack of 

available data, it is important to better constrain emissions from these systems. 

 The goals of this work were to better understand temporal and spatial patterns in CH4 

leakage and combustion in the small city of Ithaca, New York, USA. We established a 

continuous rooftop-monitoring site and generated a 12-month record of CO2 and CH4 
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concentration and isotope values (δ13C-CO2; δ13C-CH4) to identify temporal patterns in 

ecosystem-scale emissions. Here, we used a wavelength-scanned cavity ringdown 

spectrometer (WS-CRDS) to collect high-resolution (~ 0.5-1 Hz) paired measurements of 

δ13C and gas concentrations. To our knowledge, this is the first long-term continuous record 

of urban CH4 and CO2 concentrations and δ13C. We also conducted mobile gas concentration 

surveys to identify street-level CH4 leakage from natural gas pipeline infrastructure. We 

combined these two approaches to describe the extent of CH4 leakage from local 

infrastructure, determine the contribution of natural gas leakage and combustion to 

atmospheric CH4 and CO2, and identify potential emission sources observed from our rooftop 

measurements. Finally, we present a basic data processing, filtering, and quality control 

framework to guide future studies using rooftop WS-CRDS measurements to identify 

ecosystem greenhouse gas sources. 

 

METHODS 

Description: Ithaca, New York 

Ithaca, New York is a small city (population 30,720 in 2014) with a density of 2,151 persons 

per km2. The landscape of Ithaca ranges from a more densely populated downtown 

surrounded by suburban and exurban neighborhoods comprised of mostly single-family 

homes. The Ithaca metro area also includes the surrounding Town of Ithaca and Cayuga 

Heights (populations of 19,930 and 3,729, respectively), which are lower density suburban 

neighborhoods (US Census, 2014). Cornell University is located within Ithaca, and hosts an 

additional student population of 21,850 students per academic year, many of which live in 

large dormitories on campus (Cornell, 2013a). Ithaca is located within a continental climate, 
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and experiences warm humid summers and cold winters with temperatures dropping below O 

°C (NEWA, 2015). All measurements took place within the Ithaca metro area described 

above. 

 
Leak Mapping Surveys 

We identified individual CH4 leaks throughout Ithaca, NY, using a custom built mobile leak 

monitoring system. A WS-CRDS (G2201-i, Picarro Inc., Sunnyvale, CA) was installed in an 

automobile and continuously measured CO2 and CH4 concentrations during survey drives. Air 

was drawn through perforations in a ¼” Teflon sampling tube covered with PTFE membranes 

mounted on the vehicle front bumper, and a second vacuum pump increased the flow rate 

through gas sampling lines. Air was drawn from the sampling line into the WS-CRDS at 300 

ml min-1. GPS location was recorded at 1-second intervals (GPS18x, Garmin Ltd., Olathe, 

KS) and merged with WS-CRDS files post-survey. We corrected for time lags between GPS 

location and CH4 measurements due to sampling line length (~3.7 m) by measuring the time 

delay between the injection of gas standards at the front bumper inlet and WS-CRDS response 

time (~19 seconds). The WS-CRDS was calibrated with known concentration and isotope 

standards of CH4 and CO2 in air. We used 0, 5, and 10 ppm CH4 standards (Air Liquide, 

Philadelphia, PA); 301, 510, and 1000 ppm CO2 standards (Air Liquide, Philadelphia, PA); -

44.42 and -3.58‰ δ13C-CO2 standards (Oztech Trading Corp, Stafford, AZ); and -66.5 and -

23.9 ‰ δ13C-CH4 standards (Isometric Instruments, Victoria, BC) for calibrations. 

Concentration and δ13C measurements were precise to within 0.05 ppm CH4, 0.20 ppm CO2, 

1.15‰ δ13C-CH4, and 0.16 ‰ δ13C-CO2. These calibrations and precisions also apply to the 

Rooftop Gas Monitoring section below. The measurement system was powered through a 
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1000W sine wave inverter attached to a 12 V battery run in parallel with the vehicle’s battery 

system. This mobile system has been used successfully to map CH4 emission plumes from 

pasture ecosystems in south Florida (Chamberlain et al., 2015). 

In total, 148 miles of road were sampled within the area shown in Figure 4.1 at an 

average speed of 15.5 mph, which included all major roads and the majority of residential and 

side roads (Appendix Figure A.1). Surveys were conducted on May 27-28th and June 29-30th, 

2015 on days with low wind speed (Appendix Table A.1). Post-survey, all data were compiled 

and we defined potential leaks as temporally discrete CH4 concentration peaks that were 

above the 98% percentile of all measured concentrations (> 1.93 ppmv). Survey time series 

were de-trended prior to peak identification to control for fluctuations in background CH4 

concentration throughout the day. Leak locations were then identified and mapped using R 

3.2.0 and the ‘ggmap’ package (R Core Team, 2015). 

 

Rooftop Gas Monitoring 

In Ithaca, CO2 and CH4 isotope concentrations were continuously monitored with a WS-

CRDS analyzer (G2201-i, Picarro Inc., Sunnyvale, CA) from an air inlet 16 m above the 

ground from the rooftop of Corson Hall on the Cornell University campus (N 42.447128, W 

76.479203). Measurements began in September 2014 and were near continuous through 

September 2015. The rooftop measurement site is centrally located on Cornell University 

campus and is surrounded by roads, lawns, and other university office buildings. Ithaca’s 

residential and urban core is located 1.3 km to the west, and Cornell’s Combined Heat and 

Power Plant, which combusts natural gas for heat and electricity, is located ~600 m to the 

southeast (Figure 4.1). 
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Figure 4.1 Methane leak locations across Ithaca, New York. In total, 57 potential leaks (>1.93 ppmv 
CH4; 98% percentile of all measurements) were mapped across 148 miles of road (< 0.39 leaks mile-1). 
Locations of the rooftop-monitoring site and potential CH4 point sources are also shown on the map. 
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Air samples were drawn from a monitoring mast installed at the edge of the building 

roof to avoid possible interference from rooftop infrastructure. The Corson Hall rooftop 

maintains a working greenhouse with air conditioners, ventilation exhausts, and one sewage 

vent pipe (> 9 m from the air intake). The sample inlet was connected to an inverted funnel at 

the top of the mast to prevent water intake to the analyzer. Air samples were drawn though ¼” 

Teflon tubing with a PTFE membrane filter running from the sample mast to the WS-CRDS 

using a vacuum pump (sampling rate; 30 ml min-1). The WS-CRDS was housed within a 

greenhouse storage room and calibrated with known CO2 and CH4 concentration and isotope 

standards in air at the beginning of deployment as described in Leak Mapping Surveys. The 

instrument was checked for drift every 2 weeks using 5 ppm CH4 and 510 ppm CO2 standards 

(Air Liquide, Philadelphia, PA). Observed drifts (1σ) were as high as 0.05 ppm CH4, 0.58‰ 

δ13C-CH4, 1.90 ppm CO2, and 0.43‰ δ13C-CO2. Our reported drift range is similar to the 

range reported in Moore and Jacobson (2015), and is within the maximum drift range reported 

by the manufacturer (G2201-i, Picarro Inc., Sunnyvale, CA). We did not observe any 

systematic directional drift and therefore did not correct for instrument drift. 

 

Keeling Plot Approach 

We used Keeling plots to identify the isotopic source value of urban CO2 and CH4 emissions 

to the atmosphere. Keeling plots have been used to identify local sources of CO2 in both urban 

(Pataki et al., 2003a; Townsend-Small et al., 2012; Moore and Jacobson 2015) and natural 

ecosystems (Bowling et al., 2005, 2009). In this approach, measured gas concentrations (cm) 

are decomposed into their background (cb) and local source components (cs). 

    (equation 1) cm = cb + cs
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Applying an isotope mass-balance approach, we can then re-write equation 1 to describe 

isotopes in the atmosphere: 

   (equation 2) 

where δ13Cm, δ13Cb, and δ13Cs are the carbon isotope ratio of measured, background, and local 

CO2 or CH4, respectively. We then rewrite cs in terms of cm and cb, substitute equation 1 into 

equation 2, and describe measured isotopes (δ13Cm) as follows:  

  (equation 3) 

This equation can be used to identify the isotopic composition of locally emitted greenhouse 

gases (δ13Cs) by regressing measured isotope values (δ13Cm) by the inverse of measured 

concentration (1/cm) for either CO2 or CH4, where δ13Cs is the calculated y-intercept of the 

regression. For more details on this approach and derivation see Pataki et al. (2003b) or 

Zobitz et al. (2006). The Keeling approach has been used successfully to identify local 

sources of both CH4 and CO2 in urban settings (Pataki 2003a; Townsend-Small et al., 2012; 

Moore and Jacobson 2015). 

 

Data Processing and Analysis 

The WS-CRDS measured air samples every 1-2 seconds and collected ~2400 measurements 

per hour. Raw WS-CRDS data were averaged into half-hour intervals. We constructed 

Keeling plots and calculated δ13Cs for both gas species (δ13Cs-CO2 and δ13Cs-CH4) at daily 

intervals using half-hourly nighttime only data. Nighttime only data were used to construct 

Keeling plots because locally emitted gases accumulate during stable nocturnal conditions and 

photosynthesis effects can be ignored (Pataki 2003b). We defined nighttime as periods when 

δ13Cmcm = δ
13Cbcb +δ

13Cscs

δ13Cm = cb(δ
13Cb −δ

13Cs )
1
cm
+δ13Cs
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incoming solar radiation was 0 W m-2 at the Cornell University Game Farm Road weather 

station (N 42.449181, W 76.449038), located ~2.5 km from the rooftop-monitoring site. 

Nightly δ13Cs values for both species were calculated from the y-intercept of ordinary least 

squares regression (OLS) of δ13Cs by 1/cm as recommended in Zobitz et al. (2006). We applied 

three quality control measures to filter low-quality δ13Cs estimates from both CO2 and CH4 

datasets. These criteria ensured that, 1) a sufficient concentration range was measured each 

night, 2) linearity assumptions in the Keeling plot mixing model were met, and 3) highly 

uncertain δ13Cs values were removed from analysis. First, we rejected nights from analysis 

that did not display a sufficient gas concentration range for either gas species (rangeCO2 < 15 

ppmv; rangeCH4 < 0.10 ppmv). At concentration ranges below these thresholds δ13Cs standard 

error increased exponentially (Figure 4.2), as has been documented in other studies (Pataki et 

al., 2003b; Bowling et al., 2005; Zobitz et al., 2006). Second, we assessed linearity in the OLS 

regression of δ13Cs and 1/cm using a significance threshold (P < 0.05) and r2 threshold for the 

fit of each species (r2
CO2 < 0.75; r2

CH4 < 0.50). Finally, δ13Cs values with intercept standard 

errors larger than 2‰ than were removed from analysis to constrain δ13Cs uncertainty. The 

full workflow of data processing, δ13Cs estimation, and quality control is outlined in Figure 

4.3. Overall, 40.2% of all calculated δ13Cs-CO2 values and 12.0% of all calculated δ13Cs-CH4 

values remained after applying quality control criteria.  

The rooftop time series was analyzed in relation to hourly meteorological data (wind 

speed, wind direction, incoming solar radiation) collected from the Cornell University Game 

Farm Road weather station located ~2.5 km from the rooftop-monitoring site (NEWA; 2015). 

Wind speed and direction data were used to assess spatial patterns in gas sources, and solar 

radiation data were used to define nighttime periods. 
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Figure 4.2 Standard error of Keeling plot intercepts (δ13Cs-CO2 and δ13Cs-CH4) versus nightly 
measured concentration ranges. Vertical grey lines correspond to quality thresholds used in this study 
(see Figure 4.3). 
 
 
 
 

 
 
Figure 4.3 Workflow schematic for processing raw WS-CRDS data to final δ13Cs-CO2 and δ13Cs-CH4 
values with Keeling plots. The same workflow and quality control criteria are used for both gas 
species, however quality control thresholds differ.  
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Natural gas turbine combustion data from the Cornell Combined Heat and Power Plant (N 

42.442827, W 76.475002) was supplied by Cornell’s Facilities Services (2015), and we 

integrated daily gas turbine combustion power (MW) by adding the two plant turbines’ 

combustion power output and taking a daily mean. Linear regression was used to correlate 

δ13Cs-CO2 and combustion power estimates. To assess connections between normal plant 

operations and atmospheric data, we omitted time points when either turbine was not 

operational (0 W output). Periods when either turbine was not operational comprised only 

5.8% of the Cornell Plant’s combustion power dataset. All data processing, analysis, and 

visualization of rooftop and auxiliary data were done in R 3.2.0 using the ‘dplyr’, ‘gpplot2’ 

‘openair’, and ‘readr’ packages (R Core Team, 2015). 

 

Source δ13C Identification  

We measured δ13C values from local sewage and natural gas CH4 sources, natural gas-derived 

CO2, and three leaks identified in mapping surveys. The δ13C value of pipeline natural gas 

CH4 was determined from 9 replicate plumes created by a residential gas line, where gas was 

accumulated in an inverted chamber and the WS-CRDS sampled the chamber headspace. 

δ13C-CO2 data were collected for combustion of this natural gas source using the same 

inverted chamber method, and we additionally measured natural gas combustion CO2 in free 

atmosphere surrounding an active basement furnace. Here, the air inlet to the WS-CRDS was 

placed adjacent (within 10 cm) to the furnace pilot light and combustion area. Sewage δ13C 

values were estimated for both CO2 and CH4 from a known sewage vent pipe located on the 

rooftop of Corson Hall. Here, we placed the WS-CRDS inlet tube at least 1 m within the vent 

pipe and measured air for ~10 min. Direct δ13C values are reported for natural gas CH4 
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measured within the inverted chamber because measured concentrations were at least 100 

times higher than background, and the Keeling approach was used to estimate δ13Cs values for 

all sources measured in free atmosphere (natural gas combustion CO2 and sewage pipe). We 

also collated reported δ13C-CO2 values for gasoline combustion from Paris, France (Widory 

and Javoy, 2003), Salt Lake City, Utah (Bush et al., 2007), and Vancouver, Canada (Semmens 

et al., 2014). Ecosystem respiration δ13C-CO2 values are reported for temperate forests with 

similar mean annual precipitation (Pataki et al., 2003b). Source δ13C values for both gas 

species are included in Figures 4.4 and 4.6 to aid the discussion of atmospheric δ13Cs values 

relative to potential gas sources. All measured and cited source end-member values are 

reported in Appendix Table A.2. 

We also determined the isotopic signature of three leaks identified from our mobile 

surveys during a re-inspection on foot, two within Ithaca and one on Cornell campus. During 

these re-inspections, CH4 leak plumes were identified in the survey vehicle, and when found, 

the uncovered WS-CRDS sample inlet was placed directly within the emission plume by 

hand. We used the Keeling approach to estimate δ13Cs-CH4 values for all leaks measured. We 

only re-visited a small subset of leaks because our main concern was to place an upper bound 

on the natural gas leak rate and identify if sewage false positives could occur. 

 

RESULTS AND DISCUSSION 

Street-Level CH4 Leaks 

We identified 57 potential street-level CH4 leaks across 148 road miles within Ithaca at an 

average rate of < 0.39 leaks per road mile (Figure 4.1). This estimate represents an upper 

bound of natural gas leaks, as at least one of the potential leaks we identified was a sewage 
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CH4 plume (Table 4.1). Regardless of potential sewage false positives, this maximum leak 

rate is considerably lower than rates observed from cities with extensive cast iron and bare 

steel pipeline systems (Phillips et al., 2013; Jackson et al., 2014; Gallagher et al., 2015), and is 

within the range of estimates for cities with active pipeline replacement programs (Gallagher 

et al., 2015). The main gas service provider for the Ithaca system, NYSEG, has replaced 

nearly all cast iron and bare steel pipelines, and as of 2014, these pipelines make up 2.6% of 

the entire system (PHMSA, 2014). Plastic and cathodic protected coated steel pipelines 

comprise 48.7% and 46.8% of NYSEG’s total pipeline system (PHMSA, 2014), respectively. 

The small extent of cast iron and bare steel within the Ithaca system likely explains the low 

observed leak rate (Gallagher et al., 2015). Potential leaks were concentrated in the most 

densely populated areas surrounding the city center, and fewer were identified on Cornell 

University campus and the suburban neighborhoods in Cayuga Heights and Northeast Ithaca 

(Figure 4.1). 

Table 4.1 Location, description, maximum measured concentration, and isotopic value (± SD) of 
street-level leaks monitored during follow up surveys. Natural gas and sewage end-member sources 
had δ13C-CH4 values of -35 ± 0.50‰ and -57.58 ± 0.58‰, respectively. 
 

Latitude Longitude Leak Description [CH4] (ppmv) δ13C-CH4 (‰) 
42.451963 -76.498648 pavement crack 27.82 -30.08 ± 6.60 
42.451963 -76.498648 sewer manhole 136.98 -43.38 ± 0.22 
42.439182 -76.493634 pavement crack 5.73 -33.34 ± 0.33 
42.450901 -76.478779 sewer manhole 54.93 -57.94 ± 0.31 

 

The highest leak concentrations observed in our mobile surveys of Ithaca were much 

lower than those observed in larger cities. For instance, the highest concentration we observed 

in our mobile survey was 2.32 ppm CH4, while in studies of Boston and Washington DC the 

threshold for leak detection was set above 2.5 ppm CH4, the 95% percentile of all measured 

concentrations (Phillips et al., 2013; Jackson et al., 2014). Given these differences in leak 
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detection, we set our detection threshold to a conservative 98% percentile of all measured 

concentrations (> 1.93 ppm). We measured much higher concentrations from three leaks upon 

re-inspection on foot, where peak concentrations ranged from 5.73 to 136.98 ppm CH4 (Table 

4.1). Known natural gas and sewage end-members had δ13C-CH4 values of -35 ± 0.50‰ and -

57.58 ± 0.58‰, respectively, and these values suggest that both plumes emitted from 

pavement cracks were of natural gas origin and the leak on Cornell campus was a sewage 

plume (Table 4.1). At one leak location in downtown Ithaca, elevated CH4 concentrations 

were measured from a pavement crack and within a nearby manhole cover, and δ13C-CH4 

values within the manhole cover (-43.38 ± 0.22‰) suggest mixing between sewage and 

natural gas sources (Table 4.1). Our finding of one sewage false positive suggests that our 

mobile survey leak rate is high, but clearly bounds the total leak rate at less than 0.39 leaks 

per mile, well within the range of cities with similar pipeline infrastructure (Gallagher et al., 

2015). 

 

Seasonal Cycle of Urban CO2 and CH4 Sources  

Natural gas combustion was a major source of CO2 above Ithaca during winter months. 

Background CO2 concentrations were lowest and exhibited high diel variability in summer, 

demonstrating the strong influence of growing season photosynthesis and respiration, and 

CO2 concentrations higher and less variable in winter months during plant senescence (Figure 

4.4a). Locally emitted δ13Cs-CO2 estimates also varied with season, we observed the lowest 

δ13Cs-CO2 values during winter and the highest δ13Cs-CO2 values in summer. Winter δ13Cs-

CO2 values were mostly within the δ13C range of natural gas combustion, while summer 

δ13Cs-CO2 values were highly variable, although they fell between the δ13C ranges of 
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ecosystem respiration, gasoline combustion, and natural gas combustion (Figure 4.4b). These 

data suggest that natural gas combustion is the primary source of CO2 in winter, while all 

sources contribute to atmospheric CO2 in summer. Power generation from natural gas 

combustion at the Cornell Combined Heat and Power Plant corroborate these findings, where 

natural gas power generation peaked in winter and was lowest in summer (Figure 4.4c). 

Nightly δ13Cs-CO2 estimates originating from the plant’s direction (120-180°) decreased as 

natural gas power generation rates increased (r2 = 0.15, P = 0.018; Figure 4.5), indicating an 

increased contribution of natural gas combustion CO2 to the atmosphere during periods of 

heavy natural gas use. Similar seasonal δ13Cs-CO2 patterns have been observed in major urban 

areas, and these transitions were attributed to increased CO2 emissions from natural gas 

heating in winter (Pataki et al., 2003a; Moore and Jacobson 2015). 

Most of the CH4 plumes measured from rooftop atmospheric monitoring were of 

natural gas origin (Figure 4.6). Large CH4 plumes increased in frequency in the spring 

compared to other seasons (Figure 4.6a). We also observed an increase in natural gas δ13Cs-

CH4 estimates during this period because the increased frequency of large nightly CH4 plumes 

allowed for the estimation of accurate Keeling plots. Nightly δ13Cs-CH4 estimates mostly fell 

within the δ13C range of known natural gas sources, however in summer 2015, two δ13Cs-CH4 

estimates were within the range of sewage CH4 (Figure 4.6b). These data suggest that 

throughout most of the year natural gas leakage is the major CH4 emission source from Ithaca, 

New York, though CH4 emissions during summer months may also be influenced biogenic 

CH4 production. No clear connections were observed between natural gas δ13Cs-CH4 plume 

timing and Cornell Plant operations and shutdown events (Figure 4.6). 
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Figure 4.4 Time series of (a) CO2 concentration (b) and δ13Cs-CO2 estimates measured from a rooftop-
monitoring mast on Corson Hall, Cornell University, Ithaca, New York, and (c) mean daily power 
produced natural gas combustion at the Cornell Combined Heat and Power Plant. Shaded regions on 
(b) indicate the range δ13C-CO2 values for known sources. Red dots for δ13Cs-CO2 on (b) indicate 
potential rooftop emission interference (0-120° nightly median wind direction). Solid blue line on (b) 
is a local polynomial regression fit to δ13Cs-CO2 values. 
 
 
 

 
Figure 4.5 Regression of daily Cornell Plant gas combustion power and δ13Cs-CO2 estimates 
originating from the plant’s direction (120-180° nightly wind direction). 
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Figure 4.6 Time series of (a) CH4 concentration and (b) δ13Cs-CH4 measured from a rooftop-
monitoring mast on Corson Hall, Cornell University, Ithaca, New York. Shaded regions on bottom 
panel indicate the range δ13Cs-CH4 values for known sewage and natural gas sources. Red dots for 
δ13Cs-CH4 on (b) indicate potential rooftop emission interference (0-120° nightly median wind 
direction). 
 

One intrinsic challenge of using rooftop-based measurements is the influence of the 

building itself on the concentration and isotopic composition of the gases of interest. 

Although this source of interference has not been addressed in previous studies (Pataki et al., 

2003a; Moore and Jacobson 2015), there is always a risk of simply measuring the metabolism 

of the building a mast is installed on. We addressed this concern by analyzing spatial emission 

patterns relative to the rooftop-monitoring site. High nighttime CH4 and CO2 concentrations 

were measured at low wind speeds (< 4 m s-1) with winds from the north to east (Figure 4.7). 

Winds from these directions (0-110°) pass across the roof of the building, so it is possible that 

building emissions impacted δ13Cs values estimated when winds cross the rooftop. To better 

understand if rooftop interferences were driving observed δ13Cs patterns, we color coded 

potential δ13Cs values that might be impacted by rooftop plumes. Here, δ13Cs estimates were 

color coded for ‘potential interference’ if the nightly median wind direction originated from 0-
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120° degrees. A number of our δ13Cs-CO2 estimates may have been impacted by ‘rooftop 

interference’, however these values fell within the general pattern of the greater time series 

(Figure 4.4b), so it is unlikely that these estimates bias conclusions. In the case of our CH4 

data, it appears that the two summer δ13Cs values of sewage-origin may have been emitted 

from Corson Hall (Figure 4.6b). A sewer ventilation pipe is located on the rooftop, and 

elevated sewage CH4 concentrations were measured within the vent tube (Appendix Table 

A.2). For all other seasons, δ13Cs values exhibiting ‘rooftop interference’ fell within the 

general pattern of the δ13Cs-CH4 time series (Figure 4.6b).  

 

 

Figure 4.5 Polar plots of nighttime (a) CH4 concentration and δ13Cs-CH4, and (b) CO2 concentration 
and δ13Cs-CO2 by wind speed and direction. Pixel colors on (a) and (b) represents the mean gas 
concentration measured at the respective wind speed (m s-1) and direction over the entire measurement 
period, and black dots on (a) and (b) mark the nightly mean wind speeds and median wind directions 
for all δ13Cs estimates. 
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Source Identification of Emissions 

The most likely sources of natural gas leakage and combustion relative to our rooftop-

monitoring site are the major gas combustion turbines at Cornell’s Combined Heat and Power 

Plant, located ~600 m southeast (130-150°; Figure 4.1), and a minor steam boiler located in 

an adjacent building ~100 m southeast of our monitoring site (130-150°). The vast majority of 

natural gas use and combustion for the university campus occurs at Cornell’s Combined Heat 

and Power Plant. In 2012, 89.6% of campus-wide fossil fuel combustion took place within 

this facility, where natural gas is the primary fuel source (Cornell, 2013b). Natural gas 

combustion at the plant produced 127,490 Mg CO2-eq and only 314 Mg CO2-eq from non-

natural gas sources in 2012 (Cornell, 2013b). Energy generated from combustion at the 

facility is then used to produce electricity and heat steam, and steam is distributed through 

Cornell campus to heat buildings. Corson Hall and the surrounding buildings are all heated by 

steam supplied from the Cornell Plant, however the building ~100 m to the southeast operates 

a small natural gas boiler to increase the pressure of steam supplied by the Cornell Plant 

(Joyce, personal communication). Operations at this boiler may influence our observations as 

well, however natural gas combustion rates are minor relative to rates at the Cornell Plant and 

comprise some component of the remaining 10.4% of campus-wide gas combustion (Cornell, 

2013b). Daily gas use rates for this boiler were not available. 

Our atmospheric observations generally support these conclusions. We observed 

elevated CH4 and CO2 concentrations carried by southeast winds at high speeds (> 6 m s-1), 

and the vast majority of all δ13Cs estimates for both gas species originated from the southeast 

(Figure 4.7). δ13Cs-CH4 estimates from this direction (120-180°; without building 

interference) ranged from -36.05 to -28.16‰, all within the range of known natural gas 
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sources (Figure 4.6b). Additionally, the correlation between δ13Cs-CO2 values and daily 

power generation rates corroborates the influence of plant gas combustion on our atmospheric 

measurements (r2 = 0.15, P = 0.018; Figure 4.5). We observe no clear connection between 

Cornell Plant operations and the timing of natural gas CH4 plumes observed at the rooftop 

monitoring location. Small amounts of natural gas are intentionally vented to the atmosphere 

when the turbines are stopped for maintenance (Joyce, personal communication), however we 

do not observe any connection between the timing of observed plumes and shutdown events. 

During our mobile surveys we circled the Cornell Plant and did not observe elevated CH4 

concentrations, however gas facility emissions are known be temporally variable (Zavala-

Araiza et al., 2015). Increased CH4 monitoring at locations closer to the plant is warranted to 

further assess potential connections, as our monitoring site is likely too distant to clearly 

capture CH4 emission events. 

 

Implications for Small City/Suburban Emissions and Energy Usage 

This work provides a case study for greenhouse gas emissions from a small city heavily 

reliant on natural gas with a well-maintained distribution pipeline system and major combined 

heat and power facility. Within Ithaca, natural gas use comprises 83% of all heating 

generation (Nicklaus, 2012), and between 2008 and 2012 Cornell’s natural gas usage went 

from 3.6% to 89.6% of total combustion marking a shift from coal to natural gas use (Cornell, 

2013b). Our results suggest that combustion from centralized facilities may be a significant 

greenhouse gas source in such cities, and that pipeline leakage is likely a minor source of CH4 

to the atmosphere. The low pipeline leakage rates presented here are in line with studies that 

have observed low leakage rates from systems with cast iron and bare steel replacement 
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programs (Gallagher et al., 2015). Instead, the natural gas-derived CH4 and CO2 plumes we 

observed most likely originated from the combined heat and power facility servicing Cornell 

University. A nearby boiler may also influence our results, but this combustion source is 

minor compared to the high levels of gas combustion at the central facility (Cornell, 2013b). 

Seasonal correlations between natural gas combustion activity at the Cornell Plant and urban 

δ13Cs-CO2 values are evident (Figure 4.5), and these finding are supported by observations of 

elevated CH4 concentrations carried on winds from the plant’s direction (Figure 4.7). Further 

research is needed to pinpoint the exact origins of these CH4 plumes. Understanding the 

natural gas loss rates from combined power generation facilities is important as these are the 

largest and a growing sector of US electricity generation (EIA, 2015). At the Cornell Plant, 

venting occurs when the turbines are shutdown and natural gas is emitted from the plant’s 

stacks to relieve gas from the system before turbines can safely be turned back on (Joyce, 

personal communication), however we did not observe a temporal connection between CH4 

plumes and known shutdown events. If these events are a significant CH4 source, emissions 

could potentially be controlled through flaring of lost gas to CO2 within the stacks, a 

technique commonly used at landfills and natural gas production sites (EPA, 2015). Further 

research is needed to better understand CH4 emission patterns and magnitudes from natural 

gas combustion facilities. 
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APPENDIX 

CHAPTER 1 

Enteric Fermentation CH4 Emission Calculations: IPCC Tier 2 

All enteric fermentation emission factors were calculated according to IPCC Tier 2 guidelines 

(IPCC, 2006). In order to generate emission factors, gross energy intake values were 

estimated for cattle as follows: 

GE =

NEm + NEa + NEl + NEwork + NEp

REM
!

"
#

$
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&+

NEg

REG
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#
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&

DE%
100

     (A1) 

where GE=gross energy (MJ d-1), NEM=net energy for maintenance (MJ d-1), NEa=net energy 

for activity (MJ d-1), NEl=net energy for lactation (MJ d-1), NEwork=net energy for work (MJ 

d-1), NEg=net energy for growth (MJ d-1), REM=ratio of net energy available in a diet for 

maintenance to digestible energy consumed, REG=ratio of net energy available for growth in 

a diet to digestible energy consumed, and DE%=percent digestible energy.  

Emission factors and GE values were generated for two subcategories of cattle: 1) 

mature non-pregnant cows and 2) mature pregnant cows. We chose these two subcategories 

because cattle management data obtained from the MacArthur Agro-ecology Research Center 

(MAERC) documented the total herd size within the pasture and the percent of herd pregnant. 

We assumed all cattle grazing the pasture were mature (non-growing), non-working, and non-

lactating. These assumptions were also made based on the available cattle management data. 

No data were available on growth and lactation rates of cattle at MAERC, so we assumed 

cattle were either mature non-pregnant or mature pregnant. These assumptions simplified 

equation A1 to: 
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        (A2) 

We then used the following equations to then estimate GE: 

NEm = 0.322 ⋅ (weight)
0.75         (A3) 

NEa = 0.17 ⋅NEm          (A4) 

         (A5) 

  (A6) 

where weight=average weight of cattle (kg) and the coefficients in A1, A2, and A3 are the 

Tier 2 suggestions for non-lactating grazing cows, pasture grazed cows, and pregnant cows, 

respectively (IPCC, 2006). We used a DE% value of 61.38 for Bahia grass (Paspalum 

notatum) as reported by EPA (2014). Bahia grass is the primary forage species planted on 

improved pastures at MAERC. The average cattle weight of cattle at MAERC was 544 kg and 

was used in all calculations. Gross energy intake was estimated to be 138.2 MJ d-1 for non-

pregnant cows and 150.0 MJ d-1 for pregnant cows. Enteric fermentation emission factors 

(EF; kg CH4 animal-1 d-1) were then calculated as follows: 

EF = GE ⋅Ym
55.65

          (A7) 

where Ym is the cattle CH4 conversion factor, estimated to be 0.065 ± 0.010 (IPCC, 2006). We 

calculated a non-pregnant cow EF of 58.9 ± 9.1 kg CH4 animal-1 yr-1 and a pregnant cow EF 

of 63.9 ± 9.8 kg CH4 animal-1 yr-1. 
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Manure CH4 Emission Calculations: IPCC Tier 2 

Emission factors for manure deposited on pastures were developed according to the following 

equation: 

EFm =VS ⋅Bo ⋅0.67kg /m
3 ⋅
MCF
100

⋅MS       (A8) 

where EFm = emission factor for manure (kg CH4 animal-1 d-1, VS = daily volatile solid 

excreted (kg dry matter animal-1 d-1), Bo = maximum CH4 producing capacity for manure (m3 

CH4 kg-1), MCF = methane conversion factor for manure management system by climate 

region (%), and MS = fraction of livestock category using a manure management system. We 

assumed MS=1 because all cattle were depositing manure within the same pasture system, 

and used values of Bo = 0.19 ± 0.03 and MCF of 1.5% as suggested in IPCC Tier 2 lookup 

tables (IPCC, 2006). Finally, VS values were estimated for both livestock categories using the 

following equation: 

VS = GE ⋅ 1− DE%
100
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where ASH = the ash content of manure as a fraction of feed intake, which was estimated to 

be 0.08 (IPCC, 2006). We calculated an EFm for non-pregnant cows of 2.0 ± 0.3 kg animal-1 

yr-1, and an EFm for pregnant cows of 2.2 ± 0.3 kg animal-1 yr-1. Manure and enteric 

fermentation CH4 budgets were calculated at a daily time scale accounting for herd size and 

the percentage of pregnant cattle present within the Griffin Park pasture. 

 

  



 

 116 

CHAPTER 4 
Table A.1 Mean meteorological conditions during all mobile survey drives. Conditions 
include air temperature (°C), relative humidity (RH; %), wind speed (m s-1), and wind 
direction (°). All conditions are averaged across the survey period from measurements 
collected from the Cornell Game Farm Road weather station (N 42.449181, W 76.449038). 
 
Date Duration (EST) Air Temp RH Wind Speed Wind Direction 
2015-05-27 09:41-18:03 25.0 63.1 2.1 220 
2015-05-28 10:38-15:37 20.7 63.2 4.2 299 
2015-06-29 11:09-12:57 17.6 82.7 2.6 292 
2015-06-30 10:26-13:51 17.9 92.0 3.6 131 
 
 

Table A.2 Measured and cited end-member source descriptions and isotopic values (± SD). 
Value in parentheses equals the number of replicates for each measured or cited value. Cited 
values list reference under ‘measurement location or citation’, all other values are 
measurements made in this study. 

Source Measurement location or 
reference 

δ13C-CO2 (‰) δ13C-CH4 (‰) 

Natural gas Furnace (free air) -40.74 ± 0.09 (1)  

Natural gas Gas line combustion (chamber) -35.84 ± 0.09 (1)  

Gasoline Widory and Javoy, 2003 -28.69 ± 0.50 (10)  

Gasoline Semmens et al. 2014 -27.27 ± 0.93 (22)  

Gasoline Bush et al. 2007 -28.56 ± 0.35 (20)  

Respiration Pataki et al. 2003 -25.71 ± 1.35  

Sewage Rooftop sewage vent pipe -29.87 ± 0.22 (2) -57.58 ± 0.58 (2) 

Natural gas Gas line leakage (chamber)  -35.89 ± 0.50 (9) 
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Figure A.1 Roads surveyed during Ithaca mobile CH4 concentration mapping. All roads were 
driven during summer 2015 on days of low wind speed. 
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