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Understanding how aquatic species and function in rivers are affected by land use and 

natural resource management is a primary concern of ecology and conservation science. 

This dissertation research aims to better understand the effects of fisheries management 

practices, specifically salmonid stocking, on stream environments. To accomplish this, I 

used large scale and long-term fisheries and habitat datasets, field collected biological 

and environmental data, and a suite of statistical analysis and modelling techniques. I 

found that salmonid stocking programs in New York can affect native species 

communities and ecosystem function through pathways that are often unrecognized or 

have not yet been fully studied. These results show that nonnative salmonid stocking can 

have a strong influence on the functioning of ecosystems through effects on nutrient 

cycles and impacts to invertebrate communities, suggesting that fisheries supported by 

the introduction of nonnative, hatchery raised fish should be considered in terms of 

impacts to ecosystem function. 
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PREFACE 

Brook trout (Salvelinus fontinalis) are the only native salmonid found in freshwater streams 

throughout the eastern United States (Hudy et al. 2008). By the late 19th century, numerous factors 

including increased development, deforestation, agriculture, and overfishing led to a decline in 

brook trout reproduction and recruitment (Mather 1887.) With the advent of fish culture practices 

in the late 1800s and to combat the decline of stream brook trout populations and the fishery, 

managers began supplemental stocking of non-native European brown trout (Salmo trutta) and 

rainbow trout (Oncorhynchus mykiss), a species native to the western United States.  Both brown 

and rainbow trout are adapted to a wider range of habitats and thermal regimes. Fish stocking has 

since become a popular and widely utilized fisheries management method (Hickley and Tompkins 

1998), although the practice has recently become controversial as it affects native species 

communities (Cambray 2003). 

Proponents of supplemental trout stocking view this management practice as a means to 

provide angling opportunities and increase the number of fish that can be caught in a stream while 

minimizing impacts to wild fish. Fisheries are often maintained by stocking catchable-sized 

hatchery fish where native and naturalized fish populations cannot withstand the harvest demands 

of angling (Epifanio and Nickum 1997) . Stocking catchable-sized hatchery-reared trout can be 

used to conserve native or wild trout by directing consumptive angling to specific streams or 

stream reaches that are unproductive for native or wild trout, which can foster public acceptance 

of more restrictive regulations on native and wild trout waters (Van Vooren 1995). Furthermore, 

stocking can provide angling opportunities in waters where natural trout populations no longer 

exist due to anthropogenic impacts (Schramm and Mudrak 1994).  

Opponents of supplemental stocking argue that the benefits to anglers are outweighed by 



 

xiii 

potential negative impacts to stream ecosystems and naturalized (wild) trout. Stocked fish have 

been shown to impact stream systems through several mechanisms including reduction of genetic 

diversity in wild fish populations (Leary et al. 1993), predation(Alexander 1977), competition and 

displacement of wild fish (Dewald and Wilzbach 1992; Kerr and Grant 2000; Zimmerman and 

Vondracek 2007), disease transmission (Hulbert 1985), and hybridization (Sorensen et al. 1995). 

Public opinion is also divided on the issue, with some anglers preferring more wild trout fishing 

opportunities and others preferring put-and-take fisheries (Connelly and Brown 2009). Given the 

controversial nature of salmonid stocking, it is important to understand the population dynamics 

of stocked, native, and wild (naturalized, nonnative) trout as well as the interaction of these 

sympatric trout populations in the stream environment.  

Greater knowledge of stream salmonid population dynamics and environmental interactions 

will be useful for managers interested in improving fisheries, conservation, and provide insights 

into stream salmonid ecology. This dissertation advances our knowledge of stocked, native, and 

wild trout dynamics and the ecosystem effects of stocking through five related research projects. 

The objectives of this work included: 

1) Model the distribution and suitability of stream habitat for salmonids for the entire state of 

New York and test the ability of broad scale habitat parameters to predict abundance 

thresholds. 

2) Improve estimates of angler catch and harvest rates in streams to better understand the 

effects of angling on stream fish.  

3) Use the capture-recapture modeling framework to estimate survival and emigration for 

three stream salmonid species: native brook trout and stocked brown and rainbow trout.  
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4) Understand, quantify, and model the contribution of stocked salmonid and native fish 

community derived nutrients to recipient stream nutrient (nitrogen and phosphorus) flux.   

5) Assess the impacts of trout stocking on invertebrate community structure and taxon level 

density in an agricultural and forested stream in central New York, using a Before-After 

Control-Impact design. 

Salmonid stocking can have a profound influence on stream ecosystems.  This research 

will inform management and improve our knowledge of stream salmonid ecology by linking trout 

stocking to salmonid and native species population dynamics and biogeochemistry. A better 

understanding of these interactions will help managers update and revise trout stocking practices 

and could improve the stream salmonid fishery in New York State, increase survival for stream 

fish, and minimize potential impacts to recipient ecosystems.  

 

  



 

xv 

References 

Alexander, G. R. 1977. Consumption of small trout by large predatory brown trout in the north 

branch of the au sable river, michigan. Michigan Dept. of Natural Resources, Fisheries 

Division, .  

Cambray, J. A. 2003. Impact on indigenous species biodiversity caused by the globalisation of 

alien recreational freshwater fisheries. Hydrobiologia 500(1):217-230.  

Connelly, N. A., and T. L. Brown. 2009. New York Statewide Angler Survey 2007, Report 2: 

Angler effort and expenditures. New York Department of Environmental Conservation.  

Dewald, L., and M. A. Wilzbach. 1992. Interactions between native brook trout and hatchery 

brown trout: Effects on habitat use, feeding, and growth. Transactions of the American 

Fisheries Society 121(3):287-296.  

Engstrom-Heg, R. 1990. Guidelines for stocking trout streams in new york state. New York State 

Department of Environmental Conservation 50.  

Epifanio, J., and D. Nickum. 1997. Fishing for answers: Status and trends for coldwater fisheries 

management in colorado. Trout Unlimited, Washington, D.C.  

Fisher, W. L., M. A. Bozek, J. C. Vokoun, and R. B. Jacobson. 2013. Freshwater aquatic habitat 

measurements. in A. V. Zale, D. L. Parrish, and T. M. Sutton, editors. Fisheries techniques, 

third edition. American Fisheries Society, Bethesda, Maryland.  



 

xvi 

Hickley, P., and H. Tompkins. 1998. Recreational fisheries: Social, economic and management 

aspects. Fishing News Books, Malden, MA.  

Hudy, M., T. M. Thieling, N. Gillespie, and E. P. Smith. 2008. Distribution, status, and land use 

characteristics of subwatersheds within the native range of brook trout in the eastern united 

states. North American Journal of Fisheries Management 28(4):1069-1085.  

Hulbert, P. 1985. Post-stocking performance of hatchery-reared yearling brown trout. New York 

Fish and Game Journal 32(1):1-8.  

Kerr, S. J., and R. E. Grant. 2000. Ecological impacts of fish introductions: Evaluating the risk. 

Fish and Wildlife Branch, Ontario Ministry of Natural Resources, .  

Kraft, C. E. 1992. Estimates of phosphorus and nitrogen cycling by fish using a bioenergetics 

approach. Canadian Journal of Fisheries and Aquatic Sciences 49(12):2596-2604.  

Kraft, C. E., and P. J. Sullivan. 2005. A review of the philosophy, data, and modeling that supports 

the NYSDEC catch rate oriented trout stocking program. Cornell Fisheries Research Program, 

Ithaca, NY, USA.  

Leary, R. F., F. W. Allendorf, and S. H. Forbes. 1993. Conservation genetics of bull trout in the 

columbia and klamath river drainages. Conservation Biology 7(4):856-865.  

Lebreton, J. D., J. D. Nichols, R. J. Barker, R. Pradel, and J. A. Spendelow. 2009. Modeling 

individual animal histories with multistate capture–recapture models. Advances in Ecological 

Research 41:87-173.  



 

xvii 

Mather, F. 1887. Brown trout in america. Bulletin of the United States Fish Commission, Report 

7:21-22. 

Nakashima, B. S., and W. C. Leggett. 1980. The role of fishes in the regulation of phosphorus 

availability in lakes. Canadian Journal of Fisheries and Aquatic Sciences 37(10):1540-1549.  

Schaus, M., M. Vanni, T. Wissing, M. Bremigan, J. Garvey, and R. Stein. 1997. Nitrogen and 

phosphorus excretion by detritivorous gizzard shad in a reservoir ecosystem. Limnology and 

Oceanography 1386-1397.  

Schindler, D. E., and L. A. Eby. 1997. Stoichiometry of fishes and their prey: Implications for 

nutrient recycling. Ecology 78(6):1816-1831.  

Schramm Jr, H., and V. Mudrak. 1994. Essay: Beneficial aspects of put-and-take trout stocking. 

Fisheries-Bulletin of the American Fisheries Society 19(8):6-7.  

Sorensen, P. W., T. Essington, D. E. Weigel, and J. R. Cardwell. 1995. Reproductive interactions 

between sympatric brook and brown trout in a small Minnesota stream. Canadian Journal of 

Fisheries and Aquatic Sciences 52(9):1958-1965.  

Van Vooren, A. 1995. The roles of hatcheries, habitat, and regulations in wild trout management 

in Idaho. Uses and Effects of Cultured Fishes in Aquatic Ecosystems 512-517.  

Vanni, M. J. 2002. Nutrient cycling by animals in freshwater ecosystems. Annual Review of 

Ecology and Systematics 341-370.  



 

xviii 

Wilson, H. F., and M. A. Xenopolous. 2011. Nutrient recycling by fish in streams along a gradient 

of agricultural land use. Global Change Biology 17(1):130-139.  

Zimmerman, J. K. H., and B. Vondracek. 2007. Interactions between slimy sculpin and trout: 

Slimy sculpin growth and diet in relation to native and nonnative trout. Transactions of the 

American Fisheries Society 136(6):1791-1800.  



1 

 

 

CHAPTER 1: BROAD-SCALE HABITAT CLASSIFICATION VARIABLES PREDICT 

MAXIMUM LOCAL ABUNDANCE FOR NATIVE BUT NOT NONNATIVE TROUT IN 

NEW YORK STREAMS* 

Abstract 

1. Predicting species distributions at the landscape level has many applications in fish 

ecology, management, and conservation, yet generating accurate predictions remains a 

challenge to fish ecologists. Areas on the landscape with higher environmental suitability 

should have higher relative abundance, although the predictive capability of this 

relationship might be limited because environmental suitability ignores other factors such 

as biotic interactions and stochastic events. These factors could contribute to a species 

being absent or at low abundance in a site with high environmental suitability.  

2. Due to the potential influence of non-environmental and stochastic factors on relative 

abundance, modeled environmental suitability should be a better predictor of maximum 

abundance (i.e., the ceiling of scattered data) than mean relative abundance because 

ecosystem complexities often preclude a simple monotonic response.  

3. To evaluate this assumption, environmental suitability was predicted for 55,944 stream 

reaches in New York State using native brook trout (Salvelinus fontinalis) and nonnative 

brown trout (Salmo trutta) occurrence data and a suite of four broad-scale habitat factors. 

Estimates of suitability were then used to test the relationship to the upper limits of 

abundance using quantile regression. 

4. As predicted, there was a significant positive relationship with maximum abundance for 

native brook trout at the upper quantiles; however, this relationship did not extend to 

*This chapter was published as an article in Aquatic Conservation: Marine and Freshwater Ecosystems in 2014. DOI: 

10.1002/aqc.2476. 
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nonnative brown trout. These findings indicate that broad-scale habitat factors can predict 

maximum abundance of a native stream-dwelling trout and produced environmental 

suitability maps that could be useful for brook trout conservation. 

5. These findings could be used to predict trout occurrence in unsurveyed stream reaches with 

the highest abundance limits, which could be used to prioritize conservation actions and 

provide benchmarks of habitat potential for monitoring programs as well as identify threats 

to environmental suitability from anthropogenic sources.  

Keywords: Streams, rivers, distribution, modeling, monitoring, fish, alien species, fishing. 

Introduction 

Understanding the factors that influence species distribution and abundance is a 

fundamental goal in ecology and conservation science (Elith et al., 2006) and natural resource 

management. Conservation biologists require tools that use existing data to identify and predict 

suitable habitat and population metrics for species of conservation concern (Dauwalter and 

Rahel, 2008). Species distribution models (SDMs) are widely used to evaluate factors that 

influence where a species (i.e., realized niche) occurs by estimating the relationship between 

species occurrence and environmental characteristics. The models are based on the concept of 

the environmental niche, which assumes that species can only persist within a limited range of 

environmental conditions without immigration (Hutchinson, 1957). SDMs have been used to 

understand relationships between environmental parameters and species richness (Mac Nally et 

al., 2004), invasive potential of nonnative species (Peterson, 2003), and ecological niche 

differentiation of the distributions of closely-related species (Cicero, 2004). In recent years, 

development of predictive SDMs has increased to address the possible consequences of 
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environmental changes on species distribution.   

Guisan and Zimmerman (2000) described a variety of methods for predicting habitat 

suitability (i.e., fundamental niche) and species distributions from occurrence data.  Many of 

these methods have been applied to predicting fish distributions with a variety of variables and at 

different spatial scales, including logistic regression (Rashleigh et al., 2005; Dauwalter and 

Rahel, 2008), generalized additive models (Guisan et al., 2002), biological envelope models 

(Guisan et al., 2002), artificial neural networks (McKenna and Johnson, 2011), regression trees 

(Elith et al., 2008), and maximum entropy (Phillips et al., 2006). Classification systems based on 

large-scale landscape variables can be integrated into SDMs to predict potential species 

distributions.   

The Northeast Aquatic Habitat Classification System (NAHCS), developed by the Nature 

Conservancy (TNC), uses four categorical environmental variables: stream size, geologic setting 

and buffering capacity (hereafter geology), stream gradient, and temperature to represent the 

natural flowing-water aquatic habitat types across the Northeastern USA and to capture patterns 

of aquatic biodiversity for conservation planning (Olivero and Anderson, 2008). While these 

environmental variables are not limiting factors per se, they are considered good surrogates of 

environmental factors that drive variation in aquatic assemblages, and are widely used to classify 

reach-scale stream habitat (Higgins et al., 2005). For example, the underlying geology of a 

stream itself is not a limiting factor, rather, the factor incorporates the influence of geology on 

multiple ecosystem attributes including; groundwater, water chemistry, geomorphology, 

substrate, and hydrologic regime characteristics (Higgins et al., 2005). The ability of the NAHCS 

classification system to predict environmental suitability for individual aquatic species has not 

been tested.  



4 

 

 

Environmental suitability is commonly used to predict the potential distributions of a 

species (Pearce and Boyce, 2006). Areas on the landscape with higher environmental suitability 

should have higher relative abundance, although the predictive capability of this relationship is 

limited because environmental suitability ignores other factors such as biotic interactions and 

stochastic events, which can result in a species being absent or at low abundance in a site with 

high environmental suitability. Lobo et al. (2008) acknowledged the relationship between 

environmental suitability and abundance and called for the use of abundance data as a method 

for testing the accuracy of species distribution models. Modeling the upper limits of species 

abundance based on environmental suitability allows for the detection of the effects of limiting 

factors that could be missed with central-estimate-based models (e.g., ordinary least squares 

regression) (Vaz et al., 2008; Woodford et al., 2011). Regression quantiles are useful when the 

response variable is affected by more than one factor, when not all factors were measured, and 

when multiple limiting factors interact (Cade and Noon, 2003) and are, therefore, well suited for 

examining such relationships. Estimates of the limiting effects of habitat provide a reliable 

response to environmental suitability because it is impossible to measure the entire range of 

influencing factors, as is often the case at large spatial scales (Eastwood and Meaden, 2004).   

Predicting the potential distribution of stream-dwelling native brook trout (Salvelinus 

fontinalis) and nonnative brown (Salmo trutta) is useful in locating areas of interspecific niche 

overlap and segregation as well as identifying and prioritizing catchments for native brook trout 

conservation and recovery efforts. The primary objective of this study was to predict the 

distribution of brook and brown trout using a habitat suitability model based on the NAHCS 

environmental variables. Of the four environmental variables, stream size and temperature were 

expected to be the best predictors of environmental suitability for the two trout species. Stream 
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size is a critical factor in determining aquatic biological assemblages (Matthews and Robison, 

1988; Vannote et al., 1980). Temperature was expected to be a primary limiting factor because 

both species are coldwater obligates with a relatively narrow thermal tolerance. A secondary 

objective was to explore the relationship between environmental suitability and patterns of 

relative abundance. Environmental suitability should reflect how well a stream meets the 

physical requirements of a fish; therefore, if environmental factors determine local abundance 

there should be a positive relationship between environmental suitability and abundance. 

Environmental factors were expected to limit abundance of the two trout species, and a positive 

relationship between environmental suitability and maximum abundance was predicted. 

Methods 

Multiple logistic regression models using the generalised linear model (GLM) framework 

were used to predict the environmental suitability of New York streams for native brook trout 

and nonnative brown trout (Table 1).  GLM has long been recognised in ecology for its utility in 

dealing with occurrence data in species distribution modelling (Guisan and Zimmerman, 2000). 

For habitat data, raster maps were created in ArcMap 10.0 (ESRI, 2011) of the four habitat 

variables (Table 2) used in the Northeastern Aquatic Habitat Classification System (NAHCS) for 

55, 944 stream reaches (mean reach length = 1.7km) in New York State. The Nature 

Conservancy designed the NAHCS to provide a consistent representation of the flowing-water 

aquatic habitat types across the Northeastern region of the USA. Following recommendations 

from the National Fish Habitat Science Panel (Higgins et al., 2005), the NAHCS nests small 

classification units (i.e., stream reaches) within large scale physiographic and climatic zones that 

influence the distribution of aquatic organisms to classify streams. Stream temperature classes 

were assigned based on cumulative PRISM (Parameter elevation Regression on Independent 
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Slopes Model) annual modeled air temperatures falling on all lands upstream of each reach 

(Olivero and Anderson, 2008).  For species occurrence, presence only data (n=2,135) from the 

New York State Department of Environmental Conservation (NYSDEC) statewide fisheries 

database was used. Only geographically and temporally unique occurrences were used to ensure 

that environmental suitability was not biased toward areas that had been more heavily sampled. 

The NYSDEC statewide fisheries database is a collection of fish survey information on lotic and 

lentic systems throughout New York State. All survey location points were georeferenced. 

Furthermore, while the NYSDEC database includes data for both wild (e.g., naturalized resident 

populations) and stocked salmonids (i.e., hatchery origin), analyses were restricted to wild 

salmonids sampled between 1978-2012, as management agencies often stock hatchery salmonids 

based on angling demand rather than environmental suitability alone. In the database, wild trout 

were distinguished from stocked trout using a combination of fin clips, scale annuli analysis, and 

in some cases expert opinion.  

To fit the environmental suitability models, species locations were compared to the 

environmental variables (Table 1) in their defined space to estimate a probability of occurrence 

distribution.  Seventy-five percent of the occurrence data was used for model specification, and a 

randomly selected subset of 25 percent of the data was used for model testing.   Environmental 

suitability maps were produced for each species by generating a probability distribution over 

each 500m2 cell in the raster grid, beginning with a uniform distribution and repeatedly 

improving to fit the data by randomly sampling 10,000 background locations from within the 

raster. This allowed a binary prediction with suitable conditions predicted above a threshold and 

unsuitable below. Area under the curve (AUC) was used to determine environmental suitability 

model performance, with greater AUC values indicating better model performance (i.e., more 



7 

 

 

correctly classified positive samples) (Fawcett, 2006). Area under the curve values above 0.5 

indicate that the model predicts species location better than a random distribution (Phillips et al., 

2006). To estimate variable importance, simulations were run with each variable in isolation to 

investigate how well these models performed against the combined models where all variables 

were included (Miller et al., 2012).  

The dataset from the NYSDEC Statewide Database was large enough to test and train 

environmental suitability models and to subset the data to independently test the relationship 

between relative abundance and the probability of species occurrence. Using a randomly chosen 

independent subset of location data that were not used in environmental suitability models 

(n=727) for either species (brook trout = 289; brown trout = 438), relative abundance was 

estimated based on areal catch per unit of effort calculated as C/f = qN where C is the number of 

fish caught, f is the unit of effort expended (backpack electrofishing minutes), q is the probability 

of catching an individual fish in one unit of effort, and N is the absolute abundance of fish 

(Harley et al., 2001; Guy and Brown, 2007). Catch per unit of effort estimates were then 

standardized by stream surface area covered in the sampling event by dividing the estimate by 

area (m2). Catch per unit of effort was used because it allowed for inclusion of more surveys in 

the DEC database, greatly increasing the sample size. There were very few multiple pass 

depletion estimates in the database relative to total number of surveys. Furthermore, surveys with 

multiple passes did not employ consistent protocols. In order to remain consistent across survey 

types, only the catch and electrofishing time from the first pass was used. To minimize variation 

in q, analysis was restricted to adult sized fish (i.e., similar length structure) captured by DEC 

survey crews using backpack electrofishing during the summer low flow season (Pope and 

Willis, 1996). A Moran’s I test was used to test for spatial autocorrelation. A Shapiro-Wilk test 
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was used to test for normality, and non-normally distributed data were log transformed. To 

examine the relationship between environmental suitability and the upper limit of relative 

abundance linear quantile regression was used (Eastwood and Meaden, 2004; Vaz et al., 2008). 

The ecological concept of limiting factors as constraints on organisms requires focus on 

relationships near the maximum response (i.e., upper quantiles), thus inference in this study was 

limited to the 0.99, 0.97, and 0.95 quantiles (Cade and Noon, 2003). Akaike’s Information 

Criterion, adjusted for finite sample size (AICc) (Akaike, 1974) was used to evaluate models at 

different quantiles. AIC balances the level of model fit with the number of parameters, resulting 

in the most parsimonious model of the candidate model set. The AICc for each quantile model 

was calculated as: AICτ= 𝑛 × l𝑛 (
𝑆𝐴𝐹(𝜏)

𝑛
) + 2𝑝 where 𝑆𝐴𝐹(𝜏) was the weighted sum of 

absolute deviations minimized in the τth quantile regression with p parameters (Vaz et al., 2008). 

The “quantreg” package in Program R was used for quantile regression and all other statistical 

analyses were also conducted in R Version 2.14.0 (R Development Core Team 2011). 

Results 

 A total of 2,135 unique sites of salmonid locations were used to construct the 

environmental suitability models, of which 25% (n = 533) of the points were randomly subset to 

test the model. Moran’s I test results (Moran’s I test; p > 0.1 for both species) were not 

significant for model residuals, indicating that residuals were not spatially autocorrelated. 

Results of the Shapiro-Wilk test failed to reject the null hypothesis that data were normally 

distributed (Shapiro-Wilk test; brook trout W=0.901, p < 0.001; brown trout W=0.898, p < 

0.001). Environmental suitability model predictions were much better than random for both 

species with AUC values of 0.79 for brook trout and 0.80 for brown trout.  This allowed us to 
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map predictions of environmental suitability for the two species (Figures 1, 2). Results of the 

distribution models showed that catchments along the major waterways (Hudson, Mohawk, and 

St. Lawrence rivers) of New York State were the least suitable for brook trout, along with 

catchments in New York City and Long Island (Figure 1). The Adirondack, Alleghany, and 

Catskill Parks contained the most suitable catchments for brook trout. Somewhat surprisingly, 

the south-central portion of the state also contained high quality brook trout habitat (Figure 1). 

The pattern was similar for brown trout, although the Adirondack Park and south-central region 

did not appear as suitable for brown trout as brook trout (Figure 2).  

Simulation estimates indicated stream size to be the best single predictor of 

environmental suitability for brook (AUC = 0.50) and brown (AUC= 0.68); however, tests with 

inclusion of all four habitat variables (combined model) performed best (Table 1). Apart from 

stream size, model contribution of the remaining habitat variables differed between the two 

species. Temperature was the second most important predictor for brook trout environmental 

suitability (AUC = 0.27); while stream gradient was the second most important predictor for 

brown trout (AUC = 0.16). 

The relationship for brook trout was both positive and significant at the upper quantile, 

indicating a relationship between environmental suitability and the upper limit of abundance 

using the combined model that included all four habitat factors (Figure 3a). For brook trout, this 

relationship remained significant for the 0.99 quantile (P< 0.001), the 0.97 quantile (P < 0.001), 

and the 0.95 quantile (P < 0.001). Conversely, there was a negative and non-significant 

relationship between environmental suitability and the upper limit of abundance for brown trout 

at the upper quantiles (Figure 3b). For the brook trout model, the 0.95 quantile had the lowest 

AICτ value (AICτ = 66.43) of the three upper quantiles, indicating the best balance between 
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model fit and complexity. The 0.95 quantile also had the lowest AICτ value (AICτ = 70.65) for 

the brown trout model.  

Discussion  

Environmental suitability was predicted using occurrence data and a suite of four broad-

scale habitat factors, which were then used to test the relationship between environmental 

suitability and the upper limits of abundance using independent estimates of relative abundance. 

This study demonstrated that the broad environmental classification variables used in the 

NAHCS can predict salmonid environmental suitability, and found interspecific differences in 

response to environmental factors. Results from this study also showed that environmental 

suitability models predicted the upper limit of native brook trout abundance; however, the pattern 

did not extend to nonnative brown trout.  These findings have important consequences for both 

native brook trout freshwater stream conservation as different trout species have been shown to 

consume different levels of prey resources and may not be functionally equivalent predators 

(Lepori et al., 2012). 

The results of the simulations in this study confirmed known species habitat relationships 

for stream salmonids. Stream size was the best predictor of occurrence for both species as 

expected (Oakes et al., 2005). Temperature was the best predictor of occurrence for brook trout 

but not for brown trout. The narrow thermal tolerance range of brook trout compared to brown 

trout supports this result (Hokanson et al., 1973). Brook trout are more tolerant of acidic streams 

than brown trout (Grande et al., 1978); a pattern supported by this study. These results highlight 

variation in environmental suitability due to the physiological differences between the two 

species. They could be useful in habitat restoration for brook trout conservation or for fisheries 

managers seeking to reintroduce brook trout or minimize stocking brown trout in areas with 
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highly suitable habitat for brook trout populations. 

Areas with higher environmental suitability should have higher relative abundance.  

However, central tendency models might not identify this relationship because environmental 

suitability models often do not account for factors such as biotic interactions, dispersal 

capabilities, stochastic effects (e.g., climatic variation) that could result in a species being absent 

at highly suitable sites or vice versa (Schroeder and Vangilder, 1997; Vaz et al., 2008). Using 

quantile regression to model the relationship between environmental suitability and the upper 

limit of abundance, a significant positive relationship was found at the upper quantiles for brook 

trout, indicating that suitability based on the environmental variables incorporated into our model 

predicted the upper limit of abundance. Interestingly, this relationship did not extend to 

nonnative brown trout indicating a potential dichotomy in the ability of broad-scale 

environmental suitability classifications to predict abundance limits between native and 

nonnative trout.  Given the evolutionary history of the two species, this dichotomy might not be 

too surprising. Brook trout have evolved in eastern USA streams for thousands of years and are 

adapted to local environmental conditions (Fausch, 2008), whereas brown trout were introduced 

in the region less than 200 years ago (Fausch and White, 1981) . Thus, one might expect 

environmental factors to better predict limiting conditions for native than nonnative species. 

Despite analysing only brown trout of wild origin, hatchery-raised brown trout are heavily 

stocked throughout New York state and might have also affected the relationship. 

It is possible to identify factors limiting abundance without determining abundance in all 

places (Cade and Noon, 2003; Vaz et al., 2008; VanDerWal et al., 2009). At highly suitable 

sites, a species may or may not be abundant, whereas at sites with low environmental suitability, 

abundance is often consistently low. In our study, this pattern was evident for native brook trout 
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and did not occur for brown trout. The significant relationship for brook trout may indicate that 

the NAHCS is better suited for classifying native brook trout habitat than nonnative salmonid 

habitat, although this needs to be tested for other native and nonnative species. Moreover, this 

strong relationship has potential applications for brook trout conservation and management. The 

Eastern Brook Trout Joint Venture (EBTJV) is a coalition of agencies and organizations 

attempting to evaluate the status of brook trout in its entire native range (Eastern Brook Trout 

Joint Venture, 2008). While EBTJV efforts to determine brook trout distribution have been 

successful, there remain thousands of kilometres of unsurveyed streams within in New York and 

other states in the Eastern USA. These types of models could be used to predict unsurveyed 

stream reaches with the highest abundance limits, which could then be used to prioritize 

conservation and management actions, such as more detailed, localized stream surveys, and 

provide benchmarks of habitat potential for monitoring programs as well as identify threats to 

environmental suitability from anthropogenic sources.  

The absence of a relationship for nonnative brown trout could be due to abiotic factors 

such as microhabitat variation within reaches, biotic factors such as the increased competition 

due to hatchery trout stocking, or fishing pressure associated with known stocking locations. The 

NAHCS is used to classify streams on the regional and landscape level and does not account for 

finer scale “microhabitat” variation within stream reaches, which could play an important role in 

environmental suitability and abundance. For example, a stream classified as “warm” in the 

NAHCS might contain deep pools that remain much cooler than the stream average, thus 

allowing for relatively high trout abundance in certain reaches despite the stream being 

considered too warm to be suitable for trout. This potential microhabitat issue is common in 

large spatial scale datasets (Toepfer et al., 2000; Fausch et al., 2002; Dauwalter et al., 2007; 
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Fausch, 2008); therefore, geographic scale should be considered by ecologists and managers 

attempting to classify habitat. Furthermore, the stream classifications were based on the habitat 

requirements of native fish because their evolutionary histories are adapted to local conditions. 

Therefore, the classification system might not be as suitable for nonnative species such as brown 

trout.   

Vanderwal et al. (2009) demonstrated spatial patterns of abundance in nature could be 

reconstructed using knowledge of environmental suitability estimated from occurrence data, a 

relationship that was also demonstrated in this study. The brook trout relationship was 

particularly strong given the broad-scale environmental categories used in the model. These 

results represent a step towards testing the generality of the relationship between spatial patterns 

of species abundance and environmental suitability, which is useful given the difficult and 

expensive nature of collecting direct estimates of abundance in the field. For example, this 

relationship could be used to identify and target streams for conservation efforts that are likely to 

have high abundances of brook trout. The contrasting pattern found between native and 

nonnative stream salmonids is particularly intriguing and warrants further exploration to 

determine the underlying mechanisms that clouded any clear patterns. Furthermore, prediction of 

nonnative species distributions, particularly those that are stocked in streams, might not follow 

the same patterns as species within their native ranges, and researchers may need to account for 

this variability in nonnative or invasive species distribution models. The relationship between 

environmental suitability and the limits of abundance has important conservation implications 

where environmental conditions are expected to change. Given the predicted range shifts in 

brook trout habitat in response to climate change (Hudy et al., 2008), the utility of modelling 

approaches, such as those used in this study, may become increasingly important.  
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Table 1. Area under the receiver operator characteristic curve (AUC) for logistic models that 

included each habitat variable in isolation and the combined model including all four habitat 

variables for brown and brook trout. 

Model AUC 

  Brown Brook 

Geology 0.13 0.07 

Gradient 0.16 0.16 

Size 0.68 0.50 

Temperature 0.04 0.27 

Combined  0.79 0.82 

 

Table 2. Northeastern Aquatic Habitat Classification System categories used as explanatory 

variables in environmental suitability models for brook trout, brown trout, and rainbow trout. 

Dominant variables and thresholds were assessed using Classification and Regression Tree 

Analysis. Ranges of cumulative area weighted mean annual modeled air temperatures in ˚C 

given in parentheses for temperature. For further details, see Olivero and Anderson (2008) 

Temperature Class 

(°C) Size (km2) Geology/Buffering capacity  Gradient (%) 

Warm (7.5-9.0) Headwater: 0<10 Low buffered, acidic Low: <0.02 

Transitional  (4.5-7.4) Creek: ≥10<100 Moderately buffered  Low-moderate: ≥ 0.02 <0.5 

Cold (0-4.4) Small river: 100<500 Highly buffered, calcareous Moderate-High: ≥ 0.5 < 2 

 Medium tributary 

river: 500<2500 

 High: ≥ 2 < 5 

 Medium mainstem 

river: ≥2500<10,000 

 Very High: >5 

 Large river: 

≥10,000<25,000 

  

 Great river: ≥25,000   
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Figure 1. Predicted mean environmental suitability for brook trout shown at two scales: the 

United States Geological Survey (USGS) 12 digit Hydrologic Unit Codes (HUC 12) scale and 

the reach scale (inset map) with green representing higher suitability. HUC 12 predicted 

suitability was assigned by averaging all cells (reaches) in the suitability raster within each 

hydrologic unit. Relative abundances calculated as catch per minute of electrofishing (CPUE) 

provided in inset map and brook trout sampling locations provided on main map. 
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Figure 2. Predicted mean environmental suitability for brown trout shown at two scales: the 

USGS 12 digit Hydrologic Unit Codes (HUC 12) scale and the reach scale (inset map) with 

green representing higher suitability. HUC 12 predicted suitability was assigned by averaging all 

cells (reaches) in the suitability raster within each hydrologic unit. Relative abundances 

calculated as catch per minute of electrofishing (CPUE) provided in inset map and brown trout 

sampling locations provided on main map. 
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Figure 3. Upper limit of abundance (ceiling) predicted by environmental suitability for brook 

trout (A) and brown trout (B) at the 0.99, 0.97, and 0.95 quantiles. P values provided for each 

quantile. Significance was assessed at α = 0.05. 
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CHAPTER 2: MEASUREMENT ERROR IN ANGLER CREEL SURVEYS† 

Abstract 

Information on fishing effort, catch, harvest, and survival is important for formulating 

management policies in freshwater fisheries and understanding the dynamics of aquatic 

ecosystems. Fisheries managers often use creel surveys to assess fisheries statistics parameters. 

The “mean-of-ratios” estimator has been traditionally used for estimating catch rates from 

incomplete angler trips, while the “ratio-of-means” estimator is preferable for estimating catch 

rates from complete trips. Recent studies have demonstrated persistent bias when comparing the 

two estimators using catch data from incomplete and complete trips from the same sample of 

anglers and have promoted the use of linear regression models to correct for apparent bias in 

catch rates based on incomplete trips.  However, the reported bias in catch rate estimates may be 

an artifact of measurement error in incomplete trip angler surveys, rather than bias from the 

estimates themselves. Furthermore, we contend that ordinary least squares linear regression is 

inappropriate to correct for this apparent bias because measurement error is present in both the 

response (e.g., catch rate estimated from complete trips) and explanatory (e.g., catch rate 

estimated from incomplete trips) variables, leading to low estimates of the slope of the 

relationship. Alternatively, when both variables contain measurement error, model II regression 

methods provide less biased estimates. Using interview data (incomplete trips) from roving creel 

surveys and a catch card survey (completed trips) conducted on the same sample of anglers, we 

compared catch rates derived from both estimators. Our results show that linear regression 

underestimates the slope of the relationship and that model II regression reduces bias and 

provides a more accurate estimate.   

† This chapter was published as an article in North American Journal of Fisheries Management in 2015. 

DOI:10.1080/02755947.2014.996689. 
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Introduction 

Estimates of fisheries parameters such as effort, catch, harvest, and survival are needed 

for formulating management policies in freshwater fisheries. Creel surveys are an important tool 

used by fisheries managers to assess these parameters. When it is logistically feasible to obtain 

completed angler trip information, the ratio-of-means estimator is the standard method for 

estimating catch rates (Pollock et al. 1994). Complete trip data are usually collected through 

angler diaries and catch card programs, where the anglers are asked to provide detailed 

information about the duration of their trip and their catch. However, the challenging logistics of 

surveying freshwater streams often require managers to implement roving creel surveys that 

yield information on angler trips that have not yet been completed. In a roving creel survey, the 

creel agent travels the length of the study stream or lake and conducts interviews with anglers, 

often before or during their trip. When using a roving creel survey to determine catch rates, the 

mean-of-ratios estimator is the accepted method because it minimizes bias (Hoenig et al. 1997; 

Pollock et al. 1997).   

 Despite extensive evaluation of catch rates derived from these estimators based on 

simulation models and statistical theory (Jones et al. 1995; Hoenig et al. 1997; Pollock et al. 

1997), field studies comparing catch rate estimates from complete and incomplete trips have 

been inconclusive, yielding both biased and unbiased results (Carline 1972; Malvestuto 1978; 

Sullivan 2003; Keefe et al. 2009). Recent studies have demonstrated persistent bias when 

comparing the ratio-of-means and mean-of-ratios estimators using catch data from the same 

sample of anglers (Keefe et al. 2009; McCormick et al. 2012). We hypothesize that the bias 

stems from measurement error in the angler creel surveys rather than bias in the estimators 

themselves. Few, if any, studies have examined the potential effects of measurement error on 
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catch rate estimates from incomplete trips or have used regression methods that are robust to 

measurement error in both variables.  

 Recent studies have also promoted the use of linear regression models to correct for 

apparent bias in catch rates based on incomplete trips (Keefe et al. 2009).We contend that 

ordinary least squares linear regression is inappropriate for correcting the apparent bias 

associated with roving creels because comparable measurement error is present in both the 

response (e.g., catch rate estimated from complete trips) and explanatory (e.g., catch rate 

estimated from incomplete trips) variables (Ricker 1973; Sokal and Rohlf 1995; Legendre and 

Legendre 2012). Failing to accommodate observation or measurement error associated with 

explanatory variable results in least squares and maximum likelihood slope estimators that are 

biased toward zero, thereby underestimating the slope of the relationship (Fuller 1987). 

 Measurement error (also called “error-in-variables”), in contrast to sampling error (i.e., 

deviations from the true population value), arises during the measuring process, due to such 

factors as imperfect instruments, observer error, and in the case of humans, subject response 

error. Due to the inherent variation in measuring fisheries statistics from human subjects, model 

II regression provides a more appropriate method for comparing catch statistics derived from 

complete and incomplete trips. Although the error-in-variables problem has been studied most 

thoroughly for commercial and marine fisheries data (Ricker 1973; Walters and Ludwig 1981; 

Hilborn and Walters 1992; Walters 2007) , the issue is not limited to marine fisheries. For 

example, numerous examples are available in the general ecology (e.g., predator-prey models, 

chlorophyll-α estimation, nutrient ratios) literature that have used linear regression with 

comparable levels of measurement error in  both regressed variables (Carpenter et al. 1994), 

despite several published studies cautioning against the practice (Gillard 2006; Smith 2009).  
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An example of an appropriate use of linear regression would be to measure the growth 

rate of a fish (response variable) in relation to stream temperature (explanatory variable), because 

the explanatory variable can be measured with much greater precision than the response variable. 

If, however, the observations on both axes contain measurement error, linear regression may not 

be appropriate. To illustrate this point, Sokal and Rohlf (1995) used a study in which researchers 

regressed the mass of unspawned Cabezon Scorpaenichthys marmoratus to estimate the 

functional equation relating to the number of eggs to the mass of females before spawning. Since 

the measurement of female mass before spawning and the estimated number of eggs are both 

subject to error (i.e., not measured precisely), this is an inappropriate use of linear regression.  

 Each year the New York State Department of Environmental Conservation (NYSDEC) 

stocks approximately 3.6 million catchable-sized trout into over 10,000 km of streams in New 

York State to provide a “put and take” fishery for recreational angling. The NYSDEC has used 

an approach known as the Catch Rate Oriented Trout Stocking (CROTS) program for nearly 

three decades to establish trout stocking policies. The CROTS program guides selection of 

suitable streams for stocking and attempts to establish appropriate stocking levels in order to 

provide anglers a catch rate of one fish every 2 h for a portion of the fishing season (Engstrom-

Heg 1990). Accurate estimates of catch rates are important to the success of the program; 

however, logistical access point difficulties along managed stream segments make it impossible 

to conduct access surveys where every angler is interviewed upon completion of their fishing 

trip. Instead, the NYSDEC employs roving creel surveys in which creel agents intercept anglers 

during their fishing trip, thus relying on incomplete trip data. Previous incomplete trip surveys 

had shown lower catch rate estimates than expected or seen in the field (personal communication 

with NYSDEC biologists). To address this discrepancy, we used roving creel survey data 
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(incomplete trips) collected by the NYSDEC coupled with a simultaneous catch card survey 

(completed trips) on the same sample of anglers. We compared catch rates estimated from both 

the mean-of-ratios and ratio-of-the-mean estimators using ordinary least squares (OLS) 

regression and three different model II type regressions (major axis, ranged major axis, and 

standardized major axis).  

Methods 

The problems arising from using linear regression with measurement error in two 

variables for which an association is being evaluated can be formalized statistically using 

notation from Sokal and Rohlf (1995). Consider two variables: ξ and η which are related by the 

linear equation: 

η = α + βξ. 

When there is measurement error in the two variables, we are actually observing: 

x = ξ + δ, and  

y = η + ε = α + βξ + ε, 

where, δ and ε are random error terms or “noise.” The model can be reformulated as: 

y = α + βx+ (ε – βδ), 

which clearly illustrates the problems with the standard linear regression model, as the error term 

is dependent on β and the term ε – βδ is correlated with x. While error in both x and y reduces the 

precision of fit, only the error in x biases the slope because it yields a larger denominator in the 

slope equation (Calbet and Prairie 2003): 

βobserved= cov (xy) / [var (x)+var (δ)]. 

 Statisticians have been aware of the error-in-variables problem since the late 1870s 

(Adcock 1877), and several methods for dealing with the problem have been published over the 
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last several decades (Ricker 1973; Fuller 1987; Sokal and Rohlf 1995; Legendre and Legendre 

2012).  Despite the availability of numerous methods for dealing with error-in-variables, 

relatively few ecologists and fisheries biologists account for this problem, instead relying on 

linear regression irrespective of potential measurement error. We contend that ecologists and 

managers should consider model II regression when potential for measurement error in both 

variables exists. 

 The most widely accepted methods for dealing with measurement error are a family of 

line fitting procedures that acknowledge and incorporate uncertainty in both response and 

predictor variables. Among the model II procedures, major axis (MA), ranged major axis 

(RMA), and standardized major axis regression (SMA) (Smith et al. 2009; Legendre and 

Legendre 2012) are most commonly used. Model II and OLS regressions differ in their definition 

of residuals or scatter around a line (Angleton and Bonham 1995). Ordinary least squares 

minimizes the sum of squares by taking the sum of vertical deviations of the line whereas MA 

minimizes the sum of squares of the perpendicular spread from the regression line (Figure 1). 

Thus, there is only one MA regression line (Legendre and Legendre 2012) and the slope can be 

calculated as: 

β𝑚𝑎 =
𝑠𝑦

2− 𝑠𝑥
2+√(𝑠𝑦

2−𝑠𝑥
2)+4(𝑠𝑥𝑦)²

2𝑠𝑥𝑦
, 

 

where s𝑦
2  and s𝑥

2 are the estimated variances of y and x respectively, and 𝑠𝑥𝑦 is their covariance.  

When the correlation coefficient (r) is 1, the MA and OLS slopes will be identical; however, as r 

decreases (i.e., the points spread further), the OLS slope decreases while the MA slope remains 

unchanged. Major axis regression is appropriate for bivariate normal data or data that has been 
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log transformed to meet normality assumptions. If the correlation coefficient (r) is significant or 

x and y variables are not in the same units, it is more appropriate to use RMA, provided there are 

no major outliers in the data. The RMA is calculated by computing the MA regression between 

the ranged values for y and x then dividing each value in the sample by the maximum sample 

value, and finally back-transforming the estimated slope by multiplying it by the ratio of ranges 

(Legendre and Legendre 2012): 

𝑦𝑖 
′ = (𝑦𝑚𝑎𝑥 − 𝑦𝑚𝑖𝑛)/(𝑥𝑚𝑎𝑥 − 𝑥𝑚𝑖𝑛), 

when the correlation coefficient is significant and major outliers are present, SMA type II 

regression (also called reduced major axis regression) is the most appropriate model. 

Standardized major axis regression minimizes the sum of squares by taking the sum of the 

product of x and y deviations (i.e., the geometric mean), which can be thought of as the area of a 

triangle formed by the deviation from the line in the x and y directions (Figure 1) (Smith 2009).  

If the axes are inverted for two SMA regressions, the slopes are exact reciprocals of each other, 

and therefore maintain a single position with respect to the data. The SMA slope can be 

calculated as (Legendre and Legendre 2012): 

β𝑠𝑚𝑎 = √𝑆𝑆𝑦/𝑆𝑆𝑥, 

 where SSy is the sum of squares of y and SSx is the sum of squares of x. Model II regression y 

intercept terms are calculated as in OLS regression, thus all lines pass through a centroid. Model 

II methods yield the same estimate whether y is regressed on x or vice versa, without additional 

assumptions about the absence of error in both variables (Barker et al. 1988). Thus, because 

measurement error in x produces a slope lower than the OLS slope calculated without error, 

model II methods are more robust when there is error in x variable. In other words, with error 

variables, there is both vertical (y axis) and horizontal (x axis) variation and model II regression 
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accounts for the spread in both directions whereas OLS only accounts for vertical spread. 

We acknowledge that completed trip surveys are also subject to systematic error such as 

nonresponse and recall bias and thus do not completely approximate truth. Despite these 

potential sources of bias, completed trips more closely approximate truth than incomplete trips. 

To address this issue, we first used simulations to illustrate the biased slope caused by 

measurement error in both variables in a model where “truth” was known. We simulated a 

dataset with sample size of n = 50, standard deviation of x = 6, and standard deviation y = 15. 

We simulated posterior probabilities over 3,000 iterations for a linear model ignoring the error in 

x. We then repeated the procedure incorporating error in x, under the assumption that we had 

reasonable prior knowledge about the measurement precision in x 

We estimated total catch rates using data from roving creel surveys on two streams 

managed by the NYSDEC stocking program, Kayaderosseras and East Koy Creeks (Table 1).  

These surveys ran on all weekend days and holidays and on two randomly selected weekdays 

each week from April 1, 2012 to October 1, 2012. Creel surveys were stratified by weekends and 

weekdays and sampled randomly with opening day and holidays considered as weekend days. 

The start time of each survey day was randomly selected as either morning or afternoon. Creel 

agents conducted two instantaneous/progressive vehicle counts daily to estimate the total number 

of anglers. Information collected during the interviews included; start time of the fishing trip, 

whether the trip was complete at time of interview, trip duration, number of anglers per party, 

number of rods used, and gear type. Biological data collected from fish captured by anglers 

included the total number of trout caught by species, number of trout creeled, number of trout 

released, and lengths (mm) of the trout. Fishing parties were systematically skipped (i.e., every 

other fishing party) during high-use days to ensure time schedule commitments (Pollock et al. 
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1994). Creel agents were instructed to distribute individually numbered postage paid catch cards 

to anglers who had not completed their fishing trips to obtain complete trip information and 

additional catch information. The unique identifier number for each card allowed us to couple 

each angler’s complete and incomplete trip information. Returned cards were entered into a 

$U.S. 100 lottery in order to increase return rates. All interview data from the roving creels 

where anglers fished for less than 30 min were discarded to reduce variance around the catch rate 

estimates (Pollock et al. 1997).  

Data evaluated were taken from roving creel surveys for a total of 84 days on 

Kayaderosseras Creek and 79 days on East Koy Creek. During the creel survey period, 148 and 

104 survey cards were issued on the Kayaderosseras and East Koy Creeks, respectively. A total 

of 196 cards were returned from both streams yielding a mean response rate of approximately 

0.78. After eliminating interviews that took place when an angler had been fishing for less than 

30 min and cards that could not be matched with interview data due to angler reporting errors or 

inaccuracies, we had a total of 167 survey pairs (i.e., angler interview + returned catch card) 

remaining for analysis, allowing for a calculation of daily catch for 63 angler days. 

In order to determine if estimates of catch rates differed between the two estimators, we 

initially calculated catch rates (�̂�𝑟) (fish/h) for incomplete trips by calculating the mean of 

individual ratios for incomplete trips using the mean-of-ratios estimator: 

�̂�𝑟 =  
1

𝑛
 ∑ (

𝐶𝑗

𝐿𝑗
)𝑛

𝑗=1 , 

where 𝐶𝑗   is the incomplete catch for the jth angler and 𝐿𝑗  is the incomplete trip length for the jth 

angler. We also divided the mean catch by mean effort for completed trips using the ratio-of-

means estimator:  
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�̂�𝑟 =
∑ 𝐶𝑗

∗𝑛
𝑗=1

∑ 𝐿𝑗
∗𝑛

𝑗=1

, 

 

where 𝐶𝑗
∗ is complete catch for the jth angler and 𝐿𝑗

∗ is the trip length for the jth angler, following 

methods outlined in Pollock et al. (1997). We also calculated catch rates using both estimators 

with complete trip information only and then repeated this procedure using incomplete trips only 

to test for bias in the estimators themselves. We tested for equality of variance using a Levene’s 

test prior to running linear OLS regressions (Keefe et al. 2009). We used quantile-quantile (QQ) 

plots and a Shapiro-Wilk test to test whether our sample came from a normally distributed 

population. Where data were not bivariate normal, we used appropriate log transformations. 

Following methods from Sprugel (1983) and further outlined in Qian (2011), we corrected for 

potential logarithmic transformation bias by multiplying back-transformed estimates by the 

correction factor: 

𝑒
{
𝜎2

2
}
. 

We used a Pearson product-moment correlation coefficient (PPMCC) to test for significance in 

the correlation between the two estimators. We assessed significance at an α level of 0.05 

 We compared the ratio-of-means and mean-of-ratios estimators using OLS and model II 

regressions (Keefe et al. 2009; Legendre and Legendre 2012). While only one test is most 

appropriate for a given data structure, we provided estimates from all four tests for comparison. 

We then used the regression equation (i.e., slope and intercept term) from each model to correct 

for the bias associated with estimates from incomplete trips by incorporating incomplete trip 

estimates into the linear model (Keefe et al. 2009) in back-transformed space. The equation was 

then applied to the mean estimate of incomplete trips. All statistical models and analyses were 
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conducted using Program R Version 2.15.2. 

Results 

Our simulations demonstrated that neglecting to account for measurement error does 

indeed result in an underestimated slope (Figure 2). Over 3000 iterations, the model 

incorporating an approximation of measurement error in x provided much less biased slope 

estimates than did the naïve model (Figure 2). The simulation also showed that when a 

researcher has prior knowledge of the relative precision of measurement in x, bias in the slope 

estimate can be reduced by incorporating error into the model (Figure 2).    

Significant differences were found in mean catch rates calculated using the two 

estimators, with the slope of the linear model consistently below the 1:1 relationship (Figure 3). 

The mean catch rate was 0.45 (fish/h) for completed trips using the ratio-of-means estimator and 

0.89 (fish/h) for incomplete trips.  The mean estimate of catch rate was 0.44 (fish/h) higher for 

incomplete trips than for estimates calculated from complete trips, despite truncating data from 

interviews that took place after less than 30 min of angling. Regression analyses between the two 

estimators revealed that the mean-of-ratios estimator did not yield a significant positive bias 

relative to the ratio-of-means estimator at the stream level (Pearson product-moment correlation 

coefficient (PPMCC); r = 0.30; p = 0.14); however, a significant positive bias was found 

between incomplete and complete trips at the individual level, (PPMCC; r = 0.63; p = 0.005) 

indicating that variation in rates calculated from complete and incomplete trips (i.e., 

measurement error) rather than the estimators was the source of bias for these data. When we 

compared the mean-of-ratios to the ratio-of-means estimates using data from complete trips 

alone, bias was reduced to 0.07 and 0.02 for East Koy and Kayaderosseras creeks respectively 

(Table 1).   Sampling variances did not differ significantly for any of the comparisons (Levene 
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Test: w = 0.73; p = 0.81). 

  Log transformed data had fewer departures from theoretical normal line on a QQ plot and 

therefore the Shapiro-Wilk test was not rejected (w = 0.918; p = 0.45), indicating that log 

transformation satisfied normality assumptions. Although our data were bivariate normally 

distributed after log transformation, SMA and RMA were more appropriate estimators than MA 

because our correlation coefficient (r) was significant and the error variances on the two axes 

differed (Legendre and Legendre 2012). A visual scatterplot inspection of the study data did not 

indicate the presence of major outliers, thus RMA was considered as the most appropriate 

method for comparing the estimators and for use as a corrective model.  However, MA, SMA, 

and OLS estimates are provided also to allow comparison among methods (Table 2, Figure 4). 

Analysis from the comparison of OLS model and model II regressions resulted in 

different estimates of the slope (Table 2, Figure 4). As predicted, the OLS model provided the 

lowest slope estimate, indicating that the slope was biased due to the presence of measurement 

error in both variables. Without the corrective models, the catch rate estimated from incomplete 

trips differed from complete trip estimates by 0.44 fish per h. This empirical pattern 

approximated the pattern found in our simulations over 3000 iterations. 

Use of the OLS equation as a bias corrector model (as in Keefe et al. 2009) 

underestimated catch rates from incomplete trips by 0.13 when compared to complete trips 

(Figure 5), providing a catch rate estimate of 0.32 (Table 2). The MA model also underestimated 

catch rates from incomplete trips by 0.11 when compared to complete trips, but to a lesser degree 

than OLS. The RMA corrective model performed best, accounting for approximately 91% of the 

incomplete trip bias and underestimating the complete trip catch rate by only 0.03 (Figure 5). 

Conversely, the SMA model overestimated catch rates from incomplete trips by 0.09, yielding an 
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estimate of 0.54 (Table 2) when compared to complete trips.  

 

Discussion 

Our comparison of mean catch rates for individual anglers estimated from incomplete and 

complete trip data indicated a consistent difference between the two estimators, which was 

similar to the findings of Keefe et al. (2009). However, this pattern was not observed when 

comparing differences between mean catch rates for entire streams (i.e., mean catch rates for all 

anglers who fished a particular stream). When the two estimators were compared using only 

completed trip data, bias was greatly reduced, indicating that the source of variation was likely 

driven by measurement error in the data rather than bias resulting from the estimators 

themselves, as in Keefe et al. (2009). This presumably occurs because creel surveys rely on data 

collected from anglers that encompass uncertainty from human behavior, fish behavior, and 

environmental factors; any of which can influence measurement and cause variation between 

complete and incomplete trip estimates. 

Estimating catch rates from incomplete trips is based on the assumption that fish 

catchability remains constant, implying that fish forage and movement behavior is random 

(Hoenig et al. 1997; Pollock et al. 1997). However, this assumption is likely violated as stream 

trout have been shown to utilize certain habitats more frequently than others (Alexiades et al. 

2012) and forage at different locations throughout the day (Bachman 1984; Bunnell et al. 1998), 

behaviors that are often exploited by anglers. Several studies have shown bias in incomplete trip 

catch rate estimates (Mackenzie 1991; Malvestuto 1996; Keefe et al. 2009; McCormick et al. 

2012), while others found that incomplete and complete catch rate estimates did not differ 

(Malvestuto et al. 1978; Dent et al. 1991). It is likely that the level of variation between the two 
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estimators is influenced by the target species and habitat in the study area (Malvestuto 1996).  

The bias between incomplete and complete trip catch rates may also stem from angler 

response bias due to respondent memory recall, exaggeration of catch, and nonresponse bias 

(Carline 1972; Sullivan 2003). While the high response rate in this study reduces some effects of 

angler response bias, catch cards remain an imperfect approximation of completed trip lengths 

but provide more information about complete trips than roving creel surveys. While simulation is 

the only way to completely evaluate the ability of an analytical approach to estimate “true” 

values in an empirical system, stream fishery managers require the best information possible on 

actual catch rates, which simulations do not provide. Consequently, methods such as those in this 

study, while imperfect, more closely approximate completed trip catch rates than using only 

incomplete trip data. 

The positive bias (i.e., overestimating catch rates) from incomplete trip data could have 

major ramifications for fisheries management and conservation. When it is logistically or 

economically infeasible to conduct access point surveys to obtain complete trip information, 

roving creel surveys are often the only option available for recreational creel surveys. Thus, 

statistical tools are needed that can effectively correct for this bias. Keefe et al. (2009) 

recommended developing species-specific corrective linear regression models for catch rates 

prior to conducting a roving creel survey. Based on our findings, we agree with Keefe et al. 

(2009) that corrective linear models are useful in reducing bias associated with the roving creel 

survey design. However, due to the measurement error inherent in collecting creel survey data, 

ordinary least squares regression is not an appropriate linear model because this type of model 

underestimates the slope. Model II regression is more appropriate because the slope estimate 

remains unchanged when measurement error is present in both variables, as in creel survey data.  



40 

 

 

Because creel survey responses can be affected by human subject response, fish behavior, 

and environmental uncertainty, measurement error is almost certainly a factor (Hilborn and 

Walters 1992). Complete and incomplete trip catch rate estimates are both subject to 

measurement error, making their comparison a useful illustration of the bias inherent in the use 

of OLS. As expected, we found that OLS estimates provided the lowest slope of the four linear 

models tested when we compared actual estimates of stream trout fishery catch rates from the 

NYSDEC roving creel survey (incomplete trips) and completed trip estimates from the mail-in 

card survey.  

This study demonstrated a positive bias when using roving creel survey data to estimate 

catch rates and illustrates alternatives to OLS regression when measurement error is present in 

both variables. This issue, however, is not limited to creel surveys, as there are numerous other 

examples are present in the fisheries and ecological literature where OLS was used although 

model II regression would have been a more appropriate choice. We strongly recommend that 

ecologists and managers utilize model II regression when the potential for measurement error in 

both variables exists. 

As the NYSDEC and other fisheries management agencies use targeted catch rates as part 

of their management strategies, it is essential to provide the most accurate estimates possible 

given the uncertainties in available data. If the goal of creel surveys is simply to evaluate 

temporal trends, using incomplete angler trip data will likely be sufficient, as catch rate estimates 

are likely to be consisitently underestimated. However, when management agencies make 

decisions based on accurate estimates of catch rates, we recommend employing a two part 

strategies using roving creels coupled with catch card programs, and using model II regression 

methods as correction factors. In our study, estimates differed substantially when using the 
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mean-of-ratios for incomplete trips and the ratio-of-means for complete trips but differences 

were minimal when using the two estimates on complete trips alone. This finding likely indicates 

that the estimators themselves are not introducing bias, instead bias is stemming from error in the 

incomplete trip data collection. Therefore, we recommend that managers continue to use the 

ratio-of-means for completed trips and mean-of-ratios for incomplete trips in addition to 

discarding interviews in which anglers were fishing for less than 30 min (as recommended in 

Pollock et al. (1997)).  
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Table 1. Summary of trout monthly total catch rate estimates (fish/angler-h) for each stream in 

2012 using completed trips (mail-in cards) and incomplete trips from the roving creel surveys. 

Catch rates were calculated using the mean-of-ratios estimator (MOR) and ratio-of-means 

estimator (ROM). 

  Complete Trips Incomplete Trips 

Stream MOR ROM MOR ROM 

East Koy  0.54 0.47 0.93 0.74 

Kayaderosseras  0.41 0.43 0.86 0.63 

Mean 0.48 0.45 0.89 0.69 
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Table 2. Model equations from the four methods tested. Three model II regression methods (MA, 

SMA, and RMA) and OLS regression are shown for comparison’s sake only; however, RMA 

was the most appropriate method for data used in this study. Mean incomplete trip catch rate for 

the two streams was 0.45. 

Method Intercept Slope 

Bias corrected catch 

rate estimate 

Ordinary least squares (OLS) 0.18 0.15 0.32 

Major axis (MA) 0.17 0.18 0.34 

Standardized major axis (SMA) 0.10 0.47 0.54 

Ranged major axis (RMA) 0.13 0.31 0.42 
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Figure 1. Ordinary least squares (OLS) regression fits a line that minimizes the vertical spread of 

values around the line (e.g., segment 1-2). Alternatively, Standardized major axis (SMA) 

regression minimizes the sum of squared triangular areas bounded by observations and the 

regression line (e.g., triangle 3-4-5). Ranged major axis (RMA) and major axis (MA) regression 

minimizes the sum square of the perpendicular spread from the regression line (segment 6-7). 
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Figure 2. Results of simulation where data with measurement error was used in the true model 

(dash-dot line).The naïve OLS model (dotted line) did not account measurement error while the 

model II type (solid line) did account for measurement error on x axis. Models were simulated 

over 3000 iterations. 
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Figure 3. Comparison of mean monthly trout catch rates (A), weekly mean trout catch rates (B), 

and individual angler catch rates (C) estimated with the ratio-of-means from mail in survey cards 

(complete trips) on the y axis and the mean of the ratios from roving creel interviews (incomplete 

trips) on the x axis. Linear model is line of best fit between complete and incomplete trip 

estimates using ordinary least squares regression. The dashed line represents the 1:1 relationship. 
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Figure 4. A comparison of mean daily trout catch rates (fish/h of angling) estimated from 

incomplete trips using a roving creel survey and complete trips from a mail-in card survey for 

East Koy and Kayaderosseras Creek. Major axis (MA), ranged major axis (RMA), standard 

major axis (SMA), and ordinary least squares (OLS) regressions are provided for comparison, 

though for this dataset, RMA is the most appropriate method. (To improve clarity and 

interpretation of the figure, note that 1 was added to log transformed values on the x and y axis to 

keep data in the positive quadrant). 
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Figure 5. Difference in catch rates estimated using bias corrector models compared to 

uncorrected estimates. Model 2 regressions (MA, RMA, SMA) performed better than ordinary 

least squares regression (OLS) and all models performed better than uncorrected estimates. 
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CHAPTER 3: SEPARATING LOSSES DUE TO MOVEMENT FROM APPARENT 

MORTALITY IN ORDER TO ESTIMATE TRUE SURVIVORSHIP IN A FRESHWATER 

TROUT FISHERY 

Abstract 

Separating emigration from estimates of survival rate is essential for understanding 

animal demographic processes. Multi-state mark recapture and robust design models provide the 

ability to estimate demographic mechanisms such as reproductive rates, migration rates, and 

survival rates that would otherwise be confounded with permanent emigration. We present an 

application of these methods to better estimate survival of trout in the Carmans River in New 

York State. We applied Pollock’s Robust Design of the multi-state mark recapture Cormack 

Jolly Seber model and utilized both discrete live recapture and continuously monitored resight 

data to provide direct estimates of true survival and permanent and temporary emigration rates 

for the study species. We demonstrate the utility of this procedure in estimating vital rates in 

motile species for three riverine species, native brook trout Salvelinus fontinalis and nonnative 

brown Salmo trutta and rainbow Onchorynchus mykiss trout. This approach allows for 

estimation of temporary and permanent emigration thereby reducing bias in survival estimation. 

We also incorporated environmental covariates to estimate the effects of changing conditions or 

specific management objectives on vital rates. 

 

Keywords: mark-recapture; survival; population demographics; robust design; multi-state 

models; aquatic ecosystems. 
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Introduction 

Animal movement is a key mechanism underlying population dynamics (Morales et al. 

2010). Developments in capture-recapture statistical techniques combined with advances in 

animal tagging technology (e.g.., stationary PIT tag detection systems) provide an opportunity 

for the separation of losses due to mortality from those due to movement (Horton et al 2011). 

Capture-recapture techniques are used to estimate demographic processes including survival (S), 

population size (N), and population rate of change (λ) from repeated encounters of marked 

animals, even when all animals are not detected on any given sampling occasion. Yet these 

demographic processes are often confounded by immigration into and emigration out of the 

system.  

Recent capture-recapture models, collectively called Multi-State Mark Recapture 

(MSMR), have been developed to account for biological variation in which animals in different 

“states” (location, physiology, behavior, reproductive status, etc.) experience different 

probabilities of survival and detection (Lebreton et al. 1992; Bailey et al. 2010; Devineau et al. 

2014). MSMR models allow site specific survival and movement probabilities to be estimated, 

provided that capture effort has been systematically applied at multiple sites over discrete points 

in time (Brownie et al. 1993). A potential limitation of more traditional MSMR models is the 

assumption that state classification is certain (i.e., emigration is permanent) (Hestbeck et al. 

1991), which could confound characterizing the population dynamics of some motile species. So 

the classical Cormack-Jolly-Seber MSMR model alone might not be able to capture the 

uncertainty inherent in the “location” state (i.e., emigrated or remained within study reach) for 

population of interest.  

Fortunately, state classification uncertainty can be addressed by employing a robust 
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design (RD) of this MSMR framework that combines primary (e.g. annual, seasonal) with 

secondary (e.g. within-year or season) sampling periods, allowing for analysis of open or closed 

populations (Pollock 1982). The RD model extends the Jolly-Seber (Seber 1982) framework by 

combining open (primary samples) and closed (secondary samples) live recapture models, 

allowing for survival estimation when there is uncertainty in state transitions. Temporary 

emigration, where an individually-marked animal moves into and out of the study area, is an 

example of uncertainty in a state transition because the animal may or may not be available for 

capture during a given sampling period. This uncertainty complicates the estimation of survival 

and other demographic parameters because probabilities must be assigned for survival, site 

fidelity, return, and encounter probability rates for each marked individual in the population 

(Figure 1).  

The primary objective of this study was to separate apparent losses due to mortality, 

through the survivorship term, from permanent and temporary losses due to emigration in order 

to provide better estimates of survival for brook trout (Salvelinus fontinalis), a highly mobile 

native salmonid species with both anadromous and potamodromous life history characteristics 

(Morinville and Rasmussen 2003). In addition to estimating population parameters, capture-

recapture models can incorporate auxiliary variables or covariates associated with individual 

capture histories such as habitat, season, or climate that allow for examination of ecological 

mechanisms that affect life history traits. Modeling auxiliary variables is important because this 

approach can increase the precision of parameter estimates and, more importantly, allows for the 

exploration of relationships between parameters and environmental or other variables (White 

2002).  

A second study objective was to elucidate demographic rate differences between 
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sympatric native brook trout and introduced brown (Salmo trutta) and rainbow trout 

(Oncorhynchus mykiss) species and link these processes to environmental conditions. Estimates 

of vital demographic rates are often required by managers and conservationists evaluating 

allowable harvest limits or to ascertain long-term population viability. Linking these 

demographic rates to physical and environmental parameters is an additional component in 

determining long term viability (White 2002), as individuals and populations vary in their ability 

to cope with environmental variation (Lomnicki 1988).  

 

Materials and Methods 

Study Area 

The Carmans River is a groundwater fed stream on the south shore of central Long Island 

that empties into the Great South Bay. The entire river is approximately 16 km in length, of 

which the lower 4 km is tidal, and drains an 11,735 hectare area. Annual discharge of the river 

ranges from approximately 0.42 to 1.42 m3s-1 with an average stream temperature of 12.74C˚. 

The fish assemblage in the Carmans River consists primarily of native brook trout while 

nonnative brown and rainbow trout are stocked annually. The Carmans River historically 

contained anadromous brook trout or “salters”, though the current population composition of 

resident, non-migratory brook trout versus salters is uncertain. American eel (Anguilla rostrata), 

alewife (Alosa pseudoharengus), brown bullhead (Ameiurus nebulosus), and tessellated darter 

(Etheostoma olmstedi) are also commonly found in the river.  

Field Sampling 

We used encounter histories from individually Passive Integrated Transponder (PIT)-

tagged adult native brook trout (n= 215), and stocked brown (n=352) and rainbow (n=376) trout 
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in the Carmans River in Long Island, NY (Table 1) to estimate survival, emigration, and 

encounter probability for these fishes (Figure 1). Fish were captured using backpack 

electrofishing gear and anesthetized upon capture using tricaine mesylate. We then injected a 

23mm PIT tag into the peritoneal cavity through a small incision in each captured fish.  

A PIT tag detection system covering a 5.8km section of river with a seven-antennae array 

was maintained throughout the study period to continuously monitor movements of tagged fish 

into and out of the stream reach (i.e., area between antennae). Each antenna provided an 

independent detection probability. Fish monitoring began in March 2012 and continued through 

December 2013.  

We conducted primary sampling (Figure 1) on three occasions during the summer low 

flow period using three-pass depletion electrofishing (Bonar et al. 2009). Block nets were 

installed at the upstream and downstream ends of reaches. The three sampling events occurred at 

intervals of approximately four weeks to ensure that population gains and losses could take place 

(i.e., open population). Each captured fish was weighed (g), measured (mm), and scanned with a 

handheld PIT tag reader to identify the marked fish. The PIT tag antennae provided “secondary” 

capture occasions (Figure 1) by continuously monitoring movements of individual fish within the 

tagged population, effectively closing the population. 

Season indicators were defined using stream temperature thresholds and stream flow 

considered to be meaningful for stream trout, rather than calendar delineated seasons (Cunjak 

1988). We obtained streamflow data from USGS monitoring gages located on the Carmans River 

at Yaphank. We placed three temperature data loggers at the upper, middle, and lower extent of 

the study reach and recorded temperatures every hour for the duration of the study. 
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Model development and parameter estimation 

The MSMR model includes a reach state (r) that indicates that an individual is within the 

antenna array extent and an emigration state (e) indicating that the individual is outside of the 

array. The model assumes that all emigration out of the study area is permanent and that survival 

from time period i to i + 1 does not depend on the state at time i + 1 (i.e., survival is independent 

of location) (Figure 1). We considered emigration permanent when a fish moved beyond the 

extent of the antenna array and did not return for the duration of the study. The MSMR model 

structure contains the following parameters:  

φi
re   =  probability that a fish alive in state r (stream reach) at time 

 i remains alive and moves to state e (emigration state) at time i + 1. 

si
r = probability of survival from time i to i + 1 given that the individual remained in state  

 r  at time i. 

 ψi
rr  = probability of remaining inside the reach from time i to i + 1. 

ψi
re = probability that an animal in state r at time i was in state e at time i 

 + 1, conditioned on the fish being alive at time i + 1.  

 p = probability of recapture in the study reach for each occasion. 

The use of a multi-antenna array allowed for estimates of S and state transitions (ψ) because each 

antenna provided independent information on detection probability (p). The parameter ψi
er or the 

probability of transitioning from state e back to state r cannot be estimated because the non-

robust version of the MSMR model assumes that all emigration is permanent.  

When a fish had a non-zero probability of return to the study area, we used the RD model 

framework, allowing for estimation of return rate (ɣ), which is the product of apparent survival 

probability (φ), apparent encounter probability (p), and temporary emigration (Figure 1). The 
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model contained the following additional parameters: 

si = survival probability from sampling occasion i to i + 1.  

fi = probability of the marked individual remaining in the population (i.e., site fidelity). 

p* = is the encounter probability conditional on survival and being available in the  

 sampling population for encounter or p* = p/ (1-γ).  

ɣ = probability of an individual being available during a sampling occasion, which can be 

 further decomposed into: 

ɣ’ = probability of a surviving individual being unavailable during a primary  

sampling event (i) given that it was not available during the previous event 

(i – 1) and, 

ɣ’’ = probability of a surviving individual being unavailable during a primary  

sampling event (i) given that it was available during the previous event (i 

– 1). 

In order to obtain estimates of both ɣ and p* based on samples from the same population 

it is necessary to combine an open live recapture model with a closed capture model. This was 

accomplished by combining “secondary” capture occasions (continuous PIT tag antenna 

detections) that occurred close enough in time for the population to be considered closed (i.e., no 

mortality or emigration) with “primary” sampling (electrofish sampling) that involved longer 

time intervals (> 1 month) between capture occasions, allowing for estimation of survival and 

temporary emigration of marked animals back in the sampling area (Kendall et al. 1997). Using 

the Robust Design, we were able to estimate γ from encounter histories of fish caught during 

primary sampling (open, live encounter CJS) and p* from secondary sampling (closed, PIT tag 

encounter histories), allowing for estimation of φ and site fidelity rates (Figure 1).   
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A potential problem with a simple two-antennae PIT tag antennae array design is that 

tagged individuals can take up residence between antennae or in close proximity to the array, 

thus remaining in the area but avoiding detection, either of which would violate the assumption 

that an individual available for detection by one antenna is available for detection by another 

antenna with a probability of 1.0. This violation can result in positively biased estimates of S, 

which bias can be reduced by placing antennae close together (Horton et al. 2011). To 

accomplish this we employed seven antennae in our array, rather than a single antenna at the 

upper and lower extents of the study reach. Another advantage of having multiple antennae 

within the study reach was that it allowed us to decouple ɣ’ and ɣ”. Multiple antennae within the 

study reach provided more accurate fish locations than when using only a dual antenna array to 

satisfy the closure assumption, allowing us to disentangle the ɣ parameters by providing 

additional location information on the availability of the fish in the previous sampling event. 

This also facilitated primary sampling because we knew the approximate location of tagged fish 

within a smaller, more manageable stream section at any given time.  

Modelling survival using continuous-resighting telemetry methods (e.g. acoustic 

receivers, PIT tag antennae) poses an additional challenge because classical capture-recapture 

models are derived with discrete sampling schemes. Recent simulation work by Barbour et al. 

(2013) showed that joint data models composed of both discrete primary and continuous 

secondary samples (e.g., Barker joint data, Robust Design models) perform better than models 

relying on only discrete sampling schemes (i.e., Cormack-Jolly-Seber). We collapsed continuous 

PIT tag array resightings into discrete time (monthly) intervals (Hightower et al. 2001; Heupel 

and Simpfendorfer 2002; Adams et al. 2006). The only drawback of this approach is that 

sometimes joint data models with discrete time steps lead to convergence difficulties because of 
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the large number of parameters involved in each model. To avoid this problem simulated 

annealing was used for optimization (Goffe et al. 1994).  

We constructed a priori a set of approximating candidate models (Table 2) which were fit 

to the data using the MSMR and RD frameworks within Programs MARK v.7.1 and R v.2.15.2 

(White and Burnham 1999; Laake 2013). Our model set consisted of a general model for all 

parameters and a series of nested, reduced parameter models. Using alternative models allowed 

us to examine the potential variation in demographic parameters as a function of study year, 

season (based on stream temperature and discharge thresholds), state (r or e), and species. We 

used Akaike’s Information Criterion (Akaike 1973) to evaluate model performance and adjusted 

for small sample size (AICc)(Burnham and Anderson 2002). Models with ΔAICc (change in 

AICc value) values that differed by < 2 were deemed to be equivalent. To account for 

uncertainty among models and gain the most inference from a multimodel approach, we used 

model averaging of all candidate models (Burnham and Anderson 2002) to estimate parameters.  

Results 

 A total of 943 fish were tagged during the study, of which 255 individuals were 

recaptured on at least one electrofishing sampling occasion. The continuously monitored PIT tag 

array recorded 198,122 fish detections over the two year period. No brook trout were detected 

migrating out of the stream to the Great South Bay (Figure 6), though 30,458 detections occurred 

at the upper antenna, indicating greater upstream than downstream movement.  

 As predicted, true survival (S) was higher than apparent survival (φ) for both study years 

(Figure 2), indicating that emigration is an important component of survival and that using 

apparent survival alone as a metric for survival likely provided estimates that are biased low. We 

saw the same pattern for all three species, though the discrepancy between S and φ was much 
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more pronounced for rainbow than brown or brook trout (Figure 3). Estimates of permanent 

emigration (ψ) appeared to be relatively consistent between study years (Figure 2), though varied 

among species, with particularly high rates for rainbow trout (Figure 3). As predicted, temporary 

emigration rate (ɣ) estimates were higher than ψ for brook and brown trout, though unexpectedly 

we found the opposite pattern for rainbow trout (Figure 3). Temporary emigration rates ɣ’ (i.e., 

probability of a surviving individual being unavailable during a primary sampling event (i) given 

that it was not available during the previous event (i – 1)) and ɣ” (i.e. probability of a surviving 

individual being unavailable during a primary sampling event (i) given that it was available 

during the previous event (i – 1)) varied both among species and between years (Figure 3). We 

expected ɣ” to be greater than ɣ’, because we expected fish that hadn’t moved previously were 

more likely to remain in the reach than those which had moved in the previous occasion, yet we 

found the opposite pattern among all three species and between study years (Figure 2, 4). This 

finding might have been due to the slightly higher capture probability for temporary emigrants 

(0.33) than fish that remained in the reach (0.31) 

MSMR model selection results indicate that variation in survival was best explained by 

reach (r) and emigration (e) state and season (Table 2). Variation in capture probability (pk) and 

permanent emigration (ψ) was greatly reduced by using study year as a covariate. Somewhat 

surprisingly, the species parameter did not better define models within the candidate model set. 

A likelihood ratio test further supported a highly significant difference between models (χ2 = 

99.26, df = 21, p < 0.001). The top RD model indicated that apparent survival (φ) variation was 

most reduced by the combined effects of season, study year, and species (Table 2). Variation in 

temporary emigration (ɣ) appeared to be mostly a function of species, indicating differential 

movement patterns among species. Models containing terms for environmental covariates, 
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stream temperature and discharge had higher AIC values in the candidate model sets.  

 Models with survival terms for season and study year performed well in candidate model 

sets. We found that survival probability was lowest over the winter (Figure 4), reaching a 

minimum during the transition from winter to spring in 2013. Interestingly, spring survival 

appeared to be lower in spring 2013 than in 2012. In 2012, spring survival was relatively high 

(Figure 4), dipped somewhat during the transition to summer then rebounded as summer 

progressed into fall. In 2013, the highest overall survival was observed during summer and early 

fall, before declining as the fall season progressed. 

 

Discussion 

 These results from this study confirm our expectations that estimates of true survival 

would be greater than the apparent survival rates typically estimated in such studies due to the 

significant mobility of salmonine fishes (Skalski and Gilliam 2000; Fraser et al. 2001; Alexiades 

et al. 2012; Horton et al. 2012). The observed pattern for rainbow trout clearly illustrated the 

advantages of separating emigration and survival parameters. Rainbow trout had much lower 

apparent survival than the other two species, but had higher permanent emigration rates. When 

true survival was estimated by accounting for the parameter confounding, estimates of true 

survival were much more comparable for the three species. In a situation such as this, estimation 

of apparent survival alone could lead to inaccurate conclusions about the status of a population. 

Study designs that jointly model multiple sources of demographic data, as we have done in this 

study, enable estimation of additional demographic parameters by making efficient use of 

collected data and provide high precision of parameter estimates and information about the 

biology of organisms (Horton et al. 2012; Kendall et al. 2013). Combined data and model 
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approaches could also be useful in understanding meta-population and community dynamics 

(Dail and Madsen 2011). For example, if only apparent survival is estimated, populations or 

communities with low apparent survival rates might be considered sinks (i.e. high extinction), 

where in reality they might have high true survival, patch fidelity, and high emigration rates that 

make them source populations for other locations (Lamy et al. 2013).  

 Individual candidate model selection yielded some interesting insights. Most notable was 

that MSMR models did not improve with the inclusion of the species specific term, which 

suggests that differences in environmental optima and competitive ability in these three fishes 

did not greatly influence survival. This might have been due to the use of somewhat narrow 

age/size classes used in this study. Carlson and Letcher (2003) found that demographic 

parameters, including survival, varied with age/size class but not by species in a study comparing 

brook and brown trout. We were limited to evaluating fish greater than 150 mm in length to 

minimize the influence of PIT tags on fish behavior. Though interspecific variation did not 

appear to be an important predictor of true survival rate, species level differences in apparent 

survival through the effect of temporary emigration were evident in several highly ranked 

models.  

Survival varied with season and was generally lowest during winter, indicating that trout 

in this system might be more limited by thermal minima than maxima. This finding supports the 

hypothesis that winter is a critical period for stream fish (Weber et al. 2013) and warrants further 

study, as coldwater species such as trout are often thought to be limited by high summer 

temperatures (Keleher and Rahel 1996). However, the Carmans River is completely spring fed 

and maintains low summer maximum temperatures relative to other streams in the area; 

consequently these patterns may not be broadly applicable to non-spring fed streams.  
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These study results also helped resolve a management question of substantial interest by 

confirming that permanent emigration of freshwater brook trout did not occur.  Historic 

populations of “salter” brook trout exhibiting an anadromous life history are found in Long 

Island and still occur in the northeastern U.S. and Canada (McCormick and Naiman 1984).  

Based on our a priori hypothesis of the population composition, we did not expect our brook 

trout to be of this type and therefore expected temporary emigration to be higher than permanent 

emigration in this study, which was supported by our findings. Unexpectedly, more nonnative 

stocked brown and rainbow permanently emigrated into Great South Bay than brook trout. 

Without jointly modeling continuous and discrete recapture data, it would have been impossible 

to discern these differences.  

 A key distinction of temporary emigration parameters is whether the pattern is purely 

random or stochastic, but conditioned on the state of the system, Markovian in Langrock et al.’s 

conceptualization (2014). Time dependent survival estimation is biased when conditioned on 

state (i.e., Markovian) and temporary emigration is ignored, as in a traditional recapture only 

model, because it is confounded with detection probability (Barker 1997; Kendall et al. 2013). 

Moreover, temporary emigration can cause bias in parameter estimates, especially at the end of a 

time series of data (Peñaloza et al. 2013). Conversely, when temporary emigration is likely and 

accounted for, it is possible to estimate unbiased parameters. Therefore, precision of survival 

estimates is improved when accounting for temporary emigration. Furthermore, separating 

permanent and temporary emigration can provide a more complete understanding of the biology 

of a population (Lindberg et al. 2001). 

An additional complication is that temporary emigration from the sampling area can 

induce bias in parameter estimates at the end of the time series of data, unless temporary 
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emigration is not dependent on state. Conversely, when temporary emigration depends on state 

in the previous time step, parameter estimates require the modeling of an unobservable state, 

thereby inducing bias. Our study design permitted us to build and compare models under both 

random and Markovian temporary emigration patterns. While our top model was constrained 

under the random pattern, the second best model was Markovian and accounted for the state the 

individual fish was in. When there is any support for Markovian temporary emigration, study 

designs should include solutions combining auxiliary resight (as in this study) or dead animal 

recovery information on survival status and location to reduce bias in survival estimates 

(Peñaloza et al. 2013).   

Although models with environmental covariates were not among the top candidate 

models for this particular system, including them in the approaches we’ve outlined could be 

useful to researchers or managers seeking to understand how environmental changes might affect 

a target species. Franklin et al. (2000) used habitat covariates on territories occupied by northern 

spotted owls to examine the effects of climate and landscape characteristics on apparent survival. 

Our study took this approach a step further by examining the influence of survival and 

emigration parameters simultaneously using longitudinal mark-recapture data plotted against a 

time series of environmental data, demonstrating how the populations responded to changing 

temperature and discharge conditions.  

Given that animal movement is a key mechanism underlying population dynamics, 

methods that allow researchers to separately analyze vital rate parameters are becoming 

increasingly important. Furthermore, advances and decreasing costs in tagging and monitoring 

technology have made unraveling the complex interplay of population dynamics parameters 

more accessible than ever before. Standard mark-recapture designs and analysis methods do not 
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explicitly quantify confounded movement and survival rates, however, multistep procedures that 

combine mark recapture modeling frameworks and utilize both discrete and continuous recapture 

data such as in this study, can be used to provide direct estimates of multiple population 

dynamics parameters simultaneously.  
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Table 1. Number of PIT tagged trout in study by species with mean length (mm) and weight (g). 

Fulton’s Condition Factor calculated as K= weight/length3 also provided for each species.  

Species N Length range(mm) Weight range (g) Condition Factor(K) 

Onchorynchus mykiss  376 212-281 84-831  1.04E-05 

Salmo trutta 352 198-242  93-812  1.38E-05 

Salvelinus fontinalis 215 155-334  42-870 1.18E-05 
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Table 2. Top ten multistate and robust design model selection results evaluating evidence for 

true survival (S), apparent survival(φ), transition probability (ψ), temporary emigration (ɣ), and 

encounter probability (pk) for the 2012 cohort of brook, brown, and rainbow trout in the Carmans 

River, NY. The temporary emigration parameters ɣ’ and ɣ” refer to probability of availability in 

current sample given availability during previous sample.  “R” and “E” represent state 

parameters for fish that remain in the reach and fish that permanently emigrate respectively, 

“season” represents a linear temporal trend in the given parameter, “year” represents parameter 

variation between years, “species” represents parameter variation among species, “discharge” 

represents mean seasonal discharge (m3s-1), “temp” represents mean seasonal stream temperature 

(˚C), and “˙” represents an invariant (single parameter) model. Akaike’s information criterion 

(AICc) adjusted for small sample bias and associated model evaluation criteria are shown for 

each model. Models less than 2 ΔAICc apart were considered to have equivalent representation 

in the data.  

Multistate model AICc ΔAICc 

Number of 

 Parameters -2log(L) 

SR,E seasonψyear pk
year 2065 0 29 2005 

Sseasonψyearpk
. 2069 4 26 2015 

SR˙Eseasonψyearpk
year 2078 13 30 2016 

SspeciesψyearpR˙E˙ 2121 56 8 2105 

Sspecies+yearψyearpR˙E˙ 2123 58 9 2105 

Syearψyear pk
year 2161 96 12 2137 

Sspeciesψyear pk
˙ 2168 103 5 2158 

S˙ψ˙ pk
year + species 2176 111 5 2165 

Sdischargeψ˙ pk
˙ 2186 121 7 2173 

Stempψyear pk
year 2197 132 7 2183 

Robust design models         

φseason+year+species ɣ’species= ɣ”species(random)  -5501 0 11 -5523 

φyear+species ɣ’species ɣ”species(Markovian) -5406 95 7 -5420 
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φyear+species ɣ’˙= ɣ” ˙ -5404 96 6 -5416 

φyear+species ɣ’˙ɣ” ˙ -5398 103 7 -5412 

φseason ɣ’˙= ɣ” ˙ -5361 139 10 -5383 

φseason+year+flowɣ’˙ɣ” ˙ -5361 139 11 -5383 

φseason+year+tempɣ’˙ɣ” ˙ -5361 139 11 -5381 

φyear ɣ’˙= ɣ” ˙ -5360 140 10 -5376 

φseason*year -5355 145 10 -5363 

φyear ɣ’species= ɣ”species -5346 154 5 -5357 
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Figure 1. Diagram decomposing transition component parameters of “true” survival estimated 

within the multistate model framework (MSMR) and “return rate” estimated using robust design. 

The MSMR model contains two states: r and e where; S = probability of true survival over the 

interval i; ψi
rr  = probability of remaining faithful to the reach, ψi

re = probability of transitioning 

from the reach state r to the emigration state e during interval i; ψi
er = probability of 

transitioning from state e (unobservable) back to state r (observable) (i.e., temporary 

emigration); p = probability of recapture in the study reach for each occasion. When a fish 

emigrates, survival becomes the product of the probability of ψi
rr, ψi

re, and ψi
er.  MSMR models 

assume that all emigration is permanent; therefore ψi
er cannot be estimated within the multi-state 

framework. In the robust design model, “s” = probability of surviving from release occasion i to 

subsequent sampling period (i + 1), f = probability that an individual survives and does not 

permanently emigrate the sample population, p* = e encounter probability conditional on 

survival and being available in the sampling population for encounter. Temporary emigration, ɣ, 

can be further decomposed into two components ɣ’ and ɣ”. ɣ’ = probability of a surviving 

individual being unavailable during a primary sampling event (i) given that it was not available 

during the previous primary sampling event (i – 1). ɣ”  = probability of a surviving individual 

being unavailable during a primary sampling event (i) given that it was available during the 

previous primary sampling event (i – 1). Apparent survival φ = product of s and f. Apparent 

encounter probability p = product of (1- ɣ) and p*. Together, these lower level parameters 

compose S which is simply the product of φ, p, and ɣ.  
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Figure 2. Model averaged estimates (±SE) of true survival (S), permanent emigration (ψ), 

apparent survival (φ), and temporary emigration (ɣ’ and ɣ”) for the 2012 cohort of brook, brown, 

and rainbow trout on the Carmans River, New York in 2012 and 2013. Estimates of S and ψ are 

from multistate models that incorporate a non-emigration state (i.e., fish remains within 

antennae) and permanent emigration state (i.e., fish leaves antenna array). Estimates of φ, ɣ’, and 

ɣ” are from robust design models where “open” primary samples were conducted by 

electrofishing reaches within antenna arrays and secondary samples are “closed” by the pit tag 

antennae.  
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Figure 3. Model averaged species model estimates (±SE) of true survival (S), permanent 

emigration (ψ), apparent survival (φ), and temporary emigration (ɣ’ and ɣ”) for the 2012 cohort 

of brook, brown, and rainbow trout on the Carmans River, New York. Estimates of S and ψ are 

from multistate models that incorporate a reach (non-emigration) state (i.e., fish remains within 

antennae) and permanent emigration state (i.e., fish leaves antenna array). Estimates of φ, ɣ’, and 

ɣ” are from robust design models where “open” primary samples were conducted by 

electrofishing reaches within antenna arrays and secondary samples are “closed” by pit tag 

antennae array.
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Figure 4. Seasonal true survival probabilities (±SE) estimated from top multistate model (solid 

line) and mean seasonal stream temperature (C) (dashed line) on secondary axis.  
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Figure 5. Contour plot illustrating the relationship between discharge, temperature, and 

permanent emigration ψ, temporary emigration ɣ, and true survival (S) parameters. Lighter 

colors represent lower probabilities and darker colors represent higher probabilities. 
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Figure 6. Map of study area with antennae locations. Study reach was a 5.8km length of the 

Carmans River between antennae A1 and A7.  
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CHAPTER 4: SUPPLEMENTAL FISH STOCKING ALTERS ECOSYSTEM NUTRIENT 

CYCLING 

Abstract 

We quantified the influence of supplemental nonnative fish stocking, a widespread 

recreational fishery management practice, on instream nutrient storage and cycling. We predicted 

that supplemental, hatchery-raised brown trout (Salmo trutta) stocking would result in increased 

N and P supply relative to instream biotic demand for those nutrients and that stocked salmonids 

would remineralize and store a significantly greater amount of N and P than the native fish 

community, due to higher areal biomass. To test these predictions, we measured the biomass, 

nutrient (NH4
+-N and soluble reactive phosphorus (SRP)) remineralization rates, and body 

carbon (C), nitrogen (N), and phosphorus (P) content of the native fish community and stocked 

trout released into four study streams. We then estimated fish growth rates to determine 

interspecific nutrient source-sink dynamics for both stocked and native fish and measured 

ammonium and phosphorus uptake rates to determine the relative influence of net fish nutrient 

remineralization on stream nutrient cycles. When brown trout were added to these systems at 

density levels that were orders of magnitude higher than ambient native fish density, they 

provided a sizeable source of NH4
+-N that could account for up to 85% of demand for that 

nutrient. Interestingly, stocked trout had minimal effects on instream soluble reactive phosphorus 

(SRP) cycles even at high release densities, likely due to low per capita SRP excretion rates. A 

unique feature of our study was that we considered and modeled the temporal component of the 

stocked trout nutrient subsidy by estimating the number of fish removed from the system through 
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natural mortality and angler harvest. By combining population dynamics models with areal 

nutrient excretion rates and estimates of biotic nutrient uptake we showed that trout stocking 

provided a pulsed nutrient subsidy that diminished over time due to high natural mortality rates 

and removal by anglers. In addition to considering direct ecosystem impacts from nonnative fish 

stocking, managers and ecologists should consider the potential effects to ecosystem structure 

and function. 

Keywords: invasive species, fish stocking, nutrient cycling, bottom up, nitrogen, phosphorus, 

conservation, salmonids, fishery management 
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Introduction 

Freshwater ecosystems are threatened by habitat degradation and fragmentation, species 

introductions and translocations, impoundment of rivers, water quality deterioration, and 

overexploitation (Cowx & Collares-Pereira, 2002). One of the major threats to aquatic ecosystem 

conservation around the world is the introduction of fish species, both deliberate and 

unintentional. For instance, the introduction of relatively few species of exotic fish for 

recreational angling purposes has resulted in numerous extirpations of indigenous fish species 

worldwide (Cambray 2003). The impacts of introduced species are so widespread, that 

approximately one third of all endangered and threatened species in the U.S.A. are thought to be 

listed due to the action of alien species (Bright 1995). Much of the research conducted on exotic 

large predator fish introductions has focused primarily on top-down controls that regulate the 

abundance and composition of native species assemblages (Kerr and Grant 2000; Krueger and 

May 1991), yet exotic species that alter ecosystem structure and function may pose a greater, 

indirect threat since they “alter the fundamental rules of existence for all organisms in the area” 

(Vitousek 1990). 

Recent research has shown that fish play important roles in ecosystem function (Taylor et 

al. 2006; Layman et al. 2010; Capps and Flecker 2013). Through the physiological processes of 

nutrient sequestration in body tissues and nutrient remineralization via excretion and egestion, 

fishes can influence freshwater nutrient cycles which can significantly affect nutrient availability 

and primary production (Vanni 2002). Fish biomass can constitute a large ecosystem-scale pool 

of nutrients (Kraft 1992; Vanni et al. 2013) that can be a major driver of nutrient recycling in 

freshwater systems (Vanni and Findlay 1990; Schaus et al. 1997; Schindler and Eby 1997). The 

subsidy of considerable fish biomass can boost productivity in streams potentially causing 
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increased primary production and algal biomass, altered fish and invertebrate community 

composition, and impacts to riparian species through carcass decomposition, gametic deposition 

and nutrient excretion (Gende et al. 2002; Naiman et al. 2002; Schindler and Parker 2002; 

Wilson and Xenopoulos 2011; Childress and McIntyre 2014). Yet, the strength of these 

interactions is determined by the amount and ratio of elements stored in body tissue and cycled 

through fish via remineralization (Elser 2006; Capps and Flecker 2013a). Due to interspecific 

differences in nutrient ratios in diet and body tissue, species may have variable rates and 

stoichiometry of nutrients remineralized which has a bottom-up impact on ecosystem function. 

Consequently, ecological stoichiometry theory (see Sterner and Elser 2002) provides a useful 

framework for assessing impacts of introduced fishes on freshwater ecosystem function. 

Recreational fishing is a major economic driver with an overall economic impact 

estimated to range from $69-$150 billion annually in the United States of America and Europe 

(Hickley 1998). Nevertheless, billions of dollars are spent each year to introduce large, often 

exotic, predator fish into streams and lakes as part of a practice known as “stocking” to support  

recreational fisheries and enhance angling opportunities (Johnson et al. 1995). Moreover, hidden 

costs are associated with supplementing wild fish populations. For example, an estimated $5.4 

billion is spent annually to mitigate invasive fish species impacts in the USA (Pimentel et al. 

1999). Due to the environmental and ecological costs of traditional fisheries practices such as 

stocking, fisheries management is being reconsidered to include objectives such as the 

maintenance of biodiversity and ecosystem function (Eby et al. 2006). These considerations 

require a better understanding of how fishery management practices influence ecosystem 

processes and function.  

The goal of this study was to examine the influence of nonnative brown trout (Salmo 
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trutta) stocking on nutrient storage and cycling in four representative study streams in upstate 

New York. Each year nearly 500,000 kilograms of nonnative trout and salmon are stocked into 

New York streams, often at densities much higher than sympatric native fish densities in 

recipient ecosystems. These higher fish densities translate to greater salmonid biomass per m2, 

which we predicted would result in increased N and P supply relative to instream biotic demand 

for those nutrients. Furthermore, we predicted that stocked salmonids would remineralize and 

store a significantly greater amount of N and P than the native fish community, due to higher 

areal biomass. To test these predictions, we first estimated the biomass, nutrient (NH4
+-N and 

soluble reactive phosphorus (SRP)) remineralization rates, and body carbon (C), nitrogen (N), 

and phosphorus (P) content of the native fish community and stocked trout released into four 

study streams. We also estimated fish growth rates to determine interspecific nutrient source-sink 

dynamics for both stocked and native fish. Finally, we measured instream ammonium and 

phosphorus uptake rates to determine the relative influence of fish nutrient remineralization on 

stream nutrient cycles. Our findings reveal that supplemental fish stocking can affect stream 

ecosystem function through alteration of instream nutrient cycles, an often underappreciated 

pathway.  

Methods 

Study streams 

For this study, we focused on four representative streams (Big, East Koy, 

Kayaderosseras, and Meads Creeks) in upstate New York that receive annual stocked trout 

(Salmo trutta) subsidies in April and May each year. Though brook trout are the native trout in 

these streams, they are often found in low densities, possibly due to habitat and water quality 
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degradation. The native fish community is primarily composed of Catastomidae, Centrarchidae, 

Cyprinidae, Percidae, Cottidae, and Ictaluridae. There are also naturalized populations of brown 

and rainbow trout referred to as “wild” trout in these streams. All trout released into the study 

streams were fin clipped by cohort from 2011 to 2013, enabling us to distinguish hatchery from 

wild fish and estimate growth rates. Angler surveys were also conducted on these streams from 

April to October 2011-2013 to estimate angler catch and harvest rates following methods 

outlined in Pollock et al. (1994). Ambient nutrient concentrations in the study reaches were 

moderate to low and mean stream discharge ranged from 344 to 976 ls-1 (Table 1). Fish sampling 

took place from April to September 2012 through 2013 and nutrients were collected monthly 

during this period.  

Biomass, apparent mortality, and angler harvest 

We modeled fish population density and stocked trout apparent mortality (i.e., mortality 

caused by natural processes, immigration, or angler harvest) rates using multiple pass depletions. 

Subsequent to stocking, electrofishing three-pass depletion population estimates (Bonar et al. 

2009) were conducted in April and May then again in July and August on three study reaches in 

each stream.  Sites selected for electrofishing were proximal to stocking locations and 

representative of the habitat within the study stream. Stocked trout densities at release were 

estimated by volume displacement within hatchery transport tanks then recounted as the mean 

number of fish per dipnet offloaded into the stream multiplied by mean hatchery trout weight (g).   

To determine “post-release” (i.e., minimum of two weeks after stocking) stocked trout 

and native fish abundance, we used three pass electrofishing, where the stream section was 

isolated during the sample using blocking seines or natural features (shallow riffles) to 
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approximate a closed population compatible with depletion estimates. A Leslie-Delury Binomial 

model was then used from three-pass depletion data to estimate abundance. Population density 

(Pd) was then calculated as 𝑃𝑑 =
�̂�

𝑎
  where, �̂� was estimated abundance and a was reach area 

(m2). We weighed captured fish to the nearest gram and the estimated mean weight for each 

taxonomic family was multiplied by population density, yielding an estimate of areal biomass (g-

1m-2). Surveys were conducted during late spring and early summer 2012-2013. 

Apparent mortality was estimated using a maximum likelihood estimation approach 

(negative log likelihood; Fournier et al. 2012). Model predictions were fit to observed values for 

fish cohort population density using a weighted residual sum of square structure with the residual 

sum of squares for the density component taking the form of: 𝑅𝑆𝑆𝑑𝑒𝑛𝑠𝑖𝑡𝑦 = ∑ (�̂�𝑐,𝑡 −𝑐,𝑡

𝐷𝑐,𝑡)2 ; where �̂�𝑐,𝑡 is the predicted density of a cohort and 𝐷𝑐,𝑡 is the observed density of that 

cohort at time t. The residual sum of squares for the harvest rate was similarly calculated, but 

was not divided by cohort, as anglers do not reliably observe whether fish are marked. This 

weighted residual sum of squares was then used to calculate the concentrated form of the 

negative log-likelihood: −𝑙𝑜𝑔𝐿𝑖𝑘𝑒𝑙𝑖ℎ𝑜𝑜𝑑 =
𝑛

2
ln 

𝑅𝑆𝑆

𝑛
 ; where n was the total number of 

observations in both fitted datasets.  

Nutrient remineralization 

Fish were captured using standard backpack electrofishing techniques (Bonar et al. 

2009). We recorded fish weight (g), and fin clip type (to distinguish wild from stocked fish) for 

each caught fish. In order to account for handling stress, we identified the initial peak in 

excretion rates due to handling stress and fasting effects, and calculated where the exponential 

decay curve flattened out (half-life) following methods outlined in Whiles et al. (2009).  Based 
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on these findings, fish were incubated in 1 to 5 liters of stream water (depending on weight) for 

approximately 30 minutes to minimize handling stress response and to avoid oxygen stress and 

waste buildup (Whiles et al. 2009). A subset of fish from each captured taxa (1- 35 fish; Table 2) 

were euthanized with MS-222 for percentage C, N, and P composition body tissue analysis. 

Excretion rates were calculated based on the difference in dissolved ammonium (NH4
+-

N) and soluble reactive phosphorus (SRP) concentrations between identical containers with and 

without fish.  Ammonium was quantified using fluorometric methods (Taylor et al. 2007). We 

determined soluble reactive phosphate (SRP) concentrations based on the reaction of the 

orthophosphate ion (PO4
-3) with ammonium molybdate and antimony potassium tartrate in an 

acid medium (Stainton et al. 1977). Excretion rates were expressed in terms of µmol nutrient 

(NH4 or SRP) per gram of fish per hour. We calculated volumetric excretion (Ev, mol nutrient per 

unit volume) as Ev = (Ea ·A · T) ⁄ V, where Ea is areal excretion rate (mol nutrient m-2 h-1), A is 

reach area (length · width, m2), T is travel time through each reach, and V is volume (length · 

cross-sectional area, m3) at a given discharge (McIntyre et al., 2008; Benstead et al. 2010). 

Expected densities were projected by multiplying the initial population of each taxa by 

the estimated apparent mortality rate. Expected densities were then combined with field 

measurements of nutrient excretion to calculate whole-reach estimates of areal nutrient excretion 

by trout in each stream over time. Areal fish mediated nutrient load was calculated as the product 

of estimated population biomass (g m-2) and excretion rates (µmol g-1hr-1).   

Growth rates for stocked trout were calculated as the mean change in weight over time 

for a given cohort. For the native fish assemblage, growth was calculated as the mean change in 

areal biomass over time. We calculated storage rates of C, N, and P as the change in the product 

of areal biomass estimates (i.e., change in mean weight (g) from time t to t + 1) and percentage 
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element in fish tissues. Percentage body elemental (C, N, and P) content was analyzed using a 

CONFLO-III Elemental Analyzer by the Cornell University Nutrient Analysis Laboratory on a 

subset of fish (Table 2) caught in May and July 2013.  We then subtracted the amount of 

nutrients produced via areal excretion from the amount of nutrients stored in fish tissues to 

determine whether taxa were operating as net sinks or net remineralizers of nutrients (Capps and 

Flecker 2013).  

Water chemistry and N uptake 

Stream water was analyzed for SRP and NH4
+-N using standard methods (Wetzel and 

Likens 2000). Uptake of N and P was measured using short term addition of NH4CL-N and 

KH2PO4-P solutions, along with NaCl as a conservative tracer, to elevate concentrations of N 

and P (Tank et al. 2008; Hall and Tank 2010). Water samples were then collected downstream of 

the injection point when concentrations reached a plateau. Using these water samples, we 

calculated N uptake length (Sw) using an exponential decay model: 𝑆𝑤 = ln 𝑁0 − 𝑘𝑥, 

where Nx was the background corrected plateau N concentration at x meters downstream of the 

injection point, N0 is the background corrected N concentration at the injection site, and k was 

the exponential decay rate (Stream Solute Workshop 1990). The decay rate was calculated by 

plotting the natural log of the N tracer/conservative tracer and the distance from the injection site 

(m) and Sw is calculated as the inverse of the decay rate (Figure 7). Uptake length is influenced 

by discharge (Hauer and Lamberti 2006), so we calculated N uptake velocity (m-1min-1) using 

the equation: 𝑉𝑓 =
𝑄𝑘

𝑤
 ; where Q is discharge (m-3min-1) and w is mean stream wetted width. 

Finally, we calculated an areal N uptake rate (U) using the equation: 𝑈 =  𝑉𝑓𝑁𝑏; where Nb is the 

background N concentration prior to release. We calculated excretion turnover distance (m) (i.e., 



92 

 

 

the distance required for excretion to turn over the ambient nutrient pool completely) by dividing 

ambient nutrient concentration by EV and multiplying by the reach length (m) for which EV was 

calculated (Benstead et al. 2010). 

Statistical Analysis 

 To test for differences between native fish influence on stream nutrient cycles and the 

influence of stocked trout, we used a mixed effects analysis of variance (ANOVA) model where 

nutrient cycling metrics (mass specific excretion rates, uptake, net remineralization, areal 

excretion) were the dependent variables, fish origin (hatchery or native) was the treatment 

variable, and family and stream were factors. We analysed the effect of taxon and fish origin on 

mass specific excretion rates using a generalized linear model. Significant differences among 

factors were followed by Tukey Honestly Significant Difference (HSD) tests. We used QQ plots 

and a Shapiro-Wilk test to visually and analytically examine, respectively, whether our sample 

came from a normally distributed population. Where data were not bivariate normal, we used 

appropriate log transformations. We tested for homogeneity of variance using a Levene’s test. 

Results were considered significant when P < 0.05. All statistical analyses were conducted in 

Program R version 2.15.2.  

Results 

Hatchery trout were stocked at areal biomass densities (220.82g Salmo trutta m-2) that 

were approximately an order of magnitude higher than the native fish assemblage (2.60g native 

fish m-2). However, the initially high areal biomass densities of hatchery trout decreased 

considerably after stocking in April and May to levels at or below that of the native fish 

assemblage (Figure 1) due to high apparent mortality (mean annual mortality rate = 0.99) and 
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angler harvest (mean harvest rate = 6.80 fish ha-1) rates. Log transformed per capita body mass 

specific NH4
+-N excretion rates were significantly lower for stocked trout than the native fish 

assemblage (p = 0.0005; F = 12.49) though there was no difference between the groups for SRP 

mass specific excretion rates (p = 0.28; F = 1.25) (Figure 2). Due to their higher areal biomass, 

mean stocked trout NH4
+-N areal excretion rates (173 µmol NH4

+-N m-2h-1) at release densities 

were significantly greater (p < 0.0001; F = 226.70) than the entire native fish assemblage 

combined (0.61 µmol NH4
+-N m-2h-1). We found a similar pattern for areal SRP excretion 

between stocked (0.04 µmol SRP m-2h-1) and native fish (0.02 µmol SRP m-2h-1) (p = 0.001; F = 

10.93), though the excretion rates were much lower relative to NH4
+-N. 

Nutrient uptake rates averaged 220 µmol NH4
+-N m-2h-1 and 13 µmol SRP m-2h-1 across 

the four study streams. Areal excretion by stocked trout at release was thus equivalent to an 

average of approximately 55% (range 39% to 85%) of the NH4
+-N demand in the four study 

streams while native fish areal excretion only made up for an average of approximately 0.5 % of 

NH4
+-N demand (Figure 3), despite slightly lower per capita nutrient excretion rates for stocked 

trout. Conversely, neither stocked trout nor native fish accounted for a major proportion of SRP 

demand in the study streams. Stocked trout SRP excretion only made up for an average of 0.3% 

of SRP demand, which was comparable to the 0.22% of SRP demand accounted for by the native 

fish assemblage excretion (Figure 3). Stocked trout significantly reduced the excretion turnover 

distance of NH4
+-N relative to native fish (p < 0.0001; F = 344.90) (Figure 3). Conversely, the 

distance required for both native and stocked trout excretion to completely turn over the ambient 

SRP pool was quite large (Figure 3), indicating that fish influence on SRP cycles was negligible. 

The influence of stocked trout nutrient excretion on stream nutrient cycles subsequent to release 

into recipient streams declined over time as biomass decreased (Figure 4) due to high mortality 
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rates combined with angler harvest.  

Both stocked and wild trout lost mass during the sampling season (Table 2). Some native 

fish families had discernible growth rates, while others showed no appreciable growth (Table 2). 

We determined net nutrient remineralization by subtracting the nutrients remineralized via 

excretion from the nutrients sequestered in fish tissues, organs, and scales through growth. At 

release densities, net stocked trout nutrient remineralization was a major NH4
+-N source (Figure 

5), though this subsidy diminished rapidly due to the decrease in biomass over time (Figure 4), 

but was not a major source of SRP (Figure 4). We found that catastomids were substantial sinks 

of NH4
+-N and SRP relative to sympatric native fish families, but overall, remineralization by the 

native fish community was not a major nutrient source or sink (Figure 4).  

Discussion 

Our results suggest that fisheries management practices such as fish stocking have 

important bottom-up implications for stream ecosystem function through mediation of instream 

nutrient cycles. The native fish assemblage had minimal effects on NH4
+-N or SRP nutrient 

cycles at natural densities. However, when nonnative fish were added to these systems at density 

levels that were orders of magnitude higher than ambient native fish density, they provided a 

sizeable source of NH4
+-N that could account for up to 85% of instream biotic demand for that 

nutrient. Interestingly, stocked trout had minimal effects on instream SRP cycles even at high 

release densities, likely due to low per capita SRP excretion rates.  

A unique feature of our study was that we considered and modeled the temporal 

component of stocked trout nutrient subsidies by estimating the number of fish removed from the 

system through apparent mortality and angler harvest. By combining population dynamics 

models with areal nutrient excretion rates and estimates of biotic nutrient uptake we showed that 
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trout stocking provided a pulsed nutrient subsidy that diminished over time due to high apparent 

mortality rates. Moreover, this study accounted for elemental storage in body tissues and growth 

rates in addition to nutrient remineralization to provide a more realistic estimate of the net 

ecosystem effects of stocked trout mediated nutrient subsidies and elucidate the nutrient source-

sink dynamics of native fish families in freshwater streams.  

Fish can represent the dominant pool of particulate nutrients when abundant (Capps and 

Flecker 2013; Vanni et al. 2013). Trout are often stocked at much higher biomass levels than 

resident fish which can alter the location, concentration, and storage duration of instream 

nutrients. Under conditions of low to moderate ambient nutrient concentrations, such as the 

streams in this study, fish nutrient recycling through remineralization is predicted to be an 

important nutrient flux (Vanni 2002; McIntyre et al. 2008). At release densities, stocked trout 

NH4
+-N remineralization in our study provided a significantly higher nutrient subsidy than the 

entire native fish community combined. This finding indicates that fisheries management 

practices which introduce nonnative predators in streams might have considerable implications 

for basal resource availability and ecosystem function, beyond the direct effects to the system 

through predation and competition that have been well documented in other studies (Flecker and 

Townsend 1994; Cambray 2003; Baxter et al. 2004).  

Nutrient concentrations in streams can vary considerably across short distances (e.g., 

Dent and Grimm 1999). In addition to providing a nutrient subsidy through remineralization, the 

practice of trout stocking can alter the spatial dynamics of nutrient cycles by creating 

biogeochemical hotspots (McIntyre et al. 2008). Following release into streams, stocked trout 

temporarily form large aggregations, before being reduced through emigration, angler harvest, 

and natural mortality (Alexiades et al. 2014 in review). These aggregations can create areas of 
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enhanced biogeochemical activity (Capps and Flecker 2013) and may temporarily displace 

native fish (Alexiades et al. 2014), further altering nutrient dynamics. Stocked trout significantly 

altered the distance required to turn over the ambient SRP and NH4
+-N pools relative to the 

native fish community, further impacting the spatial dynamics of nutrient cycles. 

Per capita areal growth and elemental composition varied considerably among taxa. 

When we combined nutrient recycling with estimates of sequestration in body tissues we saw 

that some taxa provided a net nutrient source (Cyprinidae, Ictaluridae, Percidae, Salmonidae) 

while others were nutrient sinks (Catastomidae, Centrarchidae, Cottidae). Thus, through direct 

mechanisms such as competition and predation (Kerr and Grant 2000), stocked trout 

aggregations can have further implications on stream nutrient cycles by altering the composition 

of the native species assemblage, thereby altering nutrient source-sink dynamics. For example, 

Catastomidae were the largest sink of NH4
+-N and SRP of the studied taxa, presumably due to 

their high body P content and growth rates. If large stocked trout reduced the abundance of 

Catastomidae in stocked systems through competition or predation, this biological nutrient sink 

would also be reduced, further increasing the fish mediated nutrient subsidy in the recipient 

ecosystem.  

Although we found that trout stocking can provide a substantial nutrient subsidy, it is 

important to note that we did not estimate net nutrient remineralization resulting from carcass 

decomposition, egestion, or gametic deposition (Childress and Mcintyre 2014). While the native 

fish community likely provides additional nutrient subsidies through these processes, they are 

likely not relevant for stocked trout. Few stocked trout survive long enough to spawn and there is 

minimal instream carcass decomposition due to angler harvest and high avian predation (Stiller 

2011). Thus, our model likely captures the most important processes involved in stocked trout 
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mediated nutrient dynamics.  

While trout stocking did provide a sizeable NH4
+-N subsidy initially, over time the 

subsidy decreased to levels more consistent with the native fish assemblage, consistent with the 

definition of a pulsed nutrient subsidy (Polis et al. 2004, Nowlin et al. 2008, Yang et al. 2010). 

Pulsed nutrient subsidies can have important implications for stream function, as ecosystems are 

often sustained by continuous nutrient subsidies or large magnitude nutrient pulses (Weber and 

Brown 2013). Fish mediated nutrient pulses have been linked to decreased water clarity, 

increased productivity, changes in zooplankton and macroinvertebrate densities, and spatial 

alteration of macrophyte coverage (Weber and Brown 2013; Childress et al. 2014). Thus, 

quantitative measures of system responses to consumer mediated resource pulses, such as those 

found in this study, are needed to improve understanding of nutrient fluxes and their influence on 

food web structure and ecosystem function (Yang et al. 2010). 

We initially predicted a significant stocked trout mediated subsidy of both NH4
+-N and 

SRP relative to instream demand for those nutrients. At release densities, stocked trout provided 

(up to ~85%) a substantial NH4
+-N subsidy that was orders of magnitude higher than the native 

fish community subsidy. Conversely, the stocked trout mediated SRP subsidy accounted for a 

relatively low percentage (< 1%) of biotic demand, despite being stocked at high biomass levels. 

This was likely due to the relatively low amount of SRP excreted by salmonids in this study. Of 

all taxa surveyed, salmonids had the lowest per capita SRP excretion rates (p = 0.002). This 

suggests a dietary P limitation, as nutrient availability must meet the assimilatory demands of the 

consumer, otherwise an organism is unable to sequester the limiting nutrient in adequate 

amounts, resulting in reduced excretion (McManamay et al. 2011). Moreover, SRP excretion 

were much lower for all taxa when compared to NH4
+-N excretion, constituting a minimal fish 
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mediated nutrient flux. This dichotomy between NH4
+-N and SRP excretion is not without 

precedent. For example, Moslemi et al. (2012) found that N excretion by an aquatic snail species 

(Tarebia granifera) could account for up to 16% of biotic N demand, but P excretion were not 

discernible from ambient stream water P levels. 

Management and conservation implications 

 Large, predator fish species have been introduced around the globe for the sole purpose 

of enhancing recreational fisheries (Cambray 2003). These introductions have resulted in 

subsequent loss of biodiversity and alteration of native species community structure in recipient 

systems (Flecker and Townsend 1994; Krueger and May 1991). In addition to direct impacts 

from nonnative fish introductions, recent research has shown that fish also play an important role 

in ecosystem function (Layman et al. 2010; Verspoor et al. 2010; Capps and Flecker 2013a,b).   

Fish biomass constitutes a large ecosystem-scale pool of nutrients (Nakashima and 

Leggett 1980; Kraft 1992; Vanni et al. 2013) that can be a major driver of nutrient recycling N 

and P freshwater systems (Schaus et al. 1997; Schindler and Eby 1997; Vanni 2002). These 

effects can be compounded when fish are added to systems at high biomass densities as we found 

in this study. Nevertheless, stream fishery managers and ecologists often overlook the potential 

influence of stream fish on nutrient cycles. Though recreational angling provides economic and 

societal benefits, recreational fisheries that are supported through supplemental fish stocking 

must also be considered in terms of impacts to native species and ecosystem function. 
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Table 1. Study stream characteristics.  

 

Big East Koy Kayaderosseras Meads 

NH4+-N (µg/L) 32 18 8 10 

NO3- (mg/L) 1.8 2.7 0.12 0.3 

SRP (µg/L) 28 5 3 6 

Trout stocked 2860 12376 4320 3137 

Depth (m) 0.19 0.5 0.27 0.23 

Width 7 10 12 8 

Conductivity (µS) 635 333 224 204 

% Overhead cover 49 48 51 8 

% Instream cover 29 20 13 13 

 

 

Table 2. Fish percentage C, N, and P content and estimated mean daily growth rate for the most 

common taxonomic families found in the four study streams. Sample size for growth rate 

estimation followed sample size of the randomly selected subset of captured fish used for body 

elemental content analysis in parentheses.  

Family % C % N % P 

Mean  

growth (g m -2 day-1)  

Catastomidae (38,5) 41.8 9.6 3.5* 0.0223  

Centrarchidae (33,4) 40.5 10.9 4.2 0.0003 

Cottidae (51,13) 40.2 8.4 4.0 0.0016 

Cyprinidae (203,26) 42.9 10.0 3.0 0.0001 

Ictaluridae (13,1) 41.8 9.9 3.1 0.0054 

Percidae (32,5) 40.6 9.6 3.3 0.0000 

Salmonidae (363, 35) 46.3 10.6 2.0 0.0000 

*Percent body phosphorus value for Catostomidae from Flecker and McIntyre (2010). 
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Table 3. Percentage land use coverage for the four study streams. 

Stream Agriculture Developed  Forest 

Open 

Water Wetlands 

Big 52% 6% 27% 0% 15% 

East Koy 77% 4% 9% 0% 10% 

Kayaderosseras 15% 13% 37% 3% 31% 

Meads 24% 4% 63% 2% 8% 

 

 

 

Figure 1. Estimated native and stocked fish biomass during study months averaged for 2012 and 

2013. Note that stocking took place in April and May in both years.  
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Figure 2. Boxplot of the N and P mass specific excretion rates for each taxonomic family found 

in the study streams. The middle line of the box shows the mean, the outer edges show the 25tht 

and 75th percentiles, and the whiskers represent 1.5 times the interquartile range.  
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Figure 3. N and P excretion relative to uptake (%) for native and stocked fish at release densities.  
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Figure 4. Percentage of instream NH4
+-N demand accounted for by stocked trout and native fish 

assemblage over time. Trout were stocked in April and May. 
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Figure 5. Net NH4
+-N and SRP remineralization rates by stocked hatchery trout and the native 

fish assemblage delineated by taxonomic family. Positive values indicate that taxa are acting as 

net nutrient recyclers via remineralization while negative values indicate that taxa are net 

nutrient sinks via sequestration in body tissue.   
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Appendix 

Appendix Table 1. Average native fish biomass in grams per m2.  

Family Fish biomass (g-1 m-2) 

Catastomidae 108 

Centrarchidae 7 

Cottidae 15 

Cyprinidae 72 

Escocidae 2 

Ictaluridae 2 

Percidae 2 

Salmonidae 95 

 

Appendix Table 2. Coordinates for streams in NYTME (New York Transverse Mercator Eastern 

coordinate (NAD83)) and NYTMN (Transverse Mercator Northern coordinate (NAD83)). 

Stream  NYTME NYTMN 

Big 468074 4754329 

Ekoy 238088 4726594 

Kayaderosseras 586894 4769236 

Meads 325815 4680350 
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Appendix Figure 1. Log mass specific excretion rates by family for stocked and native fish.  
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CHAPTER 5: EFFECTS OF STOCKED TROUT ON STREAM INVERTEBRATE 

COMMUNITY DENSITIES AND STRUCTURE 

Abstract 

Rainbow (Onchorynchus mykiss) and brown (Salmo trutta) trout are commonly stocked 

in streams and rivers worldwide to enhance recreational fisheries but can have adverse impacts 

on native species and ecosystem function. To assess the impacts of trout stocking on invertebrate 

community structure and taxon level density in two freshwater streams in central New York, we 

used a Before-After Control-Impact design. Taxon level responses were variable, with the 

majority of taxa showing no response within two months of stocking. Only two of the 63 taxa 

found showed a significant response to the treatment (control-impact) by time (before-after) 

interaction, both of which increased rather than decreased. We found a significant multivariate 

divergence of invertebrate community structure before and after stocking, indicating a lack of 

functional complementarity in these systems. Invertebrate communities in our study streams may 

have been more resilient to the effects of trout stocking than systems in other studies because 

they coevolved with a native salmonid predator (Salvelinus fontinalis) and a diverse piscivorous 

fish assemblage.  
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Introduction 

Since the late 1800’s, the introduction of hatchery reared salmonids into streams and 

lakes has been used to enhanced angling opportunities where natural trout populations were 

reduced, extirpated due to anthropogenic impacts, and naturally absent (Schramm and Mudrak 

1994; Epifanio and Nickum 1997; Hanisch et al. 2013). Nevertheless, stocked trout can impact 

native species communities through several mechanisms including competition, predation, and 

displacement of wild fish (Dewald and Wilzbach 1992; Kerr and Grant 2000; Zimmerman and 

Vondracek 2007a) and disruption of aquatic-terrestrial linkages (Epanchin et al. 2010). Trout 

stocking can also reduce abundance, diversity, or extirpate aquatic invertebrate species, alter 

trophic foodwebs (Flecker and Townsend 1996; Kerr and Grant 2000), and disrupt nutrient 

cycles (Schindler and Parker 2002; Eby et al. 2006).  Because stocking streams with trout 

introduces nonnative predators into numerous ecosystems and evidence of ecological impacts of 

the practice is highly variable, the effects of this management strategy continue to merit careful 

examination (Nasmith et al. 2012). 

Results from studies of ecological impacts of stocked or introduced trout in streams and 

lakes at varying spatial scales have ranged from finding little or no effect (Allan 1982; 

Zimmerman and Vondracek 2007b; Meyer et al. 2012; Hanisch et al. 2013) to observing large 

impacts on invertebrate abundances, biomass, or density (Flecker and Townsend 1994; Huryn 

1998; Nakano 1999; Baxter et al. 2004). For example, Baxter et al. (2004) showed that rainbow 

trout monopolized terrestrial invertebrates causing native fish to shift their diet to insect grazers, 

thereby increasing algal biomass. Conversely, Vondracek and Zimmerman (2007b) found that 

presence of stocked brown trout was not associated with decreased invertebrate biomass or 

density in stream enclosures. These and other contrasting results illustrate the difficulty in 

http://onlinelibrary.wiley.com/doi/10.1111/j.1365-2427.2009.02187.x/full#b10
http://onlinelibrary.wiley.com/doi/10.1111/j.1365-2427.2009.02187.x/full#b35
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detecting impacts of nonnative fish introductions on aquatic ecosystems. 

One of the major challenges to detecting natural and anthropogenic environmental 

impacts is the high level of temporal and spatial variability inherent in natural populations and 

communities (Martin et al. 2012). Many studies examining effects of trout introductions took 

place at the microhabitat scale, in artificial stream settings, or in forced sympatry and thus may 

not accurately reflect responses in a natural setting (Fausch 1998). The extent to which 

conclusions from small-scale experiments with trophically simplified food webs can be 

extrapolated to whole ecosystems is widely debated (Carpenter et al. 1985; Benton et al. 2007). 

Thus, in order to assess whether the limits of natural variation have changed due to an 

anthropogenic impact, knowledge of the natural variation of the system both before and after the 

impact at appropriate scales and in a “natural” setting is necessary, requiring the use of control 

and impacted units. 

Before-After Control-Impact (BACI) designs meet the criteria for assessing ecological 

impacts and provide a more rigorous approach than standard comparative or observational 

studies and can be conducted in natural rather than artificial settings at relevant spatial and 

temporal scales (Stewart-Oaten 1996). Due to these advantages, the BACI design is among the 

leading designs for detecting environmental impacts from anthropogenic activities and separating 

effects from natural stochastic variation (Downes et al. 2002). The primary objective of this 

study was to detect and quantify potential impacts of trout stocking on invertebrate community 

structure in two distinct watersheds in New York State, at timescales relevant to the system of 

interest, using a multivariate approach within a BACI design.  

Each year the New York State Department of Environmental Conservation (NYSDEC) 

stocks approximately 3.6 million catchable sized trout into over 10,000 km of streams in New 

http://onlinelibrary.wiley.com/doi/10.1111/j.1600-0706.2011.19764.x/full#b6
http://onlinelibrary.wiley.com/doi/10.1111/j.1600-0706.2011.19764.x/full#b1
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York State to provide a “put and take” fishery for recreational angling. Based on previous 

mortality estimates from trout population surveys conducted by the NYSDEC (unpublished 

data), we expected that stocked trout populations would experience high natural mortality (i.e., 

predation, starvation) and angler harvest rates in our study systems; therefore, potential impacts 

upon stream invertebrate communities would be restricted to monthly rather than annual 

timescales. We also predicted significant reductions to stream invertebrate abundance and 

community structure immediately after stocking with minimal effects over time as the trout 

population declined through natural mortality. To assess this, we first estimated angler harvest 

using creel surveys (i.e., sampling survey targeting recreational anglers), then tested for 

statistical interactions between time periods (before and after stocking) and treatment reaches 

(stocked versus unstocked) on the abundance (organisms m-2) and diversity of the stream 

invertebrate community. 

Materials and Methods 

Study streams 

Kayaderosseras and Big creeks are 4th order streams that receive stocked trout subsidies from the 

NYSDEC in order to improve recreational angling opportunities. The stocked segment of each 

stream receives approximately 3000-4000 brown trout in spring and early summer each year. 

Additional stream characteristics are provided in Table 1.  

 

Creel surveys and harvest rate estimation 

Beginning in April 2011, stocked trout were fin clipped prior to release in the study 

streams to allow for later identification of hatchery trout and cohort. Roving creel surveys based 
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on instantaneous angler counts and on-stream angler interviews were conducted by trained 

NYSDEC creel agents on impact study reaches to estimate harvest rate of stocked trout. Surveys 

spanned the full fishing season (April 1 – October 15) and were stratified by weekend days and 

weekdays. Using data collected from the creel surveys, angler effort (hours/acre), harvest rates, 

and catch per unit of effort were estimated using methods outlined in Pollock et al. (1994).  

Fish sampling and population dynamics model 

Subsequent to stocking (within two weeks), two electrofishing three pass depletion 

population estimates were conducted on three study reaches in each stream. In all surveys, 

electrofishing effort consisted of three passes, where the stream section sampled was isolated 

during the sample using blocking seines or natural features (shallow riffles) to approximate a 

closed population compatible with depletion estimates. A subset of 37 captured stocked and wild 

(i.e, resident, naturally reproducing) trout were kept and stomach contents were analyzed within 

two weeks of trout stocking to compare feeding habits of stocked trout relative to wild trout. 

Stomach contents were dried and weighed then dry weight was divided by fish weight (g) to 

calculate a relative dry weight. A Leslie-Delury Binomial model was then used to estimate 

abundance from three pass depletions. Surveys were conducted during late spring and early 

summer 2011-2013. Apparent mortality was estimated using a maximum likelihood estimation 

approach (negative log likelihood; Fournier et al. 2012).  

Invertebrate sampling  

To sample invertebrate assemblages, five sites were selected randomly and stratified by 

habitat type (i.e., pool vs. riffle) in each stream reach. These same sites were sampled once 

within one week of stocking and twice after stocking using Hess stream bottom samplers 
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(WILDCO, Yulee, Florida, USA) with 500µm mesh. To collect the samples, the Hess frame was 

securely place on the stream bottom and the substrate was scrubbed to dislodge organisms 

clinging to stones, which were then swept into the sampler by the stream current. In order to 

maintain consistency between samples, a five minute standard sampling time was assigned. The 

process was repeated for each of the five sites within the stream reach. Organisms were then 

transferred into pre-labeled whirlpak bags and preserved with 95% ethanol for identification in 

the lab. Contents of each sample were then washed in the lab through a 500µm sieve and spread 

on a white enamel tray for sorting. Using forceps, all macroinvertebrates were removed and 

further identified to taxonomic family and counted. Population density (Pd) was then calculated 

as 𝑃𝑑 =
�̂�

𝑠 
  where, �̂� was the estimated abundance of each family and s was the area (m2) of the 

Hess sampler opening (0.086 m2). This value was then multiplied by the number of sites per 

stream reach (n = 5) and converted to m2 for analysis.  

BACI design 

To detect and quantify potential impacts of trout stocking on stream invertebrate communities, 

we implemented a before-after control-impact (BACI) (Downes et al. 2002) on one control reach 

paired with three impacted reaches on Kayaderosseras and Big creeks. Preliminary habitat 

surveys indicated that the habitat and character of our study streams changed longitudinally 

upstream of the stocked reaches which would have confounded the response of invertebrate 

communities to trout stocking with changes in habitat. To avoid this, we used control reaches 

located directly (i.e., within 500m) upstream of the uppermost impact reach above barriers to fish 

movement which ensured that controls were representative of similar habitat as impact reaches 

and that invertebrate taxa did not differ longitudinally prior to treatment. According to our 
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apparent mortality estimates conducted on the two study streams from 2011-2013; stocked trout 

had a mean daily mortality rate of approximately 0.15, which translates to approximately 99.9% 

annual mortality. Harvest rates were low, averaging approximately 0.04 over the course of the 

fishing season (April 1-September 30). When the two sources of mortality are combined, it is 

evident that few fish survive beyond the fishing season. These estimates were confirmed 

empirically as only one stocked trout, out of approximately 10,530 released into the systems over 

the 3 year period, survived an entire year. Based on these findings, any major impacts to the 

invertebrate community would take place on a relatively shorter timescale (i.e., pulsed impact) 

than the annual sampling typically implemented in BACI studies. Therefore, our after-impact 

sampling was limited to within two months of trout stocking.  

Statistical analysis 

To detect changes in invertebrate community composition resulting from trout stocking, we used 

nonmetric multi-dimensional scaling (NMDS) ordinations on density data for the 63 invertebrate 

families captured in the two study streams. NMDS, commonly regarded as one of the most 

robust ordination method available to ecologists (Minchin 1987; Legendre and Legendre 2012), 

maps observed community dissimilarities nonlinearly onto ordination space and can handle 

nonlinear species responses of any shape. To fit NMDS models, we used the function 

“metaMDS” in package “vegan” (Oksanen et al. 2013) in Program R Version 2.15.2 (R 

Foundation for Statistical Computing, Vienna, Austria) which uses a dissimilarity matrix based 

on the “Bray-Curtis” dissimilarity calculation: 𝐵𝐶𝑖𝑗 =  
2𝐶𝑖𝑗

𝑆𝑖+𝑆𝑗
, where Cij is the sum of the lesser 

value for only those species in common between both sites, and Si and Sj are the total number of 

specimens counted at both sites (Legendre and Legendre 2012). Legendre and Legendre (2012) 
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recommend assessing stress (i.e., goodness of fit) as: 0.05 to 0.10 provides an excellent 

representation in reduced dimensions, 0.1 to 0.2 is great, 0.2 to 0.3 is marginal, and stress greater 

than 0.3 provides a poor representation.  

 Using the NMDS ordinations scores, we generated community dissimilarity convex 

polygons and class centroids to determine whether invertebrate community densities changed as 

a function of treatments. We then plotted the convex polygons which essentially enclose the 

invertebrate assemblage within the ordination space of a given factor (e.g., before vs. after 

stocking). Significance was assessed based on permutations (n = 999) using the squared 

correlation coefficient as a goodness of fit statistic. For example, if the community of a reach 

changed after stocking, the polygons should diverge in ordination space, resulting in two 

separate polygons. We then conducted a Canonical or Constrained Correspondence Analysis 

(CCA) to further summarize the patterns of invertebrate assemblage densities as a function of the 

time and treatment interaction (Legendre and Legendre 2012). The CCA analysis was conducted 

in package “vegan” (Oksanen et al. 2013) in Program R Version 2.15.2 (R Foundation for 

Statistical Computing, Vienna, Austria) 

Results 

 The NMDS ordination for invertebrate density converged at a “two axes” solution with a 

final stress level of 0.16, indicating strong representation in ordination space. This can be 

roughly interpreted as the two axes explaining approximately 84% of data variance. To further 

investigate this result, we summarized invertebrate taxa by order and conducted a post-hoc 

permutation goodness of fit test to determine which taxa significantly increased or decreased in 

density as a function of trout stocking (Figure 1). Of the taxonomic orders tested, only Diptera 

(r2= 0.32, P = 0.023) and Annelida (r2 = 0.33, P = 0.042) diverged significantly. Interestingly, the 
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abundance of both taxa actually increased after trout stocking, rather than decreased as predicted.   

Using NMDS ordinations fit to all treatment levels and interactions, we found that 

communities diverged before and after stocking (P = 0.02), but not by treatment type alone or 

interactions between factors. This finding was also supported visually when we plotted class 

centroids and convex polygons for significant factors, as evidenced by separated polygons 

(Figure 2). This divergence was driven by increasing abundances for some taxa and decreasing 

abundances for others (Table 2).  

 The total mean squared contingency coefficient (inertia) of the CCA was 0.86 and the 

inertia of the constraints was 0.26, meaning that the proportion of variation explained by the time 

and treatment interaction was approximately 31%. Finally, the relative dry weight of stomach 

contents was lower for trout of hatchery origin than wild trout (Figure 3). 

Discussion 

The impacts of trout stocking on invertebrate density in our study streams varied 

considerably among taxa. As predicted, some taxa showed decreased abundance after stocking 

treatments took place. However, the majority of taxa showed either no change or increased 

abundance following stocking. A possible mechanism leading to increased invertebrate 

abundance after stocking was the displacement of wild trout from study reaches. In these study 

streams, wild trout population density decreased following stocking, then rebounded over time as 

stocked trout populations diminished (Alexiades et al. 2014). Analysis of stomach contents of 

hatchery and wild trout indicated that wild trout may be more effective predators than stocked 

trout, as evidenced by higher relative gut content weight. Displacement of wild trout by stocked 

trout may have reduced overall predation pressure on invertebrates, resulting in increased 

abundances for many taxa.  
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 The focus of many studies has typically been on the negative consequences of trout 

stocking on native salmonid populations, whereas the direct and indirect effects on the food web 

and community structure have been less thoroughly examined. Thus perhaps the most interesting 

result of our study was the significant divergence of community structure before and after 

stocking using a multivariate approach (i.e., NMDS and non-parametric analysis of variance of 

dissimilarities). This type of response indicates a lack of functional complementarity in these 

systems (Frost et al. 1995), as the invertebrate community shifted due only to changes in density 

for a few species. Observing different responses to impacts between populations and 

communities is not without precedent, as there are numerous instances in the literature where 

substantial shifts in community or ecosystem level processes were linked to changes in the 

populations of a single species (Vitousek 1986; Carpenter and Kitchell 1996; McIntosh and 

Townsend 1996). For instance, Schindler et al. (1985) found that although zooplankton biomass 

didn’t change with acidification, community composition shifted. These results highlight the 

need to assess potential impacts at multiple scales, ranging from individuals to whole 

ecosystems, as the response of individuals or populations do not always reflect community or 

ecosystem responses.  

Trout provide one of the best examples of intentional introductions of nonnative fishes 

into freshwater streams worldwide (Flecker and Townsend 1994). The centuries-long practice of 

stocking nonnative trout in streams and rivers has been among the primary causes of decline for 

many native salmonid species (Krueger and May 1991: Dunham et al. 2004); however, the 

magnitude and severity of impacts to other native fish and invertebrate populations appears to 

vary considerably from system to system (Allan 1982; Rahel 2002; Baxter et al 2004). These 

equivocal results could stem from detection problems resulting from spatial and temporal 
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heterogeneity (Downes et al. 2002) or from the capacity of diverse systems that evolved in the 

presence a native salmonid species to mitigate impacts of invaders (Lepori et al. 2012; Benjamin 

et al. 2013; Hamisch et al. 2013). While the immediate effects of trout stocking were variable in 

these systems, the high propagule pressure of repeated stocking over time allows for 

establishment of nonnative trout communities, which was evidenced by the presence of wild 

nonnative brown trout in all stocking sites. Establishment of non-native fish species can lead to 

extinction or declines of native or endemic species (Garcia-Berthou et al. 2005; Fausch 2007; 

Chucherousset and Olden 2011) and alter ecosystem function (Capps and Flecker 2013).  

 A unique feature of our approach was to quantify the duration of stocked trout (i.e., 

estimation of mortality and angler harvest rates) in recipient streams to guide our invertebrate 

sampling design. While conducting multiple pass depletions to estimate mortality of stocked 

trout requires an extensive effort by agency staff or researchers; many agencies routinely conduct 

abundance estimation sampling of stream fish for a variety of purposes. It is therefore possible to 

use existing data to model and estimate mortality with little additional field effort. Efforts to 

estimate mortality can save resources in the longer term by reducing the duration of impact 

monitoring programs. For example, we determined that the majority (> 99.99%) of stocked trout 

did not survive an entire year, thus multiple year BACI sampling would be inappropriate for our 

study systems and unlikely to detect stocking effects. Our results confirmed that pulsed, rather 

than long term impacts, upon invertebrate densities were more pronounced immediately after 

stocking (i.e., within two weeks) by comparison with samples taken more than a month after 

stocking. This approach also minimizes the potential confounding effects of temporal 

heterogeneity that can often mask invertebrate community response to impacts. 

Obviously, a limitation with this approach is that it does not provide information on the 
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long term impacts of continued stream stocking. Still, we observed that only one taxon was 

negatively impacted and the abundances of several taxa actually increased in response to 

stocking, indicating that long term invertebrate community effects were not likely to occur. This, 

of course, does to not exclude other potential impacts to the fish assemblage, nutrient cycles, or 

native brook trout. Moreover, the high mortality rates of stocked fish in these streams calls into 

question the utility of fish stocking, irrespective of potential impacts to stream ecosystems. 

Additionally, longer term studies are necessary to determine whether repeated, pulsed impacts 

such as trout stocking constitute a biologically meaningful impact on native communities. 

 While this study did find significant reductions of one invertebrate family Psephenidae, 

abundance also increased for many taxa. This variable response is similar to other studies 

(Zimmerman and Vondracek 2007; Hamisch et al. 2013; Benjamin et al. 2013) that took place in 

streams with diverse fish communities and trophic structure that coevolved with a native 

salmonid. The most commonly reported strong negative effects of nonnative trout have been 

observed in lakes or stream systems with simplified food webs or that were historically fishless 

(Dunham et al. 2004; Eby et al. 2006). This might be due to introduced predators having 

particularly strong effects on native prey that do not recognize or respond rapidly to the invader 

(Shave et al. 1994; Nyström et al. 2001). Productive ecosystems with diverse fish and 

invertebrate assemblages that evolved in the presence of salmonids may have a natural buffer 

against the types of negative effects experienced in other systems (Hamisch et al. 2013).  

Overall, our findings indicate that invertebrates in systems with pre-existing 

insectivorous fish or native trout have increased resiliency to invasion by nonnative trout and that 

such systems might be more appropriate candidates for stocking programs. However, stocking 

nonnative trout in sympatry with native trout species can impact the native trout through several 
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mechanisms including disease transmission (Hulbert 1985), hybridization (Peacock and Kirchoff 

2004), and displacement (Shepard 2004); therefore, stocking should be limited to systems with 

reduced or extirpated native populations.   

  Most fishery resource managers are charged with the dual, often conflicting responsibility 

of providing and enhancing angling opportunities for the public while simultaneously protecting 

native species (Meyer et al. 2012). This dual mandate suggests that stocking of nonnative trout is 

likely to continue in the foreseeable future, therefore a need exists for detection and monitoring 

of potential impacts of trout stocking in recipient stream ecosystems. Approaches such as those 

utilized in this study provide a rapid, quantitative BACI assessment of potential impacts to 

invertebrate communities.  
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Table 1. Study stream characteristics.  

Characteristic Big Kayaderosseras 

Stocked trout density (ha-1) 375 327 

Mean depth (m) 0.19 0.27 

Conductivity (µS) 635 224 

Mean stream width (m) 7 11 

% Overhead cover 49 51 

% Instream cover 29 13 

Mean temperature (˚C) 18 16 

   

Table 2. Results of CCA analysis. The proportion of variation explained by the constraint (time 

and treatment interaction) was approximately 0.31.  

  Inertia Proportion 

Total 0.86 1 

Constrained 0.26 0.31 

Unconstrained 0.59 0.69 

 

Table 3. Eigenvalue, proportion variance explained, and cumulative proportion of variance 

explained by the first four CCA axes. 

  CCA1 CCA2 CCA3 CCA4 

Eigenvalue 0.1481 0.08344 0.01979 0.01259 

Proportion explained 0.5612 0.31613 0.07497 0.04769 

Cumulative proportion 0.5612 0.87733 0.95231 1 
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Figure 1. Nonmetric multidimensional scaling plot of invertebrate community densities 

summarized by taxonomic order in study streams. Vectors point in the direction of increasing (a) 

abundance of taxa and the length of a vector indicates the strength of the relationship. Only 

Diptera and Annelida showed significant divergence. 
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Figure 2. Two dimensional NMDS ordination plots comparing invertebrate community 

assemblage densities in Kayaderosseras and Big Creeks in the top panel and before and after 

stocking in the lower panel. Convex hull polygons illustrate divergence between groups that are 

significantly different based on goodness of fit permutations. Ellipse represents standard error of 

the weighted average of NMDS ordination scores.  
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Figure 3. Comparison of hatchery and wild trout mean relative dry weight of stomach contents ± 

SE.  

 

Appendix 

Appendix Table 1. Mean densities by taxonomic order for treatment and control reaches for both 

study streams. 

Stream Treatment Order Mean Densities (m2) 

Big Control  Amphipoda 2.7 

Big Treatment Amphipoda 6.7 
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Kayaderosseras Control  Amphipoda 0.0 

Kayaderosseras Treatment Amphipoda 0.0 

Big Control  Annelida 186.1 

Big Treatment Annelida 198.3 

Kayaderosseras Control  Annelida 118.7 

Kayaderosseras Treatment Annelida 170.0 

Big Control  Coleoptera 3.0 

Big Treatment Coleoptera 6.4 

Kayaderosseras Control  Coleoptera 8.4 

Kayaderosseras Treatment Coleoptera 28.7 

Big Control  Collembola 0.0 

Big Treatment Collembola 0.0 

Kayaderosseras Control  Collembola 0.0 

Kayaderosseras Treatment Collembola 5.4 

Big Control  Decapoda 0.0 

Big Treatment Decapoda 1.3 

Kayaderosseras Control  Decapoda 0.0 

Kayaderosseras Treatment Decapoda 2.7 

Big Control  Diplopoda 0.0 

Big Treatment Diplopoda 0.0 

Kayaderosseras Control  Diplopoda 0.0 

Kayaderosseras Treatment Diplopoda 0.0 

Big Control  Diptera 33.2 

Big Treatment Diptera 62.8 

Kayaderosseras Control  Diptera 84.1 

Kayaderosseras Treatment Diptera 144.5 

Big Control  Ephemeroptera 33.0 

Big Treatment Ephemeroptera 41.8 

Kayaderosseras Control  Ephemeroptera 19.2 

Kayaderosseras Treatment Ephemeroptera 45.6 

Big Control  Gastropoda 2.0 

Big Treatment Gastropoda 0.3 

Kayaderosseras Control  Gastropoda 0.0 

Kayaderosseras Treatment Gastropoda 5.5 

Big Control  Hemiptera 0.0 

Big Treatment Hemiptera 1.3 

Kayaderosseras Control  Hemiptera 0.0 

Kayaderosseras Treatment Hemiptera 0.0 

Big Control  Hymenoptera 1.3 

Big Treatment Hymenoptera 0.0 

Kayaderosseras Control  Hymenoptera 0.0 
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Kayaderosseras Treatment Hymenoptera 0.2 

Big Control  Lepidoptera 0.0 

Big Treatment Lepidoptera 0.0 

Kayaderosseras Control  Lepidoptera 0.0 

Kayaderosseras Treatment Lepidoptera 0.4 

Big Control  Megaloptera 0.0 

Big Treatment Megaloptera 0.0 

Kayaderosseras Control  Megaloptera 1.3 

Kayaderosseras Treatment Megaloptera 3.1 

Big Control  Nematode 2.7 

Big Treatment Nematode 22.9 

Kayaderosseras Control  Nematode 13.5 

Kayaderosseras Treatment Nematode 27.9 

Big Control  Odonata 0.0 

Big Treatment Odonata 0.0 

Kayaderosseras Control  Odonata 2.7 

Kayaderosseras Treatment Odonata 2.2 

Big Control  Plecoptera 2.7 

Big Treatment Plecoptera 1.1 

Kayaderosseras Control  Plecoptera 0.9 

Kayaderosseras Treatment Plecoptera 4.4 

Big Control  Trichoptera 5.0 

Big Treatment Trichoptera 2.9 

Kayaderosseras Control  Trichoptera 4.9 

Kayaderosseras Treatment Trichoptera 14.1 

    

    

Appendix Table 2. Results (t and p values) for each mixed model anova factor (treatment (trt), 

stream type (predominately agricultural vs. forested sub-watershed), and treatment*time, 

stream*time, and stream*trt interactions) by taxonomic order and for the 63 most common 

stream invertebrate families found in both study streams. T value was calculate by dividing β 

estimates from each model by standard errors. Significant (P < 0.05) models are in bold and 

marginally significant (0.05< P < 0.10) are in bold/italics. Significance codes:  ‘***’ 0.001 ‘**’ 

0.01 ‘*’ 0.05 ‘.’ 0.1. 

  Time*Treatment 

Family t p 

Acariformes -1.30 0.19 

Amphipoda 1.03 0.3 

Ancylidae -0.93 0.35 

Annelida -0.58 0.56 



138 

 

 

Athericidae -0.37 0.71 

Baetidae 0.32 0.75 

Brachycentridae -0.95 0.34 

Caenidae -0.42 0.67 

Cambaridae -0.50 0.62 

Ceratopogonidae -0.29 0.77 

Chironomidae -1.20 0.23 

Chloroperlidae -0.46 0.65 

Collembola 0.04 0.97 

Corydalidae -0.90 0.37 

Diplopoda -0.29 0.77 

Dolichopodidae -0.48 0.63 

Dytiscidae -0.29 0.77 

Elmidae -1.44 0.15 

Empididae -1.59 0.11 

Ephemerellidae -2.19 0.03* 

Formicidae -0.16 0.88 

Gerridae -0.42 0.67 

Glossosomatidae -0.66 0.51 

Goeridae -0.21 0.83 

Gomphidae -0.43 0.67 

Helicopsychidae 0.10 0.92 

Heptageniidae -1.33 0.18 

Hydrophilidae -0.29 0.77 

Hydropsychidae -0.10 0.92 

Hydroptilidae -0.72 0.47 

Isonychiidae -0.34 0.73 

Lepidostomatidae -0.10 0.92 

Leptoceridae -0.63 0.53 

Leptophlebiidae 0.91 0.36 

Leptophyidae -0.51 0.61 

Leuctridae 0.81 0.42 

Limnephilidae -0.62 0.54 

Lymnaeidae -0.29 0.77 

Muscidae -0.29 0.77 

Nemouridae -0.15 0.88 

Odontoceridae -0.29 0.77 

Perlidae 0.43 0.67 

Perlodidae -0.73 0.47 

Philopotamidae 0.25 0.8 

Philopotamidae -0.42 0.67 

Physidae 0.99 0.32 
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Planorbidae -0.29 0.77 

Polycentropodidae 0.41 0.69 

Psephenidae -1.71 0.09. 

Psychodidae -0.42 0.67 

Psychomiidae -1.51 0.13 

Ptilodactylidae -0.48 0.63 

Ptychopteridae -0.16 0.88 

Rhyacophilidae -1.30 0.19 

Siadidae -0.42 0.67 

Simuliidae 0.32 0.75 

Sphaeriidae 0.51 0.61 

Tanyderidae -0.87 0.38 

Terrestrial -0.29 0.77 

Tipulidae -1.79 0.07. 

Tortricidae -0.16 0.88 

Uenoidae -0.16 0.88 

Veliidae -0.16 0.88 

Totals -0.58 0.56 
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Appendix Figure 1. Stocked trout and native fish biomass over time averaged for the two study 

streams. 
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Appendix Figure 2. CCA plot showing divergence of invertebrate community before and after 

stocking as a function of treatment.  

 


