
 
 

  A REVEW OF INVASION ECOLOGY AND ARGUMENT FOR USING TRAIT-
BASED APPROACHES TO EXPLAIN MECHANISMS OF INVASION IMPACTS 

 

 

 

 

 

 

 

 

 

 

 

A Thesis 

Presented to the Faculty of the Graduate School 

of Cornell University 

in Partial Fulfillment of the Requirements for the Degree of 

Master of Science 

 

 

 

by 

Jeremy Aaron Dietrich 

August 2015 

 

 

 



 

 

 

 

 

 

 

 

 

 

 

 

© Jeremy Aaron Dietrich 2015 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 



 

 

ABSTRACT 

The establishment and range expansion of non-indigenous invasive species is occurring 

at an increasingly rapid pace.  Extensive work has already been done to assess the impacts of 

invaders on local biota.  However, results of these tests are often contradictory -particularly when 

examining origin effects - in large part due to the dominance of short-term work comparing 

invaders to phylogenetically unrelated native species or testing only pairs of species.  Studies 

testing for origin effects along invasion gradients, using phylogenetic controls are lacking.  

Accumulating evidence suggests that variation in detritus chemistry has a large effect on 

organismal performance and food web dynamics in both terrestrial and aquatic systems.  By 

affecting microbial productivity, detritus quality should ultimately affect the performance of 

higher trophic levels.  We  used a mesocosm experiment conducted over 18 months to test 

effects of origin, invasion, and litter diversity using four phylogenetically paired plant invaders 

over a broad invasion gradient on an aquatic invertebrate community.  We used tissue chemistry 

traits to assess potential mechanistic explanations for aquatic invertebrate community 

performance among treatments.  We found no effect of plant origin, invasion level, or litter 

diversity on invertebrate communities, questioning the utility of origin for predicting ecological 

outcomes.  We found invasion level and plant phylogeny affected aquatic invertebrate 

abundance.  We found a consistent response across all invertebrate taxa to changes in litter 

community weighted means %-phosphorus, %-nitrogen, P:N ratio, and C:N ratio, suggesting 

tissue chemistry traits offer clear mechanistic signals, allowing predictable functional responses 

to plant invasions across different feeding guilds of consumers.  By investigating impacts using 

trait-based instead of taxon-based frameworks, we may gain considerable power in predicting 

ecosystem effects of species invasions. 
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CHAPTER ONE 
 

A REVEW OF INVASION ECOLOGY AND ARGUMENT FOR USING TRAIT-

BASED APPROACHES TO EXPLAIN MECHANISMS OF INVASION IMPACTS 

 

General Introduction 

Biological introductions have been a component of ecological study since the 18th 

century. Classifications of organisms based on origin began in the 19th century with Charles 

Darwin and others (Simberloff 2013).  The latter half of the 20th century and early parts of the 

21st century, beginning with Charles Elton’s seminal publication The Ecology of Invasions by 

Animals and Plants (Elton 1958), has witnessed an increase in attention to biological 

introductions and invasions within scientific study, public opinion, and governmental policy.  

During the 1980’s, the Scientific Committee on the Problems of the Environment  program on 

biological invasions sought to address fundamental questions regarding which species are likely 

to invade, which habitats are susceptible to invasion, and how invasions can be best managed 

(Drake et al. 1989).  The Global Invasive Species Programme, founded in 1997, sought to 

conserve biodiversity and sustain human livelihoods by minimizing the spread and impact of 

invasive non-native species (Mooney 1999).  The past decade has seen considerable activity, 

improving generalizations, profiling invaders and invader systems, and developing new 

approaches (Weber 2003, Richardson and Pysek 2006).  This has contributed to the 

accumulation of understanding how biological introductions occur and how introduced species 

behave and interact in their new environments, but also caused the need to further explore 

mechanistic relationships that may allow greater predictive power in managing future 

introductions.  
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Before any substantive discussion on the subject of invasion biology can occur, it is 

necessary to establish consistent terminology, as the usage of terms often varies between 

scientists, policy makers, resource managers, and the public.  Origin refers to the status of a 

species based on knowledge about its evolutionary history.  A species is considered native to a 

location or region if it evolved there or arrived there by its own means, absent human assistance 

(Simberloff 2013).  Copp et al (2005) defines ‘native’ to be a taxon (species, subspecies, race or 

variety) that “occurs naturally in a geographical area, with dispersal occurring independent of 

human intervention” (Copp et al. 2005).  Other terms commonly used to indicate native origin 

are ‘indigenous’ and ‘endemic’.  Species present in a region or location that do not fit these 

nativity definitions have been referred to as alien, exotic, non-native, non-indigenous, or 

introduced.  Manchester and Bullock (2000) refers to a non-native species as “a species or race 

that does not occur naturally in an area, it has not previously occurred there, or its dispersal into 

the area has been mediated by humans” (Manchester and Bullock 2000).  Assigning species’ 

origin as native or introduced may become difficult if detailed history of distribution and how 

distribution was influenced by past human activities is lacking (Thomas and Ohlemueller 2010).  

In the cases where a species status is unclear, it can be designated as cryptogenic, although with 

recent technologies in genetic sequencing the reconstruction of a species history is becoming 

easier. 

Much of the discussion that encompasses species origin, inherently includes the term 

natural, such as ‘naturally found’, ‘naturally dispersed’, or ‘natural means’.  Merriam-Webster’s 

dictionary defines “natural” as (i) “existing in nature and not made or caused by people”, or (ii) 

“usual or expected”.  Creating a distinction between what ‘exists in nature’ and ‘caused by 

humans’ is spurious.  The notion that there is a single, unambiguous division between nature and 
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humans does not bear much philosophical scrutiny (D. Hare, personal communication).  

Consider a burr seed dispersed in the following examples: (1) hitched on deer hair, (2) hitched on 

sheep’s wool, and those sheep herded by humans, and (3) hitched on human clothing.  While the 

level of direct human involvement increases across these examples, the dispersal mechanism of 

the species (external attachment) remains consistent. 

This highlights a contradiction illustrated in definition (i), where the seed dispersal 

mechanism existed in nature yet transport by humans somehow negates its ‘natural’ arrival to a 

new site.  The latter definition (ii) highlights ‘natural ‘as a subjective definition based on 

perceptions and assigned notions.  The perceptions of expected outcomes of a given ecological 

event often rest within a normal distribution of likely outcomes, based on past experiences or 

observations.  Observing the distribution of species at a static point in time establishes a 

subjective baseline that suggests any occurrence outside of such boundaries as ‘unnatural’.  

However, something unusual does not explicitly categorize an event as unnatural.  Humans 

themselves are part of the natural world, and have constant direct and indirect effects on non-

human processes. 

Despite the ability to quantitatively assign a species arrival date, difficulties still arise 

with a static definition of species origin.  Species distributions are perpetually dynamic and 

dispersal vectors are constantly redefining species’ distribution boundaries depending on spatial 

and temporal scales.  Human assignment of an origin designation is largely a context of what 

was observed at an arbitrary point, or baseline, in time.  Paleolithic megafauna were present and 

died out in North America many tens of thousands of years ago, yet most people would consider 

cheetahs, camels, and elephants ‘introduced’ species if they were re-established there today.   
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Even the definition of human nativity is a profound one.  Humans clearly arose as a 

species in Africa, yet colonized the remaining continents by their own physical means.  

According to the definitions above, humans then are inherently native to each continent, yet 

humans are often placed outside of natural contexts.  Species that humans find useful or 

attractive, and transported for food or aesthetic purposes are simply using their own evolved 

dispersal strategy effectively or gaining a new strategy due to a novel species interaction.  For 

instance, consider a species where the primary dispersal mechanism absent human presence is 

ungulate seed ingestion.  If that species also has a showy flower attractive to humans, which 

promotes dispersal by human transplant (i.e. humans like to look at it in their garden) then a new 

dispersal strategy by the plant has evolved through a unique species interaction.  Whether 

successful dispersal, from the species perspective, is human induced or ungulate dispersed is 

irrelevant. 

The designation of an introduced species on the landscape requires some further 

definition.  Introduced species that persist in their new environment, but at a benign or 

background level, are generally referred to as ‘naturalized’, whereas species that rapidly expand 

their distribution and dominate local landscapes are considered ‘invasive’.  The International 

Union for the Conservation of Nature (IUCN) defines naturalized as “a non-native species or 

race that, following escape or release, has become established in the wild in self-maintaining 

populations.”  Pysek et al. (2004) defines naturalized species to include “those aliens that form 

self-replacing populations without the direct intervention by people” (Pysek et al. 2004).  

Introduced invasive species can be categorized as occurrences when organisms are transported to 

new and distant ranges by human intervention where they and their descendants establish, 

spread, and persist to the detriment of the environment (Elton 1958, Mack et al. 2000).  The 
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definition under the U.S. National Invasive Species Management Plan (NISMP) states invasive 

species are those that “are not native to the ecosystem under consideration and that cause or are 

likely to cause economic or environmental harm or harm to human, animal, or plant health” 

(Beck et al. 2008). 

There is a great deal of subjectivity to the term invasive, particularly in regard to human 

perceptions and values.  For instance, Beck et al. (2008) continues to elaborate that domestic 

animals and agricultural crops are not, for the purposes of the NISMP, ‘invasive species’ because 

the benefits to humans (i.e. food supply and economic return) outweigh the negative impacts (i.e. 

environmental perturbation).  Although ‘invasive’ can be a tendency of any species regardless of 

origin, the term ‘invasive species’ is almost uniformly used in reference to an introduced species, 

rarely a native one.  Some considerations of ‘native-invaders’-native species with invasive 

tendencies, have been proposed, for example:  Juniperus occidentalis in the American southwest 

(Burkhardt and Tisdale 1976), and Dennstaedtia punctilobula in hardwood forests of eastern 

North America (Cretaz and Kelty 1999).  The habit of only labeling introduced plants as invaders 

is an incorrect one since ‘invasiveness’ is a fundamentally demographic outcome where a species 

increases from rarity to abundance or dominance regardless of origin.  The parameters necessary 

to influence the rate of increase:  initial population size, intrinsic grown rate, and immigration 

rate, are collectively limited by exploitation competition, interference competition, natural 

enemy pressure, and mutualistic associations (Crawley 1986).  Although origin may influence 

one or more of these model parameters it is not one of them, therefore it should not be 

categorically assumed that all introduced species may become invaders or that no native species 

will ever be. 
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Another approach to defining species as introduced or invasive is the cluster concept, 

where it requires multiple traits to be applied before a definition can be assigned.  Woods and 

Moriarty (2001) proposed such an approach for defining species origin based on five 

characteristics: human introduction, locality of original evolution, historical range, 

environmental harm, and local community inclusion (Woods and Moriarty 2001).  Under this 

approach, a species would be categorized as introduced in a region if:  it is introduced by 

humans, did not locally evolve there, the new region was not part of its historic range, it has 

degrading environmental effects, and it is not an integrated member of the local community, 

where mutual dependencies are lacking.  Although this approach allows for greater specificity of 

what constitutes an introduced versus native species, it can offer increasing uncertainty as well.  

What if only three of the five traits are in the affirmative, how is a species defined?  What is the 

default definition?  Should we consider a species native unless proven otherwise, or the reverse?  

Once as species becomes increasingly integrated into the local ecology over time, does its value 

increase?  

These are very important and profound questions.  There is no single conclusive 

definition of origin, and any attempt to do so inherently provides opportunity for some species 

somewhere to present itself as a caveat.  However, simply for the purposes herein to set apart 

origin as it pertains to classical invasion ecology theory and to explain various hypotheses and 

processes, I will refer to species origin as native or introduced, where introduced refers to species 

transported by humans.  The term invasive species, or invader, will refer to a species that 

exhibits rapid population increase regardless of origin. 

Species distributions are constantly in flux, changing across landscapes as they respond 

to resource availabilities, climate limitations, and biological interactions, and geologic factors 
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(Elton 1958, MacArthur 1972, Lawton et al. 1994, Mack et al. 2000, Williams et al. 2004).  A 

species range is a composition of many localized populations connected by dispersal events 

(Holt 2003).  Range margins of species can be confined by abiotic factors (temperature, 

moisture), biotic factors (competition, predation), physical barriers (oceans, mountain ranges), 

and dispersal ability (morphological limitations) (Brown and Lomolino 1998).  Range expansion 

occurs when individuals disperse and are able to occupy space outside of existing boundaries.  

The ability to occupy new spaces may result from environmental changes such as climate shift 

(Thomas et al. 2001) or local adaptation of species’ traits through mutation or selection that 

increases the ability to occupy additional habitat (MacArthur 1972, Kirkpatrick and Barton 1997, 

Davis and Shaw 2001).  The probability of dispersal success has to be high enough that sufficient 

numbers of individuals disperse in similar manners to establishment a viable population (Turchin 

1998).  Dispersal events that establish individuals, but not populations, outside their traditional 

range are merely occurrences of happenstance or transience. 

The vector that separates classic definitions of range expansion and biological invasion is 

human assistance.  Human aided transport provides individuals the ability to arrive at a location 

otherwise inaccessible or where the probability of dispersal is so small that the establishment of a 

viable population is biologically nearly impossible.  Ancient human migration fostered the 

spread of plants and animals (Di Castri 1989).  European colonization resulted in the successful 

introduction of many species of plants, animals, and infectious pathogens along travel routes 

(Crosby 1972, Magee, D. and H.E. Ahles 1999).  Through the Industrial Revolution (1850s), and 

largely continuing today, the ornamental plant trade became the primary means of plant species 

introductions (Mack and Erneberg 2002) and the pet trade and stocking/release for sporting 

purposes resulted in many animal introductions (Keller and Lodge 2007).  Many species 
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historically offered for sale became introduced and subsequently established in their recipient 

environment (Mack 1991).  The pace and means of anthropogenic transport was relatively slow 

and limited during colonial times compared to today’s globalized commercial activity (Lodge et 

al. 2006, Ruiz et al. 2006).  The volume of international trade of goods being shipped and 

transported, as well as the diversity of commercial trading-partners has increased dramatically 

(UNCTAD 2007).  This new trade activity increases propagule pressure and the likelihood that 

transported species may encounter suitable arrival sites (Jenkins and Mooney 2006, Hellmann et 

al. 2008). 

Scientists have attempted to predict how many introduced species may become invasive 

based on the potential pool of all transported species, in order to guide policy decisions, 

management strategies, and develop preventative measures.  In order to document the arrival of 

an introduced species, it must be recognized on the landscape.  It is impossible to say how many 

species arrived and went extinct before ever being noticed.  The ‘Tens Rule’ developed by 

Williamson and Brown (1986) attempted to probabilistically predict that proportion between 

transported species and invasive ones (Williamson and Brown 1986).  The rule predicts 10% of 

transported species successfully colonize, 10% of colonists successfully establish, and 10% of 

established species become invasive; thus concluding roughly 1% of introduced species ever 

become invasive.  Although there is a wide estimated range to the Tens Rule (5-20%) as well as 

exceptions and caveats (Williamson 2000), it offers a generalization that can be compared to real 

data (Weber 1997, Randall 2002).  Alternatively, Rapoport (1991) suggested a minimum of 10% 

of the world’s vascular plants are potentially invasive (Rapoport 1991).   

Where some actual calculations have been attempted from observed data, propagule 

pressure was shown to influence establishment rates, often making discrete estimates unreliable.  
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While studying establishment rates of biocontrol insects in Canada, Beirne (1975) found a 78% 

establishment rate with 31,200 individuals introduced, a 40% establishment rate with 5,000-

31,200 individuals introduced, and a 10% establishment rate with less than 5,0000 individuals 

introduced (Beirne 1975).  Studies on New Zealand bird introductions have also found 

establishment is a function of numbers introduced, but thresholds may differ for different taxa:  

0% establishment when less than 10 individuals were introduced, 30% with 11-100 individuals 

introduced, and 83% with greater than 100 individuals introduced (Veltman et al. 1996, Duncan 

1997).  Although these empirical examples offer some insight into the proportion of species that 

establish, it is impractical (if not impossible) to apply these to all possible introduction scenarios, 

however the general consensus is that it is a definite minority.  The reasoning for such a high 

failure rate is that introduced species must overcome numerous consecutive geographic and 

ecological barriers before becoming established (Williamson 1996). 

Stages of Invasion 

Invasion involves five stages:  transport, colonization, establishment, spread, and impact 

(Vermeij 1996, Williamson and Fitter 1996, Mack et al. 2000, Catford et al. 2009).  Transport 

involves the intentional or unintentional movement of a species across major biogeographic 

barriers to a new region (Theoharides and Dukes 2007).  Transport mechanisms can be divided 

into three sub-categories that further define each role in transport success:  causes, vectors, and 

routes/corridors (Carlton and Ruiz 2005).  Cause refers to the human desire or motivation for 

introducing a species.  Vector refers to the physical means or agents by which propagules are 

transported.  Human vectors are unique in that humans have devised mechanical means of long 

distance transport that overcome the morphological limitations of many species.  Human-vectors 

can be mechanical devices-ships, planes, automobiles, human guided animals-such as cattle and 
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horses, and humans themselves-through footwear and clothing.  Non-human vectors include 

waterfowl (i.e. vegetative fragments caught in a bird’s foot), fish (i.e. mussel glochidia attached 

to gill rakers), and ungulates (i.e. seeds passing through their digestive tract and being defecated 

elsewhere).  Vectors transport individuals and propagules regardless of intent.  Corridors are the 

paths and routes over which a species is transferred.  The routes across which species may travel 

from their native range to their introduced range are expanding as shipping volume has increased 

and international trading barriers have eroded (Perrings et al. 2002, Work et al. 2005, 

McCullough et al. 2006, UNCTAD 2007).  Species that are widespread may have a greater 

chance of being transported because they are more likely to come into human contact (Cadotte et 

al. 2006).  Survival during transport is not guaranteed, and the favorability or lethality of any 

given cause-vector-corridor combination depends on species, life stage, and number of 

propagules being transported (Kruger et al. 1986, Mack et al. 2000). 

Successful transport can lead to colonization, and potentially establishment.  Climate sets 

broad limits to species distributions and productivity, and colonization requires fundamental 

abiotic conditions to be favorable, such as temperature, moisture, soil conditions, or salinity in 

the case of aquatic organisms (Sakai et al. 2001).  Lack of preadaptation to existing abiotic 

conditions at the arrival site, environmental stochasticity, and biotic pressures: competition, 

predation, and disease, all can cause colonization failure (Newsome and Noble 1986, Lodge 

1993).  The horticulture industry often applies ‘climate-matching’ compatibilities (identifying 

regions where a commercial species has high chance of cultivation success and survival) and this 

greatly increases the likelihood of successful colonization because most of the abiotic filters to 

colonization have been preempted (Mack and Lonsdale 2001).  High disturbance frequency 

increases colonization success by opening up resources for the arriving individuals (Davis et al. 
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2000).  If initial filters to colonization are overcome, the arriving invaders must then produce 

successful offspring in order to establish a local population. 

Establishment success has been found to increase if the introduced species possess 

competitive or evolutionary advantages.  Certain traits have been found to promote successful 

establishment and initial population expansion including fast growth rates, rapid maturation, 

smaller body size, high fecundity, and non-specialized means of reproduction (Crawley 1986, 

Lawton and Brown 1986, Rejmanek and Richardson 1996).  Establishment occurs across longer 

temporal scales than colonization, owing to the fact that species require time to produce 

successive generations.  The greater the amount of time that passes before a self-sustaining 

population arises also leads to greater chances of failure due to stochastic events occurring while 

the species is present in its new habitat (Theoharides and Dukes 2007).  Release of natural 

enemies, favorable resource acquisition strategies, ability to reduce competition from native 

species, phenotypic plasticity, and ability for rapid evolution are some of the factors crediting 

establishment success (Thompson 1998, Callaway and Ridenour 2004, Zhao et al. 2013). 

Following establishment, the invading population must spread throughout the regional 

community.  Landscape scale spread incorporates all of the previous three stages of invasion, and 

can be considered a series of further establishment events that involve populations colonizing 

new territory in their new region.  Often, a lag phase is observed between the establishment and 

spread stages.  The lag phase is described as a period during which initial populations of 

established species reach a threshold size large enough to allow spread and locally adapt to novel 

site conditions (Barney 2006).  The longer an introduced species is present in its new range, the 

greater the size of the propagule bank and probability of dispersal that allows the founding and 

establishment of new populations (Rejmanek et al. 2005).  Successful spread may occur through 



 

12 
 

radial expansion of the existing population, by establishing new populations through long-

distance dispersal, and human/animal interventions or both (Davis and Thompson 2000, Levine 

2000, Sakai et al. 2001).  Species traits such as flowering period, seed size, and dispersal mode 

have been shown to positively affect spread (Lloret et al. 2005).  The rate of spread depends on 

landscape heterogeneity, connectivity of viable habitat patches, and dispersal vectors 

(Richardson et al. 2000, Hellmann et al. 2008).  Fragmentation of landscapes may facilitate 

spread due to reduced patch size, edge effects, and increasing invasion corridors (With 2002, 

Ohlemuller et al. 2006).  Connectivity influences the success of spread by affecting gene flow 

among invader populations, influencing their ability to adapt to locally novel conditions within 

their new region.  High connectivity promotes gene flow increasing an invader species’ ability to 

adapt to locally novel conditions and reduces Allee effects which may cause new populations to 

fail (Taylor and Hastings 2005, Hastings et al. 2005).  Dispersal vectors influence the spatial 

expansion of spread for plants, which is highly variable depending on the dispersal mechanism, 

and may range from 2-370 m yr-1 (Pysek and Hulme 2005).  Timing is relative to human 

perception, and species that spread rapidly are perceived to be more invasive and impose greater 

impact than slower spreading species, although such slower ‘naturalized’ species may simply be 

reflecting their lag period. 

To be considered invasive, introduced species must have a demonstrated or perceived 

impact that can be defined ecologically or anthropogenically.  Reduction of biodiversity, 

alteration of ecosystem processes, economic costs, and harm to humans are documented impacts 

of invasive species.  Introduced Phragmites australis has displaced populations of the native 

Phragmites genotype and reduced biodiversity in associated wetland environments (Saltonstall 

2002).  However, the scale at which biodiversity is measured influences the perception of 
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impact, since invasive species may reduce biodiversity at small neighborhood scales but increase 

it at regional scales (Smith and Shurin 2006).  Invaders Tamarix ramosissima and Myrica faya 

have been shown to alter hydrological and nutrient cycles within their introduced range 

(Vitousek 1990, Sala et al. 1996).  Direct and indirect economic costs to humans due to invasive 

species effects on forestry and agriculture losses, reduced recreational opportunities, interrupted 

ecosystems services, and direct prevention and control efforts can be substantial, with annual 

estimates as high as $128 billion in the United States (Pimentel et al. 2005) and $14.5 billion in 

China (Xu et al. 2006).  Invasions of Heracleum mantegazzianum (giant hogweed) pose human 

health risks, especially to naïve recreationists, due to the phytotoxicity of its sap (Page et al. 

2006).  Impacts vary considerably depending on location and species interactions.  We know 

little about the dynamics of impacts over longer temporal scales (Strayer et al. 2006), but recent 

work suggest local biotic interactions, such as negative soil-feedback loops, may stabilize or 

reverse initial ecological impacts over time (Dostal et al. 2013). 

Human perceptions on what is considered an impact versus ‘normal’ or ‘desired’ may 

change over time.  Impact or risk perceptions are based on cultural backgrounds, personal values, 

and fundamental beliefs (Kahan and Bramah 2006, Slimak and Dietz 2006).  Furthermore, 

through which value judgments a species is primarily assigned influences perception of impact 

(Estevez et al. 2015) whether they are utilitarian, moralistic, humanistic, and/or aesthetic values.  

For instance, the historic introduction and stocking of rainbow trout (Oncorhynchus mykiss) into 

watersheds on the eastern slope of the Rocky Mountains, where they were not native, was not 

perceived as having a deleterious impact, but rather just the opposite, as having a beneficial 

impact on the fishery as viewed through the utilitarian values of early biologists or anglers and 

not considered an ‘invasive species’.  Today however, the rainbow trout is considered by some to 
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be an invasive species due to its ability to hybridize with native cutthroat trout (Oncorhynchus 

clarkii), thus reducing genetic purity and threatening the longevity of regional populations 

(Muhlfeld et al. 2009).  This desire to prevent extinction of locally pure cutthroat trout, has 

prompted some US states like Montana to change take regulations that allow generous limits on 

rainbow trout while limiting or banning the take of cutthroat trout.  This example represents how 

the perception of impact of a single species can change dramatically based on contemporary risk 

perception.  The empirical impact of rainbow trout:  cutthroat trout population decline, has 

existed continuously since stocking began, but the perceived impact only manifested itself when 

we developed genetic sequencing technology sufficient enough to identify unique strains of 

cutthroat trout and surveys showed numerous populations were in serious decline due to 

hybridization with rainbow trout. 

 

Hypotheses Predicting Invasion Success 

Many hypotheses have attempted to explain the causes for successful invasions. It is 

proposed that certain species traits, ecosystem characteristics of the recipient environment, and 

biotic interactions all contribute to the success of invading species (Ehrlich 1986, Rejmanek and 

Richardson 1996). 

Enemy Release 

The enemy release hypothesis (ERH) predicts that invading species find their novel 

environment lacking in natural enemies, particularly specialist enemies that were otherwise 

encountered in their native range. The absence of, or reduction in, natural enemy pressure gives 

them a competitive advantage by reducing top-down regulation (Elton 1958, Keane and Crawley 

2002, Torchin et al. 2003).  Since invaders will invariably pick up new pathogens and generalist 



 

15 
 

herbivores in their new range, the net extent of enemy release is a measured difference between 

the loss of enemies from the native range and the accumulation of enemies in the new range.  

Studies testing ERH generally fall into two categories:  (1) biogeographical studies comparing 

enemy pressure on native and introduced populations of the same species, and (2) community 

studies comparing enemy pressure among introduced populations and locally native species. 

The general trends observed from biogeographical studies demonstrate support for ERH.  

Observed herbivore damage on the neo-tropical shrub Clidemia hirta was five times greater in 

the native range (Costa Rica) than in the introduced range (Hawaii) (DeWalt et al. 2004).  Enemy 

attack on Silene latifolia, within native European populations was significantly higher than 

within introduced North American populations (Wolfe 2002).  Soil biota inhibit seedling 

performance of Prunus serotina in its native North American range, but not in its introduced 

European range (Reinhart et al. 2003).  Mitchell et al. (2003) found broad support for ERH while 

examining enemy incidence on 473 plant species, observing 84% fewer fungi and 24% fewer 

viruses infect plant species in their introduced range than their native range (Mitchell and Power 

2003).  One shortfall of many biogeographical studies is the examination of only one species in 

two locations.  If the release of enemies observed in these studies promotes invasion, ERH would 

be supported by community studies that illustrate the release effect on introduced species 

benefits their demography and negatively effects locally native species due to differences in 

enemy pressure. 

Support for ERH through community studies is much less convincing.  Agrawal and 

Kotanen (2003) found the reverse trend, that introduced species suffered more herbivore damage 

than native species in one study (Agrawal and Kotanen 2003), then the opposite trend in a 

subsequent study (Agrawal et al. 2005).  No support for ERH was found when comparing seed 
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pathogen effects on 15 pairs of congeneric plants within field sites in Ontario, Canada (Blaney 

and Kotanen 2001).  A review of ERH literature by Colautti et al. (2004) found 83% of 

biogeographical studies to support ERH, whereas with community studies only 30% support 

ERH, 30% contradict ERH, and 40% fail to show any trends (Colautti et al. 2004).  Proper 

testing requires demonstration of enemy population control of species in their native range, the 

lack of such control in their introduced range, and a subsequent decline of the species following 

a release of enemies in their introduced range.  Although results of successful classic biological 

control programs which release specialist enemies to regulate introduced species support 

assumptions of ERH, they cannot be used as evidence (Keane and Crawley 2002).  Biocontrol 

agents themselves are potentially released from their own natural enemies, and therefore their 

top-down control of host plants may be inflated. 

Although an ‘ideal’ test of this explicit hypothesis is financially and logistically 

implausible, even such a conclusive test would not confirm enemy release as sole constituent of 

invasiveness because a species’ invasive tendency would likely resume if this regulatory pressure 

was eliminated.  More work needs to be done to recognize the relative importance of how other 

factors such as propagule pressure and resource availability influence ERH results instead of 

continuing to seek specific confirmation of the ERH hypothesis (Hierro et al. 2005). 

Empty Niches 

The empty niche hypothesis (ENH) suggests introduced species are able to successfully 

compete for limiting resources present in their novel environment because members of the native 

community lack a representative with traits to adequately exploit such resources (MacArthur 

1972, Elton 1958, Levine and D'Antonio 1999, Davis et al. 2000).  An ‘empty niche’ within a 

local community is a relative concept since the term niche is defined by a species’ relationships 
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with other organisms in the community (Whittaker et al. 1973), and a ‘vacant niche’ could be 

defined in any number of infinite ways.  For instance, deer introduced into New Zealand did not 

newly exploit the resources in grass via grazing, they simply usurped resources that had been 

used by other species (i.e. saprobes), not necessarily other mammals.  In some cases, the 

existence of an ‘empty niche’ may be more apparent.  For instance, in Hawaii, M. faya, a 

nitrogen fixing evergreen, is observed to successfully invade nitrogen poor substrates (Vitousek 

et al. 1987), where no nitrogen-fixing representative of the native community currently exists to 

compete with the invader. 

Charles Darwin stated competition “adapts the inhabitants of each country only in 

relation to the degree of perfection of their associates (Darwin 1859)”.  In other words, the level 

of exploitation of a specific resource within any community is relative to the extent they compete 

for that resource among themselves, not the maximum extent possible.  The ability of Centaurea 

solstitialis to exploit water resources further underground with its deep root system (compared to 

native species) is attributable to is success in dominating grasslands in California (Holmes and 

Rice 1996).  In this instance, water is not an unexploited resource, but one where the existing 

native community only exploits to a limited soil depth.  The roots of C. solstitialis can attain 

water at greater depths giving it a competitive advantage, especially in times of drought. 

One method to further refine support for ENH is to experimentally compare 

establishment success among different plant functional groups-with similar resource extraction 

strategies.  Experimental communities are found to resist an introduced species if they contained 

a representative species of a similar functional group (i.e. legume or grass) to the invader, 

suggesting ‘niche-preemption’ or ‘niche overlap’ are mechanisms supporting ENH (Turnbull et 

al. 2005, Mwangi et al. 2007).  Explicit testing of ENH using parallel resource acquisition 
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studies in both the native and introduced range would demonstrate that successful invaders 

benefit from unused resources in their novel habitats because such resources are being utilized by 

other organisms in their native range (Hierro et al. 2005).  Simply observing the performance of 

an introduced species relative to its invaded community, does not always confirm the presence of 

an ‘empty niche’ as the mechanism for success. 

Biotic Resistance/Species Richness 

The biotic resistance hypothesis (BRH), an inversion hypothesis of ENH, examines the 

expectation of community saturation and species richness as a factor affecting invasion 

resistance (Elton 1958, Tilman 1997, Levine et al. 2004).  Communities may resist invasions 

through numerous biotic processes including herbivory, competition, and disease.  Resistance 

through competition predicts that a species-rich community will more efficiently and completely 

utilize existing resources through niche partitioning therefore suppressing the likelihood of 

invasion due to exploitation competition, where the invader must compete for limited resources 

against the existing native community (MacArthur 1970, Tilman 1997).  Resistance through 

herbivory or predation predicts a diverse guild of herbivores will supply sufficient enemy 

pressure to prevent invader establishment.  Evidence for or against BRH has been accumulated 

through mathematical models, spatial pattern studies, invader addition studies, and constructed 

community studies. 

Mathematical models indicate strong support for BRH, indicating diversity decreases 

invasibility regardless of interference type or trophic level.  These models make a few broad 

assumptions that are important to note.  The models assume well-mixed populations, such that all 

species in the community interact with a potential invader, and as such, their applicability is 
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restricted to small spatial scales.  The models also assume, prior to invasion, communities have 

reached equilibrium, which is rarely reached in natural systems. 

Observational spatial pattern studies examine the correlation between invaders and the 

diversity of the invaded community.  Evidence from spatial pattern studies is mixed with 

numerous studies showing support for BRH (Knops et al. 1999, Naeem et al. 2000, Kennedy et 

al. 2002), while others found contradictory results (Kruger et al. 1989, Knops et al. 1995, 

Lonsdale 1999, Pysek et al. 2002).  Observed species richness in small experimental grassland 

plots showed reduced invader establishment success and performance (plant size), attributing 

invasion resistance to crowding (i.e. interference competition) (Kennedy et al. 2002).  To the 

contrary, Pysek et al. (2002) observed abundance and proportion of introduced species increased 

with native species diversity within nature reserves, citing habitat heterogeneity (Pysek et al. 

2002).  One explanation for this trend is that correlations between diversity and invasions cannot 

be disentangled from other effects covarying with diversity (i.e. propagule pressure, soil 

nutrients, and vegetation type).  If invasion history is not well known, evidence from spatial 

pattern studies may only correlate diversity during the time of the study and be biased towards 

reporting invader impact rather than invasibility, since invaders may have reduced community 

diversity prior to investigation (Woods 1993). 

Invader addition studies are similar to spatial pattern studies by observing the invasibility 

of naturally diverse communities, but allow experimental variation in invader propagule supply, 

thus eliminating the uncertainty of diversity at time of invasion. Addition of California poppy 

(Eschschlozia californica) seeds to grassland plots resulted in a negative relationship between 

local diversity and invasibility (Robinson et al. 1995).  In another study, the addition of 54 

different native species to experimental grassland plots demonstrated the opposite trend, finding 
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diverse plots were less invasible (Tilman 1997).  The underlying principle of invader addition 

studies is probability and assumes diversity does not deterministically render a community 

resistant or vulnerable to invasion, but influences the probability a given propagule will be 

successful.  Consequently, with this approach, effects of invasibility depend on propagule 

pressure, and not on intrinsic properties of the community being invaded. 

Constructed community studies directly manipulate diversity, and can experimentally 

isolate diversity effects.  Levine (2000) manipulated in-situ diversity and invader seed addition 

within tussocks along a California riparian area, allowing some control for environmental 

covariates (climate, nutrients, light), and found strong evidence in support of BRH, but this 

support was restricted to the ‘neighborhood’ scale (Levine 2000), which further supports the 

interference competition mechanism.  Another mechanism proposed to support BRH is, 

sampling effect, where more diverse communities are likely to contain a species that strongly 

deters invasion, through shading, for instance (Huston 1997). 

Herbivory has been shown to have a strong negative effect on invader establishment, 

largely through herbivore exclusion experiments.  Exclusion of herbivorous mammals increased 

the seedling survival of an introduced plant (Carpobrotus edulis) from 8% in unprotected 

treatments to 40% in mammal excluded treatments (D'Antonio 1993).  Although, introduced life 

form may influence the effect size of herbivory, as herbaceous species may be more susceptible 

than woody plants (Levine et al. 2004).  Herbivores can reduce introduced plant performance, 

but uncertainty exists if they can reduce abundance sufficient to cause extinction or 

establishment failure (Maron and Vila 2001).  In fact, abundant introduced plants may even have 

a subsidizing effect on herbivore populations causing alteration of trophic cascades (Bazely and 

Jefferies 1997). 
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Increasing attention is being given to feedback loops between plants and soil 

communities, particularly microbial communities.  The manner of these interactions between 

introduced plants strongly influences their ability to establish, invade, and persist in novel 

habitats (Klironomos 2002).  Effects of microbial communities is observed to be strong when 

examining individual cases, but the overall trend when conducting meta-analyses demonstrates 

that negative and positive effects are nearly equally observed, limiting the ability to make 

predictions on invasion success or failure (Levine et al. 2004).  Additionally, the response of soil 

microbes to an introduced species may change over longer time scales as local microbial 

communities adapt to the invader (Diez et al. 2010).  This adds an additional layer of resolution 

to BRH:  genetic diversity and evolutionary potential of microbial species.  

The general pattern returned from BRH studies shows species diversity has strong 

negative effects on invader establishment and individual performance.  However, this pattern 

does not always hold at the landscape level, as evidence shows some of the most diverse natural 

communities also harbor the most introduced species (Robinson et al. 1995, Wiser et al. 1998, 

Levine 2000).  The role of herbivores and microbes can be individually limiting, but 

unpredictable.  Furthermore, the confounding of extrinsic factors that covary with diversity, such 

as habitat heterogeneity, resource availability, or propagule pressure - which are known to both 

promote native diversity as well as limit invasion success - make explicit conclusions regarding 

BRH elusive (Levine and D'Antonio 1999, Hooper et al. 2005).  Although spatial scale will 

always be a factor (Stohlgren et al. 1999), correlating evidence to determine if similar invader 

species are absent in diverse communities but present in species-poor communities at a 

landscape scale will lend further support for BRH.  Local species diversity may reduce invasion 

success but not categorically prevent it.  This raises the concerns that the most species-diverse 
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habitats may be most susceptible to invasion and that loss of biodiversity may reduce invasion 

resistance. 

Disturbance 

Environmental stressors, or disturbances, are present in every habitat.  The frequency and 

magnitude values of these stressors often have an associated mean and variance which depends 

on ecosystem type and geographic location.  These stressors can be generally grouped into three 

categories:  physical disturbance, physiological disturbance, and biological disturbance (Menge 

and Sutherland 1987).  Physical disturbance involves mechanical forces such as wind, water, ice, 

cultivation, and/or mowing.  Physiological disturbance includes abiotic forces such as 

temperature, moisture, salinity, and light.  Biological disturbance includes the activities of 

animals such as trampling, burrowing, and digging.  Individuals can be exposed to variation in a 

single stressor or several factors acting together, and effects can range from no effect (no stress 

present) to sub-lethal (increasing stress) to lethal (high stress). 

All organisms have some non-lethal, optimum value, or threshold, for each factor and 

individual performance and the probability of lethal effects increases as environmental 

conditions deviate away from this optimum.  If disturbances are great enough organisms are 

removed from the habitat through death (i.e. desiccation via high temperatures) or physical 

removal (i.e. uprooting during a flooding event).  This mortality causes availability within 

resource space, which could be utilized by neighboring individuals or newly arriving ones 

(D'Antonio 1993, Parker et al. 1993, Davis et al. 2000).  These events vary from small-scale 

frequent disturbances such as rodent burrowing or lawn-mowing to landscape scale, less-frequent 

disturbances such as wildfire, floods, or hurricanes.  Disturbance regimes affect local ecosystem 
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processes, cause the displacement or removal of organisms from an area, alter the availability of 

resources, and reduce competition. 

Burke and Grime (1996) manipulated productivity gradients through fertilizer loading 

and disturbance gradients through turf-gap creation and mowing within experimental field plots 

in England and found invader species responded positively to disturbance, while native species 

did not, and the interaction of disturbance and fertility was particularly significant for positive 

invader performance (Burke and Grime 1996).  Similarly, Hobbs and Atkins (1988) used 

experimental treatments to vary nutrient input and soil disturbance within native plant 

communities in Australia and reported a positive response of invader species, but not native 

species (Hobbs and Atkins 1988).  Both studies highlight soil fertility as limiting both native and 

invader species, and find disturbance disproportionately benefitting invaders over natives.  One 

theory to explain this finding suggests plants with European origin have a tendency to be more 

invasive because they have had a longer evolutionary history with human induced disturbance 

(La Sorte et al. 2007). 

Human alteration of environments-such as agricultural expansion, forest fragmentation, 

and urban development, is credited as a key factor promoting invasions because many invader 

propagules are spread by human activities (Elton 1958, Crawley 1986, Hobbs 1991, Fridley et al. 

2007).  Creation and maintenance of roadways in particular has been shown as a conduit for 

plant invasions, as adjacent substrate is continually disturbed (Parendes and Jones 2000, Gelbard 

and Belnap 2003).  Although disturbance is an integral contributor to ecosystem processes, it has 

been suggested that invasions are more likely to occur when changes in patterns of traditional 

disturbance alter the flux of resources in a habitat (Sher and Hyatt 1999).  Pre-European 

disturbance regimes acting in a post-European landscape may actually facilitate invasion, at least 
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with fire intensity in western North American forests (Keeley 2006).  Invaders which are pre-

adapted for early successional conditions are more likely to succeed in locations where 

frequency of soil disruption is greater (Hood and Naiman 2000, Colautti et al. 2006).  The 

manner and frequency of environmental perturbations such as fire, flooding, grazing, drought, 

and climate variability constantly shape community assembly (Lonsdale 1999, Williamson 1999, 

Davis et al. 2000).  However, disturbance as an extrinsic factor alone cannot lead to invasion, but 

may lead to successful establishment and invasion if coupled with favorable resource availability 

and propagule supply (Crawley 1986, Mack 1989, Mooney and Drake 1989). 

 Novel Weapons 

The novel weapons hypothesis predicts invading species possess a novel trait that 

negatively affects competitors, consumers, or microbes.  This allelopathic effect provides 

invaders a competitive advantage against naïve organisms in their recipient communities that 

was ineffective against co-adapted neighbors in the invader’s native range (Callaway and 

Aschehoug 2000, Callaway and Ridenour 2004).  Proper tests of this hypothesis require 

comparative biogeographical studies comparing community interactions of the invading species 

within their native introduced range.  

Using a common garden experiment, Callaway and Aschehoug (2000) first assessed this 

hypothesis by comparing allelopathic effects of Centaurea diffusa, an invasive European herb in 

the western United States, on differing bunchgrass species; three that coexist with C. diffusa in 

its native range, and three that are native to Rocky Mountain grasslands in North America 

(Callaway and Aschehoug 2000).  They found C. diffusa had strong negative effects on North 

American species, unless allelopathic effects were mitigated with activated carbon, whereas 

Eurasian species were much more resistant to C. diffusa.  Prati and Bossdorf (2004) used a 
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germination experiment to test allelopathic effects of Allaria petiolata , a European biennial, on 

two competitor species of differing origins, one from Europe (Geum urbanum) and one from 

North America (Geum laciniatum) (Prati and Bossdorf 2004).  When allelopathic chemicals were 

mitigated by activated carbon, a significantly greater increase in germination of both Geum 

species were observed, demonstrating overall inhibitory effects of A. petiolata; but differences in 

germination were much greater for the North American species.  Jarchow and Cook (2009) 

tested the allelopathic effects between Typha angustifolia (North American invasive) and Typha 

latifolia (North American native) on competition ability of a competitor species, Bolboschoenus 

fluviatilis (North American native) using a common garden experiment (Jarchow and Cook 

2009).  When activated carbon was used to mitigate allelopathic effect, an increase in 

competitive ability of B. fluviatilis was observed through a decrease in T. angustifolia root and 

shoot biomass when the two species were grown together in competition.  Activated carbon has 

been recently suspected of causing confounding effects due to its influence on nutrient 

availability and soil microbial communities (Lau et al. 2008); therefore conclusions drawn 

regarding allelopathy should be compared across other experimental design techniques (Qin et 

al. 2007). 

While we have evidence showing chemical compounds act as novel weapons on plants 

against other plants, mechanistic and higher trophic effects of novel biochemistry is less 

understood.  Although evidence suggests invasive plants often possess a greater diversity or 

unique set of secondary defense compounds than native species (Cappuccino and Arnason 2006).  

This would suggest some benefit through herbivore avoidance, but evidence is contradictory.  

Generalist herbivory by Mamestra brassicae was reduced by half on introduced species 

compared to native congeners, despite finding no correlation between herbivore performance and 
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diversity of metabolites (Macel et al. 2014).   The generalist herbivore, Pyrrharctia isabella, 

observed to be undeterred by extracts from native plants over introduced plants, regardless of 

time since invasion (Lind and Parker 2010).  In certain instances, introduced plant species 

possessing more diverse defense compounds and in higher concentrations than native community 

species explain invasive success.  However, observed herbivore stimulation of metabolite 

production remained similar among native and introduced species suggesting native species are 

no less capable of defending themselves (Macel et al. 2014). 

Novel weapons effects on microorganisms are also attracting increasing attention, and 

may provide mechanistic explanations for competitive advantages through soil feedback loops.  

Cultivating A. petiolata in soils from North America decreased fungal diversity and survival of 

native mycorrhizal plant species (Callaway et al. 2008).  This decrease in mycorrhizal fungi 

diversity was not as great in European soils, nor did non-mycorrhizal plant species demonstrate a 

negative response to cultured soils.  These results suggest allelopathic effects of introduced 

species act to disrupt mutualistic associations among native plant species and soil 

microorganisms, but that novel weapons effects remain very species-specific.  How long these 

allelopathic effects remain after time since invasion is uncertain, since decreases in allelopathic 

interference between Eurasian and North American populations of A. petiolata have been 

observed (Prati and Bossdorf 2004). 

NWH research suggests that secondary chemicals, such as phytochemicals, phenolics, 

and glucosinolates, produced by invading species may disrupt locally naïve communities in ways 

that do not occur in their communities of origin.  However, caveats emerge in the generalization 

of the NWH.  Since invasive species compete against different individuals across their 

introduced range, the magnitude of allelopathic interference may vary widely within locally 
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native communities, based on species composition.  Secondly, the duration of time an invader 

has persisted in its introduced range, and thus the efficacy of its allelopathic chemicals may 

erode, since the community-specific evolutionary mechanisms that promoted such defense are no 

longer present (Lankau et al. 2009).  Both of these caveats make invasion predictions based 

solely on NWH uncertain and uneven. 

Propagule Pressure 

Propagule pressure is a combined measure of the number of individuals coupled with the 

frequency of introduction events being released (Lockwood et al. 2005).  Propagules themselves 

can be represented by any viable life stage, including adult individuals, larvae, eggs, seeds, or 

vegetative fragments.  It is difficult or impossible to determine the exact number of individuals 

that arrive in a given region, especially in the case of accidental introductions.  Propagule 

pressure is fundamentally a probabilistic process, where theory and observation predict large 

populations are less likely to go extinct than small populations, and therefore are more likely to 

become established (Duncan 2011).  High arrival supply and/or frequent introduction events 

increases the probability that one or more individuals will successfully survive and establish new 

populations (Leung et al. 2004).  High propagule supply provides for large founding populations 

that are less likely to go extinct due to demographic stochasticity or natural catastrophes.  Large 

populations are less likely to encounter genetic bottlenecks such as inbreeding or Allee effects 

(Baker and Moeed 1987, Frankham and Brook 2004, Drake and Lodge 2006).  Lastly, greater 

propagule pressure through multiple release events increase the chance that at least some 

released individuals encounter temporally favorable environmental conditions for successful 

establishment and population growth. 
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The vast majority of studies have found propagule pressure positively predicted invader 

success at both the establishment and spread/impact stages of invasion (Colautti et al. 2006).  

Support for propagule pressure is observed where invasibility success was shown to be 

correlated with the number of visitors to nature reserves (Lonsdale 1999) and intensity of 

commodity import (Levine and D'Antonio 2003).  Where propagule pressure has been tested 

experimentally, results have consistently found a positive effect on establishment success 

(Memmott et al. 2005).  The consistency of establishment success due to propagule pressure has 

been demonstrated in a wide variety of environments including forest understory communities 

(Von Holle and Simberloff 2005), aquatic systems (Woodford et al. 2013), and wetlands 

(Yakimowski et al. 2005). 

Propagule pressure is considered such a uniformly key mechanism of invasion success 

that it has been suggested to be the basis for a null model in invasion studies where all other 

factors are added to it (Colautti et al. 2006).  This approach is supported by experimental 

manipulations that found effects of propagule pressure overwhelmed local species richness, 

disturbance regime, and species origin (Von Holle and Simberloff 2005).  It should be 

acknowledged, however, that the correlation between propagule pressure and establishment 

success does not necessarily supersede the importance of climate, environmental suitability, and 

species traits. 

Evolution of Increased Competitive Ability 

The evolution of increased competitive ability (EICA) hypothesis proposes that as 

invading species escape from natural enemy pressure, they can evolve to re-direct resources 

away from defense, which no longer improves fitness in the novel environment, to growth and 

reproduction, improving performance (size or fecundity) to outcompete native competitors 



 

29 
 

(Blossey and Notzold 1995, Bossdorf et al. 2005).  Testing EICA involves combination of 

biogeographical common garden studies comparing growth and performance of native and 

introduced plant populations and herbivore feeding trials or biochemical assays to determine 

defense capabilities.  Initial work by Blossey and Nötzold (1995) using common garden 

experiments found plant height, fecundity, and herbivore response was more favorable in 

Lythrum salicaria populations found in parts of the North American introduced range versus the 

European native range (Blossey and Notzold 1995). 

Subsequent studies have found support for EICA.  Comparing native Asian populations 

of Sapium sebiferum to three introduced North American populations that varied in time since 

introduction found the most recently introduced populations (~80yr residence time) had the 

highest fecundity and growth rates, but the lowest defense capability (Siemann and Rogers 

2001).  Native genotypes showed the exact opposite trend, and introduced populations with 

longer residence times (100+ years) showed intermediary growth and defense responses.  This 

suggests EICA may provide a mechanism for initial invasion, but this property declines over 

time as a reacquisition of defenses occurs.  Defense capability among native and introduced 

populations of Senecio jacobaea, an invasive weed, shifted from protection against specialists 

(not present in introduced ranges) to protection against generalists, suggesting the amount of 

resources available for reallocation to growth is relative to the trade-off in defense strategy (Joshi 

and Vrieling 2005). 

Studies supporting EICA are not uniform.  Competitive ability between native and 

introduced populations of Hypericum perforatum on Lolium multiflorum did not differ based on 

origin status (Vila et al. 2003).  No significant differences in size or growth between introduced 

populations and native European populations of four commonly invasive species to Australia and 
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New Zealand (Carduus nutans, Digitalis purpurea, Echium vulgare, and S. jacobaea), 

suggesting local observations supporting EICA may reflect a plastic response to a novel 

environment (Willis et al. 2000).  Ridenour et al. (2008) compared growth and reproduction, 

competitive effect and response, and defense capability between introduced populations of 

Centaurea maculosa in North America with native populations in Europe (Ridenour et al. 2008).  

They found introduced populations were larger and better defended than native populations, and 

that competitive superiority did not arrive at a cost to herbivore defense, suggesting that 

increased competitive ability results from genetic differences when introduced populations 

experience strong directional selection pressure from novel competition and herbivory in the new 

range.  Empirical support for EICA is decidedly mixed and most evidence to date is correlative 

rather than causative.  The duration such a competitive advantage is retained within introduced 

populations is uncertain and may depend on genetic lineage of founder populations, exploitation 

strategy of locally native natural enemies, and time since invasion. 

Hybridization 

Hybridization has been proposed as an evolutionary mechanism promoting invasion in a 

species introduced range (Ellstrand and Schierenbeck 2000, Abbott 1992).  Invaders who 

hybridize with native congeners in the introduced range may increase invasiveness through 

hybrid vigor, where the offspring possess traits with higher fitness than either parent (Abbott 

1992, Vila and D'Antonio 1998, Arnold et al. 2001).  Initial work by Ellstrand and Schierenbeck 

(2000) found over two dozen examples of hybrid plants that displayed increased invasiveness 

following hybridization and suggested four mechanisms to explain their findings:  evolutionary 

novelty, increased genetic variation, fixed heterosis, and dumping of genetic load (Ellstrand and 

Schierenbeck 2000).  Early successional species allocate more resources to sexual structures than 
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vegetative growth, compared to woody species (Harper 1977) therefore increasing the likelihood 

of supplying genetic material to closely related native species during reproduction events, 

causing interspecific hybridization.  Intraspecific hybridization has been shown to increase 

germination success and seedling biomass in Schinus terebinthifolius, an invasive tree species in 

Florida (Geiger et al. 2011).  This conferring of invasiveness via hybridization is not unique to 

plants, as pathogens (Brasier et al. 1999) and insects (Camazine and Morse 1988) have shown 

similar effects. 

Hybridization does not guarantee increased vigor and, conversely, may threaten to reduce 

fitness of native populations by disrupting local adaptations (Storfer 1999).  Competitive 

seedling performance of hybrid Eucalyptus ovate populations in Australia showed F1 generation 

hybrids have higher levels of mortality, reduced fitness, and reduced height compared to pure 

native genotypes, questioning how may hybrid individuals would reach reproductive maturity 

(Barbour et al. 2006).  Despite a limited number of studies to date, much uncertainty still remains 

in predicting consequences of genetic homogenization and subsequent provisioning of ecosystem 

services (Olden et al. 2004).  A growing concern of follow up investigation is whether human 

aided movement and human induced disturbance will increase the likelihood of hybridization by 

bringing together species that have been reproductively isolated, creating obstacles for resource 

managers (Schierenbeck and Ellstrand 2009). 

Phenotypic Plasticity 

Phenotypic plasticity allows an organism to change its phenotype in response to stress, 

thus increasing tolerance to environmental variation.  Plastic responses include biomass 

allocation (Maillet and Lopez 2000), physiological changes (Pattison et al. 1998), and 

germination (Frenot and Gloaguen 1994).  For instance, introduced species that are plastic in 



 

32 
 

their timing of germination may gain a competitive advantage over native species if they can out-

grow their competitors by emerging sooner without incurring an early emerging penalty (natural 

enemies, frost, etc.).  Plasticity may allow invading species to colonize over a range of 

environmental conditions and confer a competitive advantage within founder populations where 

local adaptation has not yet occurred or may not, due to lack of genetic variation (Baker 1974, 

Zhao et al. 2013). 

Plants with invasive tendencies have generally shown greater ability to phenologically 

respond to changing environmental conditions over time.  Observational data comparing 587 

plant species in a New England woodlot found invasive plants to significantly shift their flowing 

time 11 days earlier than natives and 9 days earlier than non-native non-invasive plants in 

response to climate change over a 100 year period (Willis et al. 2010).  A meta-analysis by 

Daehler et al. (2003) found most studies observed greater plasticity in invader species than native 

species involving changes in biomass allocation, physiological responses, or germination 

responses (Daehler 2003).  Other literature studies have reported mixed results on whether 

plasticity of traits is consistently higher in introduced individuals compared to locally native ones 

(Bossdorf et al. 2005). 

However, to specifically test plasticity of introduced populations, a comparison of plastic 

responses between individuals from native and introduced populations under similar growing 

conditions and similar stressors is required.  An experimental growth chamber approach testing 

plasticity of Bromus tectorum between native populations in Eastern Europe and invasive 

populations in Western North America found greater plastic responses within the invasive 

populations than native ones for freezing tolerance and seedling emergence in response to 

warming temperatures (Griffith et al. 2014).  Growth related traits did not show a plastic 
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response between origin populations, but demonstrated a high degree of plasticity across all 

populations.  Broad plasticity within a species may offer some explanation as to their success 

invading and proliferating in new locations. 

Species Traits 

Many studies have attempted to profile life history strategies that may improve 

establishment and promote invasiveness.  Identification of traits associated with invasiveness 

would improve prevention measures, control efforts, and management applications.  Early work 

by Baker aimed to identify traits of the ‘ideal weed’ and arrived at a list of 12 characteristics 

associated with reproductive potential, vegetative growth, and dispersal that may explain the 

success of ‘weediness’ (Baker 1965, Baker 1974). 

Subsequent studies have supported some, but not all of Baker’s claims, recognizing many 

invasive plants lacked key traits on Baker’s list, while some plants possessing most or all of the 

‘weediness’ traits were not necessarily invasive (Thebaud et al. 1996, Simberloff 2013, Kolar 

and Lodge 2001).  Seed output, frost tolerance, and rapid growth rate were shown to be 

important factors contributing to the success of Impatiens species in the British Isles.  Rejmánek 

and Richardson (1996) analyzed ten life-history characters between invasive and non-invasive 

populations of 24 Pinus species across two continents, and found shorter juvenile period, smaller 

interval between seed crops, and smaller seed size to be consistent among invading species-

owning their invasibility to rapid growth, more frequent reproduction, and ease of dispersal 

(Rejmanek and Richardson 1996).  Seed size may be an overriding factor in invasion success 

since larger seeds contain a greater amount of ‘reserve’ energy that may allow large-seeded 

invaders to tolerate prolonged periods of competition, especially in less fertile habitats (Foster 

and Janson 1985, Burke and Grime 1996). 
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Discriminant analyses of traits of introduced woody plants found models incorporating 

vegetative reproduction, lack of pre-germination seed treatment requirements, hermaphroditic 

flowers, and a long period of time in which the fruit was on the plant correctly classified 86% of 

invaders (Reichard and Hamilton 1997).  Species with a large geographic native range offers 

high prediction of invasiveness because they have a higher chance of being dispersed and likely 

to be adapted to a wider range of environmental conditions (Goodwin et al. 1999).  Overall, 

common characteristics observed in successful invaders include r-selected life histories:  pioneer 

habitat colonizers, short generation time, high fecundity, and high growth and dispersal rates, but 

empirical studies testing these are lacking (Kolar and Lodge 2001).  Defining a set of traits 

associated with invasiveness that can be assigned to all plants is unrealistic.  Instead, more 

successful models have been habitat and taxa specific (Daehler et al. 2004).  While life history 

traits are not consistent across all invader species or highly predictive in all invaded habitats, 

they are nonetheless an important consideration to understanding invasion complexities. 

Hypotheses Summary  

Many hypotheses have been proposed to predict biological invasions, and empirical 

evidence suggests certain hypotheses can explain invasion success of some species in some 

circumstances.  However, broad generality of any one hypothesis is limited because most 

hypotheses have not been tested using a standard approach across taxonomic groups and habitats.  

Most independent research projects try to identify single ‘holy grail’ explanations for invasions 

success (Richardson and Pysek 2006).  There is increasing effort to reduce redundancy and unify 

themes that underpin invasion hypotheses as well as critically evaluate empirical support for - or 

rejection of - the major hypotheses that has accumulated to date (Catford et al. 2009, Moles et al. 

2012, Jeschke 2014). 
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 Empirical support among major invasion hypotheses may be declining over time 

(Jeschke et al. 2012), demonstrating invasion is a highly dynamic process and testing invader-

ecosystem interactions, especially regarding trophic responses, have more potential to improve 

understanding of biological invasions than those focusing solely on invaders or characteristics of 

their new environments.  Further advances are likely to arrive from a synthetic approach, where 

reductionist studies are placed within a more robust theoretical framework since invasion success 

is context-dependent.  Additionally, removing the distinction of species origin-the primary factor 

separating invasion ecology from other sub-disciplines such as succession and community 

ecology, offers broad mutual benefits improving synergy within the field of ecology as a whole. 

 

Examples of Documented Impacts of Introduced Species 

Once a species invasion occurs, serious ecological consequences can and do occur 

(Vitousek et al. 1996, Dukes and Mooney 1999, Pimental et al. 2000).  Biological invasion may 

impact ecological communities by altering ecosystem properties and trophic structure of invaded 

areas (Levine et al. 2003, Dukes and Mooney 2004, Eiswerth et al. 2005, Vila et al. 2011).  

Certain invading plants have shown to influence nutrient cycles or productivity in their new 

range.  Invasion of the exotic nitrogen fixing tree M. faya on volcanic soils in Hawaii increased 

local nitrogen inputs by as much as four-fold (Vitousek et al. 1987).  The invasive Australian tree 

fern (Sphaeropteris cooperi) initially out-competes native plants, but subsequently promotes 

growth of neighboring natives by enriching the forest floor with its leaf litter (Chau et al. 2013).  

Aggressive invaders may increase net primary productivity, as in the case where giant reed 

(Arundo donax) increased carbon acquisition by orders of magnitude beyond its native 

counterparts (Dudley 2000). 
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Invading species may also influence abiotic factors such as hydrology and fire regime.  In 

the southwestern US, T. ramosissima, alters whole-ecosystem water budgets by increasing 

transpiration rates (Sala et al. 1996).  In wetland forests in Kentucky, Lonicera maackii invasions 

increase transpiration rates and may shorten the lives of ephemeral ponds, thus causing adverse 

impacts on breeding amphibians (Boyce et al. 2012).  The invasion of cheatgrass (B. tectorum) in 

the western United States altered fire regime by promoting more frequent and larger scale 

wildfires due to its continuous fuel structure (Pierson et al. 2011).  The local impact of any given 

invader species is dependent on the habitat being invaded and interactions between the local 

community and the invader (Thiele et al. 2010, Queiros et al. 2011).  The methodology used to 

observe or test impacts varies, and may influence conclusions regarding the importance of plant 

origin or the magnitude of an effect. 

 

Common Approaches Used To Study Impact of Introduced and Invasive Species 

Numerous approaches have been employed to test impacts of plant invasions and many 

studies have concluded that the introduction of species may change the structure of native plant 

communities, influence the fitness and/or abundance of local animals, and alter nutrient 

dynamics or other ecosystem properties (Vila et al. 2011).  Field observations, common garden 

experiments, greenhouse/lab experiments, and meta-analyses of existing studies have been 

employed to further our understanding of invasion ecology (Lowry et al. 2013).  Each of these 

methodologies seeks to assess or define the role that introduced invasive species play in shaping 

the community assembly dynamics in their new locations.  The results of these studies, and the 

emerging respective predictions or recommendations, influence the direction of future research 

and direct management or policy actions.  Therefore, recognizing appropriate testing procedures 
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or highlighting shortfalls of existing approaches is critical to accurately measuring and defining 

impacts related to introduced or invasive species. 

Impact:  Field Observations 

The vast majority of studies examining introduced species’ impacts involve field 

observations comparing invaded and uninvaded sites, or measuring impacts along a field transect 

which begins at the center of an invaded area and extends beyond it (Levine et al. 2003, Lowry et 

al. 2013).  The results of these studies often conclude that a given invader imposes negative 

consequences within its recipient community.  Site (or micro-site) conditions, including soil 

type, drainage, and land use history, have strong influential effects on impacts.  For example, 

lower species richness of tree seedlings was observed in forest sites invaded by Norway maple 

(Acer platanoides) than non-invaded sites dominated by native sugar maple (Acer saccharum) 

(Martin 1999).  Site conditions that may be promoting A. platanoides invasion may also be 

simultaneously limiting seedling recruitment, yet such caveats are rarely investigated, and the 

introduced species is credited for its impact on community structure.  The illustration that 

confounding site effects may influence apparent plant invasion impact was observed with the 

interacting factors of earthworms and garlic mustard (A. petiolata), where A. petiolata invasion 

appeared to cause the decline in native plant cover, but the actual mechanism was found to be 

earthworm invasion and its associated changes in forest soil dynamics (Nuzzo et al. 2009).  The 

earthworm response also highlights the fact that observations along a site transect may also be 

recording confounding effects if the observer assumes a level of site consistency or homogeneity 

in their analyses. 

Such unrecognized site effects may partially explain the variability observed when 

comparing invasive species effects across numerous invaded and uninvaded sites, and why some 
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species show impact at a given site but not at another.  Additionally, invasion history of an 

invaded site provides further confounding effects.  Often, observations are made well after the 

invasion occurred, and it is unknown how the invasion history itself influences site 

characteristics at the time of sampling, including fostering conditions for the invader’s continued 

success.  The soil salinity legacy of Mesembryanthemum crystallinum has shown to prevent 

native plant reestablishment for several years (Vivrette and Muller 1977), and therefore, older 

invasions may demonstrate increased impacts through site conditioning and positive feedbacks.  

Furthermore, the interaction between species traits and site conditions adds additional 

explanation for why some species appear more dominant across sites, as invasion mechanisms 

such as competition and allelopathy may differ in their effect size depending on site qualities 

(Hejda et al. 2009) and time since invasion. 

Finally, the assignment of impact may be biased by the target organisms studied at each 

site, even for the same invading plant species.  Increasing percent-cover of the invasive P. 

australis improved aquatic macroinvertebrate diversity when comparing across eight marsh sites 

along the Lake Erie shoreline (Holomuzki and Klarer 2010), but contrastingly, Phragmites 

decreased aquatic macroinvertebrate richness within in native Spartina marshes in New Jersey 

(Angradi et al. 2001).  The negative impact on marine invertebrates in New Jersey was attributed 

to Phragmites reducing refugia protection from predators.  Whereas along Lake Erie, Phragmites 

provided a better colonizing substrate for the freshwater invertebrate’s epiphyton forage base.  

Although specific impacts can be directly observed and documented, caution should be 

applied to generalizing the impact of an introduced invasive species.  These comparative studies 

only offer correlative conclusions based on potentially unknown site biases, invader 

conditioning, and metric used to define impact.  Exploring actual mechanistic causes of impact, 
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and how those mechanisms change across sites, increases predictive abilities needed to inform 

and direct management policies.  Coupling the results of field observations with follow-up 

experimentation testing mechanistic hypotheses allows greater understanding of how invasion 

processes influence community assembly and trophic interactions. 

Impact:  Field Experimental Studies 

In-situ experimental approaches have been used to test the impacts of introduced or 

invasive plants within their invaded range where investigators manipulate invasion pressure 

through invader addition or removal treatments.  The assumed benefit to this approach is that 

abiotic factors (rainfall, climate, soil type) and site characteristics (land use and invasion history, 

biotic diversity) are held relatively constant.  Invader addition experiments generally involve 

sowing seed or transplanting individual species into field plots where a pre-assembled 

community was artificially planted.  Observed community responses include decreases in 

arthropod abundance, plant species richness, and native plant biomass (Maron and Marler 2008, 

Simao et al. 2010).  Invader removal experiments often involve the manual removal of specific 

invader species from plant communities that are experimentally assembled or naturally growing, 

and positive effects of invader removal have shown subsequent increases in native species 

richness and density (Ignace and Chesson 2014).  The combination of comparative and 

experimental studies-where observations are recorded at invaded and uninvaded sites are 

followed up by removal experiments within invaded plots-support the general conclusions that 

invaded sites exhibit lower species richness, species diversity, seedling density, and amount of 

unexploited space (bare ground) compared to uninvaded sites (Alvarez and Cushman 2002). 

Although community responses to invasion show similar trends across these studies, a 

number of limitations should be recognized.  First, they are often conducted within long-term 
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experimental site (i.e. Jena Experimental Site, Germany; Cedar Creek Natural History Area, 

USA) which have a history of manipulation and are often grassland areas, and may not represent 

community responses in other ecosystems such as forests or wetlands.  Second, many plots are 

tilled before the experiment begins to limit recruitment from the resident seed bank in attempt to 

maintain consistency across experimental plots.  It is incorrect to apply results from these impact 

experiments to naturally growing locations since it is often unknown how prior tilling influenced 

biotic diversity (i.e. soil organisms) or resource availability within the plots.  While, 

experimentally, it would be beneficial to apply a treatment of invader addition to naturally 

growing, uninvaded plots, this approach is ethically declined as investigators do not want to risk 

being responsible for creating an invasion in non-invaded sites. 

Therefore, we can only assume impacts based on evidence from partially realistic 

systems.  For instance, concluding an invader’s impact based on experimental removal is only 

applicable within the context of the removal experiment.  Actual causes of invader decline in the 

community may be influenced by any number of biotic and abiotic factors which impact 

community assembly independent of the invader’s contribution, which may or may not fit 

predictions derived from experiments.  Finally, there is often a ‘sampling effect’ biasing impact 

results towards greater impact because introduced species chosen as experimental invaders are 

ones that have traditionally exhibited greater impacts.  Generalizing the results from these 

experiments and promoting the theoretical extension that all introduced species are inherently 

bad because ‘the few bad ones we study’ demonstrate strong impacts is scientifically 

disingenuous. 
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Impact:  Controlled Experiments in Common Gardens or Greenhouses 

While field experiments provide correlative insight regarding invader impact, 

experimentally controlled approaches can be used to confirm field patterns and identify causal 

mechanisms such as competition and allelopathy.  Pairwise competition experiments between 

invader and native species grown together have shown introduced invader species often reduced 

biomass or size of native species more so than invader size is reduced by competition from 

natives, suggesting a competitive advantage of introduced species (Vila et al. 2011). 

Mesocosm experiments can test how specific stressor effects, such as varying 

disturbance, grazing, and nutrient addition influence invader impact.  Flooding intensity 

decreased native community vigor and increased invasion success of Phalaris arundinaceae 

when tested in experimental mesocosms (Kercher and Zedler 2004).  Mesocosm designs can be 

also be used to test interactions between invasion stressors not readily observable in the field.  

Johnson (2009) tested the additive impacts of two often co-occurring invasive species in northern 

temperate lakes:  the rusty crayfish (Orconectes rusticus) and Chinese mystery snail (Bellamya 

chinensis) on native snail populations and found while individually, each invader negatively 

affected native snails, their combined effect was strong enough to cause extinction in one species 

and near extinction in another (Johnson et al. 2009). 

Reductionist designs often allow greater control of experimental variables, replication, 

and testing over more consistent environmental conditions.  While these designs can allow a 

more precise investigation of specific invasion hypotheses, they are often restricted to the 

examination of few invader treatments and shorter duration due to logistical constraints (i.e. 

experimental space, staff resources).  Experimental approaches should be coupled with field 
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studies to determine if findings are either scalable or to validate mechanisms assumed to be 

driving field observations.  Summarizing conclusions of controlled experiments based on 

introduced invasive plants are also vulnerable to the same ‘investigatory sampling effect’ that 

applies to field studies.  Although in this case, because extrinsic variables can be controlled, the 

bias in choosing species observed to be strong competitors may magnify the results, and could 

promote inflated perceptions regarding the specie’s impact in the wild. 

Plant Origin: A Factor Influencing Impact?  

Many experiments have sought to explore the role of plant origin as a factor influencing 

the outcomes of invasions on producer communities and higher trophic levels.  A common a 

priori assumption is that introduced invasive plants will have a greater impact on recipient 

communities than native species with invasive tendencies (Elton 1958).  The most common 

approach is the comparison between one single native species and one single introduced species.  

In a western Montana stream, introduced A. platanoides litter hosted greater densities of stonefly 

and caddisfly larvae compared to the native Populus trichocarpa litter, suggesting a productivity 

benefit to the displacement of the native cottonwood by the introduced maple (Reinhart and 

VandeVoort 2006).  However, when a similar species, the native Populus fremontii was 

displaced by introduced T. ramosissima, Populus hosted more than double the species richness, 

suggesting maintenance of the native flora was most beneficial to the riparian ecosystem (Bailey 

et al. 2001).  Another method is comparing one introduced species to a group or community of 

native species.  Aquatic macroinvertebrate densities were found to be higher within leaf-packs 

comprising introduced single-species L. maackii treatments than in leaf packs containing 

comingled litter from two native tree species (McNeish et al. 2012).  An opposite origin effect 

was found with terrestrial arthropods, where both total abundance and species richness decreased 
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within experimental plots containing high densities of introduced invasive Microstegium 

vimineum compared to plots planted with 12-species native community treatments (Simao et al. 

2010). 

These approaches lack appropriate statistical power by lacking origin-replication in the 

design.  Therefore, they do not actually compare origin effect, only the independent variable’s 

response to one plant versus another.  Generalizing conclusions of origin based on comparing 

against a single introduced species is erroneous.  For instance, although the conclusion 

attributing an introduced plant to the decline of arthropods (Simao et al. 2010) may have been 

specifically correct, the more appropriate extension of that work to assess effects of origin would 

have been to compare invasion of multiple native and introduced species, including a native 

species that strongly resembles M. vimineum, then assessing if the arthropod community 

responded in a consistent manner.  It should also be noted the previous examples compare plant 

species with very difference leaf trait characteristics.  Origin can also be tested by comparing 

multiple, unrelated plant species treatments.  Litter bag experimentation comparing five pairs of 

native and introduced plant species showed origin did not influence aquatic macroinvertebrate 

abundance or species richness, nor did it influence litter mass loss (Bottollier-Curtet et al. 2011).  

Despite replication of origin in this design, it was not found to be a significant factor.  However, 

species identity as a factor was, suggesting inherent biophysical properties, independent of 

origin, were responsible for the effect. 

Minimizing the variation in species traits across comparisons allows for a ‘cleaner’ test of 

origin.  Trait similarity and phylogenetic distance have been found to be positively correlated 

across many different plant taxa (Ackerly 2009, Futuyma and Agrawal 2009).  Therefore, 

employing a phylogenetic control by comparing congeneric or confamilial species should reduce 
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confounding effects brought about by differences in species or trait identity, allowing for an 

appropriate test of origin.  Testing terrestrial arthropod response to congeneric and non-

congeneric pairs of plants has shown introduced plants reduce native arthropod performance 

attributable to a lack of evolutionary experience with herbivore hosts (Burghardt and Tallamy 

2013).  However, when analyzed separately, the congeneric pairwise comparisons showed half 

the number of significant differences in arthropod performance than the non-congeneric 

comparisons.  Previously, Burghardt et al. (2010) found greater Lepidopteran feeding and 

oviposition performance on introduced congeners than non-congeners, but that trend dissipated 

over time as individual plants aged (Burghardt et al. 2010).  Agrawal and Kotanen (2003) found 

increased herbivory pressure on introduced congeners, concluding a lack of the uniformity of the 

Enemy Release Hypothesis, then found the opposite trend in herbivore damage during 

continuation of the experiment, where introduced congeners suffered greater damage (Agrawal 

and Kotanen 2003, Agrawal et al. 2005).  Herbivory pressure of a generalist caterpillar (P. 

isabella) did not observe to differ when compared between congeneric plants with similar leaf 

trait values for percent’s nitrogen and carbon (Lind and Parker 2010). 

Justification of origin as a predictive factor in ecological outcomes lacks consistent 

empirical support. Comparisons of locally invasive introduced species to native species known to 

be invasive elsewhere showed no significant difference in physical or physiological traits, further 

solidifying the argument that origin alone is, at best, a poor ‘trait’ to predict ecological outcomes 

or base management strategy upon (van Kleunen et al. 2010).  Invertebrate abundance failed to 

respond to the percent cover of introduced plants in a terrestrial grassland environment when 

structural differences between the examined native and exotic plants were nonexistent, 
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suggesting non-natives do not necessarily change functional perspectives of investigated taxa 

(Kennedy et al. 2009). 

Traditionally testing introduced species that are more phylogenetically different from 

native species may account for a great deal of conclusive inconsistency.  Even congeneric 

species may differ in impact and predicting effects based on taxonomic association has proven 

imprecise (Mack et al. 2000).  This suggests genetic diversity and intraspecific variation of trait 

values influences impacts to a greater role than previously assumed.  For instance, intraspecific 

genetic diversity in Cottonwoods (Populus spp.) has found to strongly influence tannin 

production and arthropod feeding responses (Bangert et al. 2006).  The reported discrepancies in 

origin-effect encourage investigation that functional effect traits are the real mechanistic drivers 

of many ecosystem properties, offering greater explanatory power than origin alone.  Proposed 

mechanisms for origin, invasion, and diversity effects need confirmation and a link to functional 

traits to establish a proper understanding of how biodiversity interacts with fundamental 

ecosystem properties (Hattenschwiler et al. 2005). 

 

Building an Argument for Trait-Based Approaches to Predicting Invasion Outcomes 

Evidence of Trait Impacts on Herbivores, Detritivores, and Microbes 

Observations and experiments have demonstrated that shifts in dominant plant biomass 

can cause changes in habitat complexity and shifts in trophic organization (Srivastava and 

Lawton 1998, Saltonstall 2002, Levin et al. 2006, Pearson 2009, Burghardt et al. 2010, Cook-

Patton et al. 2011).  Plant diversity is considered a primary driver of ecosystem productivity and 

resource uptake efficiency, and substantial evidence supports this claim across multiple habitats 

(Engelhardt and Ritchie 2001, Woodcock and Pywell 2010, Cardinale et al. 2011, Cook-Patton et 
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al. 2011).  Due to herbivory and reciprocal defense mechanisms between plants and arthropods, 

numerous studies have documented that plant invasions impose strong consequences for 

arthropod populations (Herrera and Dudley 2003, Gerber et al. 2008, Simao et al. 2010).  While 

some studies show plant origin affects local herbivore communities (Litt and Steidl 2010), 

effects may vary by feeding guild (Burghardt and Tallamy 2013).  Findings of a non-effect for 

origin are more common among detritivore communities in both aquatic (Graca et al. 2001, 

Alonso et al. 2010) and terrestrial (Herrera and Dudley 2003) settings. 

The methods plants use to acquire and invest resources have critical effects on the 

functioning of ecosystems (Wright et al. 2004, Loreau 2000).  Trade-offs exist between a plant’s 

ability to rapidly acquire resources for growth and conserve resources within well protected 

tissues.  This is consistent among floras, independent of geographic location and taxonomic 

affinity (Diaz et al. 2004).  Plants that protect against biotic (i.e. herbivory) or abiotic (i.e. 

desiccation) stressors typically produce tough tissues whereas plants that promote high relative 

growth rates and leaf turnover, produce soft tissues with higher palatability (Chapin et al. 1993, 

Burke and Grime 1996).  A significant stressor to live plants is the feeding pressure of 

herbivores, and plants have developed numerous chemical, morphological, or physiological 

defense strategies to combat these attacks (Bernays and Graham 1988). 

Leaf palatability influences herbivore preference particularly if leaf tissues possess high 

fiber or lignin content (Owensmith and Cooper 1987, Loranger et al. 2012).  Herbivory defense 

is also achieved through chemically based secondary metabolites and alkaloid compounds 

(Bennett and Wallsgrove 1994), and it is often plant species-specific defense compounds that 

promote exclusive relationships between plants and their specialist herbivores (Cornell and 

Hawkins 2003) and cause generalist herbivore avoidance (Hjalten et al. 1993).  Leaf toughness 
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can impact the fitness of herbivores which feed on such material, such as reducing the growth of 

monarch butterfly caterpillars (Danaus plexippus) (Agrawal and Fishbein 2006).  A consistent 

positive correlation between stem nitrogen content and herbivory pressure has been observed, 

even when exposed to very different generalist herbivores such as Deroceras reticulatum 

(Mollusca) and Listronus bonariensis (Coleoptera) (Wardle et al. 1998).  Leaf tissues with high 

nitrogen content are highly preferred by mammalian herbivores (i.e. moose, beaver, and hare) 

which will modify their foraging behavior to maximize consumption of desired food species 

(Pastor and Naiman 1992).  Aquatic invertebrates demonstrate preferences for live tissues of 

aquatic macrophytes that are lower in tannin and lignin content, as in the case of grass shrimp 

(Palaemonetes spp.) herbivory preference on Ruppia maritima (widgeongrass) versus 

Myriophyllum spicatum (Eurasian watermilfoil) (Valinoti et al. 2011).  Accumulating evidence 

demonstrates activity and fitness of consumers may be a predictable response to tissue chemistry 

traits (TCT) found within their environments, regardless of whether they are terrestrial or 

aquatic.  The availability of food resources provided to consumers by plants can be influenced by 

chemical defenses that strongly minimize or deter live tissue consumption.  The accessibility of 

consumer food resources can be influenced by elemental traits that delay the decomposition of 

plant tissues to a biologically palatable state.  Consequently, TCT directly influence the 

relationships between plants, consumers, and microbes. 

Decomposition processes and microbial activity are strongly influenced by TCT.  Percent 

nitrogen, percent lignin, and C:N ratio of litter has also shown to consistently control 

decomposition rates across global biomes (Perez-Harguindeguy et al. 2000, Cornwell et al. 2008, 

Handa et al. 2014).  Litter with high levels of secondary metabolites such as phenols, have 

shown to reduce fungal colonization (Canhoto and Graca 1999), an important effect considering 
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microbial richness can lead to increased decomposition of organic matter (Salonius 1981).  In 

terrestrial settings, forest-floor litter bag experiments have shown initial nitrogen and carbon 

content significantly influences decomposition rates (the former increased rates, the latter 

decreased rates) in both the absence and presence of terrestrial macroinvertebrates (Schadler and 

Brandl 2005).  Similar patterns are found within aquatic environments where decomposition 

rates were regulated by percent phosphorus and percent lignin, also in both the presence and 

absence of aquatic macroinvertebrates (Lecerf and Chauvet 2008).  Additionally, microbial 

activity and diversity both respond positively to litter nitrogen content, as Canhoto and Graca 

(1995) found a diverse, 6-species fungal community colonizing nitrogen rich Alnus and 

Castanea litter and only 1 fungal colonizer on nitrogen poor Eucalyptus litter (Canhoto and 

Graca 1995).  This evidence supports the claim that TCT have consistent effects through 

decomposer trophic linkages. 

Further evidence highlight the consistency of this trend. When presented experimentally 

through feeding trials, detritivores have shown to demonstrate preference for faster 

decomposing, more labile plant species.  Woodlice, Porcelio scaber, demonstrated a strong 

aversion to Fagus sylvatica litter (low nitrogen content, high carbon content, high lignin 

content), when allowed to choose among three other more labile species (Alnus glutinosa, Ilex 

aquifolium, and Salix cinerea) (Vos et al. 2011).  Other studies have demonstrated that many 

earthworm species demonstrate strong litter selection behavior which is correlated to litter 

nitrogen content and C:N ratio (Rajapaksha et al. 2013).  Diptera larvae (Tipula lateralis) 

showed similar behavior, demonstrating significant consumption preference for A. glutinosa over 

Eucalyptus globulus, Castanea sativa, and Quercus faginea (Canhoto and Graca 1995).  

Caddisfly larvae (Sericostoma personatum) demonstrated significantly higher growth rates on, 
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nitrogen rich A. glutinosa over Quercus borealis, F. sylvatica, and Picea abies litter, which 

contained lower levels of nitrogen (Iversen 1974).  Amphibian performance was best predicted 

by community-weighted-mean values of nitrogen (positive effect) and phenolics (negative 

effect), while species diversity showed no effect (Martin and Blossey 2013, Cohen et al. 2014).  

Observing that TCT directly influences consumer fitness may also explain the behavioral 

patterns observed in preferential feeding selection. 

A Changing Ecosystem Function Paradigm 

The continuous aim of conservation activities has been the maintenance of biological 

diversity and provisioning of ecosystem services (Cadotte et al. 2011).  The vast majority of 

studies to date on biodiversity and ecosystem function (BDEF) manipulate species richness 

(Balvanera et al. 2006), suggesting this is the most important aspect of BDEF.  However, species 

richness only accounts for one level of biological organization within communities.  A limitation 

of the species richness approach is it does not disentangle which species within a group of 

species is driving an effect.  This causes sampling effect bias, because increasing species 

richness results in a stronger effect due to the likelihood of including as species that 

disproportionately influences the investigated response.  This means that traditional studies 

focused on measures of species diversity only provide information on the presence and 

abundance of species, not their effects.  A fundamental shift in how species are identified within 

an ecological context may be necessary to properly answer questions regarding impact. 

Functional diversity (FD) is a measurement of biodiversity that identifies the range of 

functions that organisms perform in communities and ecosystems (Petchey and Gaston 2006). 

Functional diversity can include photosynthetic pathway (C3 vs C4), physical attributes (plant 

height, root biomass), and organismal feeding strategy (herbivores, predators).  These measures 
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attempt to identify and measure a functional contribution to ecosystem processes (i.e. carbon 

sequestration, competition effects, and trophic interactions).  In order for a functional definition 

to be meaningful it must provide information above and beyond what species richness can 

explain.  Unlike species diversity or richness, FD can capture the complementarity or 

redundancy of species within communities regarding their contribution to ecosystem processes, 

which may explain why many tested effects of species richness on ecosystem function asymptote 

as species richness increases.  However, ambiguity exists on how to explicitly define, measure, 

and assess FD (Diaz and Cabido 2001, Mason et al. 2005, Schleuter et al. 2010).  Functional 

definitions may represent both continuous and discontinuous variables or factors that can be 

analyzed in many different ways (Schleuter et al. 2010).  Additionally, functional relevance is 

limited to the contextual biological framework under which it was measured.  For instance, plant 

height may be functionally relevant to community competition effects, but may have no direct 

relevance to decomposition processes. 

Developing a more generalized and predictive model where ecosystem responses could 

be compared across a ‘common denominator’ holds great potential.  Community-weighted mean 

(CWM) trait value is computed as an average of trait values of all species present in a 

community, weighted by their relative abundances (Garnier et al. 2004).  While ‘fast-

decomposing’ and ‘slow-decomposing’ leaf traits represent FD categories, TCT trait 

composition represent biochemical mechanisms behind many functional definitions.  Therefore, 

there may be similar inherent redundancy in FD metrics as in species diversity, suggesting a 

more refined approach is possible and needed.  The similarities or differences of trait properties 

among species are highly related to evolutionary history, but vary considerably based on genetic 
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diversity and habitat characteristics.  While an oak possess very different leaf trait properties 

than a pine, they have elemental trait identities that can be measured empirically.  

Considering that TCT may change decomposition rates, influence microbial diversity, 

and determine fitness of consumers, broad alterations in local plant species dominance or 

diversity (causing shifts in community-weighted-mean trait values), would be predicted to have 

cascading implications on ecosystem functioning.  These observations support the case for 

developing a trait-based predictive model for plant invasion effects.  Traditional work testing for 

effects related to origin, invasion pace, and producer/litter diversity have largely been explored 

independently of one another, despite the fact that these ‘stressors’ occur simultaneously.  The 

majority of published literature regarding impacts of introduced and invasive species focuses on 

primary producers in terrestrial systems and only a small minority of papers have been dedicated 

to the investigation of invasive plant impacts on detritivores, consumers within aquatic systems 

(Lowry et al. 2013), or attempted to answer fundamental ecological/biological questions 

(Cardinale et al. 2011).  Studying invasion impacts on aquatic invertebrate communities and 

observing how TCT drive community responses could greatly contribute to areas of invasion 

ecology which have previously received relatively little attention. 

TCT of plant species remain in afterlife and must be dealt with by detritivores and 

decomposing microorganisms (Cornelissen et al. 1999).  Considering the majority of annual 

primary producer biomass ends up as detritus (Bray and Gorham 1964) shifts in producer 

diversity and/or evenness, especially rapid shifts associated with aggressive plant invasions, 

would be expected to have profound impacts on detritivore communities.  However, the effects 

of plant diversity are less consistent in detrital food webs (Cardinale et al. 2011), suggesting 

species identity (Gartner and Cardon 2004) and chemical diversity (Epps et al. 2007) of litter is 
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more important than species richness with regards to decomposition rate and decomposer 

activity.  This contemporary line of thinking is causing a paradigm shift in the way ecologists are 

examining the relationship between species diversity and ecosystem functioning.  Ecological 

investigation has traditionally focused on understanding how abiotic and biotic factors enable the 

regulation and maintenance of diversity, whereas contemporary investigations seek to understand 

the consequences of altering diversity (Hillebrand and Matthiessen 2009).  To wit, as Cohen et 

al. (2014) proposed:  “increasing plant species richness is only ‘good’ if it increases the value of 

‘good’ traits in the plant community”.  Although it should be duly recognized that trait effects 

may vary substantially depending on the target organisms being tested. 

A Trait-Ratio-Hypothesis 

Grime (1998) developed the Mass-Ratio-Hypothesis (MRH) to explain the relationship 

between plant biomass and ecosystem functioning (Grime 1998).  Grime hypothesized that a 

species effect on ecosystem functions or processes is proportional to the relative biomass of that 

species within the community.  Numerous studies support this postulation within both live-tissue 

(green) and detrital (brown) food webs (Vile et al. 2006, Mokany et al. 2008, Treplin et al. 2013, 

Bila et al. 2014).  Since all plant species represent a set of continuous chemistry traits, we would 

expect an extension of this hypothesis from species identity to community trait identity would 

provide greater explanatory power across diverse ecosystems, particularly with respect to 

invasion ecology. 

TCT (%Phosphorus, %Lignin, C:N Ratio) have been shown to explain congeneric and 

intraspecific variation in decomposition rates among numerous plant species, regardless of 

origin, species identity, or functional identity (Lecerf and Chauvet 2008, Janusauskaite and 

Straigyte 2011, Laughlin 2011), supporting the claim that trait identity may be a more relevant 
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predictor of certain ecosystem processes.  While the use of a metric to consistently predict 

specific processes is important, its true value lies in scalability, particularly herein predicting 

impacts of plants on higher trophic levels.  TCT (phenolics, tannins, %N) predict arthropod 

performance in both terrestrial and aquatic environments (Iversen 1974, Wait et al. 1998, Lill 

and Marquis 2001).  Amphibian performance across numerous species is consistently better 

explained by TCT (phenolic content, %Nitrogen, C:N ratio, N:P ratio) than origin, functional 

diversity, or species identity (Maerz et al. 2010, Cohen et al. 2012, Cohen et al. 2014).  Tri-

trophic effects of TCT have also been documented, were avian feeding patterns on Lymantria 

dispar caterpillars changed as a function of tannin and phenolic content of Populus tremuloides 

leaves (Muller et al. 2006). 

Evidence demonstrates TCT can consistently predict responses of diverse organisms 

within and across trophic levels.  Additionally, TCT such as C:N ratio, %N are observed to 

strongly govern multiple ecosystem processes and trophic responses, suggesting certain traits 

may be ‘uniform predictors’ of impacts resulting from changes in plant community structure.  

Importantly, TCT could supply a continuous explanatory variable applicable to most ecosystems, 

allowing for improved synthesis and comparison of studies conducted in geographically diverse 

locations and habitat types.  Developing new approaches for explaining mechanistic causation of 

plant impacts through trait-based responses that are taxa independent offers a compelling 

pathway towards developing a more fundamental understanding of ecological processes. 

 

 
 
 
 
 
 



 

54 
 

LITERATURE CITED 

Abbott, R. J. 1992. Plant invasions, interspecific hybridization and the evolution of new plant 
taxa. Trends in Ecology & Evolution 7:401-405. 

Ackerly, D. 2009. Conservatism and diversification of plant functional traits: Evolutionary rates 
versus phylogenetic signal. Proceedings of the National Academy of Sciences of the United 
States of America 106:19699-19706. 

Agrawal, A., and P. Kotanen. 2003. Herbivores and the success of exotic plants: a 
phylogenetically controlled experiment. Ecology Letters 6:712-715. 

Agrawal, A., P. Kotanen, C. Mitchell, A. Power, W. Godsoe, and J. Klironomos. 2005. Enemy 
release? An experiment with congeneric plant pairs and diverse above- and belowground 
enemies. Ecology 86:2979-2989. 

Agrawal, A. A., and M. Fishbein. 2006. Plant defense syndromes. Ecology 87:S132-S149. 

Alonso, A., N. Gonzalez-Munoz, and P. Castro-Diez. 2010. Comparison of leaf decomposition 
and macroinvertebrate colonization between exotic and native trees in a freshwater 
ecosystem. Ecological Research 25:647-653. 

Alvarez, M., and J. Cushman. 2002. Community-level consequences of a plant invasion: effects 
on three habitats in coastal California. Ecological Applications 12:1434-1444. 

Angradi, T., S. Hagan, and K. Able. 2001. Vegetation type and the intertidal macroinvertebrate 
fauna of a brackish marsh: Phragmites vs. Spartina. Wetlands 21:75-92. 

Arnold, M. L., E. K. Kentner, J. A. Johnston, S. Cornman, and A. C. Bouck. 2001. Natural 
hybridization and fitness. Taxon 50:93-104. 

Bailey, J., J. Schweitzer, and T. Whitham. 2001. Salt cedar negatively affects biodiversity of 
aquatic macroinvertebrates. Wetlands 21:442-447. 

Baker, A. J., and A. Moeed. 1987. Rapid genetic differentiation and founder effect in colonizing 
populations of common mynas (Acridotheres tristis). Evolution 41:525-538. 

Baker, H. G. 1965. Characteristics and modes of origin of weeds. Pages 147-169 In Baker, H. G. 
and G.L Stebbins, editor. The genetics of colonizing species, Academic, New York, New 
York, USA. 

Baker, H. G. 1974. The evolution of weeds. Annual Review of Ecology and Systematics 5:1-24. 

Balvanera, P., A. B. Pfisterer, N. Buchmann, J. He, T. Nakashizuka, D. Raffaelli, and B. Schmid. 
2006. Quantifying the evidence for biodiversity effects on ecosystem functioning and 
services. Ecology Letters 9:1146-1156. 



 

55 
 

Bangert, R., R. Turek, B. Rehill, G. Wimp, J. Schweitzer, G. Allan, J. Bailey, G. Martinsen, P. 
Keim, R. Lindroth, and T. Whitham. 2006. A genetic similarity rule determines arthropod 
community structure. Molecular ecology 15:1379-1391. 

Barbour, R., B. Potts, and R. Vaillancourt. 2006. Gene flow between introduced and native 
Eucalyptus species: early-age selection limits invasive capacity of exotic E. ovata x nitens 
F-1 hybrids. Forest Ecology and Management 228:206-214. 

Barney, J. 2006. North American history of two invasive plant species: phytogeographic 
distribution, dispersal vectors, and multiple introductions. Biological Invasions 8:703-717. 

Bazely, D. R., and R. L. Jefferies. 1997. Trophic interactions in artic ecosystems and the 
occurrence of a terrestrial tropic cascade. Pages 183-207 In Woodin, S. J., and M. Marquis, 
editors. Ecology of arctic environments, Blackwell Science, Oxford, UK. 

Beck, K. G., K. Zimmerman, J. D. Schardt, J. Stone, R. R. Lukens, S. Reichard, J. Randall, A. A. 
Cangelosi, D. Cooper, and J. P. Thompson. 2008. Invasive species defined in a policy 
context: recommendations from the Federal Invasive Species Advisory Committee. Invasive 
Plant Science and Management 1:414-421. 

Beirne, B. P. 1975. Biological control attempts by introductions against pest insects in field in 
Canada. Canadian Entomologist 107:225-236. 

Bennett, R. N., and R. M. Wallsgrove. 1994. Secondary metabolites in plant defense-
mechanisms. New Phytologist 127:617-633. 

Bergstrom, D. M., A. Lucieer, K. Kiefer, J. Wasley, L. Belbin, T. K. Pedersen, and S. L. Chown. 
2009. Indirect effects of invasive species removal devastate World Heritage island. Journal 
of Applied Ecology 46:73-81. 

Bernays, E., and M. Graham. 1988. On the evolution of host specificity in phytophagous 
arthropods. Ecology 69:886-892. 

Bila, K., M. Moretti, F. de Bello, A. T. C. Dias, G. B. Pezzatti, A. R. Van Oosten, and M. P. 
Berg. 2014. Disentangling community functional components in a litter-macrodetritivore 
model system reveals the predominance of the mass ratio hypothesis. Ecology and 
Evolution 4:408-416. 

Blaney, C., and P. Kotanen. 2001. Effects of fungal pathogens on seeds of native and exotic 
plants: a test using congeneric pairs. Journal of Applied Ecology 38:1104-1113. 

Blossey, B., and R. Notzold. 1995. Evolution of increased competitive ability in invasive 
nonindigenous plants - a hypothesis. Journal of Ecology 83:887-889. 



 

56 
 

Bossdorf, O., H. Auge, L. Lafuma, W. Rogers, E. Siemann, and D. Prati. 2005. Phenotypic and 
genetic differentiation between native and introduced plant populations. Oecologia 144:1-
11. 

Bottollier-Curtet, M., J. Charcosset, A. Planty-Tabacchi, and E. Tabacchi. 2011. Degradation of 
native and exotic riparian plant leaf litter in a floodplain pond. Freshwater Biology 56:1798-
1810. 

Boyce, R. L., R. D. Durtsche, and S. L. Fugal. 2012. Impact of the invasive shrub Lonicera 
maackii on stand transpiration and ecosystem hydrology in a wetland forest. Biological 
Invasions 14:671-680. 

Brasier, C. M., D. E. L. Cooke, and J. M. Duncan. 1999. Origin of a new Phytophthora pathogen 
through interspecfic hybridization. Proceedings of the National Academy of Sciences of the 
United States of America 96:5878-5883. 

Bray, J. R., and E. Gorham. 1964. Litter production in forests of the world. Advances in 
Ecological Research 2:101-157. 

Brown, J., and M. V. Lomolino. 1998. Biogeography. Sinauer Associates, Sunderland, 
Massachusetts, USA. 

Burghardt, K., and D. Tallamy. 2013. Plant origin asymmetrically impacts feeding guilds and life 
stages driving community structure of herbivorous arthropods. Diversity and Distributions 
19:1553-1565. 

Burghardt, K., D. Tallamy, C. Philips, and K. and Shropshire. 2010. Non-native plants reduce 
abundance, richness, and host specialization in lepidopteran communities. Ecosphere 1:1-
22. 

Burke, M., and J. Grime. 1996. An experimental study of plant community invasibility. Ecology 
77:776-790. 

Burkhardt, J. W., and E. W. Tisdale. 1976. Causes of Juniper invasion in southwestern Idaho. 
Ecology 57:472-484. 

Cadotte, M. W., K. Carscadden, and N. Mirotchnick. 2011. Beyond species: functional diversity 
and the maintenance of ecological processes and services. Journal of Applied Ecology 
48:1079-1087. 

Cadotte, M., B. Murray, and J. Lovett-Doust. 2006. Ecological patterns and biological invasions: 
using regional species inventories in macroecology. Biological Invasions 8:809-821. 

Callaway, R. M., and E. T. Aschehoug. 2000. Invasive plants versus their new and old 
neighbors:  a mechanism for exotic invasion. Science 290:521-523. 



 

57 
 

Callaway, R. M., D. Cipollini, K. Barto, G. C. Thelen, S. G. Hallett, D. Prati, K. Stinson, and J. 
Klironomos. 2008. Novel weapons: invasive plant suppresses fungal mutualists in America 
but not in its native Europe. Ecology 89:1043-1055. 

Callaway, R., and W. Ridenour. 2004. Novel weapons: invasive success and the evolution of 
increased competitive ability. Frontiers in Ecology and the Environment 2:436-443. 

Camazine, S., and R. A. Morse. 1988. The Africanized honeybee. American Scientist 76:465-
471. 

Canhoto, C., and M. A. S. Graca. 1995. Food value of introduced eucalypt leaves for a 
Mediterranean stream Detritivore - Tipula lateralis. Freshwater Biology 34:209-214. 

Canhoto, C., and M. Graca. 1999. Leaf barriers to fungal colonization and shredders (Tipula 
lateralis) consumption of decomposing Eucalyptus globulus. Microbial ecology 37:163-172. 

Cappuccino, N., and J. T. Arnason. 2006. Novel chemistry of invasive exotic plants. Biology 
Letters 2:189-193. 

Cardinale, B. J., J. P. Wright, M. W. Cadotte, I. T. Carroll, A. Hector, D. S. Srivastava, M. 
Loreau, and J. J. Weis. 2007. Impacts of plant diversity on biomass production increase 
through time because of species complementarity. Proceedings of the National Academy of 
Sciences of the United States of America 104:18123-18128. 

Cardinale, B. J., K. L. Matulich, D. U. Hooper, J. E. Byrnes, E. Duffy, L. Gamfeldt, P. 
Balvanera, M. I. O'Connor, and A. Gonzalez. 2011. The functional role of producer 
diversity in ecosystems. American Journal of Botany 98:572-592. 

Carlton, J. T., and G. M. Ruiz. 2005. Vector science and integrated vector management in 
bioinvasion ecology:  conceptual frameworks. Pages 36-58 In Mooney, H. A., R. N. Mack, 
J. A. McNeely, L. E. Neville, P. J. Schei, and J. K. Waage, editors. Invasive alien species, 
Island Press, Washington, DC, USA. 

Catford, J. A., R. Jansson, and C. Nilsson. 2009. Reducing redundancy in invasion ecology by 
integrating hypotheses into a single theoretical framework. Diversity and Distributions 
15:22-40. 

Chapin, F. S., K. Autumn, and F. Pugnaire. 1993. Evolution of suites of traits in response to 
environmental stress. American Naturalist 142:S78-S92. 

Chau, M. M., L. R. Walker, and K. Mehltreter. 2013. An invasive tree fern alters soil and plant 
nutrient dynamics in Hawaii. Biological Invasions 15:355-370. 

Cohen, J. S., S. D. Rainford, and B. Blossey. 2014. Community-weighted mean functional effect 
traits determine larval amphibian responses to litter mixtures. Oecologia 174:1359-1366. 



 

58 
 

Cohen, J. S., J. C. Maerz, and B. Blossey. 2012. Traits, not origin, explain impacts of plants on 
larval amphibians. Ecological Applications 22:218-228. 

Colautti, R., A. Ricciardi, I. Grigorovich, and H. MacIsaac. 2004. Is invasion success explained 
by the enemy release hypothesis? Ecology Letters 7:721-733. 

Colautti, R. I., I. A. Grigorovich, and H. J. MacIsaac. 2006. Propagule pressure: A null model for 
biological invasions. Biological Invasions 8:1023-1037. 

Cook-Patton, S. C., S. H. McArt, A. L. Parachnowitsch, J. S. Thaler, and A. A. Agrawal. 2011. A 
direct comparison of the consequences of plant genotypic and species diversity on 
communities and ecosystem function. Ecology 92:915-923. 

Copp, G., P. Bianco, N. Bogutskaya, T. Eros, I. Falka, M. Ferreira, M. Fox, J. Freyhof, R. 
Gozlan, J. Grabowska, V. Kovac, R. Moreno-Amich, A. Naseka, M. Penaz, M. Povz, M. 
Przybylski, M. Robillard, I. Russell, S. Stakenas, S. Sumer, A. Vila-Gispert, and C. 
Wiesner. 2005. To be, or not to be, a non-native freshwater fish? Journal of Applied 
Ichthyology 21:242-262. 

Cornelissen, J., N. Perez-Harguindeguy, S. Diaz, J. Grime, B. Marzano, M. Cabido, F. 
Vendramini, and B. Cerabolini. 1999. Leaf structure and defense control litter 
decomposition rate across species and life forms in regional floras on two continents. New 
Phytologist 143:191-200. 

Cornell, H., and B. Hawkins. 2003. Herbivore responses to plant secondary compounds: a test of 
phytochemical coevolution theory. American Naturalist 161:507-522. 

Cornwell, W. K., J. H. C. Cornelissen, K. Amatangelo, E. Dorrepaal, V. T. Eviner, O. Godoy, S. 
E. Hobbie, B. Hoorens, H. Kurokawa, N. Perez-Harguindeguy, H. M. Quested, L. S. 
Santiago, D. A. Wardle, I. J. Wright, R. Aerts, S. D. Allison, P. van Bodegom, V. Brovkin, 
A. Chatain, T. V. Callaghan, S. Diaz, E. Garnier, D. E. Gurvich, E. Kazakou, J. A. Klein, J. 
Read, P. B. Reich, N. A. Soudzilovskaia, M. Victoria Vaieretti, and M. Westoby. 2008. 
Plant species traits are the predominant control on litter decomposition rates within biomes 
worldwide. Ecology Letters 11:1065-1071. 

Crawley, M. J. 1986. The population biology of invaders. Philosophical Transactions of the 
Royal Society of London Series B-Biological Sciences 314:711-729. 

Cretaz, A. L. d. l., and M. J. Kelty. 1999. Establishment and control of hay-scented fern: a native 
invasive species. Biological Invasions 1:223-236. 

Crosby, A. W. 1972. The Columbian exchange; biological and cultural consequences of 1492. 
Greenwood, Westport, Connecticut, USA. 



 

59 
 

Daehler, C. C., J. S. Denslow, S. Ansari, and H. C. Kuo. 2004. A risk-assessment system for 
screening out invasive pest plants from Hawaii and other Pacific islands. Conservation 
Biology 18:360-368. 

Daehler, C. 2003. Performance comparisons of co-occurring native and alien invasive plants: 
implications for conservation and restoration. Annual Review of Ecology Evolution and 
Systematics 34:183-211. 

D'Antonio, C. 1993. Mechanisms controlling invasions of coastal plant communities by the alien 
succulent, Carpobrotus edulis. Ecology 74:83-95. 

Darwin, C. 1859. The origin of the species by means of natural selection. Murray, London, UK. 

Davis, M. A., and K. Thompson. 2000. Eight ways to be a colonizer, two ways to be an 
invader:  a proposed nomenclature scheme for invasion ecology. Bulletin of Ecological 
Society of America 81:226-230. 

Davis, M., J. Grime, and K. Thompson. 2000. Fluctuating resources in plant communities: a 
general theory of invasibility. Journal of Ecology 88:528-534. 

Davis, M., and R. Shaw. 2001. Range shifts and adaptive responses to quaternary climate 
change. Science 292:673-679. 

DeWalt, S., J. Denslow, and K. Ickes. 2004. Natural-enemy release facilitates habitat expansion 
of the invasive tropical shrub Clidemia hirta. Ecology 85:471-483. 

Di Castri, F. 1989. History of biological invasions with special emphasis on the Old World. 
Pages 1-30 In Drake, J. A., H. A. Mooney, F. di Castri, R. H. Groves, F. J. Krüger, M. 
Rejmanek, and M. Williamson, editors. Biological invasions, a global perspective, John 
Wiley and Sons, New York, New York, USA. 

Diaz, S., and M. Cabido. 2001. Vive la difference: plant functional diversity matters to 
ecosystem processes. Trends in Ecology & Evolution 16:646-655. 

Diaz, S., J. Hodgson, K. Thompson, M. Cabido, J. Cornelissen, A. Jalili, G. Montserrat-Marti, J. 
Grime, F. Zarrinkamar, Y. Asri, S. Band, S. Basconcelo, P. Castro-Diez, G. Funes, B. 
Hamzehee, M. Khoshnevi, N. Perez-Harguindeguy, M. Perez-Rontome, F. Shirvany, F. 
Vendramini, S. Yazdani, R. Abbas-Azimi, A. Bogaard, S. Boustani, M. Charles, M. 
Dehghan, L. de Torres-Espuny, V. Falczuk, J. Guerrero-Campo, A. Hynd, G. Jones, E. 
Kowsary, F. Kazemi-Saeed, M. Maestro-Martinez, A. Romo-Diez, S. Shaw, B. Siavash, P. 
Villar-Salvador, and M. Zak. 2004. The plant traits that drive ecosystems: evidence from 
three continents. Journal of Vegetation Science 15:295-304. 

Diez, J. M., I. Dickie, G. Edwards, P. E. Hulme, J. J. Sullivan, and R. P. Duncan. 2010. Negative 
soil feedbacks accumulate over time for non-native plant species. Ecology Letters 13:803-
809. 



 

60 
 

Dostal, P., J. Muellerova, P. Pysek, J. Pergl, and T. Klinerova. 2013. The impact of an invasive 
plant changes over time. Ecology Letters 16:1277-1284. 

Drake, J. A., H. A. Mooney, F. Di Castri, R. H. Groves, F. J. Krueger, and M. Rejmanek. 1989. 
Biological invasions: a global perspective. Wiley, Chichester, UK. 

Drake, J. M., and D. M. Lodge. 2006. Allee effects, propagule pressure and the probability of 
establishment: risk analysis for biological invasions. Biological Invasions 8:365-375. 

Dudley, T. L. 2000. Arundo donax. Pages 53-58 In Bossard, C. C., J. M. Randall, and M. C. 
Hoshovsky, editors. Invasive plants of California's wildlands, University of California Press, 
Berkeley, California, USA. 

Dukes, J., and H. Mooney. 2004. Disruption of ecosystem processes in western North America 
by invasive species. Revista Chilena De Historia Natural 77:411-437. 

Dukes, J., and H. Mooney. 1999. Does global change increase the success of biological invaders? 
Trends in Ecology & Evolution 14:135-139. 

Duncan, R. P. 2011. Propagule pressure. Pages 561-663 In Simberloff, D., and M. Rejmanek, 
editors. Encyclopedia of biological invasions, University of California Press, Berkley, 
California, USA. 

Duncan, R. 1997. The role of competition and introduction effort in the success of passeriform 
birds introduced to New Zealand. American Naturalist 149:903-915. 

Ehrlich, P. R. 1986. Which animals will invade? In Mooney, H. A., and J. A. Drake, editors. 
Ecology of biological invasions of North America and Hawaii, Springer-Verlag, New York, 
New York, USA. 

Eiswerth, M., T. Darden, W. Johnson, J. Agapoff, and T. Harris. 2005. Input-output modeling, 
outdoor recreation, and the economic impacts of weeds. Weed Science 53:130-137. 

Ellstrand, N. C., and K. A. Schierenbeck. 2000. Hybridization as a stimulus for the evolution of 
invasiveness in plants? Annual Review of Ecology and Systematics 97:7043-7050. 

Elton, C. 1958. The ecology of invasions by animals and plants. Methuen, London, UK. 

Engelhardt, A. M., and M. E. Ritchie. 2001. Effects of macrophyte species richness on wetland 
ecosystem functioning and services. Nature 411:687-689. 

Epps, K. Y., N. B. Comerford, Reeves, James B., III, W. P. Cropper Jr., and Q. R. Araujo. 2007. 
Chemical diversity - highlighting a species richness and ecosystem function disconnect. 
Oikos 116:1831-1840. 



 

61 
 

Estevez, R. A., C. B. Anderson, J. C. Pizarro, and M. A. Burgman. 2015. Clarifying values, risk 
perceptions, and attitudes to resolve or avoid social conflicts in invasive species 
management. Conservation Biology 29:19-30. 

Foster, S. A., and C. H. Janson. 1985. The relationship between seed size and establishment 
conditions in tropical woody plants. Ecology 66:773-780. 

Frankham, R., and B. Brook. 2004. The importance of time scale in conservation biology and 
ecology. Annales Zoologici Fennici 41:459-463. 

Frenot, Y., and J. C. Gloaguen. 1994. Reproductive performance of native and alien colonizing 
phanerogams on a glacier foreland, Iles Kerguelen. Polar Biology 14:473-481. 

Fridley, J. D., J. J. Stachowicz, S. Naeem, D. F. Sax, E. W. Seabloom, M. D. Smith, T. J. 
Stohlgren, D. Tilman, and B. Von Holle. 2007. The invasion paradox: reconciling pattern 
and process in species invasions. Ecology 88:3-17. 

Futuyma, D. J., and A. A. Agrawal. 2009. Macroevolution and the biological diversity of plants 
and herbivores. Proceedings of the National Academy of Sciences of the United States of 
America 106:18054-18061. 

Garnier, E., J. Cortez, G. Billes, M. Navas, C. Roumet, M. Debussche, G. Laurent, A. Blanchard, 
D. Aubry, A. Bellmann, C. Neill, and J. Toussaint. 2004. Plant functional markers capture 
ecosystem properties during secondary succession. Ecology 85:2630-2637. 

Gartner, T., and Z. Cardon. 2004. Decomposition dynamics in mixed-species leaf litter. Oikos 
104:230-246. 

Geiger, J. H., P. D. Pratt, G. S. Wheeler, and D. A. Williams. 2011. Hybrid vigor for the invasive 
exotic brazilian peppertree (Schinus Terebinthifolius Raddi., Anacardiaceae) in Florida. 
International journal of plant sciences 172:655-663. 

Gelbard, J., and J. Belnap. 2003. Roads as conduits for exotic plant invasions in a semiarid 
landscape. Conservation Biology 17:420-432. 

Gerber, E., C. Krebs, C. Murrell, M. Moretti, R. Rocklin, and U. Schaffner. 2008. Exotic 
invasive knotweeds (Fallopia spp.) negatively affect native plant and invertebrate 
assemblages in European riparian habitats. Biological Conservation 141:646-654. 

Godoy, O., P. Castro-Diez, R. S. P. Van Logtestijn, J. H. C. Cornelissen, and F. Valladares. 
2010. Leaf litter traits of invasive species slow down decomposition compared to Spanish 
natives: a broad phylogenetic comparison. Oecologia 162:781-790. 

Goodwin, B., A. McAllister, and L. Fahrig. 1999. Predicting invasiveness of plant species based 
on biological information. Conservation Biology 13:422-426. 



 

62 
 

Graca, M., C. Cressa, M. Gessner, M. Feio, K. Callies, and C. Barrios. 2001. Food quality, 
feeding preferences, survival and growth of shredders from temperate and tropical streams. 
Freshwater Biology 46:947-957. 

Griffith, A. B., K. Andonian, C. P. Weiss, and M. E. Loik. 2014. Variation in phenotypic 
plasticity for native and invasive populations of Bromus tectorum. Biological Invasions 
16:2627-2638. 

Grime, J. 1998. Benefits of plant diversity to ecosystems: immediate, filter and founder effects. 
Journal of Ecology 86:902-910. 

Halpern, B. S., S. Walbridge, K. A. Selkoe, C. V. Kappel, F. Micheli, C. D'Agrosa, J. F. Bruno, 
K. S. Casey, C. Ebert, H. E. Fox, R. Fujita, D. Heinemann, H. S. Lenihan, E. M. P. Madin, 
M. T. Perry, E. R. Selig, M. Spalding, R. Steneck, and R. Watson. 2008. A global map of 
human impact on marine ecosystems. Science 319:948-952. 

Handa, I. T., R. Aerts, F. Berendse, M. P. Berg, A. Bruder, O. Butenschoen, E. Chauvet, M. O. 
Gessner, J. Jabiol, M. Makkonen, B. G. McKie, B. Malmqvist, E. T. H. M. Peeters, S. 
Scheu, B. Schmid, J. van Ruijven, V. C. A. Vos, and S. Haettenschwiler. 2014. 
Consequences of biodiversity loss for litter decomposition across biomes. Nature 509:218-+. 

Harper, J. 1977. Population biology of plants. Academic Press, London, UK. 

Hastings, A., K. Cuddington, K. Davies, C. Dugaw, S. Elmendorf, A. Freestone, S. Harrison, M. 
Holland, J. Lambrinos, U. Malvadkar, B. Melbourne, K. Moore, C. Taylor, and D. 
Thomson. 2005. The spatial spread of invasions: new developments in theory and evidence. 
Ecology Letters 8:91-101. 

Hattenschwiler, S., A. Tiunov, and S. Scheu. 2005. Biodiversity and litter decomposition in 
terrestrial ecosystems. Annual Review of Ecology Evolution and Systematics 36:191-218. 

Hejda, M., P. Pysek, and V. Jarosik. 2009. Impact of invasive plants on the species richness, 
diversity and composition of invaded communities. Journal of Ecology 97:393-403. 

Hellmann, J. J., J. E. Byers, B. G. Bierwagen, and J. S. Dukes. 2008. Five potential consequences 
of climate change for invasive species. Conservation Biology 22:534-543. 

Herrera, A. M., and T. L. Dudley. 2003. Reduction of riparian arthropod abundance and diversity 
as a consequence of giant reed (Arundo donax) invasion. Biological Invasions 5:167-177. 

Hierro, J., J. Maron, and R. Callaway. 2005. A biogeographical approach to plant invasions: the 
importance of studying exotics in their introduced and native range. Journal of Ecology 
93:5-15. 

Hillebrand, H., and B. Matthiessen. 2009. Biodiversity in a complex world: consolidation and 
progress in functional biodiversity research. Ecology Letters 12:1405-1419. 



 

63 
 

Hjalten, J., K. Danell, and P. Lundberg. 1993. Herbivore avoidance by association - vole and 
hare utilization of woody plants. Oikos 68:125-131. 

Hobbs, R. J. 1991. Disturbance a precursor to weed invasion in native vegetation. Plant 
Protection Quarterly 6:99-104. 

Hobbs, R. J., and L. Atkins. 1988. Effect of disturbance and nutrient addition on native and 
introduced annuals in plant-communities in the western Australian wheat-belt. Australian 
Journal of Ecology 13:171-179. 

Holmes, T., and K. Rice. 1996. Patterns of growth and soil-water utilization in some exotic 
annuals and native perennial bunchgrasses of California. Annals of Botany 78:233-243. 

Holomuzki, J. R., and D. M. Klarer. 2010. Invasive reed effects on benthic community structure 
in Lake Erie coastal marshes. Wetlands Ecology and Management 18:219-231. 

Holt, R. 2003. On the evolutionary ecology of species' ranges. Evolutionary Ecology Research 
5:159-178. 

Hood, W. G., and R. J. Naiman. 2000. Vulnerability of riparian zones to invasion by exotic 
vascular plants. Plant Ecology 148:105-114. 

Hooper, D. U., M. Solan, A. Symstad, A. Diaz, M. O. Gessner, and N. Buchman. 2002. Species 
diversity, functional diversity, and ecosystem functioning. Pages 195-208 In Loreau, M., S. 
Naeem, and P. Inchausti, editors. Biodiversity and ecosystem functioning, Oxford 
University Press, Oxford, UK. 

Hooper, D., F. Chapin, J. Ewel, A. Hector, P. Inchausti, S. Lavorel, J. Lawton, D. Lodge, M. 
Loreau, S. Naeem, B. Schmid, H. Setala, A. Symstad, J. Vandermeer, and D. Wardle. 2005. 
Effects of biodiversity on ecosystem functioning: a consensus of current knowledge. 
Ecological Monographs 75:3-35. 

Huston, M. 1997. Hidden treatments in ecological experiments: re-evaluating the ecosystem 
function of biodiversity. Oecologia 110:449-460. 

Ignace, D. D., and P. Chesson. 2014. Removing an invader: evidence for forces reassembling a 
Chihuahuan desert ecosystem. Ecology 95:3203-3212. 

Iversen, T. M. 1974. Ingestion and growth in Sericostoma personatum (Trichoptera) in relation 
to nitrogen content of ingested leaves. Oikos 25:278-282. 

Janusauskaite, D., and L. Straigyte. 2011. Leaf litter decomposition differences between alien 
and native maple species. Baltic Forestry 17:189-196. 

Jarchow, M. E., and B. J. Cook. 2009. Allelopathy as a mechanism for the invasion of Typha 
angustifolia. Plant Ecology 204:113-124. 



 

64 
 

Jenkins, P. T., and H. A. Mooney. 2006. The United States, China, and invasive species: present 
status and future prospects. Biological Invasions 8:1589-1593. 

Jeschke, J. M., L. Gomez Aparicio, S. Haider, T. Heger, C. J. Lortie, P. Pysek, and D. L. Strayer. 
2012. Support for major hypotheses in invasion biology is uneven and declining. NeoBiota 
:1-20. 

Jeschke, J. M. 2014. General hypotheses in invasion ecology. Diversity and Distributions 
20:1229-1234. 

Johnson, P. T. J., J. D. Olden, C. T. Solomon, and M. J. Vander Zanden. 2009. Interactions 
among invaders: community and ecosystem effects of multiple invasive species in an 
experimental aquatic system. Oecologia 159:161-170. 

Joshi, J., and K. Vrieling. 2005. The enemy release and EICA hypothesis revisited: incorporating 
the fundamental difference between specialist and generalist herbivores. Ecology Letters 
8:704-714. 

Kahan, D. M., and D. Bramah. 2006. Cultural cognition and public policy. Yale Law and Policy 
Review 24:147-170. 

Kaneko, N., and E. Salamanca. 1999. Mixed leaf litter effects on decomposition rates and soil 
microarthropod communities in an oak-pine stand in Japan. Ecological Research 14:131-
138. 

Keane, R., and M. Crawley. 2002. Exotic plant invasions and the enemy release hypothesis. 
Trends in Ecology & Evolution 17:164-170. 

Keeley, J. 2006. Fire management impacts on invasive plants in the western United States. 
Conservation Biology 20:375-384. 

Keller, R. P., and D. M. Lodge. 2007. Species invasions from commerce in live aquatic 
organisms: Problems and possible solutions. Bioscience 57:428-436. 

Keller, R. P., J. M. Drake, M. B. Drew, and D. M. Lodge. 2011. Linking environmental 
conditions and ship movements to estimate invasive species transport across the global 
shipping network. Diversity and Distributions 17:93-102. 

Kennedy, P. L., S. J. DeBano, A. M. Bartuszevige, and A. S. Lueders. 2009. Effects of native 
and non-native grassland plant communities on breeding passerine birds: implications for 
restoration of northwest bunchgrass prairie. Restoration Ecology 17:515-525. 

Kennedy, T., S. Naeem, K. Howe, J. Knops, D. Tilman, and P. Reich. 2002. Biodiversity as a 
barrier to ecological invasion. Nature 417:636-638. 



 

65 
 

Kercher, S., and J. Zedler. 2004. Multiple disturbances accelerate invasion of reed canary grass 
(Phalaris arundinaceae) in a mesocosm study. Oecologia 138:455-464. 

Kiesecker, J., A. Blaustein, and C. Miller. 2001. Potential mechanisms underlying the 
displacement of native red-legged frogs by introduced bullfrogs. Ecology 82:1964-1970. 

King, R., K. Dromph, and R. Bardgett. 2002. Changes in species evenness of litter have no effect 
on decomposition processes. Soil Biology & Biochemistry 34:1959-1963. 

Kirkpatrick, M., and N. Barton. 1997. Evolution of a species' range. American Naturalist 150:1-
23. 

Klironomos, J. 2002. Feedback with soil biota contributes to plant rarity and invasiveness in 
communities. Nature 417:67-70. 

Knops, J. M. H., J. R. Griffin, and A. C. Royalty. 1995. Introduced and native plants of the 
Hastings Reservation, central coastal California - a comparison. Biological Conservation 
71:115-123. 

Knops, J., D. Tilman, N. Haddad, S. Naeem, C. Mitchell, J. Haarstad, M. Ritchie, K. Howe, P. 
Reich, E. Siemann, and J. Groth. 1999. Effects of plant species richness on invasion 
dynamics, disease outbreaks, insect abundances and diversity. Ecology Letters 2:286-293. 

Kolar, C., and D. Lodge. 2001. Progress in invasion biology: predicting invaders. Trends in 
Ecology & Evolution 16:199-204. 

Kominoski, J. S., and C. M. Pringle. 2009. Resource-consumer diversity: testing the effects of 
leaf litter species diversity on stream macroinvertebrate communities. Freshwater Biology 
54:1461-1473. 

Kruger, F. J., G. J. Breytenbach, I. A. W. MacDonald, and D. M. Richardson. 1989. The 
characteristics of invaded Mediterranean-climate regions. Pages 181-213 In Drake, J. A., H. 
A. Mooney, and F. DiCastri, editors. Biological invasions: a global perspective, John Wiley, 
Chichester, UK. 

Kruger, F. J., D. M. Richardson, and B. W. Van Wilgen. 1986. Processes of invasion by alien 
plants. Pages 145-155 In Macdonald, I. A. W., F. J. Kruger, and A. A. Ferrar, editors. The 
Ecology and Managment of Biological Invasions in South Africa, Oxford University Press, 
Cape Town, South Africa. 

La Sorte, F. A., M. L. McKinney, and P. Pysek. 2007. Compositional similarity among urban 
floras within and across continents: biogeographical consequences of human-mediated 
biotic interchange. Global Change Biology 13:913-921. 



 

66 
 

Lankau, R. A., V. Nuzzo, G. Spyreas, and A. S. Davis. 2009. Evolutionary limits ameliorate the 
negative impact of an invasive plant. Proceedings of the National Academy of Sciences of 
the United States of America 106:15362-15367. 

Lau, J. A., K. P. Puliafico, J. A. Kopshever, H. Steltzer, E. P. Jarvis, M. Schwarzlander, S. Y. 
Strauss, and R. A. Hufbauer. 2008. Inference of allelopathy is complicated by effects of 
activated carbon on plant growth. New Phytologist 178:412-423. 

Laughlin, D. C. 2011. Nitrification is linked to dominant leaf traits rather than functional 
diversity. Journal of Ecology 99:1091-1099. 

Lawton, J. H., S. Nee, A. J. Letcher, and P. H. Harvey. 1994. Animal distributions: patterns and 
processes. Pages 41-58 In Edwards, P. J., R. M. May, and N. R. Webb, editors. Large-scale 
ecology and conservation biology, Blackwell, London, UK. 

Lawton, J. H., and K. C. Brown. 1986. The population and community ecology of invading 
insects. Philosophical Transactions of the Royal Society of London Series B-Biological 
Sciences 314:607-616. 

Lecerf, A., and E. Chauvet. 2008. Intraspecific variability in leaf traits strongly affects alder leaf 
decomposition in a stream. Basic and Applied Ecology 9:598-605. 

Leung, B., J. Drake, and D. Lodge. 2004. Predicting invasions: propagule pressure and the 
gravity of Allee effects. Ecology 85:1651-1660. 

Levin, L., C. Neira, and E. Grosholz. 2006. Invasive cordgrass modifies wetland trophic 
function. Ecology 87:419-432. 

Levine, J. M. 2000. Species diversity and biological invasions:  relating local process to 
community pattern. Science 288:852-854. 

Levine, J., and C. D'Antonio. 2003. Forecasting biological invasions with increasing 
international trade. Conservation Biology 17:322-326. 

Levine, J., and C. D'Antonio. 1999. Elton revisited: a review of evidence linking diversity and 
invasibility. Oikos 87:15-26. 

Levine, J., P. Adler, and S. Yelenik. 2004. A meta-analysis of biotic resistance to exotic plant 
invasions. Ecology Letters 7:975-989. 

Levine, J., M. Vila, C. D'Antonio, J. Dukes, K. Grigulis, and S. Lavorel. 2003. Mechanisms 
underlying the impacts of exotic plant invasions. Proceedings of the Royal Society B-
Biological Sciences 270:775-781. 



 

67 
 

Liendo, D., I. Biurrun, J. A. Campos, M. Herrera, J. Loidi, and I. Garcia-Mijangos. 2015. 
Invasion patterns in riparian habitats: the role of anthropogenic pressure in temperate 
streams. Plant Biosystems 149:289-297. 

Lill, J., and R. Marquis. 2001. The effects of leaf quality on herbivore performance and attack 
from natural enemies. Oecologia 126:418-428. 

Lind, E. M., and J. D. Parker. 2010. Novel weapons testing: are invasive plants more chemically 
defended than native plants? Plos One 5:e10429. 

Litt, A. R., and R. J. Steidl. 2010. Insect assemblages change along a gradient of invasion by a 
nonnative grass. Biological Invasions 12:3449-3463. 

Lloret, F., F. Medail, G. BRUNDU, I. Camarda, E. Moragues, J. Rita, P. Lambdon, and P. 
Hulme. 2005. Species attributes and invasion success by alien plants on Mediterranean 
islands. Journal of Ecology 93:512-520. 

Lockwood, J., P. Cassey, and T. Blackburn. 2005. The role of propagule pressure in explaining 
species invasions. Trends in Ecology & Evolution 20:223-228. 

Lodge, D. M. 1993. Biological invasions - lessons for ecology. Trends in Ecology & Evolution 
8:133-137. 

Lodge, D. M., S. Williams, H. J. MacIsaac, K. R. Hayes, B. Leung, S. Reichard, R. N. Mack, P. 
B. Moyle, M. Smith, D. A. Andow, J. T. Carlton, and A. McMichael. 2006. Biological 
invasions: recommendations for U.S. policy and management. Ecological Applications 
16:2035-2054. 

Lonsdale, W. 1999. Global patterns of plant invasions and the concept of invasibility. Ecology 
80:1522-1536. 

Loranger, J., S. T. Meyer, B. Shipley, J. Kattge, H. Loranger, C. Roscher, and W. W. Weisser. 
2012. Predicting invertebrate herbivory from plant traits: evidence from 51 grassland 
species in experimental monocultures. Ecology 93:2674-2682. 

Loreau, M. 2000. Biodiversity and ecosystem functioning: recent theoretical advances. Oikos 
91:3-17. 

Lowry, E., E. J. Rollinson, A. J. Laybourn, T. E. Scott, M. E. Aiello-Lammens, S. M. Gray, J. 
Mickley, and J. Gurevitch. 2013. Biological invasions: a field synopsis, systematic review, 
and database of the literature. Ecology and Evolution 3:182-196. 

MacArthur, R. H. 1972. Geographical ecology. Harper and Row, New York, New York, USA. 

MacArthur, R. H. 1970. Species-packing and competitive equilibrium for many species. 
Theoretical Population Biology 1:1-11. 



 

68 
 

Macel, M., R. C. H. de Vos, J. J. Jansen, W. H. van der Putten, and N. M. van Dam. 2014. Novel 
chemistry of invasive plants: exotic species have more unique metabolomic profiles than 
native congeners. Ecology and Evolution 4:2777-2786. 

Mack, R. N. 1991. The commercial seed trade - an early disperser of weeds in the United States. 
Economic Botany 45:257-273. 

Mack, M. 1989. Temperate grasslands vulnerable to plant invasion: characteristics and 
consequences. Pages 155-179 In Drake, J. A., H. A. Mooney, F. Di Castri, R. H. Groves, F. 
J. Krüger, M. Rejmanek, and M. Williamson, editors. Biological invasions: a global 
perspective, John Wiley and Sons, Chichester, UK. 

Mack, R., and M. Erneberg. 2002. The United States naturalized flora: largely the product of 
deliberate introductions. Annals of the Missouri Botanical Garden 89:176-189. 

Mack, R., and W. Lonsdale. 2001. Humans as global plant dispersers: getting more than we 
bargained for. Bioscience 51:95-102. 

Mack, R., D. Simberloff, W. Lonsdale, H. Evans, M. Clout, and F. Bazzaz. 2000. Biotic 
invasions: causes, epidemiology, global consequences, and control. Ecological Applications 
10:689-710. 

Maerz, J. C., J. S. Cohen, and B. Blossey. 2010. Does detritus quality predict the effect of native 
and non-native plants on the performance of larval amphibians? Freshwater Biology 
55:1694-1704. 

Magee, D. and H.E. Ahles. 1999. Flora of the northeast.  a manual of the vascular flora of New 
England and adjacent New York. Wiley, Philadelphia, Pennsylvania, USA. 

Maillet, J., and G. C. Lopez. 2000. What criteria are relevant for predicting the invasive capacity 
of a new agricultural weed? the case of invasive American species in France. Weed 
Research 40:11-26. 

Makkonen, M., M. P. Berg, I. T. Handa, S. Haettenschwiler, J. van Ruijven, P. M. van Bodegom, 
and R. Aerts. 2012. Highly consistent effects of plant litter identity and functional traits on 
decomposition across a latitudinal gradient. Ecology Letters 15:1033-1041. 

Manchester, S., and J. Bullock. 2000. The impacts of non-native species on UK biodiversity and 
the effectiveness of control. Journal of Applied Ecology 37:845-864. 

Maron, J., and M. Vila. 2001. When do herbivores affect plant invasion? Evidence for the natural 
enemies and biotic resistance hypotheses. Oikos 95:361-373. 

Maron, J. L., and M. Marler. 2008. Effects of native species diversity and resource additions on 
invader impact. American Naturalist 172:S18-S33. 



 

69 
 

Martin, P. H. 1999. Norway maple (Acer platanoides) invasion in a natural forest stand: 
understory consequence and regeneration pattern. Biological Invasions 1:215-222. 

Martin, L. J., and B. Blossey. 2013. Intraspecific variation overrides origin effects in impacts of 
litter-derived secondary compounds on larval amphibians. Oecologia 173:449-459. 

Mason, N., D. Mouillot, W. Lee, and J. Wilson. 2005. Functional richness, functional evenness 
and functional divergence: the primary components of functional diversity. Oikos 111:112-
118. 

McCullough, D., T. Work, J. Cavey, A. Liebhold, and D. Marshall. 2006. Interceptions of 
nonindigenous plant pests at US ports of entry and border crossings over a 17-year period. 
Biological Invasions 8:611-630. 

McNaughton, P. A., L. Cervetto, L. Lagnado, R. J. Perry, and D. W. Robinson. 1989. Control of 
intracellular calcium in  vertebrate photoreceptors. Neuroscience research :S23-S35. 

McNeish, R. E., M. E. Benbow, and R. W. McEwan. 2012. Riparian forest invasion by a 
terrestrial shrub (Lonicera maackii) impacts aquatic biota and organic matter processing in 
headwater streams. Biological Invasions 14:1881-1893. 

Memmott, J., P. Craze, H. Harman, P. Syrett, and S. Fowler. 2005. The effect of propagule size 
on the invasion of an alien insect. Journal of Animal Ecology 74:50-62. 

Menge, B. A., and J. P. Sutherland. 1987. Community regulation - variation in 
disturbance,  competition, and predation in relation to environmental stress and recruitment. 
American Naturalist 130:730-757. 

Mitchell, C., and A. Power. 2003. Release of invasive plants from fungal and viral pathogens. 
Nature 421:625-627. 

Mokany, K., J. Ash, and S. Roxburgh. 2008. Functional identity is more important than diversity 
in influencing ecosystem processes in a temperate native grassland. Journal of Ecology 
96:884-893. 

Moles, A. T., H. Flores-Moreno, S. P. Bonser, D. I. Warton, A. Helm, L. Warman, D. J. 
Eldridge, E. Jurado, F. A. Hemmings, P. B. Reich, J. Cavender-Bares, E. W. Seabloom, M. 
M. Mayfield, D. Sheil, J. C. Djietror, P. L. Peri, L. Enrico, M. R. Cabido, S. A. Setterfield, 
C. E. R. Lehmann, and F. J. Thomson. 2012. Invasions: the trail behind, the path ahead, and 
a test of a disturbing idea. Journal of Ecology 100:116-127. 

Mooney, H. A. 1999. A global strategy for dealing with alien invasive species. Pages 407-418 In 
Sanderlund, O., P. Schei, and A. Viken, editors. Invasive species and biodiversity 
management, Dordrecht, Kluwer. 



 

70 
 

Mooney, H. A., and J. A. Drake. 1989. Biological invasions:  a SCOPE program overview. Pages 
491-508 In Drake, J. A., editor. Biological invasions, a global perspective, Wiley, 
Chichester, UK. 

Muhlfeld, C. C., S. T. Kalinowski, T. E. McMahon, M. L. Taper, S. Painter, R. F. Leary, and F. 
W. Allendorf. 2009. Hybridization rapidly reduces fitness of a native trout in the wild. 
Biology Letters 5:328-331. 

Muller, M. S., S. R. McWilliams, D. Podlesak, J. R. Donaldson, H. M. Bothwell, and R. L. 
Lindroth. 2006. Tri-trophic effects of plant defenses: chickadees consume caterpillars based 
on host leaf chemistry. Oikos 114:507-517. 

Mwangi, P. N., M. Schmitz, C. Scherber, C. Roscher, J. Schumacher, M. Scherer-Lorenzen, W. 
W. Weisser, and B. Schmid. 2007. Niche pre-emption increases with species richness in 
experimental plant communities. Journal of Ecology 95:65-78. 

Naeem, S., K. Hakansson, J. Lawton, M. Crawley, and L. Thompson. 1996. Biodiversity and 
plant productivity in a model assemblage of plant species. Oikos 76:259-264. 

Naeem, S., J. Knops, D. Tilman, K. Howe, T. Kennedy, and S. Gale. 2000. Plant diversity 
increases resistance to invasion in the absence of covarying extrinsic factors. Oikos 91:97-
108. 

Newsome, A. E., and J. J. Noble. 1986. Ecological and physiological characteristics of invading 
species. Pages 1-20 In Groves, R. H., and J. J. Burdon, editors. Ecology of biological 
invasions, Cambridge University Press, New York, New York, USA. 

Nuzzo, V. A., J. C. Maerz, and B. Blossey. 2009. Earthworm invasion as the driving force 
behind plant invasion and community change in northeastern North American forests. 
Conservation Biology 23:966-974. 

Ohlemuller, R., S. Walker, and J. Wilson. 2006. Local vs regional factors as determinants of the 
invasibility of indigenous forest fragments by alien plant species. Oikos 112:493-501. 

Olden, J., N. L. Poff, M. R. Douglas, M. E. Douglas, and K. D. Fausch. 2004. Ecological and 
evolutionary consequences of biotic homogenization. Trends in Ecology and Evolution 
19:18-24. 

Owensmith, N., and S. M. Cooper. 1987. Palatability of woody plants to browsing ruminants in a 
South African savanna. Ecology 68:319-331. 

Page, N. A., R. E. Wall, S. J. Darbyshire, and G. A. Mulligan. 2006. The biology of invasive 
alien plants in Canada. 4. Heracleum mantegazzianum Sommier & Levier. Canadian Journal 
of Plant Science 86:569-589. 



 

71 
 

Parendes, L., and J. Jones. 2000. Role of light availability and dispersal in exotic plant invasion 
along roads and streams in the H. J. Andrews Experimental Forest, Oregon. Conservation 
Biology 14:64-75. 

Parker, I. M., S. K. Mertens, and D. W. Schemske. 1993. Distribution of 7 Native and 2 Exotic 
Plants in a Tallgrass Prairie in Southeastern Wisconsin - the Importance of Human 
Disturbance. American Midland Naturalist 130:43-55. 

Pastor, J., and R. J. Naiman. 1992. Selective foraging and ecosystem processes in boreal forests. 
American Naturalist 139:690-705. 

Pattison, R., G. Goldstein, and A. Ares. 1998. Growth, biomass allocation and photosynthesis of 
invasive and native Hawaiian rainforest species. Oecologia 117:449-459. 

Pearson, D. E. 2009. Invasive plant architecture alters trophic interactions by changing predator 
abundance and behavior. Oecologia 159:549-558. 

Pejchar, L., and H. A. Mooney. 2009. Invasive species, ecosystem services and human well-
being. Trends in Ecology & Evolution 24:497-504. 

Perez, G., M. Aubert, T. Decaens, J. Trap, and M. Chauvat. 2013. Home-field advantage: a 
matter of interaction between litter biochemistry and decomposer biota. Soil Biology & 
Biochemistry 67:245-254. 

Perez-Harguindeguy, N., S. Diaz, J. Cornelissen, F. Vendramini, M. Cabido, and A. Castellanos. 
2000. Chemistry and toughness predict leaf litter decomposition rates over a wide spectrum 
of functional types and taxa in central Argentina. Plant and Soil 218:21-30. 

Perrings, C., M. Williamson, E. Barbier, D. Delfino, S. Dalmazzone, J. Shogren, P. Simmons, 
and A. Watkinson. 2002. Biological invasion risks and the public good: an economic 
perspective. Conservation Ecology 6:1. 

Petchey, O., and K. Gaston. 2006. Functional diversity: back to basics and looking forward. 
Ecology Letters 9:741-758. 

Pierson, F. B., C. J. Williams, S. P. Hardegree, M. A. Weltz, J. J. Stone, and P. E. Clark. 2011. 
Fire, plant invasions, and erosion events on western rangelands. Rangeland Ecology & 
Management 64:439-449. 

Pimental, D., L. Lach, R. Zuniga, and D. and Morrison. 2000. Environmental and economic costs 
of nonindigenous species in the United States. Bioscience 50:53-65. 

Pimentel, D., R. Zuniga, and D. Morrison. 2005. Update on the environmental and economic 
costs associated with alien-invasive species in the United States. Ecological Economics 
52:273-288. 



 

72 
 

Prati, D., and O. Bossdorf. 2004. Allelopathic inhibition of germination by Allaria petiolata 
(Brassicaceae). American Journal of Botany 91:285-288. 

Pysek, P., and P. Hulme. 2005. Spatio-temporal dynamics of plant invasions: linking pattern to 
process. Ecoscience 12:302-315. 

Pysek, P., V. Jarosik, and T. Kucera. 2002. Patterns of invasion in temperate nature reserves. 
Biological Conservation 104:13-24. 

Pysek, P., D. Richardson, M. Rejmanek, G. Webster, M. Williamson, and J. Kirschner. 2004. 
Alien plants in checklists and floras: towards better communication between taxonomists 
and ecologists. Taxon 53:131-143. 

Qin, B., J. A. Lau, J. Kopshever, R. M. Callaway, H. McGray, L. G. Perry, T. L. Weir, M. W. 
Paschke, J. L. Hierro, J. Yoder, J. M. Vivanco, and S. Strauss. 2007. No evidence for root-
mediated allelopathy in Centaurea solstitialis, a species in a commonly allelopathic genus. 
Biological Invasions 9:897-907. 

Queiros, A. d. M., J. G. Hiddink, G. Johnson, H. N. Cabral, and M. J. Kaiser. 2011. Context 
dependence of marine ecosystem engineer invasion impacts on benthic ecosystem 
functioning. Biological Invasions 13:1059-1075. 

R Development Core Team. 2008. R version 3.1.2.  R Development core team, Society for 
Statistical Consulting, Vienna, Austria. :. 

Rajapaksha, N. S. S., K. R. Butt, E. I. Vanguelova, and A. J. Moffat. 2013. Earthworm selection 
of Short Rotation Forestry leaf litter assessed through preference testing and direct 
observation. Soil Biology & Biochemistry 67:12-19. 

Randall, R. P. 2002. A global compendium of weeds. R.G. and F.J. Richardson, Melbourne, 
Australia. 

Rapoport, E. H. 1991. Tropical versus temperate weeds: a glance into the present and future. 
Pages 41-51 In Ramakrishnan, P. S., editor. Biological invasions in the tropics, International 
Scientific Publications, Delhi, India. 

Reichard, S. H., and C. W. Hamilton. 1997. Predicting invasions of woody plants introduced into 
North America. Conservation Biology 11:193-203. 

Reinhart, K., A. Packer, W. Van der Putten, and K. Clay. 2003. Plant-soil biota interactions and 
spatial distribution of black cherry in its native and invasive ranges. Ecology Letters 6:1046-
1050. 

Reinhart, K. O., and R. VandeVoort. 2006. Effect of native and exotic leaf litter on 
macroinvertebrate communities and decomposition in a western Montana stream. Diversity 
and Distributions 12:776-781. 



 

73 
 

Rejmanek, M., and D. M. Richardson. 1996. What attributes make some plant species more 
invasive? Ecology 77:1655-1661. 

Rejmanek, M., D. M. Richardson, S. I. Higgins, M. J. Pitcarn, and E. Grotkopp. 2005. Ecology 
of invasive plants: state of the art. Pages 104-161 In Mooney, H. A., R. N. Mack, J. A. 
McNeely, L. Neville, P. Schei, and J. Waage, editors. Invasive alien species: searching for 
solutions, Island Press, Washington, D.C., USA. 

Richardson, D., and P. Pysek. 2006. Plant invasions: merging the concepts of species 
invasiveness and community invasibility. Progress in Physical Geography 30:409-431. 

Richardson, D., N. Allsopp, C. D'Antonio, S. Milton, and M. Rejmanek. 2000. Plant invasions - 
the role of mutualisms. Biological Reviews 75:65-93. 

Ridenour, W. M., J. M. Vivanco, Y. Feng, J. Horiuchi, and R. M. Callaway. 2008. No evidence 
for trade-offs: Centaurea plants from America are better competitors and defenders. 
Ecological Monographs 78:369-386. 

Robinson, G. R., J. F. Quinn, and M. L. Stanton. 1995. Invasibility of experimental habitat 
islands in a California winter annual grassland. Ecology 76:786-794. 

Anonymous biological invasions in coastal marine ecosystems: past, present, and 
future.  Ecology in an era of globalization:  challenges and opportunities for environmental 
scientists in the Americas. Proceedings of the Ecological Society of America International 
Conference; Merida, Mexico; January 8-12; Washington, DC, USA: Ecological Society of 
America; 2006. 

Sakai, A., F. Allendorf, J. Holt, D. Lodge, J. Molofsky, K. With, S. Baughman, R. Cabin, J. 
Cohen, N. Ellstrand, D. McCauley, P. O'Neil, I. Parker, J. Thompson, and S. Weller. 2001. 
The population biology of invasive species. Annual Review of Ecology and Systematics 
32:305-332. 

Sala, A., S. Smith, and D. Devitt. 1996. Water use by Tamarix ramosissima and associated 
phreatophytes in a Mojave desert floodplain. Ecological Applications 6:888-898. 

Salonius, P. O. 1981. Metabolic capabilities of forest soil microbial populations with reduced 
species diversity. Soil Biology & Biochemistry 13:1-&. 

Saltonstall, K. 2002. Cryptic invasion by a non-native genotype of the common reed, Phragmites 
australis, into North America. Proceedings of the National Academy of Sciences of the 
United States of America 99:2445-2449. 

Samways, M., P. Caldwell, and R. Osborn. 1996. Ground-living invertebrate assemblages in 
native, planted and invasive vegetation in South Africa. Agriculture Ecosystems & 
Environment 59:19-32. 



 

74 
 

Schadler, M., and R. Brandl. 2005. Do invertebrate decomposers affect the disappearance rate of 
litter mixtures? Soil Biology & Biochemistry 37:329-337. 

Schierenbeck, K. A., and N. C. Ellstrand. 2009. Hybridization and the evolution of invasiveness 
in plants and other organisms. Biological Invasions 11:1093-1105. 

Schleuter, D., M. Daufresne, F. Massol, and C. Argillier. 2010. A user's guide to functional 
diversity indices. Ecological Monographs 80:469-484. 

Sher, A. A., and L. A. Hyatt. 1999. The disturbed resource-flux invasion matrix: a new 
framework for patterns of plant invasion. Biological Invasions 1:107-114. 

Siemann, E., and W. Rogers. 2001. Genetic differences in growth of an invasive tree species. 
Ecology Letters 4:514-518. 

Silliman, B., and M. Bertness. 2004. Shoreline development drives invasion of Phragmites 
australis and the loss of plant diversity on New England salt marshes. Conservation Biology 
18:1424-1434. 

Simao, M. C. M., S. L. Flory, and J. A. Rudgers. 2010. Experimental plant invasion reduces 
arthropod abundance and richness across multiple trophic levels. Oikos 119:1553-1562. 

Simberloff, D. 2013. Invasive species:  what everyone needs to know. Oxford University Press, 
New York, New York, USA. 

Slimak, M. W., and T. Dietz. 2006. Personal values, beliefs, and ecological risk perceptions. 
Risk Analysis 26:1689-1705. 

Smith, S. A., and J. B. Shurin. 2006. Room for one more?  Evidence for invasibility and 
saturation in ecological communities. Pages 423-447 In Cadotte, M. W., S. M. McMahon, 
and T. Fukami, editors. Conceptual ecology and invasion biology:  reciprocal approaches to 
nature, Springer, Dordrecht, The Netherlands. 

Srivastava, D., and J. Lawton. 1998. Why more productive sites have more species: an 
experimental test of theory using tree-hole communities. American Naturalist 152:510-529. 

Stohlgren, T., D. Binkley, G. Chong, M. Kalkhan, L. Schell, K. Bull, Y. Otsuki, G. Newman, M. 
Bashkin, and Y. Son. 1999. Exotic plant species invade hot spots of native plant diversity. 
Ecological Monographs 69:25-46. 

Storfer, A. 1999. Gene flow and endangered species translocations: a topic revisited. Biological 
Conservation 87:173-180. 

Strayer, D. L., V. T. Eviner, J. M. Jeschke, and M. L. Pace. 2006. Understanding the long-term 
effects of species invasions. Trends in Ecology & Evolution 21:645-651. 



 

75 
 

Taylor, C., and A. Hastings. 2005. Allee effects in biological invasions. Ecology Letters 8:895-
908. 

Thebaud, C., A. C. Finzi, L. Affre, M. Debussche, and J. Escarre. 1996. Assessing why two 
introduced Conyza differ in their ability to invade Mediterranean old fields. Ecology 
77:791-804. 

Theoharides, K. A., and J. S. Dukes. 2007. Plant invasion across space and time: factors 
affecting nonindigenous species success during four stages of invasion. New Phytologist 
176:256-273. 

Thiele, J., M. Isermann, A. Otte, and J. Kollmann. 2010. Competitive displacement or biotic 
resistance? Disentangling relationships between community diversity and invasion success 
of tall herbs and shrubs. Journal of Vegetation Science 21:213-220. 

Thomas, C., E. Bodsworth, R. Wilson, A. Simmons, Z. Davies, M. Musche, and L. Conradt. 
2001. Ecological and evolutionary processes at expanding range margins. Nature 411:577-
581. 

Thomas, C. D., and R. Ohlemueller. 2010. Climate change and species' distributions: an alien 
future? Oxford University Press, Oxford, UK. 

Thompson, J. N. 1998. Rapid evolution as an ecological process. Trends in Ecology & Evolution 
13:329-332. 

Tilman, D. 1997. Community invasibility, recruitment limitation, and grassland biodiversity. 
Ecology 78:81-92. 

Torchin, M., K. Lafferty, A. Dobson, V. McKenzie, and A. Kuris. 2003. Introduced species and 
their missing parasites. Nature 421:628-630. 

Treplin, M., S. C. Pennings, and M. Zimmer. 2013. Decomposition of leaf litter in a U.S. 
saltmarsh is driven by dominant species, not species complementarity. Wetlands 33:83-89. 

Turchin, P. 1998. Quantitative analysis of movement:  measuring and modeling population 
redistribution in animals and plants. Sinauer Associates, Sunderland, Massachusetts, USA. 

Turnbull, L. A., S. Rahm, O. Baudois, S. Eichenberger-Glinz, L. Wacker, and B. Schmidt. 2005. 
Experimental invasion by legumes reveals non-random assembly rules in grassland 
communities. Journal of Ecology 93:1062-1070. 

UNCTAD. 2007. Reviews of Maritime Transport. United Nations Conference on Trade and 
Development; :. 



 

76 
 

Valinoti, C. E., C. Ho, and A. R. Armitage. 2011. Native and exotic submerged aquatic 
vegetation provide different nutritional and refuge values for macroinvertebrates. Journal of 
experimental marine biology and ecology 409:42-47. 

van Kleunen, M., E. Weber, and M. Fischer. 2010. A meta-analysis of trait differences between 
invasive and non-invasive plant species. Ecology Letters 13:235-245. 

Veltman, C., S. Nee, and M. Crawley. 1996. Correlates of introduction success in exotic New 
Zealand birds. American Naturalist 147:542-557. 

Vermeij, G. 1996. An agenda for invasion biology. Biological Conservation 78:3-9. 

Vila, M., and C. D'Antonio. 1998. Hybrid vigor for clonal growth in Carpobrotus (Aizoaceae) in 
coastal California. Ecological Applications 8:1196-1205. 

Vila, M., A. Gomez, and J. Maron. 2003. Are alien plants more competitive than their native 
conspecifics? A test using Hypericum perforatum L. Oecologia 137:211-215. 

Vila, M., J. L. Espinar, M. Hejda, P. E. Hulme, V. Jarosik, J. L. Maron, J. Pergl, U. Schaffner, Y. 
Sun, and P. Pysek. 2011. Ecological impacts of invasive alien plants: a meta-analysis of 
their effects on species, communities and ecosystems. Ecology Letters 14:702-708. 

Vile, D., B. Shipley, and E. Garnier. 2006. Ecosystem productivity can be predicted from 
potential relative growth rate and species abundance. Ecology Letters 9:1061-1067. 

Vitousek, P. M. 1990. Biological invasions and ecosystem processes - towards an integration of 
population biology and ecosystem studies. Oikos 57:7-13. 

Vitousek, P. M., L. R. Walker, L. D. Whiteaker, D. Muellerdombois, and P. A. Matson. 1987. 
Biological invasion by Myrica faya alters ecosystem development in Hawaii. Science 
238:802-804. 

Vitousek, P., C. DAntonio, L. Loope, and R. Westbrooks. 1996. Biological invasions as global 
environmental change. American Scientist 84:468-478. 

Vitousek, P., C. DAntonio, L. Loope, M. Rejmanek, and R. Westbrooks. 1997. Introduced 
species: a significant component of human-caused global change. New Zealand Journal of 
Ecology 21:1-16. 

Vivrette, N. J., and C. H. Muller. 1977. Mechanism of invasion and dominance of coastal 
grassland by Mesembryanthemum crystallinum. Ecological Monographs 47:301-318. 

Von Holle, B., and D. Simberloff. 2005. Ecological resistance to biological invasion 
overwhelmed by propagule pressure. Ecology 86:3212-3218. 



 

77 
 

Vos, V. C. A., J. van Ruijven, M. P. Berg, E. T. H. M. Peeters, and F. Berendse. 2011. Macro-
detritivore identity drives leaf litter diversity effects. Oikos 120:1092-1098. 

Wait, D., C. Jones, and J. Coleman. 1998. Effects of nitrogen fertilization on leaf chemistry and 
beetle feeding are mediated by leaf development. Oikos 82:502-514. 

Wardle, D., K. Bonner, and K. Nicholson. 1997. Biodiversity and plant litter: experimental 
evidence which does not support the view that enhanced species richness improves 
ecosystem function. Oikos 79:247-258. 

Wardle, D., G. Yeates, G. Barker, and K. Bonner. 2006. The influence of plant litter diversity on 
decomposer abundance and diversity. Soil Biology & Biochemistry 38:1052-1062. 

Wardle, D., G. Barker, K. Bonner, and K. Nicholson. 1998. Can comparative approaches based 
on plant ecophysiological traits predict the nature of biotic interactions and individual plant 
species effects in ecosystems? Journal of Ecology 86:405-420. 

Weber, E. F. 2003. Invasive plant species of the world.  A reference guide to environmental 
weeds. CABI Publishing, Wallingford, Connecticut, USA. 

Weber, E. 1997. The alien flora of Europe: a taxonomic and biogeographic review. Journal of 
Vegetation Science 8:565-572. 

Whittaker, R. H., S. A. Levin, and R. B. Root. 1973. Niche, habitat, and ecotype. American 
Naturalist 107:321-338. 

Williams, J., B. Shuman, T. Webb, P. Bartlein, and P. Leduc. 2004. Late-quaternary vegetation 
dynamics in North America: scaling from taxa to biomes. Ecological Monographs 74:309-
334. 

Williamson, M. 2000. The ecology of invasions. Pages 56-65 In Preston, G., G. Brown, and E. 
Van Wyk, editors. Best management practices for preventing and controlling invasive alien 
species, The Working for Water Programme, Cape Town, South Africa. 

Williamson, M. 1999. Invasions. Ecography 22:5-12. 

Williamson, M. 1996. Biological invasions. Chapman and Hall, London, UK. 

Williamson, M. H., and K. C. Brown. 1986. The analysis and modeling of British invasions. 
Philosophical Transactions of the Royal Society of London Series B-Biological Sciences 
314:505-522. 

Williamson, M., and A. Fitter. 1996. The varying success of invaders. Ecology 77:1661-1666. 

Willis, A., J. Memmott, and R. Forrester. 2000. Is there evidence for the post-invasion evolution 
of increased size among invasive plant species? Ecology Letters 3:275-283. 



 

78 
 

Willis, C. G., B. R. Ruhfel, R. B. Primack, A. J. Miller-Rushing, J. B. Losos, and C. C. Davis. 
2010. Favorable climate change response explains non-native species' success in Thoreau's 
woods. Plos One 5:e8878. 

Wiser, S., R. Allen, P. Clinton, and K. Platt. 1998. Community structure and forest invasion by 
an exotic herb over 23 years. Ecology 79:2071-2081. 

With, K. 2002. The landscape ecology of invasive spread. Conservation Biology 16:1192-1203. 

Wolfe, L. 2002. Why alien invaders succeed: support for the escape-from-enemy hypothesis. 
American Naturalist 160:705-711. 

Woodcock, B. A., and R. F. Pywell. 2010. Effects of vegetation structure and floristic diversity 
on detritivore, herbivore and predatory invertebrates within calcareous grasslands. 
Biodiversity and Conservation 19:81-95. 

Woodford, D. J., C. Hui, D. M. Richardson, and O. L. F. Weyl. 2013. Propagule pressure drives 
establishment of introduced freshwater fish: quantitative evidence from an irrigation 
network. Ecological Applications 23:1926-1937. 

Woods, K. D. 1993. Effects of invasion by Lonicera tatarica L on herbs and tree seedlings in 
four New England forests. American Midland Naturalist 130:62-74. 

Woods, M., and P. Moriarty. 2001. Strangers in a strange land: the problem of exotic species. 
Environmental Values 10:163-191. 

Work, T., D. McCullough, J. Cavey, and R. Komsa. 2005. Arrival rate of nonindigenous insect 
species into the United States through foreign trade. Biological Invasions 7:323-332. 

Wright, I., P. Reich, M. Westoby, D. Ackerly, Z. Baruch, F. Bongers, J. Cavender-Bares, T. 
Chapin, J. Cornelissen, M. Diemer, J. Flexas, E. Garnier, P. Groom, J. Gulias, K. Hikosaka, 
B. Lamont, T. Lee, W. Lee, C. Lusk, J. Midgley, M. Navas, U. Niinemets, J. Oleksyn, N. 
Osada, H. Poorter, P. Poot, L. Prior, V. Pyankov, C. Roumet, S. Thomas, M. Tjoelker, E. 
Veneklaas, and R. Villar. 2004. The worldwide leaf economics spectrum. Nature 428:821-
827. 

Xu, H., H. Ding, M. Li, S. Qiang, J. Guo, Z. Han, Z. Huang, H. Sun, S. He, H. Wu, and F. Wan. 
2006. The distribution and economic losses of alien species invasion to China. Biological 
Invasions 8:1495-1500. 

Yakimowski, S., H. Hager, and C. Eckert. 2005. Limits and effects of invasion by the 
nonindigenous wetland plant Lythrum salicaria (purple loosestrife): a seed bank analysis. 
Biological Invasions 7:687-698. 

Zavaleta, E., R. Hobbs, and H. Mooney. 2001. Viewing invasive species removal in a whole-
ecosystem context. Trends in Ecology & Evolution 16:454-459. 



 

79 
 

Zhao, X., W. Liu, and M. Zhou. 2013. Lack of local adaptation of invasive crofton weed 
(Ageratina adenophora) in different climatic areas of Yunnan Province, China. Journal of 
Plant Ecology 6:316-322. 

  

 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 



 

80 
 

CHAPTER TWO 

LEAF CHEMISTRY TRAITS PREDICT AQUATIC MACROINVERTEBRATE RESPONSES 

TO PLANT INVASIONS 

 

Introduction 

Climate change (Dukes and Mooney 1999, Hellmann et al. 2008, Willis et al. 2010), 

globalization (Vitousek et al. 1997, Halpern et al. 2008, Keller et al. 2011), and anthropogenic 

habitat alteration (Kiesecker et al. 2001, Silliman and Bertness 2004, Liendo et al. 2015) promote 

species invasions on a global scale.  Invasions of plant species have caused broad-scale changes 

to invaded ecosystems (Levine et al. 2003, Dukes and Mooney 2004, Vila et al. 2011).  These 

changes impose consequences on local biodiversity and trophic organization, which in-turn 

affect the provisioning of ecosystem services deemed valuable by humans (Pejchar and Mooney 

2009).  Plant diversity strongly influences net primary productivity (Naeem et al. 1996, 

Cardinale et al. 2011), consumer diversity (Cook-Patton et al. 2011) and decomposition rates 

(Handa et al. 2014).   

An overrepresentation of testing origin and invasion effects within live-tissue (i.e. 

‘green’) food webs (Cardinale et al. 2011, Lowry et al. 2013) has led to a categorical assumption 

that species of non-native origin negatively impact local ecological processes.  This assumption 

is largely driven by the accumulation of results obtained by comparing native plants to unrelated 

non-native plants.  If this impact is maintained in detrital (i.e. ‘brown’) food webs, we would 

expect changes in producer origin or diversity to strongly impact detritivore communities, 

considering the majority of annual plant biomass ends up as detritus (McNaughton et al. 1989).  

However, effects of plant origin and diversity within detrital food webs is inconsistent (Graca et 
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al. 2001, Schadler and Brandl 2005, Wardle et al. 2006, Cardinale et al. 2011).  Since there is no 

evolutionary feedback loop between detritivores and plant defense, impacts explained by 

fundamental mechanisms in green food webs, such as loss of a specialist host, do not apply to 

brown food webs.  Traditional approaches testing detritivore response to litter regimes include 

comparison of single native and introduced species treatments, equally proportioned litter 

mixtures, or evenness treatments designed for statistical convenience (Kaneko and Salamanca 

1999, King et al. 2002, Cohen et al. 2014).  Such approaches do not reflect the manner by which 

invading plant species change litter regimes over the course of an invasion, where an 

incrementally increasing proportion of biomass is contributed by the invader.   

Increasing evidence suggests functional identity (Gartner and Cardon 2004) and chemical 

identity (Epps et al. 2007) of litter is more important than species identity in regards to invasion 

impact.  A refined approach is needed to properly test origin and invasion effects on consumers 

since they are not mutually exclusive factors, interacting simultaneously and cumulatively 

species spread.  Yet, this framework for testing consumer responses with respect to invasions has 

not been previously utilized.  This contemporary line of thinking is causing an investigative 

paradigm shift away from factors that influence regulation and maintenance of species diversity 

towards mechanisms explaining the consequences of altering species diversity (Hillebrand and 

Matthiessen 2009).   

Information about how the trait-distribution within a community will change as a result 

of an invasive species is valuable as it may increase predictive power of effects of invasions.  

While the use of a metric to consistently predict specific ecological processes is important, its 

true value lies in scalability, particularly herein predicting impacts of plants on higher trophic 

levels.  Increasing evidence supports leaf chemistry traits as multi-trophic predictors.  Percent-
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phosphorus, percent-lignin, and C:N Ratio have been shown to explain congeneric and 

intraspecific variation in decomposition rates among numerous plant species, regardless of 

origin, species identity, or functional identity (Lecerf and Chauvet 2008, Janusauskaite and 

Straigyte 2011, Laughlin 2011).  Percent-nitrogen, phenolic content and tannin content predict 

arthropod performance in both terrestrial and aquatic environments (Iversen 1974, Wait et al. 

1998, Lill and Marquis 2001).  Amphibian performance across numerous species is show to be 

consistently better explained by phenolic content, percent-nitrogen, C:N ratio, and N:P ratio than 

origin, functional diversity, or species identity (Maerz et al. 2010, Cohen et al. 2012, Cohen et al. 

2014).  Tri-trophic effects of leaf chemistry have also been documented, where avian feeding 

patterns change as a function of tannin and phenolic content of the leaves upon which their prey 

fed (Muller et al. 2006). 

Here we report the results of a litter experiment conducted in 100L outdoor mesocosms in 

which a multi-species native aquatic macroinvertebrate community experienced invasion 

pressure using eight phylogenetically paired plant species along an invasion gradient over an 18-

month period.  We employ a gradient approach, to test the hypothesis that invasion pressure will 

levy a negative effect on consumer populations.  We further hypothesize invasion of a non-native 

plant will have greater effects on consumers than invasion of a native plant.  Additionally, we 

hypothesize a reduction in litter species diversity will decrease invertebrate abundance.  Finally, 

we attempt to assess the validity of a ‘trait-based prediction hypotheses’ derived from tissue 

chemistry traits which could be broadly applied across differing habitats and trophic levels.  
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Materials and Methods 

Leaf Litter collection, stocking rates, treatment composition  

We collected senesced, but not abscised, leaves from each of 15 plant species between 12 

October – 5 December 2007 at various sites across New York State (Table 1, Figure 1).  The 

collection dates ranged over an approximate two month period to accommodate variation in 

species senescence times.  We air-dried litter stored in decoy bags in a greenhouse until 

experimental set-up in May 2008.  In order to estimate appropriate leaf litter volumes for our 

mesocosms, we placed a square-meter PVC frame on the ground in the field and collected all the 

leaves from our experimental plants contained within.  We replicated this procedure three times 

per site at three sites (Dryden Lake, Lakewood WMA, and Cornell Experimental Ponds), and 

calculated the mean of means to estimate an annual leaf-fall biomass-per-unit-area (g/m2) as a 

basis to add litter to our mesocosms.  We determined that a total biomass of 80g litter/mesocosm 

was representing annual litter input.   

 We established litter mixtures to mimic the change in litter composition along an 

invasion gradient, while maintaining the total litter biomass/mesocosm at 80g.  Our 0% invasion 

level (10 reps/treatment) represents a comingled litter treatment consisting of seven plant species 

native to upstate New York:  Acer rubrum, Alnus incana, Carex lacustris, Cephalanthus 

occidentalis, Scirpus tabernaemontani, Sparganium eurycarpum, and Cyperus erythrorhizos.  

Biomass of all seven ‘native community’ species was represented equally at 11.4g/mesocosm.  

We chose eight plant species with invasive tendencies, four native and four non-native to upstate 

New York:  Decodon verticillatus, Lythrum salicaria, Phragmites australis americanus, 

Phragmites australis, Calamagrostis canadensis, Phalaris arundinacea, Typha latifolia, and 

Typha angustifolia.  We phylogenetically controlled the plant pairs by family (Decodon/Lythrum 
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and Calamagrostis/Phalaris) or genus (Phragmites and Typha).  Our subsequent invasion 

treatments increased invader species litter contribution to 25%, 50%, 75%, and 100%, while 

maintaining evenness of the decreasing proportion of native community litter.  For instance, the 

50% treatment represents 40g of invader species litter and 5.7g of each of the seven native 

species.  The total array of litter treatments included a native community treatment (10 

replicates) and eight invader treatments represented by 10 replicates at each invasion level for a 

total of 320 individual mesocosms.  The litter for each invasion treatment was weighed, 

combined and kept in a paper bag in a greenhouse until all were assembled.   

We re-stocked leaf litter during the 4-5 December 2008 to mimic autumnal leaf-fall, with 

40g/pot, maintaining the appropriate litter proportions according to invasion-treatment design. 

To maintain consistency of our source material, we collected litter from the same sites, even the 

same individual plants if possible during October-November 2008.   

Mesocosm design and set up 

We created 100L mesocosms large tree pots (BFG Supply, Buffalo, NY, USA) custom 

ordered without drain holes. We set up 320 outdoor mesocosms from 15 - 28 May 2008 at 

Cornell University’s Resource Ecology and Management facility in Ithaca, NY, USA.  We 

arranged the mesocosms in eight rows of 40, with walking paths in between for access.    We 

custom fitted drain ports 3cm below the top edge of the pot using 2.5cm PVC spouts with 1mm 

mesh screen filter to allow maintenance of water levels, yet avoid losing invertebrates.  We 

constructed screen lids (1mm mesh) which were placed atop to prevent foreign litter and animals 

from entering the mesocosms.  We laid a bottom layer of triple-washed gravel (0.75cm diameter 

gravel, 4-cm deep) to act as a natural substrate for the invertebrate community.  We filled the 

mesocosms to their 100L capacity with tap water, which aged for a three day conditioning 
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period.  After which, we stocked the mesocosms with assembled litter treatments in a 

randomized block design.     

 We collected four aquatic invertebrate taxa at the Cornell Experimental Ponds (Ithaca, 

NY, USA) from the same individual pond (42o 30’ 9.84” N; 76o 27’ 54.08” W):  Crangonyx sp. 

(Amphipoda), Daphnia pulex (Cladocera), and Ostracoda.  We collected Physa sp. (Gastropoda) 

from a single pond site at the Cornell Research, Ecology, and Management Lab property (42o 26’ 

28.36” N; 76o 27’ 53.32” W).  We kept collected individuals alive in aerated buckets during the 

sorting and stocking process, which lasted over the course of 13 days between 4 June – 17 July 

2008 (Amphipods: 4 June – 11 June; Daphnia: 4 June-15 June; Ostracods: 4 June – 10 June; 

Snails: 13 June – 17 June).  Individual invertebrates were sorted into petri dishes and observed to 

be lively before stocking, any individuals found to appear injured or dead were replaced.  All 

mesocosms were stocked with invertebrate densities of:   15 Amphipoda, 30 Cladocera, 10 

Gastropoda, and 30 Ostracoda.   

Every two weeks, we monitored pH, temperature, and dissolved oxygen in all the mesocosms 

between 18 June – 9 September 2008, and again from 10 April – 22 July 2009 using a YSI 556 

MPS meter (YSI, Inc; Ohio, USA).  We performed one water quality sampling event, through 

surface ice, on 17 December 2008.  We further assessed uniformity of mesocosm temperature 

regime by deploying submersible temperature loggers (ONSET Corp., Massachusetts, USA) in 

three randomly chosen mesocosms (#s 14, 49, 229) from 18 June – 03 August 2009.   

Invertebrate Sampling 

We subsampled Daphnia populations from all mesocosms on 20-21 July 2009, two days 

with identical weather conditions resulting in consistent Daphnia suspension in the water 

column.  We used an electric sump-pump to decant 18L of water (and suspended daphnia) into a 



 

86 
 

bucket. The pump was flushed with clean water before moving on to subsequent mesocosms.  

We mixed this decanted sample thoroughly before collecting a one liter subsample, filtered 

through a 500 micron sieve (USA Standard Testing Sieve).  We stored the filtrate in 70% 

ethanol.  We sampled Cladocera populations during summer months (peak activity and 

abundance), prior to the remaining benthic invertebrates, to avoid seasonal (autumnal/winter) 

dormancy.  Filtrate samples containing Cladocera were enumerated under a 40x dissecting 

microscope during August 2009.  We sampled Amphipoda, Gastropoda, and Ostracoda 

populations from 24 - 27 October 2009 using a stove-pipe sampler (15cm diameter) placed 

firmly onto the bottom center of each mesocosm.  We removed all gravel and litter manually and 

removed the remaining volume of water using an electric pump.  In preliminary assessments we 

confirmed that all our experimental organisms could effectively be sampled and that they 

survived this sampling method intact.  We filtered all samples, rinsing litter and gravel, through a 

500 micron sieve (USA Standard Testing Sieve) and stored invertebrate samples in 70% ethanol.  

Benthic invertebrate samples were enumerated during the following winter (November 2009 – 

April 2010).     

Data Analysis 

We separated our analyses into three components:  (1) water quality data (pH, dissolved 

oxygen, temperature), (2) experimental variables (origin, invasion level, litter diversity, and litter 

phylogeny), and (3) leaf chemistry trait variables (phosphorus, nitrogen, carbon, C:N, P:N, C:P).    

We analyzed responses using linear regression unless otherwise designated.  All analyses were 

performed with R software version 3.1.2 (R Development Core Team 2008).  To achieve 

assumptions of homoscedasticity and normality of residuals, we log transformed total 

invertebrate abundance data and cubic-root transformed individual invertebrate taxon data.  For 
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each subset of analyses, we tested the abundance response of both total invertebrate abundance 

and each taxon in separate models.   

We examined the Pearson correlations among invertebrate taxa and visually inspecting 

pair-wise scatter plots, to determine if there were any synergistic or antagonistic effects of the 

comingled populations.  Ostracod populations exhibited a great deal of mortality as 158 of 320 

treatments showed no live animals.  Since we cannot explicitly say invasion treatments that did 

contain live ostracods did not influence them, we retained ostracod data as a component of total 

abundance.  However, we lacked enough replication among invasion treatments to analyze them 

as a separate taxon.  Thus, only amphipoda, cladocera, and gastropoda data were analyzed as 

single-taxon responses.  We used the stepAIC function in R to achieve a minimum adequate 

model, and validated our reduction with an F-test.  

To analyze abiotic water quality effects, we averaged dissolved oxygen, temperature, and 

pH values per treatment obtained during the experiment from bi-weekly monitoring efforts.  We 

used separate linear regression models to directly test invasion treatment and plant phylogeny 

effects on each abiotic parameter.  These separate analyses were performed to assess if any 

physiochemical influence caused by litter treatments could affect invertebrate abundance.  To 

test abiotic effects on invertebrate responses, we constructed a full fixed-effects model to include 

all three mean water quality parameters.  To assess whether the spatial layout of the mesocosms 

effected water temperature, we analyzed the temperature-logger data using generalized additive 

mixed models.  We constructed a null model with only temperature as a function of date and a 

full model with temperature as a function of date and mesocosm number, and used a log-

likelihood test for differences between models. 
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To test for effects of our experimental variables, we constructed a full fixed-effects model 

to analyze whether origin, invasion, litter diversity, or plant phylogeny (nesting species within 

family) affected invertebrate abundance.  To test for effects of mechanistic variables, we 

constructed a full fixed-effects model to analyze whether phosphorus, nitrogen, carbon, lignin, 

C:N ratio, P:N ratio, and C:P ratio affected invertebrate abundance.  For both sets of models we 

used the stepAIC function in R to achieve a minimum adequate model, and validated our 

reduction F-tests.  We used predicted responses of the best model for taxa against values for 

phosphorus, nitrogen, P:N ratio, and C:N ratio. 

Results 

We found no effect of plant origin (F1,304=1.039, P=0.308) on invertebrate abundance 

(Figure 2).  We further reject our litter diversity hypothesis, finding no effect of litter species 

diversity on invertebrate abundance (F1,304=1.459, p=0.203).  We found a significant effect of 

plant phylogeny at the family level (F2/311=7.149; P<0.001) and invasion level 

(F3/311=25.64;P<0.001) on total invertebrate abundance (Table 1).  We reject our initial 

hypothesis that invasion is guaranteed to impose consistently negative impacts, as our results 

demonstrate the direction of effect is dependent on plant identity (Figure 3).  Our finding of 

significance at the family level suggests plant traits, which are correlated with phylogenetic 

relatedness (Ackerly 2009), are the mechanistic drivers behind changes in consumer responses, 

since it is at that level which trait distributions diverge (Table 4).  We did not detect a species-

level effect (F5/302=1.225;P=0.297), suggesting the functional similarity between our congeneric 

pairs was more ecologically relevant than species identity.  

We found a significant organismal response explained by trait parameters total 

phosphorus (F4/312 = 20.19; P=0.002), total nitrogen (F4/312 = 20.19; P=0.002), P:N ratio (F4/312 = 
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20.19; P=0.004), and C:N ratio (F4/312 = 20.19; P<0.0001).  Furthermore, each invertebrate taxon 

responded similarly with respect to each trait variable; positively to phosphorus, nitrogen, and 

P:N ratio; and negatively to C:N ratio (Figure 5).  Considering phosphorus is the limiting nutrient 

in aquatic systems, nitrogen is necessary for protein synthesis, and C:N ratio regulates plant 

tissue decomposition, our results also suggest consumer resource availability, at a fundamentally 

bioenergetic level, regardless of feeding strategy, is dependent on leaf chemistry traits.  By 

assessing organismal responses to trait gradients instead of invasion gradient we clearly 

recognized that the change of trait distributions, not species, drives ecosystem processes. 

We found no effect of invasion or plant phylogeny on average temperature (F4/312=0.553; 

P=0.6970) or average pH (F4/312=1.00; P=0.4076) values.  We found no effect of invasion on 

average dissolved oxygen (F1/312=3.5309; P=0.0611), but did find an effect of plant phylogeny 

(F3/312=27.3437; P<0.0001), where invasion treatments containing Poaceae and Typhaceae litter 

had higher average dissolved oxygen values than invasion treatments containing Lythraceae 

litter.  However, we did not detect any effect of water quality parameters on invertebrate 

abundance (F3/312=2.267; P=0.0876). 

  Discussion 

Our findings contribute insight into ecosystem functionality by observing consumer 

response to changes in leaf chemistry traits to which they are exposed.  We suggest responses of 

origin and litter diversity in previous studies are a reflection of more fundamental underlying 

mechanisms involving traits.  By using multiple phylogenetic pairs we are able to isolate and 

explicitly test origin as a factor across species with divergent trait properties.  By finding no 

effect across litter functional identity (i.e. ‘fast decomposing’ Lythraceae species pair, ‘moderate 

decomposing’ Poaceae species pair, or ‘slow decomposing’ Typhaceae species pair) or 
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phylogenetic distance we conclude plant origin has no role in ecological contexts.  While our 

finding agrees with other studies (Samways et al. 1996, Graca et al. 2001, Kennedy et al. 2009, 

Alonso et al. 2010, Bottollier-Curtet et al. 2011, Perez et al. 2013) our finding of lack of 

significance is particularly robust considering we tested origin-invasion interaction effects of 

four phylogenetic pairs along an ecologically relevant invasion axis on identical invertebrate 

taxa, a comprehensive approach not previously utilized. 

This contradicts a conceptual paradox which often exists within attitudes of resource 

managers: the process under which native species spread and dominate a landscape, defined as 

succession, is considered acceptable; whereas the same process under which non-native species 

proliferates, defined as invasion, is considered unacceptable (B. Blossey-personal 

communication). We explicitly demonstrate native species, if allowed to dominate, can produce 

impacts identical to similar non-native species.  This concept has tremendous management 

implications, and it suggests that efforts used to control or manage invasive plant species may 

have greater ecological impacts than the invasion itself (Bergstrom et al. 2009, Zavaleta et al. 

2001) 

   The majority of studies to date on biodiversity have explored effects of species richness 

or diversity on ecosystem functioning (Balvanera et al. 2006).  Species diversity alone cannot 

disentangle which species within a group is driving an effect.  Our lack of a species diversity 

effect agrees with other studies conducted on detritivore communities (Wardle et al. 1997, 

Wardle et al. 2006, Kominoski and Pringle 2009) and supports the argument to disassociate 

species identity as a factor determining ecological outcome (Hooper et al. 2002, Mokany et al. 

2008, Kominoski and Pringle 2009).  The traditional species-richness approaches promote a 

sampling effect where an increasing number of species tested demonstrates a stronger effect due 
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to inclusion of a species that disproportionately influences the response.  Our results illustrate 

this bias once a trait-perspective is considered.  As the slopes of the trait-invasion lines in Figure 

4 show, the inclusion of Lythraceae litter into a system disproportionately increases the 

contribution of phosphorus to a system compared to Poaceae and Typhaceae.  Therefore, species 

addition experiments will yield a richness effect as soon as a phosphorus-rich species is included, 

yet the mechanism responsible for the effect is leaf chemistry not species richness.  This 

recognition has led to calls for using functional identity, over species identity as a more relevant 

level of biological organization.  To accomplish such, fundamental shift in how species are 

identified within an ecological context may be necessary.  In other words, a species community 

can be thought of as an assembly of trait distributions, and it is these traits - not individual 

species per se - that are driving ecosystem responses. 

Community-weighted mean (CWM) is a calculated average of trait values of all species 

present in a community, weighted by their relative abundances (Garnier et al. 2004).  Grime 

(1998) developed the Mass-Ratio-Hypothesis (MRH) to explain the relationship between plant 

biomass and ecosystem functioning (Grime 1998).  Since all plant species represent 

combinations of chemistry trait values, we would expect an extension of this hypothesis from 

species identity to community trait identity would provide greater explanatory power across 

diverse ecosystems, particularly with respect to invasion ecology.  As our results demonstrate, 

invasion can manipulate the consumer response trajectory towards any direction: increase, 

decrease, or no change – as each of our invading plant families show (Figure 3).  Taken alone, 

each of these response trajectories offer contradictory patterns, however once trait values are 

substituted as variables clear consumer response patterns emerge (Figure 5).  Our results show 

plant invasions affect trait distributions which directly influence trophic responses. 
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Although we found consumer responses to be consistent among all our tested trait 

parameters, we recognize it is impractical to test all possible leaf chemistry traits in every setting.  

Therefore, we attempted to refine which traits offered greater predictive power on consumer 

responses.  Recent studies have demonstrated only a few key traits are needed to offer substantial 

predictive power over ecosystem functions (Kominoski and Pringle 2009, Godoy et al. 2010, 

Makkonen et al. 2012) (Cohen-unpublished data).  Our findings agree with this approach, and 

demonstrate total phosphorus, total nitrogen, P:N ratio, and C:N ratio of litter accurately predict 

consumer response.   As a result of our work, we suggest that a ‘Trait-Ratio Hypothesis’ could 

be developed to predict behavior of consumer responses within invaded environments. 

Our investigations are taken a step further than many previous studies by seeking direct 

mechanistic responses to important ecological patterns, in order to improve our predictive 

powers and understanding of ecological complexity.  The need to identify such mechanisms has 

been stressed by numerous authors (Levine et al. 2003, Cardinale et al. 2007, Cardinale et al. 

2011, Lowry et al. 2013).  Leaf chemistry traits such as C:N ratio, %N are observed to strongly 

govern multiple ecosystem processes and trophic responses, suggesting certain traits may be 

‘consistent predictors’ of impacts resulting from changes in plant community composition, 

particularly in regard to invasions.  Importantly, leaf chemistry traits could supply a continuous 

explanatory variable applicable to most ecosystems, allowing for improved synthesis and 

comparison of studies conducted in geographically diverse locations and habitat types.  Further 

development of new approaches for explaining mechanistic causation of plant impacts through 

trait-based responses that are taxa independent offers a compelling pathway towards a more 

fundamental understanding of ecological processes. 
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Table 1.  Identity, family, origin and collection location in New York State of experimental litter 
species. 

Plant Family Origin  Location Collected 
Acer rubrum Aceraceae Native Cayuta Lake 
Alnus incana Betulaceae Native Dryden Lake 
Carex lacustris Cyperaceae Native Buttermilk Marsh 
Cephalanthus 
occidentalis 

Rubiaceae Native Cayuta Lake 

Cyperus erythrorhizos Cyperaceae Native Lakeview Wildlife Management 
Area 

Scirpus 
tabernaemontani 

Cyperaceae Native Lakeview Wildlife Management 
Area 

Sparganium 
eurycarpum 

Sparganiaceae Native Lakeview Wildlife Management 
Area 

Decodon verticillatus Lythraceae Native Cayuta Lake 
Lythrum salicaria Lythraceae Introduced Montezuma Wetlands Complex 
Phragmites australis 
americanus 

Poaceae Native Montezuma Wetlands Complex 

Phragmites australis  Poaceae Introduced Montezuma Wetlands Complex 
Calamagrostis 
canadensis 

Poaceae Native Lakeview Wildlife Management 
Area 

Phalaris arundinacea Poaceae Introduced Lakeview Wildlife Management 
Area 

Typha latifolia Typhaceae Native Cornell Experimental Ponds 
Typha angustifolia Typhaceae Introduced Cornell Experimental Ponds 
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Figure 2.  Plant litter collection locations within New York State, USA.  Buttermilk Marsh (420 
19’ 21.08”N, 760 28’ 32.07”W), Cayuta Lake (420 22’ 30.21”N, 760 43’ 43.00”W), Cornell 
Research Ponds (420 30’ 14.07”N, 760 27’ 56.30”W), Dryden Lake (420 27’ 51.56”N, 760 16’ 
45.70”W), Lakeview  Wildlife Management Area (430 42’ 43.67”N, 760 11’ 53.34”W), and 
Montezuma Wildlife Management Area(430 03’ 25.91”N, 760 43’ 15.27”W) . 
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Figure 2.  Total invertebrate abundance (log transformed) as a function of invasion level 
between phylogenetic pairs of native (filled circles) and introduced (open circles) plant species 
within Lythraceae (top-left), Poaceae (top-right, bottom-left), and Typhaceae (bottom-right).  We 
lacked sufficient leaf litter for a 100% Decodon verticillatus treatment, hence the absence of a 
filled circle.  Data are mean abundances (± 2SE) of 10 replicates/treatment.  
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Figure 3.  Total invertebrate abundance (log transformed) as a function of invasion treatment of 
three different plant families.  Date are means (± 2) SE of 10 replicates/treatment. 
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Figure 4.  Changes in community weighted means of trait values for phosphorus (%), nitrogen 
(%), C:N ratio, and P:N ratio along the invasion treatments of Lythraceae (solid lines), Poaceae 
(dashed lines), and Typhaceae (dotted lines).  Data are mean values (± 2SE) of 10 replicates per 
treatment between phylogenetic species pairs within each plant family. 
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Figure 5.  Predicted abundances of Gastropoda, Amphipoda, and Cladocera, as a function of 
litter chemistry values Phosphorus (%), Nitrogen (%), C:N ratio, and P:N ratio.  Predicted values 
are based on cubic-root transformed data from a linear regression model (See Appendices 5a-d 
for model results).  We tested for interaction effects and found none.   
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APPENDICIES 

Appendix 1. 

Model selection results for generalized linear fixed model analyses of total invertebrate abundance 

according to the experimental variables origin (O), invasion2 (I), plant family (F)/species(S), and litter 

diversity (D).   

_____________________________________________________________________________________ 

Model      K*      AIC value             AIC**  

_____________________________________________________________________________________ 

I + F      5      ‐816.86       0 

 

O + I + F    6      ‐814.92       1.94 

 

O + I + F + D    7      ‐812.92       3.94 

 

O + I + (F/S) + D   9      ‐810.43       5.93 

_____________________________________________________________________________________ 

 

* Number of parameters in the model 

** Difference in AIC value between best and subsequent models 
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Appendix 2. 

Results of the ANOVA assessing effects of Invasion2 and Plant family on total invertebrate abundance. 

_____________________________________________________________________________________ 

Parameter     Df    Sum Sq.   M.S.E    F‐value    p‐value  

_____________________________________________________________________________________ 

 

Invasion2    2    1.066    0.5333    7.1487     0.0009 *** 

 

Plant Family    3    5.783    1.9127    25.6395  < 0.0001 *** 

 

Residuals    311    23.201    0.0746 

_____________________________________________________________________________________ 
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Appendix 3. 

Model selection results for generalized linear fixed model analyses of total invertebrate abundance 

according to the trait values of phosphorus (P), nitrogen (N), carbon (C), lignin (L), carbon : nitrogen ratio 

(CN), phosphorus : nitrogen ratio (PN), and carbon : phosphorus ratio (CP). 

_____________________________________________________________________________________ 

Model          K*    AIC value         AIC**  

_____________________________________________________________________________________ 

N + P + L + CN + PN       4    ‐810.31     0 

 

C + N + P + CN + PN + CP    5    ‐809.38     0.93 

 

N + P + L + CN + PN + CP      6    ‐808.36     1.95 

 

C + N + P + L + CN + PN + CP    7    ‐806.36     3.95 

_____________________________________________________________________________________ 

* Number of parameters in the model 

** Difference in AIC value between best and subsequent models 
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Appendix 4. 

Output of linear regression model effects of phosphorus, nitrogen, P:N ratio, and C:N ratio on total 

invertebrate abundance. 

_____________________________________________________________________________________ 

Parameter    Estimate    Std. Error    t‐value    p‐value 

_____________________________________________________________________________________ 

 

Intercept    5.9796      1.2406      4.820    <0.0001 *** 

 

Phosphorus    19.5961    6.2113      3.155    0.0017 ** 

 

Nitrogen    ‐2.3085     0.7441      ‐3.102    0.0021 ** 

 

P:N ratio    ‐23.5288    8.1389      ‐2.891    0.0041 ** 

 

C:N ratio    ‐0.0350     0.0084      ‐4.155    < 0.0001 *** 

_____________________________________________________________________________________ 
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Appendix 5a. 

Output of linear regression model effects for effects of phosphorus and taxa identity (Gastropoda, 

Amphipoda, and Cladocera) on abundance. 

____________________________________________________________________________________ 

Parameter      Estimate  Std. Error  t‐value    p‐value 

_____________________________________________________________________________________ 

Intercept      2.3776    0.0958    24.798    <0.0001 *** 

Amphipoda      ‐0.3748   0.0779    ‐4.808    <0.0001 *** 

Cladocera      ‐0.5384   0.0779    ‐6.909    <0.0001 *** 

Phosphorus      6.3927    0.6983     9.155    <0.0001 *** 

_____________________________________________________________________________________ 

 

 

Appendix 5b. 

Output of linear regression model effects for effects of nitrogen and taxa identity (Gastropoda, 

Amphipoda, and Cladocera) on abundance. 

____________________________________________________________________________________ 

Parameter      Estimate  Std. Error  t‐value    p‐value 

_____________________________________________________________________________________ 

Intercept      1.7896    0.1825    9.807    <0.0001 *** 

Amphipoda      ‐0.3748   0.0790    ‐4.744    <0.0001 *** 

Cladocera      ‐0.5384   0.0790    ‐6.814    <0.0001 *** 

Nitrogen      1.0459    0.1391     7.518    <0.0001 *** 

_____________________________________________________________________________________                
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Appendix 5c. 

Output of linear regression model effects for effects of C:N ratio and taxa identity (Gastropoda, 

Amphipoda, and Cladocera) on abundance. 

____________________________________________________________________________________ 

Parameter      Estimate  Std. Error  t‐value    p‐value 

_____________________________________________________________________________________ 

Intercept      4.5489    0.1775    25.616    <0.0001 *** 

Amphipoda      ‐0.3748   0.0783    ‐4.785    <0.0001 *** 

Cladocera      ‐0.5384   0.0783    ‐6.874    <0.0001 *** 

C:N ratio      ‐0.0390   0.0045    ‐8.613     <0.0001 *** 

_____________________________________________________________________________________ 

 

 

Appendix 5d. 

Output of linear regression model effects for effects of P:N ratio and taxa identity (Gastropoda, 

Amphipoda, and Cladocera) on abundance. 

____________________________________________________________________________________ 

Parameter      Estimate  Std. Error  t‐value    p‐value 

_____________________________________________________________________________________ 

Intercept      2.3220    0.1185    19.581    <0.0001 *** 

Amphipoda      ‐0.3748   0.0790    ‐4.739    <0.0001 *** 

Cladocera      ‐0.5384   0.0790    ‐6.808    <0.0001 *** 

Phosphorus      8.7533    1.1831      7.398    <0.0001 *** 

_____________________________________________________________________________________ 

   



 

110 
 

 

Appendix 6.   

Cladocera abundance (cubic-root transformed) as a function of invasion level between 
phylogenetic pairs of native (filled circles) and introduced (open circles) plant species within 
Lythraceae (top-left), Poaceae (top-right, bottom-left), and Typhaceae (bottom-right).  We lacked 
sufficient leaf litter for a 100% Decodon verticillatus treatment, hence the absence of a filled 
circle.  Data are mean abundances (± 2SE) of 10 replicates/treatment. 
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Appendix 7. 

Amphipoda abundance (log transformed) as a function of invasion level between phylogenetic 
pairs of native (filled circles) and introduced (open circles) plant species within Lythraceae (top-
left), Poaceae (top-right, bottom-left), and Typhaceae (bottom-right).  We lacked sufficient leaf 
litter for a 100% Decodon verticillatus treatment, hence the absence of a filled circle.  Data are 
mean abundances (± 2SE) of 10 replicates/treatment. 
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Appendix 8. 

Gastropoda abundance (log transformed) as a function of invasion level between phylogenetic 
pairs of native (filled circles) and introduced (open circles) plant species within Lythraceae (top-
left), Poaceae (top-right, bottom-left), and Typhaceae (bottom-right).  We lacked sufficient leaf 
litter for a 100% Decodon verticillatus treatment, hence the absence of a filled circle.  Data are 
mean abundances (± 2SE) of 10 replicates/treatment. 
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Appendix 9. 

Cladocera abundance (cubic-root transformed) as a function of invasion treatment of three 
different plant families.  Date are means (± 2) SE of 10 replicates/treatment. 
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Appendix 10. 

Amphipoda abundance (cubic-root transformed) as a function of invasion treatment of three 
different plant families.  Date are means (± 2) SE of 10 replicates/treatment. 
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Appendix 11. 

Gastropoda abundance (cubic-root transformed) as a function of invasion treatment of three 
different plant families.  Date are means (± 2) SE of 10 replicates/treatment. 
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Appendix 12. 

Pairwise comparison plots illustrating cubic‐root transformed abundance values for Cladocera, 

Amphipoda, and Gastropoda across all treatment replicates.  Pearson correlation values among taxa are:  

Cladocera‐Amphipoda (0.022), Cladocera‐Gastropoda (0.072), and Amphipoda‐Gastropoda (0.284). 
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Appendix 13. 

Output of linear regression model effects of water quality parameters on invertebrate abundance. 

_____________________________________________________________________________________ 

Parameter      Estimate  Std. Error  t‐value    p‐value 

_____________________________________________________________________________________ 

 

Intercept      3.4507    0.9058    3.809    0.0002 ** 

 

Average Temperature    ‐0.0334   0.0210    ‐1.593    0.1122 

 

Average Dissolved Oxygen  ‐0.0162   0.0223    ‐0.730    0.4657 

 

Average pH      ‐0.1004   0.1353    ‐0.742    0.4585 

_____________________________________________________________________________________ 
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Appendix 14. 

Output of linear regression model effects of invasion and plant family on average dissolved oxygen. 

_____________________________________________________________________________________ 

Parameter      Estimate  Std. Error  t‐value    p‐value 

_____________________________________________________________________________________ 

 

Intercept      6.0410    0.2284    27.108    <0.0001 *** 

 

Invasion      0.0007    0.0014    0.482    0.6298 

 

Lythraceae      ‐0.2174   0.2529    ‐0.86    0.3906 

 

Poaceae      0.6833    0.2472    2.764    0.0060 ** 

 

Typhaceae      0.5442    0.2534    2.147    0.0325 * 

_____________________________________________________________________________________ 

 

 


